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ABSTRACT

Denitrification, anaerobic ammonium oxidation and dissimilatory nitrate reduction to ammonium (DNRA) are important
microbial processes determining the fate of nitrogen (N) in estuaries. This study examined these processes in sediments of
the York River Estuary, a tributary of Chesapeake Bay, and investigated environmental and microbial drivers of the rates of
denitrification and DNRA. Nitrate reduction followed a consistent pattern throughout the year and across the estuary with
nitrogen removal, primarily through denitrification, decreasing from the head of the estuary to the mouth and nitrogen
retention, through DNRA, following the opposite pattern. At the mouth of the estuary, nitrogen retention was consistently
higher than nitrogen removal. Denitrification rates showed strong linear relationships with concentrations of organic
matter, nitrate and chlorophyll a, and the abundance of the nirS gene. DNRA rates were best correlated with the relative
abundance of three bacterial families, Anaerolineaceae, Ectothiorhodospiraceae and Prolixibacteraceae, which carry the nrfA
gene. The controls responsible for retention or removal of N from an estuary are complex, involving both geochemical and
microbial factors. The N retained within estuaries may support primary production and seasonal algae blooms and result in
estuarine eutrophication.

Keywords: denitrification; anammox; DNRA; nitrate reduction; microbial communities

INTRODUCTION

Estuaries are important ecosystems where freshwater, trans-
porting terrestrially derived nutrients and organic matter,
mixes with seawater. Estuaries typically display large salinity
gradients, varying with freshwater discharge, with fresher water
at the head and brackish water at the mouth. The terrestrially
derived nutrients entering the estuarine system are used by
numerous autotrophic and heterotrophic microorganisms
throughout the estuary, creating geochemical gradients of
salinity, carbon (C), nitrogen (N) and other nutrients. These
gradients lead to shifts in the community structure of phyto-
plankton, bacteria and other microbial organisms along the
estuarine continuum (Schultz and Ducklow 2000). Furthermore,
C and nutrient cycling in estuaries can play an important role

in determining what concentrations and types of nutrients are
exported to coastal and open ocean ecosystems.

Estuaries are often hotspots for N cycling processes, espe-
cially as growing human populations in coastal areas intensify
anthropogenic impacts and lead to greater nutrient additions to
estuarine systems (Kemp et al. 2005). Thesewatershed-delivered
nutrients, along with autochthonous and allochthonous organic
matter, are processed throughout estuaries. In particular, the
nitrate (NO3

−) delivered to the estuary through run-off and
point sources is consumed by benthic microbes in one of three
processes. Denitrification, the reduction of fixed nitrogen such
as NO3

– and nitrite (NO2
–) to gaseous N including nitric oxide

(NO), nitrous oxide (N2O) and dinitrogen gas (N2), is the major
nitrogen removal pathway mediated by benthic microbial
communities. Anammox (anaerobic ammonium oxidation), the
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oxidation of ammonium (NH4
+) coupled to the reduction of

NO2
– to N2, is another N removal pathway present in estuarine

sediments, generally accounting for 10–20% of the N2 produc-
tion in estuaries (Rich et al. 2008). Dissimilatory nitrate reduction
to ammonium (DNRA), which reduces NO3

– to NH4
+, retains N

within the ecosystem. These competing NO3
– reduction pro-

cesses are mediated by specific prokaryotic functional groups
that are influenced by the geochemical conditions of the benthic
environment (Dong et al. 2009; Song, Lisa and Tobias 2014).

Geochemical controls on denitrification, anammox and
DNRA have been explored in a number of estuaries and other
coastal ecosystems. DNRA is favored over denitrification in
ecosystems with high organic carbon (OC) to NO3

– ratios (Song,
Lisa and Tobias 2014; Hardison et al. 2015) and high levels of sul-
fate reduction and sulfide oxidation (Bohlen et al. 2011; Giblin
et al. 2013), as well as when temperatures are high (Giblin et al.
2013). Salinity has also been found to be a large factor, negatively
affecting rates of denitrification and positively correlating with
DNRA (Giblin et al. 2010, 2013). Furthermore, salinity has been
found to be a driver of microbial community structure for those
microbes performing DNRA (Song, Lisa and Tobias 2014). How-
ever, understanding regarding the relative importance of these
N removal and retention processes across estuarine gradients is
limited by the small number of studies examining DNRA and its
controlling factors in estuarine systems (Giblin et al. 2013).

This study investigates the microbial and geochemical con-
trols on benthicN cycling in a temperate,microtidal, river-driven
estuary that receives large inputs of N and dissolved organic C.
Specifically, this study examines changes in the rates of denitri-
fication, anammox and DNRA over spatial and temporal scales
while determining biotic and abiotic drivers. Furthermore, spe-
cificmicrobial taxa associatedwithN cycling processes are iden-
tified to better understand the conditions and locations inwhich
N retention outpaces N removal in estuarine sediments.

METHODS

Sampling

The York River is the fifth largest tributary to Chesapeake Bay
and receives water from the Mattaponi and Pamunkey Rivers.
Nutrient loading is dominated by forested and agricultural
runoff (61% and 21% land cover of the watershed, respectively)
that is delivered to the estuary through river flow (Reay 2009).
Wastewater treatment plants, both residential and industrial,
make up a smaller proportion of nutrient loading (Reay 2009).
This results in a geochemical gradient in which the head of the
estuary has the lowest salinity and, generally, the highest NO3

–

concentrations, while the mouth of the estuary has the high-
est salinity (Reay 2009). Themajor estuarine turbiditymaximum
is located at the head of the estuary, though a second turbid-
ity maximum can occur seasonally in the upper or mid portion
of the estuary (Lin and Kuo 2001). Harmful algal blooms and
hypoxia are common in the lower portion of the estuary in the
summer months (Reay 2009; Marshall and Egerton 2012).

Sampling took place at five stations (Fig. 1), 1 m in depth
(mean sea level) along the length of the York River in June,
August and October 2018, and February and April 2019. At each
station, a YSI took measurements of water column tempera-
ture, salinity, chlorophyll a, turbidity and dissolved oxygen at
a depth of 0.5 m. Further water column data, including nutri-
ent concentrations, were obtained from samples taken at the
same stations the previous day. All dissolved (0.45 μm filtered)
inorganic N (DIN) in the water column was analyzed using a

Lachat QuikChem FIA+ 8000 (Hach, Loveland, CO, USA) in dupli-
cate (detection limits: 0.2μMnitrate and nitrite, 0.36μM ammo-
nium). Two sediment cores (5.6 cm diameter, 10 cm deep) were
collected at each station and transported to the Virginia Insti-
tute of Marine Science (VIMS) where the top 2 cm were sepa-
rated from the rest of the core for further analysis. The top 2 cm
from both replicate cores were composited, split into two 50-mL
tubes, centrifuged and the resulting pore water was frozen for
nutrient analysis as described above. One of the 50 mL tubes of
composited sediment was stored for one day at 5◦C for nitrogen
cycling rate analysis; the other was frozen at –80◦C for molec-
ular and % organics analyses. The frozen sediment was freeze-
dried, homogenized and analyzed with an elemental analyzer
(Model 1040, Costech, Valencia, CA, USA) attached to an isotope
ratiomass spectrometer (IRMS,Model Delta V, ThermoScientific,
Waltham, MA, USA) for determination of total carbon and nitro-
gen content.

Slurry incubation experiments

One gram of sediment from each composited sample was
weighed into five Exetainer tubes (Labco, Lampeter, UK). After
flushing for 5 min with helium (He) gas to create anoxic condi-
tions, the tubes were incubated at in situ temperatures overnight
to remove all background nitrate and re-flushed with He gas.
One tube for each sample was frozen for analysis to check that
all background NO3

–/NO2
– was removed by the overnight incu-

bation. The remaining four tubes were used, in duplicate, as the
initial time point (T0) and the final time point (TF) for the poten-
tial rate measurement incubations.

Denitrification and anammox potential rate measurements
were performed following established protocols (Song and
Tobias 2011; Semedo and Song 2020); DNRA potential rate mea-
surements followed a modified protocol from Yin et al. (2014).
Each gram of sediment was spiked with 100 nmol of 15NO3

–

(99 atom%, Cambridge Isotopes, Tewksbury, MA, USA) and incu-
bated at in situ temperatures. The addition of 50% zinc chloride
(0.5mL) was used to stop all microbial activity immediately after
spiking with 15NO3

–, for T0, or after a 1-h incubation, for TF. The
amount of accumulated 30N2 and 29N2 was thenmeasured in the
gas fraction using an IRMS. Immediately following IRMS analy-
sis, the Exetainers were frozen until analyzed for DNRA.

Ammonium was extracted from the sediment incubation
samples using 5 mL of 2 M potassium chloride (KCl). For each
sample, 4 mL of the KCl extract were diluted with 22 mL of auto-
claved, Milli-Q (MilliporeSigma, Burlington, MA, USA) filtered
water and poured into two new Exetainer tubes. One tube was
left as a control and run on a membrane inlet mass spectrome-
ter (MIMS, Balzers Prisma, Pfeiffer, Aßlar, Germany) without any
further additions; the second tube was spiked with 200 μL of
a hypobromite solution that converts all NH4

+ to N2 (Yin et al.
2014), inverted and incubated for at least 15 min before being
run on theMIMS. The concentration of excess 29N2 and 30N2 pro-
duced by the addition of the hypobromite solution was calcu-
lated for each sample based on themethod of Risgaard-Petersen
and Rysgaard (1995) with the exception that a single air equili-
brated DI water standard, held at the same temperature as the
samples, was used. The concentrations of excess 29N2 and 30N2

were used to calculate the concentration of 15NH4
+ present in

the samples.
Rates of denitrification and anammox were calculated from

the amount of 30N2 and 29N2, respectively, produced between
T0 and TF (1 h) in each of the duplicate analytical replicates
and DNRA rates were calculated based on the concentrations of
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Figure 1. A map of the York River Estuary, VA, USA. Stations are represented by black dots and range the length of the York River Estuary from the head (Head Estuary
Shoal) to the mouth (Mouth Estuary Shoal). All stations were located on the shoal of the estuary (1 m in depth).

15NH4
+ produced between T0 and TF (1 h) in each of the dupli-

cate analytical replicates (Fig. S1, Supporting Information). Since
DNRA, denitrification and anammox took place simultaneously
in the vials, the 15NH4

+ produced by DNRA could have been used
by anammox bacteria in combination with the 15NO3

– to pro-
duce 30N2, leading to a potential overestimation of denitrifica-
tion rates and underestimation of anammox rates. To account
for this, the anammox and denitrification rates were corrected
based on equations found in Salk et al. (2017). The concentration
of 30N2 produced by anammox was calculated as

AMX30 = A29

r14a
, (1)

where A29 is the concentration of 29N2 measured on the IRMS
and r14a is the ratio of 14NH4

+:15NH4
+ found in the final time

point of each DNRA sample. The AMX30 calculation was deter-
mined for each sample individually and was added to or sub-
tracted from the measured concentrations of 29N2 and 30N2,
respectively at TF, when calculating rates of anammox and deni-
trification. The highest and lowest rates of denitrification, anam-
mox andDNRAwere extrapolated fromnmoles g–1 h–1 toμmoles
m–2 h–1 bymultiplying them by the bulk density of the sediment,
the thickness of the sediment layer (2 cm) homogenized for rate
measurements and the conversion factor between centimeters
and meters. Bulk density was measured at one time point by
dividing the sediment dry weight by the sediment volume in the
top 2 cm of sediment cores from each station.

Microbial community analysis

DNA was extracted from each composited sediment sample
using 0.5 g of sediment and the DNeasy PowerSoil Kit (Qiagen,

Hilden, Germany) following the manufacturer’s protocols. The
abundance of specific genes was measured using SYBR Green
quantitative PCR (qPCR). The DNRA marker gene nrfA was mea-
sured using the primers nrfA2F/nrfA1R (Mohan et al. 2004;Welsh
et al. 2014) and the following qPCR reaction: 6 μL of GoTaq qPCR
Master Mix (Promega, Madison, WI, USA), 0.03 μL of CXR Refer-
ence Dye (Promega, Madison, WI, USA), 0.6 μL of each primer,
0.25 μL of MgCl2 and 4 μL of sample DNA (at 1 ng/μL) with the
remainder of the 12 μL reaction volume made up with DNAase-
freewater. The nrfA qPCRprotocol included an initial 10min step
at 95◦C followed by 50 cycles of: 95◦C for 15s, 52◦C for 45 s, 72◦C
for 1min and 80◦C for 35 s (Song, Lisa and Tobias 2014). The qPCR
reaction for nirS, the denitrification marker gene, included: 6 μL
of GoTaq qPCR Master Mix, 0.03 μL of CXR Reference Dye, 0.6 μL
of the forward primer nirScdaF (Kandeler et al. 2006), 0.6μL of the
reverse primer nirSR3cd (Kandeler et al. 2006), 0.12μL of BSA and
4 μL of sample DNA (at 1 ng/μL) with the remainder of the 12 μL
reaction volume made up DNAase-free with water; the protocol
was: 95◦C for 10 min, followed by 45 cycles of 95◦C for 15 s, 57◦C
for 1 min, 72◦C for 1 min and 80◦C for 35 s. The 16S rRNA gene
qPCR reactionswere set up in the sameway as the nirS reactions,
with the exception that the primers 515F-Y (Parada, Needham
and Fuhrman 2016) and 806R (Caporaso et al. 2011) were used.
The 16S rRNA gene qPCR protocol is as follows: 95◦C for 10 min
with 40 cycles of 95◦C for 15 s, 55◦C for 30 s and 70◦C for 30 s,
with a melting curve analysis at the end. All qPCR samples were
run in triplicate,with twono-template negative controls for each
run. Gene abundance was calculated based on a standard curve
produced with known quantities of the target gene (R2 values:
0.997, 0.996 and 0.993 for nrfA, nirS and 16S rRNA gene, respec-
tively). Specificity of qPCR reactions was confirmed with melt-
ing curves, and efficiencieswere calculated (48.95%, 107.67% and
79.68% for nrfA, nirS and 16S rRNA gene, respectively).
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Microbial community composition was examined using Illu-
mina (San Diego, CA, USA) sequencing of 16S rRNA genes ampli-
fiedwith 515F-Y (Parada, Needham and Fuhrman 2016) and 806R
(Caporaso et al. 2011) and the following protocol: 95◦C for 3 min,
followed by 25 repetitions of 95◦C for 30 s, 55◦C for 1 min and
72◦C for 1 min with a final elongation step of 72◦C for 5 min. PCR
took place in 25 μL reactions containing 12.5 μL of GoTaq Mas-
ter Mix, 1 μL of each primer, 515F-Y and 806R (10 mM) and 2 μL
of sample DNA (1 ng/μL concentration) with the rest of the vol-
ume made up with water. Amplified genes were then indexed
with Nextera XT index primers (Illumina, San Diego, CA, USA)
during a second PCR with the following protocol: 95◦C for 3 min,
followed by eight repetitions of 95◦C for 30 s, 55◦C for 30 s and
72◦C for 30 s with a final elongation step of 72◦C for 5 min. Fol-
lowing amplification, 16S rRNA genes were purified with Mag-
Bind TotalPure NGS (Omega Bio-Tek, Norcross, GA, USA), follow-
ing the manufacturer’s protocols, before being sequenced on an
Illumina MiSeq.

All bioinformatic processing and 16S rRNA gene sequence
analysis was performed with R version 3.6.1 (R Core Team 2018).
Sequences were processed using the DADA2 pipeline (Callahan
et al. 2016). Trimmed sequences that passed the quality con-
trol and chimera checks were identified using the SILVA taxo-
nomic database version 132 (Yilmaz et al. 2014). Further analysis
was performedwith phyloseq (McMurdie and Holmes 2013), and
graphics were produced using ggplot2 (Wickham 2005). Specific
amplicon sequence variants (ASVs) that appeared fewer than 10
times across all samples were removed. Sequences can be found
in NCBI GenBank under BioProject PRJNA665972.

Extracted DNA from the October sediment samples repre-
senting spatial variation of sediment communities was sent to
Novogene Co., Ltd (Beijing, China) for metagenomic sequenc-
ing using the Illumina platform. The resulting metagenomic
sequences were uploaded to the KBase platform (Arkin et al.
2018) for analysis. The quality of the sequences were checked
with FastQC (Andrews 2010) and sequences were trimmed
with Trimmomatic (Bolger, Lohse and Usadel 2014). Sequence
annotation, with a focus on nitrogen cycling genes, was per-
formed with FamaProfiling (https://github.com/novichkov-lab/f
ama). Taxa carrying nrfA and nirS were identified based on the
FamaProfiling annotated sequences. Figures depicting commu-
nity structure of nrfA and nirS carrying organisms based on
metagenomic data were created using Phyloseq (McMurdie and
Holmes 2013) and ggplot2 (Wickham 2005) based on the efpkg
gene normalization calculated by FamaProfiling (https://github
.com/novichkov-lab/fama).

Statistical analysis

All statistical analyses were performed with R version 3.6.1 (R
Core Team 2018). One-way analysis of variance (ANOVA) tests
were run on nitrogen cycling process rates and environmental
variables. Due to lack of replicate samples for a season/station
pair, ANOVAs were run to test either for temporal variation
(combining all stations as replicates) or for spatial variation
(combining all seasons as replicates). Pairwise t-tests with Bon-
ferroni corrected P-values (α = 0.05) were used to compare mul-
tiple seasons and stations as appropriate. Normality was tested
using Normal Q-Q and residual plots and variables were log
transformed as necessary.

The factors impacting dissimilarity between entire micro-
bial communities were tested using a permutational multivari-
ate analysis of variance (PERMANOVA). A Bray–Curtis distance
matrix of the microbial community samples was calculated

using phyloseq (McMurdie and Holmes 2013); the PERMANOVA
test was performed with the adonis function in vegan (Oksanen
et al. 2018) as was a test for the homogeneity of dispersion of the
samples using the betadisper function. A canonical analysis of
principal components (CAP) was used to identify environmen-
tal factors driving differences in microbial community structure
using the same Bray–Curtis distance matrix used for the PER-
MANOVA test.

Multiple linear regressions were used to determine what
environmental and molecular characteristics explained varia-
tions in denitrification andDNRA rates. All explanatory variables
were checked for covariance using a variance inflation factor
test. If covariance was found, single linear regressions were per-
formed for the covarying variables; the one with a lower AICc
was kept in the multiple linear regression. In the case of over-
lapping variables, for example water column versus pore water
nutrients, variables with the better single linear regressions,
based on the small-sample corrected Akaike information crite-
rion (AICc), were selected for each modeled process. Normality
was testedwithNormal Q-Q and residual plots; where necessary
variableswere log transformed. TheAICc and adjusted R2 of each
possible multiple linear regression model were calculated using
theMu-MIn package (Barton 2009); onlymodelswith a delta AICc
<2 were considered.

RESULTS

Geochemical characteristics of water and sediment

Water temperatures in the York River remained consistent
throughout the estuary and followed typical seasonal trends for
temperate estuaries with significantly higher temperatures in
June, August and October 2018, and significantly lower temper-
atures in February and April 2019 (ANOVA, F = 4422.8, P < 0.05;
Table 1). Salinity, which varied significantly across the estuary (F
= 19.9, P < 0.05), was lowest in the upper portion of the estuary
and increased steadily moving down estuary (Table 1). June 2018
had higher than average precipitation and fresh water discharge
resulting in the lowest salinity observed during the course of the
study in the upper portion of the estuary. Water column dis-
solved oxygen was significantly higher (F = 29.4, P < 0.05) in
February and April 2019 than in June, August and October 2018
(Table 1). Water column DIN, both NOx

– (NO3
– + NO2

–) and NH4
+,

followed a similar spatial pattern, a decrease from the head of
the estuary to the mouth, except during August in which NH4

+

increased in the Lower andMouth estuary stations, though there
were no significant spatial or temporal trends. DIN was higher,
especially at the head of the estuary, during June 2018, likely due
to the higher than average river flow, andwas dominated by NOx

throughout most of the year (Table 1).
Sediment in the York River was muddy at the head and

became sandier near the mouth of the estuary. The sediment
% organic content was significantly higher in the upper portion
of the estuary than in the lower portion (F = 19.3, P < 0.05);
it rapidly decreased down estuary from the Upper Estuary sta-
tion in February and April 2019 but exhibited a more gradual
decrease during other sampling periods (Table 1). Sediment C:N
was more varied and showed no significant spatial or temporal
trends, though it was highest in the lower portion of the estu-
ary in a majority of months (Table 1). Pore water NOx concentra-
tions remained fairly consistent throughout the estuary except
for spikes at the Upper Estuary and Lower Estuary stations in
February 2019, whereas porewater NH4

+, whichwas higher than
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pore water NOx
–, varied widely across the estuary, though nei-

ther showed significant trends (Table 1).

Potential rate measurements of anammox,
denitrification and DNRA

Potential denitrification rates ranged from 0.75 nmoles N per
gram of sediment per hour (nmoles N g–1 h–1) to 75.75 nmoles
N g–1 h–1 (Table 1) or 18.36 to 618.93 μmoles N m–2 h–1. Deni-
trification rates followed a consistent spatial pattern with the
highest rates in the upper estuary and a sharp drop in rates
down estuary from the Mid Estuary station. Mouth and Lower
Estuary stations had consistently, and significantly (F = 7.0, P
< 0.05), lower rates of denitrification than Head Estuary (Fig. 2).
Overall, denitrification rates were highest in June and lowest
in February, though there were no significant temporal trends
(Table 2). Potential anammox rates were lower than denitrifica-
tion rates and ranged from 0.03 to 6.62 nmoles N g–1 h–1 (0.74–
54.13 μmoles N m–2 h–1); anammox followed the same spatial
pattern as denitrification (Fig. 2) and was significantly lower at
Lower and Mouth Estuary than Head and Upper Estuary (F = 7.9,
P < 0.05). Anammox made up between 1.3% and 13.6% of total
nitrogen removal (denitrification + anammox). Potential DNRA
rates, which ranged from 0.11 to 15.15 nmoles N g–1 h–1 (0.90–
368.87 μmoles N m–2 h–1), were consistently lowest at the Upper
Estuary station and were significantly higher at Mouth Estuary
when compared to any other station (F = 10.5, P < 0.05; Fig. 2).
For October, February and April, the second highest DNRA rates
were found at the Lower Estuary station (Table 2). Temporally,
DNRA rates remained fairly consistent throughout June, August
and October, andwere lowest, though not significantly, in Febru-
ary (Table 2).

Microbial community composition and abundance of
NO3

– reducing communities

Sediment microbial communities were dominated by Proteobac-
teria (Delta and Gamma) and Bacteroidia regardless of month or
station (Fig. 3). Oxyphotobacteria increased, whereas Anaerolinea
decreased, in relative abundance down estuary. Alpha diversity,
as measured by Shannon Index, remained consistent across the
estuary each month, with the exception of the Mouth Estuary
station in June 2018, which was lower than any other time point.
Alpha diversity was significantly higher in the warmer months,
June, August and October (2018), than in February 2019 (F = 8.3,
P < 0.05; Table 2).

Beta diversity of the sediment microbial community was pri-
marily driven by spatial separation (PERMANOVA, F = 3.7, P <

0.05) (Fig. 4). The lower estuarine stations (Mouth and Lower)
separated out from the upper estuarine stations (Mid, Upper,
Head). Mid Estuary separated out slightly from Upper and Head
Estuary, though to a lesser degree than the separation between
the upper and lower estuarine stations. Beta diversity was also
driven, to a lesser degree, by month (F = 2.9554, P < 0.05). For all
stations, August and October grouped together as did February
and April. June samples showed a slight separation from August
and October for Mouth, Lower andMid Estuary. June, August and
October samples from Head and Upper Estuary clustered very
closely together with a greater shift in the February and April
samples for Upper Estuary than Head (Fig. 4).

Microbial community beta-diversity was not only driven by
spatiotemporal variation but also by environmental factors. A
canonical analysis of principle components (CAP) showed that

water column salinity, water column temperature and sediment
% organicmatter weremajor drivers of sedimentmicrobial com-
munities in the York River (Fig. S2, Supporting Information).
Salinity was a major driver of sediment communities in the
lower portion of the estuary while sediment % organics was
associated with the Head and Upper estuarine station commu-
nities (Fig. S2, Supporting Information). Temperature was asso-
ciated with the warmer months of June, August and October.
Water column concentrations of NOx, NH4 and chlorophyll a
were less important drivers of sediment microbial community
structure (Fig. S2, Supporting Information).

The abundance of nirS genes in the York River sediment
ranged from 6.63 × 102 gene copies per gram of sediment (copies
g−1) to 3.46 × 106 copies g–1 with a significantly lower abundance
of nirS genes in Lower and Mouth Estuary when compared to
the Head Estuary station (ANOVA, F = 3.9, P < 0.05; Table 2). The
abundance of nrfA genes ranged from 4.50 × 103 to 3.64 × 106

copies g–1 and showed no spatial patterns across the estuary
(Table 2).

Organisms capable of carrying out denitrification or DNRA,
based on the presence of nirS and nrfA, respectively, were iden-
tified using metagenomic sequencing for the October York River
sediment samples. Since the York River sediment communities
were primarily driven by spatial variation, rather than temporal,
the October sediment communities were considered represen-
tative of all seasons. Based on identification of nirS genes in the
October sediment metagenomes, the majority of denitrifiers in
the York River were Proteobacteria, primarily Gammaproteobacte-
ria (Fig. 5). The metagenome normalized number (efpkg) of nirS
genes was lower in the Lower and Mouth Stations than in the
upper portions of the estuary during October. Organisms carry-
ing nrfAwere dominated by Desulfuromonadales, especially in the
upper portions of the estuary, Deltaproteobacteria and Gammapro-
teobacteria (Fig. 5). Similar to nirS, the normalized number of nrfA
genes decreased at Lower and Mouth Estuary Stations in Octo-
ber even though DNRA rates were higher at those stations. The
families carrying nrfA across all samples, based on 16S rRNA
gene data, were dominated by Anaerolineaceae and Flavobacteri-
aceae (Fig. S3, Supporting Information).

Drivers of nitrogen cycling processes

Linear modeling was performed to determine the drivers of
nitrogen removal and retention in the estuary, in the form of
denitrification and DNRA rates, respectively; anammox was not
modeled due to its low contribution to overall nitrogen removal.
Sediment denitrification rates were best predicted by a combi-
nation of environmental factors and denitrification gene abun-
dance. The topmultiple linear regressions (delta AICc<2), which
included seven different models that explained an average of
87% of the variation in denitrification rates, included the follow-
ing variables: % sediment organic matter (seven of the top mod-
els), water column NOx

− concentrations (seven), water column
Chl a (four), nirS gene abundance (three) andwater column salin-
ity (three). The best model included only % sediment organic
matter and water column NOx

− (Table S1, Supporting Informa-
tion). Since denitrification rateswerewell predicted by the entire
nirS carrying community, further efforts to determine the effects
of individual nirS carrying taxa were not conducted. Sediment
chlorophyll was not measured in June and, therefore, could not
be included in the multiple linear regressions; based on single
linear regressions, sediment chlorophyll was significantly, neg-
atively correlated with denitrification rates (P < 0.05, R2 = 0.33).
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Figure 2. The yearly average of nitrogen removal and recycling processes across five stations in the York River Estuary ranging from the head of the estuary (Head)
to the mouth (Mouth). (A) Average (of 5 months) rates of denitrification, DNRA and anammox (nmoles N g–1 h–1). Error bars represent standard error. (B) Average (of 5

months) % of nitrate reduced by a nitrogen removal process (denitrification and anammox) or a nitrogen recycling process (DNRA) at each station.

Table 2. Rates of nitrate reduction processes across the York River Estuary from June 2018 to April 2019 and associated sediment microbial
functional gene abundances as measured with qPCR. All nitrogen cycling process rates are in nmoles N g–1 h–1. DNF stands for denitrification;
AMX stands for anammox. Rates are an average of two analytical replicates; gene copies are an average of three analytical replicates.

Month Station DNF AMX DNRA nirS nrfA 16S

Shannon
Diversity
Index

June Head 67.38 3.68 8.79 3.46·106 3.21·106 3.41·107 6.36
August Head 57.94 3.07 3.85 1.92·106 1.44·106 2.16·107 6.37
October Head 47.49 4.24 3.18 8.82·105 8.33·105 1.33·107 6.25
February Head 34.08 3.81 1.97 2.05·106 2.27·106 3.41·107 4.95
April Head 39.67 2.07 3.61 1.92·106 1.68·106 4.59·107 5.61
June Upper 75.75 6.62 1.66 3.36·105 1.72·105 3.84·106 6.11
August Upper 32.53 2.82 1.46 2.32·106 2.40·106 3.60·107 5.81
October Upper 32.46 3.88 1.40 1.92·106 1.19·106 2.52·107 5.91
February Upper 4.05 0.65 0.11 3.12·105 3.17·106 4.35·106 4.75
April Upper 9.23 0.95 0.5 7.15·105 1.60·106 1.85·107 4.67
June Mid 60.53 2.32 9.33 9.41·104 1.81·105 1.10·106 6.06
August Mid 39.57 1.54 6.02 2.24·106 3.55·106 3.39·107 5.95
October Mid 35.52 2.70 4.25 1.33·106 2.11·106 2.55·107 5.82
February Mid 6.93 0.83 1.18 5.51·105 9.13·105 6.61·106 4.71
April Mid 29.20 2.10 3.49 2.04·106 3.64·106 2.56·107 5.29
June Lower 10.60 0.50 5.43 1.84·105 3.32·105 1.70·106 6.09
August Lower 3.33 0.09 3.89 6.62·105 2.95·106 2.68·107 6.20
October Lower 9.91 0.39 8.40 4.93·105 7.21·106 1.70·107 6.42
February Lower 1.45 0.17 2.15 2.64·105 7.20·105 8.49·106 4.33
April Lower 0.75 0.03 5.22 6.39·105 1.31·106 2.18·107 5.12
June Mouth 6.52 0.24 14.42 6.63·102 4.50·103 2.13·104 4.12
August Mouth 3.15 0.04 15.15 7.42·105 2.21·106 2.06·107 6.31
October Mouth 4.85 0.16 14.70 8.88·105 1.05·106 3.10·107 6.14
February Mouth 2.48 0.13 5.32 5.49·105 2.24·106 3.37·107 4.88
April Mouth 1.24 0.04 10.94 5.23·105 1.17·106 2.62·107 5.20

DNRA rates were best predicted by the relative abundances,
based on the overall 16S rRNA gene sequencing, of specific taxa
carrying the nrfA gene, based on metagenomic identification.
Only one multiple linear regression had a delta AICc <2 (Table
S1, Supporting Information). It explained 68% of the variation

in DNRA rates and included the relative abundance of three
nrfA carrying families, Anaerolineaceae (Anaerolineales), Ectoth-
iorhodospiraceae (Gammaproteobacteria) and Prolixibacteraceae
(Bacteroidales). The relative abundance of Anaerolineaceae had
a negative linear relationship with DNRA rates, while relative
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Figure 3. A stacked bar plot showing the relative abundance, greater than 1%, of classes present in each of the samples. Stations range from the head of the York River
Estuary to the mouth. Samples are separated into months ranging from June 2018 to April 2019.

abundances of both Ectothiorhodospiraceae and Prolixibacteraceae
had positive linear relationships (Fig. S4, Supporting Informa-
tion). While no environmental characteristics were included in
the topmultiple linear regression, salinity, which had a positive,
significant linear relationship (P < 0.05, R2 = 0.31) with DNRA
rates, was the best single predictor of DNRA rates in the York
River. The abundance of nrfA was not a good predictor of DNRA
rates in the York River. Sediment chlorophyll, based on single
linear regressions that excluded June samples, had a significant
positive relationship with DNRA rates (P < 0.05, R2 = 0.17).

DISCUSSION

Potential denitrification rates found in the York River, especially
those in the upper region of the estuary, were, for the most
part, higher than rates of denitrification previously reported for
other estuaries, including in the Chesapeake Bay, which ranged
from 5 to 160 μmoles N m−2 h−1 (Gardner et al. 2006; Rich et al.
2008; Dong et al. 2009; Owens 2009; Giblin et al. 2010). How-
ever, rates exceeding 100 nmol N mL−1 wet sediment h−1 have
been reported from theThames River, UK (Trimmer, Nicholls and
Deflandre 2003) (Table S2, Supporting Information). A positive
relationship with water column NOx

– and a negative relation-
ship with salinity were among the top correlations with denitri-
fication rates in the York River, supporting past studies in which
low salinity and high NO3

– concentrations have been found to
increase denitrification (Kemp et al. 1990; Owens 2009; Giblin
et al. 2010). Therefore, the high rates of denitrification observed
in the York River were likely influenced by the above average
freshwater input in June 2018, which both lowered salinity to
levels not normally seen in the York River and delivered high
concentrations of NO3

− and organicmatter. The head and upper
portion of the York River are also the location of the estuarine

turbidity maximum and seasonal second turbidity maximum
(Lin and Kuo 2001); rates of denitrification have been found to
increase with higher suspended solids and in turbidity maxi-
mum zones in other estuaries (Abril et al. 2000; Liu et al. 2013).

Rates of anammoxwere higher in the York River Estuary than
previously reported for the Chesapeake Bay and its tributaries
(Rich et al. 2008), the New River and Cape Fear Estuaries in North
Carolina, USA (Dale, Tobias and Song 2009; Lisa et al. 2014), and
the Thames River, UK (Trimmer, Nicholls and Deflandre 2003)
(Table S2, Supporting Information). The increase in freshwater,
which delivered NO3

− and organic C in June 2018, may have
increased anammox rates in the York River, though they were
still below those previously reported for the Colne River Estuary,
UK, which reached 157 μmoles N m−2 h−1 (Dong et al. 2009).

This study is the first reported measurement of DNRA in the
Chesapeake Bay region. York River potential DNRA rates, espe-
cially in the lower estuary, were higher than or comparable to
those previously reported for estuaries in Massachusetts, USA
(Giblin et al. 2010), Texas, USA (Gardner et al. 2006), North Car-
olina, USA (Song, Lisa and Tobias 2014) and Colne, UK (Dong et al.
2009), which ranged from 4 to just over 300 μmoles N m−2 h−1

(Dong et al. 2009; Giblin et al. 2010) (Table S2, Supporting Infor-
mation).

Nitrate reduction in the York River Estuary was dominated
by N removal through denitrification in the upper estuary, and
shifted to N retention through DNRA in the lower estuary. While
denitrification, and N removal in general, was higher overall,
the increase in N recycling in the lower portion of the estuary
increased N availability in that portion of the river and could
increase the amount of NH4

+ exported to the Chesapeake Bay.
The lower portion of the York River often experiences intense
harmful algal blooms during the summermonths (Marshall and
Egerton 2012), which could be driven in part by an increased flux
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Figure 4. Principal component analysis representing the York River Estuary sediment microbial communities. Colors represent stations in the estuary ranging from
the head of the estuary to the mouth. Shapes represent months from June 2018 to April 2019.

of NH4
+ from DNRA in lower estuarine sediments, though no

harmful algal blooms took place in the lower York River during
the study period. Denitrification, anammox and DNRA have pre-
viously been found to decrease from the head to themouth of an
estuary, though patterns of DNRA rates tend to be more varied
(Dong et al. 2009; Lisa et al. 2014; Song, Lisa and Tobias 2014).

The shift between denitrification in the upper estuary to
DNRA in the lower estuary seems to be driven by geochemi-
cal characteristics and changes in microbial communities. Sedi-
ment organic content showed a strong positive relationshipwith
denitrification rates, and was likely the source of substrate for
the denitrifying bacteria to respire. DNRA has been found to
be favored when the ratio of OC to NO3

– is high (Giblin et al.
2013; Hardison et al. 2015), though sediment C:N ratios showed
no clear relationship with either denitrification or DNRA in this
study. Denitrification was in part driven by water column nutri-
ents; nitrogen cycling process rates are typically related directly
to substrate concentrations (Kemp et al. 1990; Owens 2009), as
was seen in this study with denitrification.

Environmental characteristics also play a role in influencing
microbial community dynamics and beta diversity. The spatial
shift in sediment community structure was linked to % sedi-
ment organic matter and water column salinity. The impact of

salinity on microbial community structure as has been found
previously in temperate estuaries, including the Chesapeake
Bay (Francis et al. 2013; Song, Lisa and Tobias 2014). The tem-
poral change in beta-diversity was in part driven by tempera-
ture, a known driver of community composition in temperate
estuaries. The shift in sediment microbial communities along
the estuarine gradient in the same location as the switch from
nitrogen removal to nitrogen retention shows the importance of
understanding interactions between environmental character-
istics and microbial communities and how they play a role in
determining nitrogen cycling rates.

The abundances of functional genes encoding for the
enzymes in N metabolic processes have been found to increase
the predictive power of N cycling models, including those for
denitrification and DNRA (Graham et al. 2014, 2016; Semedo and
Song 2020), especially when the gene in question is carried by a
small subset of bacteria (Graham et al. 2016), and have shown
positive correlations with the associated process rates (Dong
et al. 2009). In the York River, while denitrification activity was
linked to nirS gene abundance, DNRA was not linked to nrfA
gene abundance. Based on the classification of nirS genes from
Octobermicrobial communities, in which Proteobacteria heavily
dominated the nirS community, the nirS qPCR primer chosen for
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Figure 5.Normalized gene counts (efpkg) based on annotated nirS and nrfA genes frommetagenomic sequencing of October York River sedimentmicrobial communities
showing the taxonomic structure of (A) denitrifying and (B) DNRA organisms.

this study likely gives an accurate representation of the quan-
tity of nirS in the sediments. However, since nrfA genes are more
diverse with a wider distribution among archaeal and bacterial
lineages than nirS genes, the nrfA qPCR may not have captured
all DNRA organisms. Instead of having a strong relationship to
the abundance of a functional gene, DNRA was more strongly
linked to the abundance of specific taxawith the capacity to per-
form DNRA; the relative abundances of specific groups of bacte-
ria have been found previously to increase the predictive capa-
bilities of models (Graham et al. 2016; Semedo and Song 2020).

Many microbial taxa can perform similar functions, and not
all microbes capable of performing a specific function always
utilize that pathway. This makes understanding which of the
many microbial taxa in complex microbial assemblages is con-
tributing to a specific community function challenging. In this
study we observed a clear spatial shift in beta diversity between
the upper and lower estuary that correspondedwith a shift from
NO3

− removal, largely in the form of denitrification, to NO3
−

retention through DNRA. To better understand the shifts in taxa
that were driving the shift in NO3

− reduction processes, espe-
cially since nrfA gene abundances were not good predictors of
DNRA rates, we performed metagenomic sequencing on a sub-
set of the samples and identified specific taxa carrying the nrfA
gene. With that data set, we were able to identify which taxa
in the microbial community were capable of performing DNRA,
and determine which of those specific taxa, based on their over-
all relative abundance in the 16S rRNA gene sequences, were
good predictors of DNRA rates.

The lack of a relationship between DNRA rates and nrfA gene
abundance suggests that DNRA activity was largely driven by

only a few bacterial families; due to the strong positive relation-
ships between DNRA rates and Ectothiorhidospiraceae and Prolix-
ibacteraceae, it is likely these families were primarily responsi-
ble for DNRA. On the other hand, the abundance of nirS was
among the top predictors for denitrification implying that in the
York River, denitrification activitywas driven andperformed by a
large group of denitrifying microbes rather than individual taxa.
This disparity between the microbial drivers of denitrification
and DNRA could be due to the physiology of the taxa involved
in these processes. Denitrifying microbes are most commonly
capable of using only oxygen or NO3

– in their metabolism while
DNRA bacteria have a variety of energy metabolism options
including fermentation, sulfate reduction, denitrification and
anammox in addition to DNRA (Giblin et al. 2013; Helen et al.
2016). Therefore, the nirS carryingmicrobes were likely to be per-
forming denitrification in the estuarine sediments, leading to
the strong relationship observed between nirS gene abundance
and denitrification, while the nrfA carrying microbes could have
been performing a number of different processes with only cer-
tain taxa, actively performing DNRA. This is further supported
by the negative relationship between the relative abundance
of Anaerolineaceae and DNRA rates, which implies that, though
Anaerolineaceae is genetically capable of performing DNRA, these
organisms were utilizing an alternative metabolic pathway and
not contributing to the observed rates of DNRA.

Understanding variation in N removal and retention across
estuaries is important to determine the availability of N for
use by primary producers. The competition between denitrifi-
cation and DNRA has previously been found to vary season-
ally (Kelly-Gerreyn, Trimmer and Hydes 2001) and be controlled
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along estuaries by environmental characteristics (Gardner et al.
2006; Giblin et al. 2010, 2013; Song, Lisa and Tobias 2014; Hardi-
son et al. 2015). The shift from denitrification in the upper estu-
ary to DNRA in the lower estuary that is persistent throughout
all seasons observed in this study is different from previously
reported patterns. The dominance of DNRA in the lower estu-
ary increases the amount of bioavailable N in the lower por-
tion of the York River system, possibly supporting the seasonal
harmful algal blooms and subsequent hypoxia in bottom water
that occur in the lower estuary most years (Reay 2009; Marshall
and Egerton 2012). Understanding the switch in dominant NO3

–

reduction pathways requires an understanding of the impacts of
environmental gradients, as well as shifts in microbial commu-
nity structure that exist in an estuarine system. In theYork River,
changes in sediment organic matter and water column nutrient
concentrations were strongly linked to denitrification. The York
River sediment microbial community experiences a large shift
in community structure at the same location that DNRA begins
to outcompete denitrification for available nitrate. This shift,
which is linked to the overall nirS carrying microbial community
and specific taxa capable of performing DNRA, is an important
regulatory aspect that is often ignored in studies examining N
cycling in ecosystems.
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