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The use of biological indicators to monitor the health and functioning of wetlands has been an ongo-
ing goal of wetland scientists and managers, and has focused primarily on monitoring the changes in
macroorganisms, due to the relative ease of identifying and counting them. In recent years, the establish-
ment of high-throughput sequencing techniques, development of assays for specific functional genes,
and better quantitative measures are making it easier to get extensive diversity profiles and more robust
abundance estimates of various microbial communities, and empowers us to explore wetland micro-
biomes and their role in ecosystem function. This heuristic search enables us to illuminate a spot light
on minor populations of microbial communities, which were difficult to be scrutinized by more tradi-
tional molecular tools. Monitoring microbial indicators in response to nutrient loading, pollutants and
redox potential is beneficial for wetland ecosystem management. Microbial populations can serve as
the most sensitive and rapid bioindicator in response to various environmental changes. Evaluation of
wetland condition and restoration cannot be met effectively by a single physical, chemical or biologi-
cal parameter but a combination of multiple attributes is effective for robust wetland assessment and
management. Various functional groups of microorganisms can be used as wetland assessment tools and
provide a more profound understanding of microbial population dynamics and various direct microbial
activity measurements. Understanding of the microbial communities controlling biogeochemical cycles
in constructed wetlands could support optimizing performance of these promising treatment systems.
This review focuses on a potential use of microorganisms as effective biological indicators for wetland
management.
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1. Introduction

Microorganisms play fundamental roles in wetland biogeo-
chemistry through their versatile functions (Mitsch and Gosselink,
2015). Microbial communities respond to environmental alter-
ations in a spatially and temporally highly dynamic fashion. In turn,
microbial activity, biomass, and population dynamics may impact
various chemical and physical conditions (e.g. pH, dissolved oxy-
gen, nutrient availability and balance), and strongly shape wetland
biomes and ecosystem functions (Fig. 1). It should be noted that
wetlands can be an inorganic nutrient sink, a nutrient source, and
a transformer of inorganic nutrients to organic nutrients (Mitsch
and Gosselink, 2015). Therefore, an understanding of the impacts
of nutrient inputs on biogeochemical processes, and the microbes
that mediate the processes, is necessary to manage healthy wetland
ecosystems.
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Several lines of evidence have indicated that monitoring
microorganisms as biological indicators in response to nutrient
loading, pollutants, and redox potential is valuable for wetland
management (Artman et al., 2008; Merkley et al., 2004; Paerl et al.,
2003; Sims et al., 2013; Wright et al,, 2009; Zhang et al., 2013).
Due to their rapid growth rates and quick response to changes,
microbial populations can serve as the most sensitive and rapid
bioindicator in response to various pollutants (Parmar et al., 2016;
Reddy and D’Angelo, 1997; Urakawa et al., 2012). Evaluation of
wetland conditions and restoration efforts cannot be met effec-
tively by a single physical, chemical or biological parameter, but
a combination of multiple attributes is effective for robust wetland
assessment and management (Mitsch and Gosselink, 2000; Sims
et al., 2013). Various functional groups of microorganisms can be
used as wetland assessment tools (Table 1), and a profound under-
standing of microbial population dynamics, functional redundancy
and ecophysiology may support a strategic wetland assessment and
management (Fig. 2).

Today 16S rRNA gene amplicon sequencing makes it easy to
obtain comprehensive profiles of the phylogenetic diversity of
microorganisms from various environmental samples, but 16S
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Fig. 1. Inputs of nutrient and other resources relevant to microbial communities in the wetland ecosystem. Species richness indicates the total number of different species
present. Species abundance means the proportion of each species in the community. Moderate conditions may increase interactions among microbes, eukaryotic microbes and
macro-organisms (e.g. plants, microbial predators). Extreme conditions (e.g. acid mine runoff, hypersaline lakes) decrease species richness but increase species abundance,
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Fig. 2. Microbial indicators can be used for wetland management because they
strongly couple with both physicochemical and biological indicators. Microbial indi-
cators show rapid changes in response to the shift of environmental conditions and
are extremely sensitive to environmental pollutants.

rRNA analyses do not necessarily relate to functional responses. To
use microbes as bioindicators, genus-level ecotype identification
(Fig. 3) and knowledge of ecophysiology of the microorganisms
are necessary (Fig. 4). Since the vast majority of microorganisms
have not yet been cultivated (Head et al., 1998), ecophysiology is
often inferred from analysis of functional genes and transcripts.
Phylogenetic and functional analyses using millions of sequences
shall provide a detailed sketch of microbial diversity and functions
in a wetland ecosystem. This review focuses on a potential use
of microorganisms as an effective biological indicator for wetland
management.

2. Microbial biomass and function
2.1. Bacterioplankton biomass and function

The biomass of bacterioplankton in wetlands may be regulated
by available resources, habitats, and various environmental condi-
tions in the ecosystem (Fig. 1). The abundance of bacterioplankton
is also controlled by seasonal changes, and may be influenced by
more long-term climate changes (Field et al., 1998). The total num-
ber of bacterioplankton is most accurately determined by the direct
cell counting method using polycarbonate membrane filters, fluo-
rochromes (e.g. 4’,6-diamidino-2-phenylindole [DAPI], SYBR Green
I) and a fluorescence microscope (Faulwetter et al., 2009; Kepner

and Pratt, 1994). With the combination of hybridization techniques
(i.e.fluorescence in situ hybridization [FISH]) the number, morphol-
ogy and spatial distribution of specific microbial populations can
be selectively determined (Daims et al., 2015; Posch et al., 2009).
The number of cells expected in wetland water columns is in the
range of 10° to 10° cells/ml (Decamp and Warren, 2001; Hallberg
and Johnson, 2005). The number of microbial cells may reach 107
cells/fml in nutrient-rich constructed wetlands or extreme condi-
tions where microbial predation is limited (e.g. acid mine drainage)
or there is very active decay of plants or animals (Fig. 1) (e.g.
Decamp and Warren, 2001). Microbial biomass is also assessed
by the compositional analyses of carbon, nitrogen and phospho-
rus. Wright et al. (2009) reported that microbial biomass P was
somewhat more responsive to nutrient loading than biomass C and
N, and can be a better marker to assess the level of eutrophica-
tion in the Everglades wetlands. It should be noted that bacteria in
phosphate-limited freshwater environments can become a strong
competitor of phytoplankton (Currie and Kalff, 1984), which may
impact primary production. Under normal hydrological conditions,
a large part of the water column is oxic, supporting high levels
of aerobic heterotrophic activity, and constitutes one of the major
microbial functions in the water column.

Bacterioplankton in some eutrophic surface waters may har-
bor a large fraction of Cyanobacteria. Because of their important
role in primary production, their spatial and temporal abundance
are of interest to researchers and freshwater monitoring pro-
grams (Paerl et al., 2016). The occurrence of massive cyanobacterial
blooms in freshwater ecosystems is considered environmental
pollution worldwide, and may be intensified by climate change
(Paerl and Huisman, 2009; Paerl et al., 2016), so monitoring
these populations is of critical importance (Fig. 5). Since com-
monly used chlorophyll a in vivo fluorescence cannot be used
to accurately determine cyanobacterial abundance because their
chlorophyll a locates in non-fluorescing photosystem I, analyzing
phycobilin concentrations is preferred for detecting, quantify-
ing, and monitoring cyanobacterial abundances (Seppdld et al.,
2007). Generally, Cyanobacteria contain phycocyanin as an acces-
sory pigment, and it can be used to fluorometrically differentiate
Cyanobacteria from other eukaryotic algae by using narrow band
interface filters that utilize excitation and emission wavelengths
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Fig. 3. Relative abundance of Methylococcaceae and Methylophilaceae in methane-fed microcosms under the different oxygen concentrations. Sample designations include
oxygen tension, followed by the alphabetical name of a replicate and by the week of sampling. The figure is adapted from Hernandez et al. (2015).
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Fig. 4. Oligotrophic adaptation of Nitrosopumilus maritimus (AOA) is supported by the high-affinity ammonia oxidation (i.e. low Ky,) (A) and the high growth rate under
the low ammonium conditions (B). (A) Apparent K, of SCM1 (red), the AOB strains Nitrosococcus oceani, Nitrosospira spp. cluster 0, 2 and 3, Nitrosomonas oligotropha,
Nitrosomonas europaea, Nitrosomonas communis, Nitrosomonas eutropha (green), in situ nitrification in ocean water (blue) and soils (brown), as well as the lowest Ky, for
ammonium assimilation of diatoms and heterotrophic bacteria (grey). Ky, values are given for activity measurements (circles) and growth (diamonds). (B) Growth rate model
of ammonia oxidizers at different ammonium concentrations. The range of ammonium concentration observed in Puget Sound (WA, USA) is shown by the double-headed
arrow. Np. indicates Nitrosopumilus; Nm., Nitrosomonas; Nc., Nitrosococcus. The figures are adapted and modified from Martens-Habbena et al. (2009) and Urakawa et al.
(2014). (For interpretation of the references to colour in this figure legend, the reader is referred to the web version of this article.)

of 600 and 640 nm, respectively (Zamyadi et al., 2012). Gener-
ally cyanobacterial blooms can be managed by nutrient controls
but also potentially regulated by a top-down control (Zhong et al.,
2011). Wu et al. (2010) reported that cyanobacterial blooms can be
controlled by biopond- wetland systems.

2.2. Biomass and activity of soil and sediment microbial
communities

Sediments can maintain higher microbial abundance, function
and diversity than those of the water column, thus the ecological

roles of sediment microbial community are more likely to be promi-
nent in shallow water environments, including wetlands. Although
sediment microbial communities are influenced by water quality
and the level of primary production, they are more likely controlled
by the properties of soil/sediment (e.g. soil type, moisture, grain
size and the degree of microbiologically available organic matter)
(Tang et al., 2012; Wang et al., 2013). For example, sandy sedi-
ment typically contains a lower number of cells, while high silt-clay
sediment may harbor more cells (Dale, 1974; Tang et al., 2012).
Moisture is also a critical factor, and increases in moisture can lead
to increased levels of microbiologically available organic matter
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Fig. 5. Example of the use of microbial indicators for wetland management. Six Mile Cypress Slough Preserve, 14 kilometer long and 0.53 km wide, located in Fort Myers,
FL (A), shoreline vegetation (B), fluorescence microscopy (C) and Illumina high-throughput sequencing at phylum level (Proteobacteria are shown as class) (D). Shoreline
vegetation is different between natural ponds and a constructed lake, which was built more than 30 years ago. Some elongated cyanobacterial cells are occasionally found
in the water samples of this constructed lake. Microbial cells were collected from surface water of one constructed lake (site 1), three natural ponds (sites 3, 4 and 6) and
two boardwalk markers (sites 2 and 5). Microbial communities were similar among five natural sites where Betaproteobacteria dominated, but clearly distinguishable from
that of the constructed lake, where the betaproteobacterial population was replaced by cyanobacterial populations. The ratio of Betaproteobacteria/Cyanobacteria was 0.04
at the constructed lake while it ranged from 14-669 at other sampling sites. The wetland system normally maintains an oligotrophic condition but water quality data of
the constructed lake occasionally falls in mesotrophic. Currently a long term water quality monitoring by Lee County, FL is only conducted at the constructed lake and no
other natural ponds within Six Mile Cypress Slough. The microbial indicator data (molecular fingerprinting) emphasize the importance of including other natural ponds in

the future water monitoring plan.

and nutrients (Bai et al., 2004; Sleutel et al., 2008). As a conse-
quence, microbial biomass and activity will increase accordingly
(Sleutel et al., 2008; Tang et al., 2012). The reported total cell num-
bers in wetland soil/sediment ranged from 10® to 109 cells/g of
soil or sediment (Ishida et al., 2006; Ivanova and Dedysh, 2012;
Zhang et al,, 2013). Cell numbers may be measured directly in
sediments by fluorescence microscopy, although this can be chal-
lenging due to autofluorescence and particle interference (Lunau
et al., 2005; Weinbauer et al., 1998), or cell numbers can be esti-
mated based on copy number of genes measured by quantitative
PCR (e.g. Humbert et al., 2012; Stoeva et al., 2014). In either case,
measurements of cell numbers may be reported either as cells per
gram, cells per milliliter, or they may be normalized to microgram
of DNA (Urakawa et al., 2010).

A sharp oxic-anoxic gradient found in soil/sediment creates
ideal habitats for functionally diverse microorganisms (Table 2).
Multiple microbial activity measurements are needed to monitor
various ecosystem services inasmuch as soil/sediment bacteria are
functionally divergent (Fig. 6). Generally, the microbial biomass,
diversity and activity in soil/sediment decrease with increasing
soil/sediment depth (Wright et al.,2009; Zhen-Yu et al.,2010). Thus
the monitoring of microbial communities in surface soil/sediment
(e.g. 0-5cm) is largely sufficient for freshwater wetland manage-
ment tactics. On the other hand, in the case of coastal wetlands, the
monitoring of sediment should be deeper (e.g. 0-30cm) because
of strong disturbance of sediments by tides and storm events.
Recently Bernhard et al. (2015) showed recovery of nitrogen-
cycling microbes in surface sediments after restoration in a salt
marsh, while deeper sediments (6-8 cm) were still impacted.

Microbial activities are controlled by temperature and other abi-
otic and biotic factors, and may be altered by the currently changing

climate (Palmer et al., 2012). Rate measurements such as nitrifica-
tion and denitrification using in situ conditions and stable isotopes
are the most accurate methods and should be employed if pos-
sible (Kellman and Hillaire-Marcel, 1998; Morse and Bernhardt,
2013). If these methods are not available, simple potential activ-
ity measurements are alternative methods (Bernhard et al., 2010;
Castro et al., 2002; Hayashi et al., 2015; Palmer et al., 2012). What
we have learned from many studies is how microbial activities
span a dynamic range, sometimes varying as much as 1000 fold
(Bachand and Horne, 1999a). These differences may be attributed
to differences among wetlands, seasons and methods used. Thus,
it is meaningful to quantitatively assess the success of wetland
restoration projects through microbial functional activities. Par-
ticularly, production of methane, nitric and nitrous oxides and
carbon dioxide, which are globally significant in wetland ecosys-
tems (Faulwetter et al., 2009; Palmer et al., 2012). We anticipate
that using transcript analysis as a proxy for microbial activity will be
one of the promising methods (e.g. Nikolausz et al., 2008; Thomas
etal.,, 2014).

3. Diversity, species composition and the relative
abundance of environmental sequences

How do species richness and abundance of microorganisms vary
along with multiple environmental parameters? (Fig. 1) This has
been a century-old question for many microbial ecologists, and
can now be intensively studied using high-throughput sequencing
techniques. Although the composition of a microbial community
can be analyzed at various taxonomic ranks (e.g. family and genus),
a majority of studies has focused on phylum-level analysis. In gen-
eral, great microbial diversity is considered as the sign of a pristine,



460 H. Urakawa, A.E. Bernhard / Ecological Engineering 108 (2017) 456-476

Table 1
Shifts of microbial populations with a gradient of environmental factors: A list of potential microbial indicators.
Type Source Low High Reference
Energy source Ammonia AOA AOB Martens-Habbena et al. (2009),
Nitrosospira Nitrosomonas Sims et al. (2013),
Schramm et al. (1998)
Methane Type la methanotrophs Type Il methanotrophs Hanson and Hanson (1996)
Nutrient Organic loading Nitrosospira Nitrosomonas Urakawa et al. (2006a)

Fertilizer on rhizosphere

Physicochemical factor Land use alternation

pH
Salinity
Oxygen

Pollution Hydrocarbon

anammox bacteria
Actinobacteria
Acidobacteria
Deltaproteobacteria
Acidobacteria

group I.1c Thaumarchaeota
(Finnish Forest Soil (FFS)
Archaea)

AOA

Betaproteobacteria
Methylotenera, Methylobacter
Alphaproteobacteria
Actinobacteria

denitrifying bacteria
Proteobacteria
Betaproteobacteria
Cytophagia

AOB

Alphaproteobacteria
Methylosarcina, Methylophilus
Gammaproteobacteria
Betaproteobacteria
(Burkholderiales,

Burgin and Hamilton (2007)
Bell et al. (2013)

Hartman et al. (2008)
Huang et al. (2016)

Peralta et al. (2013b)
Bomberg (2016)

Nicol et al. (2008)
Glockner et al. (1999)
Hernandez et al. (2015)
King et al. (2015)

Bell et al. (2013)

Comamonadaceae,
Rhodocyclaceae)
AOA AOB Urakawa et al. (2012)
beta-AOB gamma-AOB
AOA AOB Rodriguez-R et al. (2015)
Methylene blue AOA AOB Sipos and Urakawa (2016)
beta-AOB gamma-AOB

AOA: ammonia-oxidizing archaea, AOB: ammonia-oxidizing bacteria. Beta-AOB: betaproteobacterial AOB, gamma-AOB, gammaproteobacterial AOB.

Table 2

Selected types of microbial oxidation-reduction reactions.
Process Electron acceptor End products Moles of e~ per AGo (kJ/mole Redox

(EA) mole of EA of electron) potential (mV)

Aerobic respiration 0, H,0 4 —-125.1 300 to 700
Nitrate reduction NO3~ N2, N»0, NO 5 —-118.8 100 to 350
Manganese reduction Mn* Mn?* 2 -94.5 —100 to 300
[ron reduction Fe3* FeZ* 1 —-24.3 —100 to 200
Sulfate reduction S04%~ N 8 -254 —200 to —100
Methanogenesis CO, CO,, CHy 8 -23.2 —350to —-100

Source: Faulwetter et al. (2009) with minor modification.

healthy and balanced microbial community, while low microbial
diversity is not favored and regarded as distressed community, in
terms of ecosystem functioning (Bell et al., 2005, 2013; Delgado-
Baquerizo et al., 2016). Thus, comparison of species richness indices
obtained from DNA sequencing analyses may be directly used for
the assessment of microbial communities (Fig. 1).

In nearly all freshwater wetlands, Proteobacteria dominate
microbial communities at the phylum level (Bernhard et al., 2012;
Ligi et al., 2014; Lv et al., 2014; Peralta et al., 2013b; Sanchez, 2016;
Zhang et al., 2013). Proteobacteria are recognized as the largest
phylum in the domain Bacteria and include five well-recognized
classes and three recently-proposed classes as discussed later.
Although Proteobacteria are nearly always the most abundant
taxon, the following major taxonomic groups vary depending
on the environmental settings. Bacteroidetes, Actinobacteria and
Cyanobacteria are three common microbial groups at the phy-
lum level in the water column (Sanchez, 2016; Schultz et al.,
2013), while Bacteroidetes, Acidobacteria and Actinobacteria dom-
inate in soil (Hartman et al,, 2008; Ligi et al., 2014; Lv et al,,
2014; Sanchez, 2016). Occasionally Acidobacteria make up a large
fraction of microbial communities, but the overall relative abun-
dance decreases by land use alterations and other environmental
changes (Peralta et al.,, 2013b). Lv et al. (2014) examined the bac-
terial diversity using a total of 12,677 bacterial 16S rRNA gene
sequences from a worldwide range of wetlands soil and sediment
studies (Fig. 7). Although these sequences have been determined

by Sanger DNA sequencing methods, these longer sequences are
suitable to determine accurate taxonomic positions. Moreover,
these conclusions are consistent with various high-throughput
sequencing data. It is likely that the major taxa found in both
“traditional” sequencing analysis and high-throughput sequencing
are similar, but a clear difference is found in the discrimination
of minor taxa. For example, Ligi et al. (2014) found 56 different
bacterial phyla, which included candidate divisions, from soil and
sediment microbial communities at the Olentangy River Wetland
Research Park using high-throughput sequencing. On the con-
trary, Lv et al. (2014) reported only 31 known bacterial phyla
from hundreds of independent wetland studies based on 16S
rRNA gene clone library/denaturation gradient gel electrophore-
sis analyses. This comparison clearly indicates the limitation of
“traditional” Sanger sequencing approaches and the superiority of
high-throughput sequencing techniques, especially for detecting
rare species (Sanchez, 2016; Sogin et al., 2006).

Today, high-throughput sequencing technologies have nearly
completely replaced the 16S rRNA gene clone library analysis,
which relies on Sanger DNA sequencing, and have greatly accel-
erated the data accumulation process along with the elimination
of laborious workload (i.e. elimination of gene cloning step). As a
consequence, numerous numbers of in-depth sequence data are
created and stored as the sequence read archive (SRA) in the DNA
databases (Leinonen et al,, 2010). Although the new technology
has a strong advantage (i.e. high-throughput), it is not perfect
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(Quince et al., 2011). For example, two fundamental criteria of DNA
sequencing technologies are the accuracy and the length of reads.
In these two fundamental criteria, the classic Sanger sequencing
exceeds those of high-throughput sequencing technologies. But
in the present, the speed of the in-depth sequencing can help to
find minor populations from the entire microbial communities and
some of these may serve as important minor microbial indicators
(Table 1).

As Proteobacteria are functionally and phylogenetically diverse,
this phylum is often analyzed at the class level, while other taxa are
handled at the phylum level (Fig. 5) (e.g. Deng et al., 2014; Urakawa
et al, 2017; Zhang et al., 2013). At the class level, Deltaproteobac-
teria, Gammaproteobacteria and Betaproteobacteria are frequently
the most prominent Proteobacteria in both sediment and soil of
wetlands (Fig. 7) (Hartman et al., 2008; Ligi et al., 2014; Lv et al.,
2014).Itis well recognized that the abundance of Betaproteobacte-
ria in microbial communities is very different between freshwater
and marine environments: highly abundant in freshwater areas
while minor in marine environments (Barberan and Casamayor,
2010). This tendency can be found both in real quantification
(e.g. fluorescence in situ hybridization and quantitative real-time
PCR assay) and in relative abundance (semi-quantitative) in 16S
rRNA clone library analysis and high-throughput sequencing. Thus,
Betaproteobacteria should serve as an excellent indicator to gauge
the impact of salinity on estuarine wetlands (Table 1). In estuarine
wetlands, salinity in a water column changes daily and seasonally.
Therefore, the determination of the abundance of Betaproteobac-
teria in surficial sediment might be suitable to assess the impact
of salinity on microbial communities. Sediment communities keep
longer environmental records than bacterioplankton communities,
which can be easily influenced by tidal rhythm and are more tem-
poral and arbitrary (Urakawa et al., 2006a). Epsilonproteobacteria
only dominate in hydrothermal vent ecosystems (Lopez-Garcia
et al,, 2003) and are rare in freshwater and wetland environ-
ments (Fig. 7) (Lv et al., 2014). More recently, the reclassification
of this proteobacterial group was proposed (Waite et al., 2017). It
should be noted that many high-throughput sequencing studies
have reported the existence of unclassified or unidentified Pro-
teobacteria from a wide range of environments (Uroz et al., 2010;
Wang et al., 2012). The proportion of these unknown Proteobacte-
riais occasionally large (Madigan et al., 2015). Thus, it is reasonable
that more unidentified classes of Proteobacteria exist in nature. At
least three of these new Proteobacteria have been found recently:
Zetaproteobacteria as a rare candidate class (Emerson et al., 2007;
Fleming et al., 2013), Acidithiobacillia (Williams and Kelly, 2013)
and Oligoflexia (Nakai et al., 2014; Nakai and Naganuma, 2015).
Zetaproteobacteria can be found in freshwater environments as
well as hydrothermal vent ecosystems but are only reported as
minor populations (Emerson et al.,, 2007; Fleming et al., 2013; Lv
et al., 2014). Apparently further detailed studies are needed for
unclassified or unidentified Proteobacteria in wetlands.

Betaproteobacteria (beta I and beta II lineages) and Actinobac-
teria (acl lineages) are the most dominant bacterioplankton in
freshwater lakes and ponds (Fig. 5) (Allgaier and Grossart, 2006;
Warnecke et al., 2005; Urakawa et al., 2017; Zwart et al., 2002).
These two groups of microbial populations may share the same sub-
strate, but have different preferences of one or more environmental
factors (e.g. light, UV) (Sharma et al., 2008, 2009; Warnecke et al.,
2005). However, nutrient level is not a key factor determining their
abundance (Warnecke et al., 2005). Apparently, the dominance of
particular bacterial phylogenetic groups depends on the respec-
tive ecosystem (Allgaier and Grossart, 2006). Further studies are
needed to use these cosmopolitan betaproteobacterial groups as
useful freshwater microbial indicators.

Changes in the ratio of relative abundance of two different
bacterial taxa may serve as a good index to assess the shift of

microbial communities (Fig. 5) (Sims et al., 2013). For exam-
ple, population dynamics between ammonia-oxidizing archaea
(AOA) (Konneke et al., 2005) and bacteria (AOB) provide impor-
tant insights into their ecological roles in different environments
(Table 1). An ecophysiology study of AOA and AOB clearly indicated
thatammonia availability shapes nitrifying communities, with AOA
demonstrating lower Ky, values for ammonia compared to AOB
(Fig. 4) (Martens-Habbena et al., 2009; Urakawa et al., 2011, 2014).
Later this eco-strategic concept was confirmed by a large number
of field studies. For example, Sims et al. (2012b) reported that the
temporal and spatial distributions of AOA and AOB and the higher
AOA:AOB ratio can be used as an indicator of oligotrophic condi-
tions in natural wetlands. Urakawa et al. (2014) reported that the
ratio of AOA and AOB, but not the abundance, correlated with the
ammonia concentration in coastal water. Dang et al. (2010) also
found distinctly different communities of betaproteobacterial AOB
that correlated with environmental conditions, and proposed that
AOB community composition could serve as bioindicators of pol-
lution (Table 1). Among the AOB, Nitrosomonas species typically
dominate in more eutrophic conditions, while Nitrosospira dom-
inate in more oligotrophic conditions (Beman and Francis, 2006;
Gorra et al., 2007; Peng et al., 2013; Wei et al., 2011; Zhen-Yu
et al,, 2010). These studies demonstrate that healthy freshwater
and coastal wetlands may harbor AOA as major nitrifiers, while
the shift of populations from AOA to AOB may be found in more
organic/nutrient rich environments (Sims et al., 2012a).

4. Microbes in the biogeochemical cycles

Bacteria and Archaea play fundamental roles in wetland biogeo-
chemical cycles (Fig. 6). Wetland microbiomes and their activity
are important because various microbial processes influence the
water quality (e.g. Rea et al., 2015), greenhouse gas emissions
(e.g. Li et al., 2016; Villa and Mitsch, 2014), and fertility of wet-
lands (Sanchez, 2016). Redox potential is a key factor that controls
microbial function and activity of wetlands (Table 2). Manipula-
tion of redox potential in the design of constructed wetlands may
increase the performance of nutrient and pollutant removal. Cur-
rently the use of microbial indicators is not a common approach for
wetland management. The complexity of microbial communities
and required molecular microbiology tools and techniques that are
not accessible to many users prevent the use of microbes as con-
ventional ecological indicators to monitor the health of wetland
ecosystems (Sims et al., 2013). However, the recent development
of high-throughput sequencing techniques may greatly advance
the use of microbial indicators as a valid tool of wetland health
assessment in the future (Hartman et al., 2008; Sanchez, 2016). As
microbial populations are evolutionarily and functionally diverse, a
better understanding of each group is needed for adequate wetland
management (Table 1).

4.1. Carbon cycle and associated microbes

4.1.1. Oxygenic phototrophs

The landscape of wetlands is mainly formed by macrophytes,
which are major phototrophs in wetland ecosystems. Macrophytes
play a key role in nutrient cycling and they create substrates for
epiphytes, which contribute greatly in wetland primary produc-
tion, and as major food source of primary consumers (Mitsch and
Gosselink, 2015). Phytoplankton are good water quality indicators
because their abundance and diversity are strongly influenced by
nutrient conditions of ecosystems (Fig. 1) (Paerl et al., 2003). Suc-
cession of phytoplankton communities along with the changes of
trophic level is a well-studied subject in limnology (Sommer et al.,
1986) and beyond the focus of this review. Periphyton is a complex
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from Lv et al. (2014).

mixture of eukaryotic algae (e.g. diatoms), cyanobacteria, het-
erotrophic bacteria, and detritus, which covers submerged surfaces
in some oligotrophic wetland ecosystems (Hagerthey et al., 2011;
Vymazal and Richardson, 1995). Not only does periphyton serve as
an important food source for freshwater life, it can remove pollu-
tants from the water column and limit their movement through
the wetland environment (Gaiser et al., 2011). The periphyton can
serve as an important water quality indicator and can be tested
at a variety of scales representing physiological to community-
level changes (McCormick and Stevenson, 1998; McCormick et al.,
2006). For example, in the Florida Everglades, periphyton and floc
frequently displayed greater sensitivity to alterations in environ-
mental conditions than the underlying soil (Wright and Reddy,
2001).

There are also many bacterial primary producers, which carry
out oxygenic photosynthesis in a similar fashion to that seen in
macrophytes, and is summarized as:

6C0O; + 12H,0 — CgH1206 +6H0

Cyanobacteria are the primary oxygenic phototrophs among
bacteria, and can be divided into 5 major morphological groups:
1) unicellular, 2) colonial, 3) filamentous containing heterocysts
that are important in nitrogen fixation, 4) filamentous nonhete-
rocystous, and 5) branching filamentous. They are represented

by orders Oscillatoriales, Pleurocapsales, Chroococcales, Gloeobac-
terales, Stigonematales, and Nostocales, the latter two representing
the heterocystous nitrogen-fixers (Madigan et al., 2015). A high
diversity of cyanobacteria can be found in the water column and
in the surface sediments of wetlands (Dorador et al., 2008b; Zhang
et al., 2013). Since cyanobacteria are diverse, and do not represent
a single monophyletic group, most studies target the bacterial 16S
rRNA gene. Using a pyrosequencing approach, Zhang et al. (2013)
found a decrease in cyanobacteria correlated with the degree of
marsh degradation, while Jungblut et al. (2012) found evidence of
broad environmental tolerance of cyanobacteria in Antarctic wet-
lands dominated by microbial mats. Others have targeted rRNA
transcripts to monitor changes in cyanobacterial activity over diur-
nal cycles (Molina et al.,, 2016). Because of their role in both
photosynthesis and nitrogen fixation, monitoring cyanobacterial
diversity and abundance may help provide insight into both carbon
and nitrogen cycling in wetland ecosystems.

4.1.2. Methanogenesis

Methanogenesis is an important process in wetlands, which
are considered the largest natural source of methane emissions
(Mitsch and Gosselink, 2015). The process of methanogene-
sis is carried out by members of the Archaea, forming one
of the largest groups of Archaea. Currently six orders of
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Table 3

Selected high-throughput sequencing applications for functional gene diversity analysis.

463

Functional group Target

Target gene marker Reference

Ammonia-oxidizing nitrifiers
Methanogenic archaea
Methane-oxidizing bacteria
Sulfate-reducing bacteria
Denitrifying bacteria
Denitrifying bacteria
Denitrifying bacteria
Nitrogen-fixing bacteria
DNRA bacteria

Ammonia monooxygenase
Methyl-coenzyme M reductase
Methane monooxygenase
Dissimilatory (bi)sulfite reductase
Nitrate reductase

Nitrite reductase

Nitrous oxide reductase
Nitrogenase

Cytochrome C nitrite reductase

amoA Pester et al. (2012b)
mcrA Ellis et al. (2012)

pmoA Liike and Frenzel (2011)
dsrAB Bomberg et al. (2015)
narG Palmer et al. (2012)
nirk, nirS Palmer et al. (2012)
noszZ Palmer et al. (2012)
nifH Farnelid et al. (2001)
nrfA Song et al. (2014a)

Currently 16S rRNA gene amplicon high-throughput sequencing is mainly used for microbial community analysis, but these functional genes have successfully been applied
to microbial communities using high-throughput sequencing formats, as well as cloning and Sanger sequencing approaches. To our best of knowledge, the listed references
are the first high-throughput sequencing applications for each functional gene. Although databases for sequence annotation are still primitive, the nature of high-throughput
sequencing in which minor populations of microbial communities can be efficiently detected is suitable for functional gene diversity analysis. For nifH gene amplification,

see Gaby and Buckley (2012).

methanogens have been recognized: Methanosarcinales, Metha-
nomicrobiales, Methanococcales, Methanobacterales, Methanocel-
lales and Methanopyrales (Madigan et al., 2015). The two leading
sources of atmospheric methane include acetoclastic methanogen-
esis and hydrogenotrophic methanogenesis. Methanosarcinales
can form methane from methylated compounds such as acetate
(acetoclastic pathway), methanol and methylamines (methy-
lotrophic pathway), summarized as:

H3C-COOH — CH4+CO;

Other methanogens produce methane from the oxidation of
hydrogen with carbon dioxide (hydrogenotrophic pathway).

4H; + COy — CH4+2H,0

The methyl-coenzyme M reductase (MCR) catalyzes het-
erodisulfide formation and subsequent release of methane by
combining the hydrogen donor coenzyme B and methyl donor
coenzyme M. MCR subunits are necessary for the production of
cellular energy and are phylogenetically well-conserved within
the lineages of methanogens. The protein is not found among
Bacteria, Eukarya and other non-methanogenic Archaea (Madigan
et al.,, 2015). Thus, methyl-coenzyme M reductase alpha subunit
(mcrA) has been widely used as a suitable molecular marker for
the detection and characterization of methanogenic archaeal com-
munities in a wide range of natural and artificial environments
and now it is ready to be used for high-throughput sequenc-
ing (Table 3). Methanogens are typically the most abundant
Archaea in wetland sediment/soil (Lv et al., 2014), although in
some salt marshes nitrogen-cycling Thaumarchaeota (formerly
Crenarchaeota) may dominate (e.g. Nelson et al., 2009). In fresh-
water and wetland sediment, members of Methanomicrobiales
and Methanosarcinales usually dominate the methanogenic com-
munity (He et al., 2015). Kao-Kniffin et al. (2010) examined the
relationships of methanogenesis and nine wetland plant species
and reported that methanogenic populations from juncus effusus
soils were dominated by acetoclastic archaea belonging to the
family Methanosarcinaceae and Methanosaetaceae, while all other
graminoid soils were primarily dominated by hydrogenotrophic
archaea belong to the family Methanobacteriaceae. This differen-
tial distribution of methanogenic archaea among different habitats
within wetlands indicates potential niche differentiation with the
taxa, suggesting different ecophysiological traits and potential use-
fulness as microbial indicators.

4.1.3. Methanotrophs and methylotrophs

Methylotrophs are aerobic chemoorganotrophic bacteria that
use organic compounds lacking C—C bonds as electron donors and
carbon sources (Madigan et al., 2015). Some methylotrophs can use
methane as an electron donor and carbon source, and are called

methanotrophs. Thus, methanotrophy is a special case of methy-
lotrophy. Since wetlands are an important source of methane to the
atmosphere, these bacteria are common in wetland soil/sediment
and greatly contribute in wetland carbon cycling (Fig. 6). The oxi-
dation of methane to CO, is carried out in a series of steps, the
first of which is catalyzed by the enzyme methane monooxygenase
(MMO), producing formaldehyde from methane:

CH4 — CH30H — CH;0 — HCOO™ — CO,

Given the global importance of methane, its fate and the
microbes responsible have been the target of many wetland studies.
Oremland and Culbertson (1992) studied the activity of methane-
oxidizing bacteria in lake and saltmarsh sediment and estimated
that more than 90% of methane can be oxidized by methanotrophs;
therefore only 10% of methane reaches the atmosphere. Siljanen
etal. (2011) reported that the wettest area of a littoral wetland in a
eutrophic boreal lake, comprising the highest methane oxidation,
had the largest abundance and species richness of methanotrophic
bacteria. Thus, it is important to study the dynamics of methan-
otrophic populations in wetland ecosystems as a process for global
methane emission control. Abundance and diversity of methy-
lotrophs and methanotrophs can be measured by targeting the
mxaF gene and the pmoA gene, respectively. The mxaF gene codes
for the large subunit of the enzyme, methanol dehydrogenase,
which converts methanol to formaldehyde. Methanotrophs are
typically characterized by the pmoA gene, which codes for the
alpha-subunit of the particulate methane monooxygenase, and is
evolutionarily related to the ammonia monooxygenase found in
the AOB (Holmes et al., 1995). Both of these markers have been
used successfully to study the abundance and diversity of methy-
lotrophs/methanotrophs in wetland ecosystems (Siljanen et al.,
2011).

Based on the differences of internal membrane structures, car-
bon assimilation pathways and methane monooxygenase genes,
five types of methanotrophic bacteria are found. Type I methan-
otrophs are within the Gammaproteobacteria (Methylococcaeae
and Crenotrichaceae) and use ribulose monophosphate as a car-
bon assimilation pathway. Type Il methanotrophs belong to the
Alphaproteobacteria (Methylocystaceae and Beijerinckiaceae) and
use the serine pathway. Type X methanotrophs are classified in
the Gammaproteobacteria and possess characteristics of both Type
[ and Type Il methanotrophs. Crenothrix polyspora, a conspicu-
ous uncultured filamentous bacterium, which is often found in
drinking water systems, was recently identified as a methanotroph
closely related to Methylobacter within the Gammaproteobacte-
ria (Stoecker et al., 2006). This bacterium is characterized by
its unique methane monooxygenase gene, which is more simi-
lar to ammonia monooxygenase genes of nitrifying bacteria than
methane monooxygenase genes of other methanotrophs (Holmes
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etal., 1995). One distant lineage of methanotrophic bacteria Methy-
lacidiphilum belongs to Verrucomicrobiaceae and inhabits acidic
geothermal environments (op den Camp et al., 2009).

Hanson and Hanson (1996) reported the ecophysiology of
methanotrophs that set the foundation to use methanotrophs as
microbial indicators. They described Type | methanotrophs (now
regrouped as type la) as adapted to high oxygen and low methane
conditions, while type II methanotrophs prefer high methane
and low oxygen conditions, and type X methanotrophs (now
regrouped as type Ib) possess characteristics of both Type Ia and
Type Il methanotrophs (Table 1). Siljanen et al. (2012) found the
variation of methanotroph communities across seasons and asso-
ciated hydrological conditions in boreal littoral wetlands. Type Ib
freshwater-cluster methanotrophs were favored by the high water
level condition while more stagnant hydrological conditions (i.e.
low oxygen) during summer and fall induced the dominance of
type Il methanotrophs over type I methanotrophs. Chowdhury
et al. (2014) found both Type I and Il methanotrophs dominated
in freshwater wetlands during winter. These observations suggest
that the seasonal changes of diversity and activity of methan-
otrophic bacteria may serve as a new microbial indicator for
wetland assessment (Table 1). Hernandez et al. (2015) attempted
to understand the specific partnerships in methane oxidation
between methanotrophs and methylotrophs using a microcosm
experiment and 16S rRNA gene amplicon sequencing (Fig. 3). The
methane-consuming populations were represented by two major
types: the methanotrophs of the family Methylococcaceae and
by non-methanotrophic methylotrophs of the family Methylophi-
laceae. The authors also found that different species persisted under
different oxygen tensions. Examination of high initial oxygen ten-
sions (150-225 wM) concluded major taxa were species of the
genera Methylosarcina and Methylophilus. Comparatively, low ini-
tial oxygen tensions (15-75 uM) yielded dissimilar evidence; the
major taxa were Methylobacter and Methylotenera. They concluded
that oxygen availability is at least one major factor determining
specific partnerships in methane oxidation and the possible oxy-
gen gradient-dependent speciation within Methylococcaceae and
Methylophilaceae. Based on our current understanding and detec-
tion abilities of methylotrophs and methanotrophs, they should
both serve as important indicators in wetland ecosystems.

4.1.4. Anoxic methane oxidation

For a long time, biological methane oxidation was thought to
require oxygen. Although all previously isolated methane oxidizers
required oxygen to oxidize methane, this concept was not congru-
ent with several sediment methane flux studies in which methane
oxidation was observed in some anoxic marine and freshwater
sediments (Reeburgh, 2007). Recent discoveries of anoxic methan-
otrophs backed up these environmental flux studies, and shed light
on the hidden microbial functional diversities (Orphan et al., 2001).
Currently it is estimated that almost 80% of methane produced from
marine sediment is anaerobically oxidized (Reeburgh, 2007). The
first discovery of an anoxic methanotroph (ANME) was associated
with a unique consortium of two microorganisms: methanotrophic
archaeum and sulfate-reducing bacterium (Orphan et al., 2001),
with the overall reaction summarized as:

CHy4 +S04%~ — HCO3~ +HS™ +H,0

The newly identified Archaea used methane as an electron donor
and were phylogenetically closely related to other methanogens in
the phylum Euryarchaeota. The electrons produced are transferred
to the sulfate-reducing bacterium, which uses electrons to reduce
sulfate to hydrogen sulfide. Although ANME is believed to oxidize
methane to carbon dioxide by reversing the steps of methanogene-
sis, and electrons are transferred to the sulfate-reducing bacterium

in some organic compounds, the complete mechanism of anoxic
methane oxidation is unsolved (Hallam et al., 2004). Later varia-
tions of consortia formed were not with sulfate-reducing bacteria,
but different microorganisms such as anammox and NC10 bacteria
(Haroonetal., 2013; Raghoebarsing et al., 2006). NC10 bacteria can
couple methane oxidation with nitrite reduction:

3CH4 +8NOy~ +8H" — 3C0O; +4N;3 +10H,0

The second major discovery of anoxic methanotrophy was
reported as a methane-oxidizing denitrifying consortium found in
freshwater sediment where methane and nitrate are in sufficient
supply (Ettwig et al., 2010). In these consortia, some contained
ANME-associated methanotrophs while others were totally free
of an archaeal partner. This newly found bacterium called Methy-
lomirabilis oxyfera oxidizes methane with nitrate as an electron
acceptor:

CH4 +4NO3~ +8H"™ — (CO, +4NO,~ +2H,0

But both the reduction of nitrate and the oxidation of methane
are unique; nitrate is reduced to make nitric oxide without forming
nitrous oxide as an intermediate and then nitric oxide is split into
nitrogen gas and oxygen. This intracellularly-produced oxygen is
used for the oxidation of methane to carbon dioxide. It should be
noted that M. oxyfera was isolated from a small polluted canal in the
Netherlands (Ettwig et al., 2010). Few studies in wetlands to date
have investigated anoxic methane oxidation, although Prasse et al.
(2015) reported ubiquitous distribution of ANME in restored tidal
freshwater wetlands, based on analysis of 16S rRNA pyrosequenc-
ing data. As wetlands are the chief natural source of atmospheric
methane, further ecological studies of anoxic methane oxidation
are strongly required for better understanding of wetland methane
dynamics (Segarra et al., 2015).

4.2. Nitrogen cycle and associated microbes

4.2.1. Ammonia-oxidizing bacteria and archaea

Ammonia-oxidizing microorganisms have been well character-
ized in both terrestrial and marine environments, as well as natural
and artificial environments (Urakawa et al., 2011). This microbial
functional group includes ammonia-oxidizing bacteria (AOB) and
archaea (AOA). The oxidation of ammonia to nitrite is the first, and
rate-limiting, step in the complete oxidation of ammonia to nitrate.
In the well-characterized AOB, the process consists of two reactions
that are catalyzed by two different enzymes.

1)NH3 +03 +2e~ — NH;0H + 2H,0

2)NH,0H + H,0 — NO,~ +5H* +4e-

The first reaction is catalyzed by the ammonia monooxygenase
(AMO), coded for the amo operons (amoCAB). The alpha subunit
of the amo is the most frequently targeted functional gene marker
(amoA), and is found in all known AOB. Hydroxylamine has been
shown to be a product of both the bacterial and archaeal AMO
(Vajrala et al., 2013) in this first reaction. The second reaction is
catalyzed by hydroxylamine oxidoreductase (HAO) in AOB, how-
ever, characterized archaeal ammonia oxidizers lack homologs of
the hydroxylamine oxidoreductase (Walker et al., 2010), suggest-
ing that the oxidation of hydroxylamine to nitrite may be carried
out by a novel enzyme system that possibly involves periplasmic
multicopper oxidases (Walker et al., 2010; Urakawa et al., 2011).

Currently AOB include four genera, Nitrosospira and Nitro-
somonas in the Betaproteobacteria and Nitrosococcus and “Candi-
datus Nitrosoglobus” in the Gammaproteobacteria (Hayatsu et al.,
2017). AOA belong to Thaumarchaeota group l.1a (Nitrosopumilus,
“Ca. Nitrosoarchaeum”, “Ca. Nitrosotenuis”), group l.1a-associates
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(“Ca. Nitrosotalea”), group 1.1b (Nitrososphaera, “Ca. Nitrosocosmi-
cus”) and “Candidatus Nitrosocaldus” (HWCG III) (de la Torre et al.,
2008). Although AOA and AOB share a similar range of substrates
(i.e. ammonia and urea), these two groups are phylogenetically
distant. As they are phylogenetically easily differentiated, vari-
ous molecular microbiology techniques have been developed and
applied for the estimation of diversity (clone library analysis, high-
throughput sequencing) and quantity (quantitative PCR assay) of
these microorganisms by using 16S rRNA and ammonia monooxy-
genase genes as phylogenetic and functional markers, respectively
(Rotthauwe et al., 1997; Francis et al., 2005). Moreover, studies of
ecophysiology of isolated/enriched microorganisms have greatly
facilitated a better understanding of their ecological adaptation and
strategies (Martens-Habbena et al., 2009; Prosser and Nicol, 2012).
Culture-dependent studies have also revealed mixotrophic growth
properties of some AOA (Qin et al,, 2014), and possible interac-
tions between AOA and helper microorganisms through hydrogen
peroxide production and consumption (Kim et al., 2016).

Alarge number of field studies have demonstrated that (1) AOA
fit more oligotrophic conditions than AOB (Jia and Conrad, 2009;
Verhamme et al., 2011; Zhou et al., 2016), (2) AOA show better
adaptation to low pH soil than AOB (Lehtovirta-Morley et al., 2016),
(3) AOA are more sensitive to pollutants than AOB (Rodriguez-
R et al., 2015; Sipos and Urakawa, 2016; Urakawa et al.,, 2012).
Thus, the study of functional redundancy of AOA and AOB can
serve as the best example of the use of microbial indicators for
wetland ecosystem management (Table 1). The dominance of AOA
as the primary nitrifiers has been documented from a wide range
of environments (Beman et al., 2012; Urakawa et al., 2014). Par-
ticularly, the contribution of AOA in nitrification is maximized in
pelagic zones where nutrient levels are very low and AOB abun-
dance is negligible (Fig. 4) (Beman et al., 2008; Santoro et al.,
2010). An increase of salinity is likely a barrier for betaproteobac-
terial AOB to adapt in marine environments; AOB decreases with
the increase of salinity (Bernhard et al., 2007), as well as other
Betaproteobacteria (Glockner et al., 1999). Thus, the diversity and
abundance of AOA and AOB, and Nitrosomonas and Nitrosospira
could serve as microbial indicators (Table 1). For example, the soil
AOA/AOB ratio can be used to infer eutrophic or oligotrophic sta-
tus in wetland conditions (Sims et al., 2013). Urakawa et al. (2014)
reported that ammonia availability was a major factor to deter-
mine the AOA and AOB distribution and nitrification activity in
coastal water. Before the discovery of AOA, ecological K- and r-
strategists were discussed within Nitrosospira and Nitrosomonas,
respectively (Schramm et al., 1998). It was thought that Nitro-
somonas species were more adapted to eutrophic environments
while Nitrosospira species preferred more oligotrophic environ-
ments. Taylor and Bottomley (2006) reported that low extractable
ammonia levels in soil may drive the dominance of Nitrosospira in
major soil environments, while Nitrosomonas may be poised to take
advantage of much higher extractable ammonia level. Since now
AOA are considered as an indicator of oligotrophic adaptation (Jia
and Conrad, 2009; Martens-Habbena et al., 2009; Verhamme et al.,
2011), functional redundancy between AOA and Nitrosospira needs
to be addressed more carefully in the future. Zhou et al. (2016)
reported that Nitrosospira were less abundant than Nitrosomonas
in a polluted Chinese artificial canal where AOA abundance and the
contribution to potential nitrification activity were limited due to
its eutrophic condition. It has been reported that Nitrosomonas, not
Nitrosospira, were major nitrifiers in highly-polluted marine sedi-
ments in Japan (Urakawa et al., 2006a, 2006b). These results were
in contrast to the case in salt marsh studies, in which Nitrosospira
were the major AOB (Bernhard et al., 2005; Francis et al., 2003),
although in highly fertilized salt marshes, Nitrosomonas domi-
nated (Peng et al,, 2013). In addition, the recent discovery of
non-halophilic and acid-adapted gammmaproteobacterial ammo-

nia oxidizing bacterium, “Candidatus Nitrosoglobus terrae” from
acidic agricultural soil may change the current view of niche dif-
ferentiation between AOA and AOB in acidic soil (Hayatsu et al.,
2017).

4.2.2. Nitrite-oxidizing bacteria

Nitrite oxidation is the second step in the complete nitrifica-
tion of ammonia to nitrate and is summarized by the following
equation:

NO,~ +%05 — NO3~

Nitrite-oxidizing bacteria (NOB) utilize the enzyme nitrite oxi-
doreductase to catalyze the reaction. In many textbooks Nitrobacter
are coined as representative NOB in nature. However, multiple
molecular ecology studies have demonstrated that Nitrospira are
more abundant, and are likely key players of nitrite oxidation in nat-
ural and engineered ecosystems (Juretschko et al., 1998; Schramm
et al.,, 1998), although more recently, Pelissari et al. (2017) used
next-generation sequencing of 16S rRNA genes and found Nitrobac-
ter to be the dominant nitrite-oxidizers in a constructed wetland.
One recent exciting finding was that nitrite oxidation was discov-
ered in the lineage of phylum Chloroflexi (Sorokin et al., 2012),
although their metabolic versatility is only partially understood
(Koch et al., 2015). The members of Nitrospira are generally con-
sidered to favor oligotrophic environments in comparison with
Nitrobacter (Nowka et al.,2015). It should be noted that not all Nitro-
spirae detected by 16S rRNA at the phylum level or Nitrospira at the
class level are nitrite-oxidizers. The phylum Nitrospirae includes
functionally different groups such as sulfate-reducing bacteria
(Thermodesulfovibrio) and iron-oxidizing bacteria (Leptospirillum).
The phylum Nitrospirae is formed by only one class (Nitrospira), one
order (Nitrospirales) and one family (Nitrospiraceae). The reason for
the confusion is from the identical taxon name of Nitrospira (class)
and Nitrospira (genus). Thus, genus-level identification is required
to use 16S rRNA sequence data to attribute them to nitrogen cycle.
Compared to other microbes involved in the nitrogen cycle, nitrite-
oxidizing bacteria have been the least well-studied, likely due to
their low abundance and lack of a well-characterized functional
gene as a target. The few studies conducted in wetlands have often
quantified NOB based on their relative abundance in bacterial 16S
rRNA gene sequencing datasets (Pelissari et al., 2017) or by qPCR
analysis of 16S rRNA genes using primers specific for Nitrospira or
Nitrobacter 16S rRNA genes (e.g. Ke et al.,, 2015).

4.2.3. Complete ammonia oxidizers (COMAMMOX)

In every textbook, nitrification has been explained as a bio-
geochemical process driven by two functionally distinct groups of
microorganisms, the ammonia-oxidizing microorganisms and the
nitrite-oxidizing bacteria (Fig. 6). For more than 125 years, this
textbook knowledge was the foundation for hundreds of studies
on nitrification in various environments, including wetland stud-
ies. However, the recent discovery of complete ammonia oxidizers
(comammox) changed the more than 100-year dogma of nitrifi-
cation (Daims et al., 2015; van Kessel et al., 2015). Taxonomically
they are characterized as within the phylum Nitrospira and have
unique ammonia monooxygenase genes (Daims et al., 2015; van
Kessel et al., 2015). The first isolation of a comammox bacterium,
“Candidatus Nitrospira inopinata”, was cultivated from a biofilm
on the walls of a pipe from a deep oil exploration well, and is a
moderate thermophile (Daims et al., 2015). Since the discovery of
comammox, metagenomic queries have revealed that comammox
is widely distributed, but the process was simply overlooked. The
only environment where no comammox genes were detected was
oceanic environments, suggesting comammox may be more impor-
tant in freshwater wetlands compared to salt marshes. There are
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currently primer sets available that target the comammox ammo-
nia monooxygenase gene (Daims et al., 2015), but it is too soon to
know much about their activity and abundance in wetlands.

4.2.4. Denitrifiers

Denitrification is the primary process removing nitrate from
overlying wetland waters and pore waters in sediment (e.g.
Bachand and Horne, 1999a, 1999b), and can be summarized by the
following reaction:

NO3;~ +6H" +6e~ — %N, +3H,0

It is considered as a primary path of nitrogen loss from most
kinds of wetlands (Fig. 6). Most denitrification is thought to be
carried out by prokaryotes spanning broad phylogenetic groups
(Shapleigh, 2005), although there has been a report of eukaryotic
denitrification (Risgaard-Petersen et al., 2006). Despite denitrifica-
tion is one of the most important microbial processes in wetlands,
the monitoring of denitrifying microorganisms using 16S rRNA
gene is problematic. Since denitrifiers do not compose specific
16S rRNA groups, the tracking of functional genes is a widely
accepted alternative approach to elucidate the biodiversity of den-
itrifiers in nature. Copper-containing nitrite reductase (nirK) and
heme-containing nitrite reductase (nirS) are two key enzymes for
denitrification, and are widely used as molecular gene markers
(Table 3) (Braker et al., 1998; Hallin and Lindgren, 1999). To date,
the two genes are mutually exclusive and appear to have differ-
ential distributions in wetland sediments (Desnues et al., 2007;
Nogales et al., 2002; Priemé et al., 2002; Santoro et al., 2006), so
surveys for both genes should be done to fully characterize denitri-
fiers. A third functional gene for the nitrous oxide reductase (nosZz)
has also been used frequently to detect and characterize denitrify-
ing bacteria (Henry et al., 2006), although not all denitrifiers have
this enzyme, and are therefore not capable of denitrifying all the
way to Ny. By computing ratios of nosZ to nirS and/or nirK, one
can identify the proportion of denitrifiers that produce N, O instead
of N,. For management objectives, abundance and biodiversity of
functional genes can be measured between restored and natural
wetlands (Peralta et al., 2010, 2013a; Bernhard et al., 2015).

Sediments with high organic matter and anoxic conditions pro-
vide an ideal environment for denitrification, and not surprisingly,
high denitrification rates have been recorded in salt marshes (see
Seitzinger, 1988 for review). Abundance of denitrifying bacteria has
beenreported to vary seasonally in wetland sediments, as the avail-
ability of substrate fluctuates (Lisa et al., 2015). Despite the high
rates and importance of the process, relatively few studies of the
diversity of denitrifying bacteria have been conducted in wetlands.
A few studies in salt marshes have revealed high diversity based on
nirS genes (Bowen et al., 2011, 2013; Bernhard et al., 2015), as well
as significant responses to disturbance.

Although there is a high diversity of denitrifiers in many envi-
ronments, direct denitrification activity measurements may also
be helpful to assess this important ecosystem service performed
by soil/sediment microorganisms. It is reported that hydrologic his-
tory may influence denitrification activity; potential denitrification
rates significantly increased under wetter conditions (Peralta et al.,
2013a). In wetland studies, an acetylene blocking method has been
widely used (Bastviken et al., 2003; Hernandez and Mitsch 2007;
Song et al., 2014b) and provided the direct evidence for the exis-
tence of certain kinds of denitrifiers and a rough estimate of their
density (Faulwetter et al., 2009). Nowadays, the use of >N sta-
ble isotope is considered as more accurate and highly encouraged
(Bergsma et al., 2002; Morse and Bernhardt, 2013). There are some
problems when the acetylene blocking technique is used to deter-
mine denitrification rates, including the inhibition of nitrification,
removal of free sulfide during the exchange of gas phase, disruption

of the sediment redox gradients and the incorrect assumption that
all N, O produced is the result of denitrification (i.e. ignoring DNRA)
(Burgin and Hamilton, 2007). Nevertheless, because nitrate diffu-
sion rates in wetland soils are seven times faster than ammonium
diffusion rates, ammonium diffusion and subsequent nitrification
appear to limit the entire process of nitrogen loss by denitrification
(Mitsch and Gosselink, 2015).

4.2.5. Anaerobic ammonium oxidation (ANAMMOX)

In 1999, a bacterial group that mediates ammonia oxidation
under anaerobic conditions was discovered (Strous et al., 1999a). In
this microbiological process, nitrite and ammonium are converted
directly into nitrogen gas, thus two nitrogen species are simultane-
ously removed from the system, as summarized by the equation:

NH4"+NO;~ — Ny +2H0

It has been reported that this process may be responsible for
30-50% of the nitrogen gas produced in the oceans (Devol, 2003).
The bacteria that perform the anammox process belong to the phy-
lum Planctomycetes. Currently, five anammox genera have been
discovered from freshwater (Brocadia, Kuenenia, Anammoxoglobus
and Jettenia) and marine environments (Scalindua) (Jetten et al.,
2009), and three of these (Brocadia, Kuenenia, and Scalindua) have
been found in wetland ecosystems (Ligi et al., 2014). All recog-
nized species possess one anammoxosome, a membrane-bound
compartment inside the cytoplasm, which plays a central role in
the anammox catabolism. A unique ecological feature of anam-
mox bacteria is their extremely slow doubling time (7-22 days)
(Kartal et al., 2013) and they have a high affinity for their substrates
(ammonium and nitrite) to support their low nutrient adaptation
(Strous et al., 1999b). Though these bacteria are commercially used
in wastewater treatments, their fastidious nature (i.e. slow growth,
oligotrophic) has prevented us from deploying anammox bacte-
ria into constructed wetlands aiming at reducing nitrogen loads
(Paredes et al., 2007).

Although our current understanding of anammox abundance
and diversity in wetland environments is in its infancy, recent
research on anammox bacteria in wetlands, employing a variety of
techniques, has begun to fill the knowledge gap. Koop-Jakobsen and
Giblin (2009) measured low anammox activity relative to denitri-
fication along a salinity gradient in salt marsh sediments receiving
high nitrogen loads, reporting highest anammox activity in the
freshwater end. Similarly, Jiang et al. (2017) found highest anam-
mox activity and abundance at low salinity in slurry experiments
using intertidal wetland sediments. Anammox diversity, based on
16S rRNA gene sequencing, however, increased along the salinity
gradient. In coastal wetlands in China, Hou et al. (2015) reported
that temperature was the strongest driver of anammox diversity
and abundance, using isotope tracing techniques and 16S rRNA
gene sequencing. Additional studies have employed the use of
the marker gene, hydrazine oxidoreductase (hzo) as an alternative
method for monitoring anammox bacteria (Li et al., 2010), and a
recent study in a North Carolina estuary reported significant sea-
sonal variation of anammox activity, but not gene abundance as
measured by the hzo gene (Lisa et al., 2014). As additional studies
of anammox in wetlands are conducted, the utility of the different
markers may become more clear (Burgin and Hamilton, 2007).

4.2.6. Dissimilatory nitrate reduction to ammonium

Like denitrification, dissimilatory nitrate reduction to ammo-
nium (DNRA) is another respiratory pathway in the microbial
nitrogen cycle. But unlike denitrification, which leads to the loss of
nitrogen from the system, DNRA returns the nitrogen in the form of
ammonium to the environment (Fig. 6). Thus the balance of DNRA
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to denitrification can have a significant impact on the availability
of nitrogen. The process can be summarized as follows:

NO3~™ — NO;™ — NH4+
The conversion of nitrite to ammonium is a 6-electron step:
NO;~ +6[H] + 2H" — NH4" 4 2H,0

and is catalyzed by the cytochrome Cnitrite reductase (NRF). The
protein is coded for by the gene (nrfA) and serves as a target gene to
measure abundance and diversity of microbes capable of carrying
out DNRA (Table 3). Microbes that carry out DNRA are diverse, and
include members in the Proteobacteria, Bacteroidetes, Firmicutes,
and Planctomycetes (Mohan et al., 2004; Simon and Klotz, 2013).
Studies of DNRA in wetlands are limited, particularly those that
have targeted the microbes responsible, but several recent studies
have begun to suggest that DNRA may be an important microbially-
mediated process in some coastal environments (Tobias et al., 2001;
An and Gardner, 2002; Koop-Jakobsen and Giblin, 2010; Dong et al.,
2011). It is thought that certain conditions, such as high C/N ratios,
high sulfide, and high salinity may favor DNRA over denitrification
(Burgin and Hamilton, 2007; Giblin et al., 2013). Recently, Song
et al. (2014a) using high-throughput sequencing of the nrfA genes
and DNRA activity measurements in a shallow lagoon estuary sys-
tem, found a correlation between nrfA diversity and DNRA activity,
which also corresponded to higher organic matter. Based on their
findings, Song et al. (2014a) proposed that the abundance of bacte-
ria capable of DNRA may be an important regulator for the process
in aquatic systems. With the recent development of methods to
track the abundance of DNRA bacteria, more studies should be
expected and should help elucidate the complex fate of nitrogen
in wetland environments.

4.2.7. Nitrogen fixation

Nitrogen is an essential element for all life, but a majority of it is
in the form of nitrogen gas, which is extremely stable (triple bonds
in Ny) and the most common element in the earth’s atmosphere
(78% of air). Some prokaryotes have the capability to tap this nitro-
gen resource through the process called nitrogen fixation in which
nitrogen gas is enzymatically converted to ammonia:

N, +8H" — 2NH3 +H,

Nitrogen fixation is a vital process for sustaining life on Earth
through the supply of sufficient amount of nitrogen for other life
forms. The function of nitrogen fixation is dispersed widely in the
lineages of Bacteria and Archaea, but it has not been discovered
in Eukarya (Zehr et al., 2003). Nitrogen-fixation bacteria are called
diazotrophs and divided into two groups: one is mutualistic bac-
teria and the other is free-living bacteria (Bodelier et al., 2006).
In wetlands, both types of bacteria flourish and play a fundamen-
tal role in nitrogen cycle (Bodelier et al., 2006; Santr(ickova et al.,
2010). Symbiotic nitrogen fixation can be found in a wide variety of
aquatic plant rhizospheres including Spartina alterniflora (Chelius
and Lepo, 1999; Whiting et al., 1986), Kandelia obovata (Weng et al.,
2013), Oryza sativa (Roger and Ladha, 1992; Sun et al., 2008; Ueda
etal., 1995a, 1995b) and Azolla spp. (Lumpkin and Plucknett, 1980).

Nitrogen fixation is catalyzed by an enzyme complex called
nitrogenase, which is formed by two proteins, dinitrogenase and
dinitrogenase reductase (Seefeldt et al, 2009). Both proteins
require iron while dinitrogenase additionally requests molybde-
num to form iron-molybdenum cofactor. The reaction center of
the nitrogenase is able to cleave the extraordinarily stable nitro-
gen molecule. Nitrogen fixation is inhibited by molecular oxygen
because dinitrogenase reductase is sensitive to oxygen. Since many
diazotrophs are obligate aerobes, nitrogenase is protected from
oxygen inactivation by means of slime layer production and rapid

respiration (Madigan et al., 2015). Heterocysts, differentiated cells
that specialize in nitrogen fixation found in some cyanobacterial
species, are a good example of how cells protect nitrogenase from
oxygen exposure.

Molecular analyses targeting the nitrogenase reductase gene
(nifH), encoding the conserved iron-protein subunit of the nitroge-
nase enzyme complex, has been widely used in microbial ecology
including wetland studies (Bodelier et al., 2006; Chelius and Lepo,
1999; Gaby and Buckley, 2012; Lovell et al., 2000; Ueda et al., 1995a,
1995b; Zehr et al,, 1997, 2003) and successfully used in the 454
pyrosequencing platform (Farnelid et al.,2011) (Table 3). One high-
throughput sequencing study using nifH gene for invasive Spartina
rhizosphere showed that invasive plants may alter not only the
landscape of wetlands, but also the nitrogen balance of wetlands
(Huang et al., 2016). All research indicates the importance of Pro-
teobacteria as diazotrophs of wetland plant rhizospheres.

4.3. Sulfur cycle and associated microbes

Sulfur is a popular target of bioremediation in constructed wet-
lands because it is highly reactive, redox-sensitive, and harmful for
aquatic life when it is reduced (Sturman et al., 2008). Sulfur is used
as a sole energy source by some chemolithotrophic bacteria and
archaea (Fig. 6). Widely dispersed dissimilative sulfur metabolism
on the evolutionary tree of life is supported by the chemical diver-
sity of sulfur compounds found in nature. Sulfur has eight oxidation
states that range from its most oxidative form, sulfate (5042~ [oxi-
dation state of +6]) to thiosulfate (S;032~ [+2]), to elemental sulfur
(SY [0]), to hydrogen sulfide (H,S [—2]) as its most reduced form.
Sulfur compounds have diverse forms including inorganic sulfur
compounds, organosulfur compounds, and metal sulfides.

4.3.1. Sulfate-reducing bacteria

Microbial sulfate reduction is one of the essential biogeochem-
ical processes within the sulfur cycle (Fig. 6). Sulfate-reducing
bacteria (SRB) use sulfate as a terminal electron acceptor, and pro-
duce hydrogen sulfide, carbon dioxide and water via anaerobic
respiration. SRB are an assembly of anaerobic bacteria that can
acquire energy by oxidizing molecular hydrogen or organic com-
pounds while reducing sulfate to hydrogen sulfide.

S042~ +2CH,0 + 2H+ — H3S + 2C0, +2H,0

SRB can establish diverse life styles, such as sulfidogenic, ace-
togenic, and hydrogenogenic metabolism (Plugge et al.,, 2011).
Prokaryotes capable of sulfate reduction occur in both bacterial
and archaeal lineages. Thus, sulfate reducers are also known as SRP
(sulfate-reducing prokaryotes) or SRM (sulfate-reducing microor-
ganisms) (Castro et al., 2002; Pester et al., 2012a). SRB occur in
four bacterial phyla (Proteobacteria, Firmicutes, Nitrospirae and
Thermodesulfobacteria) that contain more than 60 genera and 220
species (Parte, 2014). Due to their great ecological importance,
SRB studies have intensified in the last few decades (Muyzer and
Stams, 2008). For example, SRB act as important mediators of var-
ious processes in biogeochemical cycles, including mercury (Han
et al,, 2010; Kim and Zoh, 2012) and anaerobic methane oxidation
(Orphanetal, 2001). As dissimilatory sulfate reducers, the bacteria
can be found in marine sediments where they perform nearly half
of all organic mineralization (Plugge et al., 2011). Park et al. (2009)
reported that SRB reached up to 40% of the total bacteria, indicating
the importance of SRB in sulfate reduction and overall biochemical
processes in constructed wetland sediments (Pester et al., 2012a).
Since SRB rely on anaerobic respiration, their abundance and activ-
ity are higher in wet sediment than dry soil (Zhang et al., 2013).
Molecular analyses using dsrAB as marker genes demonstrated that
members of novel phylogenetic lineages, which are unrelated to
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currently recognized SRB, exist in wetland sediment and may play
an important role as a part of the autochthonous wetland micro-
biota (Table 3).

4.3.2. Sulfur-oxidizing bacteria

Reduced sulfur compounds, such as hydrogen sulfide, elemen-
tal sulfur, sulfite and thiosulfate are mainly oxidized as electron
donors in energy conservation by three phyla of Bacteria (Aquifi-
cae, Deinococcus-Thermus, and Proteobacteria) and a lineage of
Archaea (Crenarchaeota) (Madigan et al., 2015). Hydrogen sulfide,
elemental sulfur, and thiosulfate are the most common compounds
used as electron donors. When sulfide is the substrate, the final
product may be either sulfate or sulfur:

HaS + 205 — SO42~ +2H*

HS- + 1%0, + H+ — S°+2H,0

When sulfur or thiosulfate is used as the substrate, the final
product is also sulfate:

SO+ H,0 + 1%40, — SO42~ +2HT

S50327 + Hy0 + 205 — 25042~ + 2 H*

In an aerobic environment, these dissimilative sulfur oxidizers
use oxygen as an electron acceptor but nitrate is often used in
anoxic conditions. In general, the size of sulfur-oxidizing bacteria
is larger than other bacteria and it allows the sulfur-oxidizing bac-
teria to store sufficient nitrate, sulfur granules, carboxysomes, and
calcium carbonate into their cells. Some groups of sulfur-oxidizing
bacteria are filamentous (e.g. Thiothrix, Thioploca, Beggiatoa).
Notably the largest bacterium ever reported is also a sulfur oxidizer,
Thiomargarita namibiensis, which was discovered off the Namibian
coast, southwest Africa (Schulz and Schulz, 2005). Microbial mats
of sulfur-oxidizing bacteria are common in organic rich estuarine
wetlands (i.e. mangrove forests, tape-grass beds, salt marshes). But
if white microbial mats are found in freshwater wetlands, it indi-
cates the sediment is anoxic and highly organic rich (e.g. polluted
ditch, canal, shallow lake sediment) or a source of water is acidic
or includes high concentrations of hydrogen sulfide (e.g. streams
of mine drainage or sulfur rich groundwater) (Nicomrat et al.,
2006). Since hydrogen sulfide produced by SRB is toxic for most
of life forms, detoxification of hydrogen sulfide by sulfur-oxidizing
bacteria is a remarkable ecosystem service (Stubner et al., 1998;
Urakawa et al., 2017). Using most probable number assays and cul-
tivation techniques, sulfur-oxidizers were shown to be important
in the functioning of an artificial wetland constructed to remediate
wastewater from a tannery (Aguilar et al., 2008). More recently,
Thomas et al. (2014) investigated sulfur oxidizer diversity and
transcriptional activity in salt marsh sediments using 16S rRNA
amplicon sequencing and two marker genes of the S-oxidation
pathway, sulfate thiohydrolase (soxB) and reverse sulfite reductase
(rdsrAB). They found that S-oxidizer transcripts were particularly
abundant on roots, confirming the importance of S-oxidation for
removing toxic hydrogen sulfide from plants and surrounding sed-
iments.

4.3.3. Anoxygenic phototrophs

Anoxygenic phototrophs are widely spread out within bacterial
lineages and play an important role in the anaerobic sulfur cycling
process (Fig. 6). These anoxygenic phototrophs include purple sul-
fur bacteria (Gammaproteobacteria), purple non-sulfur bacteria
(Alphaproteobacteria and Betaproteobacteria), green sulfur bacte-
ria (Chlorobi), green non-sulfur bacteria (Chloroflexi) and a few
other phototrophic bacteria Heliobacteria [Firmicutes], Chloraci-
dobacterium (Acidobacteria) (Madigan et al., 2015).

Purple sulfur bacteria are a group of microorganisms that use
hydrogen sulfide as an electron donor for anoxygenic photosyn-
thesis:

H,S + COy +light — S + CH,0

These bacteria belong to the order Chromatiales in the
Gammaproteobacteria. Purple sulfur bacteria are often observed
in high density in meromictic lakes and change the color of water
to bright red, which is caused by their carotenoids contained in the
cell (Baatar et al., 2016; Brocks and Schaeffer, 2008; Ovreds et al.,
1997). Two groups of purple sulfur bacteria are recognized based
on the different patterns of sulfur granule accumulation and inter-
nal cell photosynthetic membranes. The members of the family
Chromatiaceae do not have the internal cell photosynthetic mem-
branes but maintain the globules of elemental sulfur inside the cells.
The members of the family Ectothiorhodospiraceae have intracel-
lular photosynthetic membrane systems and sulfur granules are
deposited outside the cells. Many of these species are extremely
halophilic or alkaliphilic and common in saline lakes, soda lakes
and salterns (Madigan et al., 2015).

Purple non-sulfur bacteria are the most metabolically ver-
satile of all microorganisms and potentially play a significant
role in wetland ecosystems. They are morphologically and phy-
logenetically diverse and belong to the Alphaproteobacteria and
Betaproteobacteria. Purple non-sulfur bacteria use low concentra-
tions of hydrogen sulfide as an electron donor for the reduction
of carbon dioxide. Under a dark, oxic condition, photosynthetic
machinery is repressed by oxygen; organic compounds or hydrogen
are used as electron donors. Under the light, purple non-sulfur bac-
teria subsist in two ways. One is photoheterotrophy, and the other
is photoautotrophy (CO, + H/CO, +1ow level of H,S). They can also
fix nitrogen. Rhodopseudomonas, Rhodospirillum and Rhodobacter
are well recognized genera in this group.

Green sulfur bacteria (Chlorobi) are non-motile anoxygenic
phototrophs and utilize hydrogen sulfide as an electron donor, oxi-
dizing it first to elemental sulfur and then to sulfate. The sulfur
is deposited outside the cell. Most species can assimilate a few
organic compounds in the light (photoheterotrophy). Green non-
sulfur bacteria (Chloroflexi) are evolutionarily old and considered
the oldest phototrophs. This filamentous anoxygenic phototroph
has hybrid photosynthetic features of green sulfur bacteria and
purple bacteria. It can grow faster as photoheterotrophs than as
phototrophs, and can grow aerobically in the dark on a wide variety
of carbon sources. They have unique membrane lipids containing
1,2-dialcohols instead of glycerol. As other unique features, they
have a hydroxypropionate cycle and lack peptidoglycan (Madigan
etal., 2015).

Heliobacteria are the only firmicutes known to conduct pho-
tosynthesis. They are phylogenetically assigned within Clostridia
and form heat-resistant endospores as well as other members
of Clostridia but interestingly they are gram-negative. The pri-
mary pigment involved is bacteriochlorophyll g. The heliobacteria
are nitrogen-fixing phototrophs, requiring organic carbon sources.
They are obligate anaerobes and grow without light by fermenta-
tion. The members of heliobacteria have been found in waterlogged
soils, suggesting their importance in wetlands (Madigan and
Ormerod, 1995). One more phototrophic bacterial lineage was
recently discovered in the phylum Acidobacteria (Chloracidobac-
terium) (Bryant et al., 2007).

A variety of anoxygenic phototrophs have been documented
in wetland environments and their role in coastal microbial mats
has been recently reviewed (Hubas et al.,, 2011). Urakawa et al.
(2017) reported a remarkable diversity of sulfate reducers and
anoxygenic phototrophs in the rhizosphere of floating treatment
wetland plants and suggested potential production and consump-
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tion of hydrogen sulfide in a water column beneath the floating
treatment wetland. Using a high-throughput sequencing approach,
Abed et al. (2014) found frequent occurrence of both purple sulfur
and purple non-sulfur bacteria in a cyanobacterial mats in a con-
structed freshwater wetland for remediation of oil-polluted waters,
and found the bacterial communities to be impacted most by oil and
ammonia levels. These microbial mats play important roles in both
carbon and sulfur cycling in coastal wetlands, thus contributing to
the overall biogeochemistry of the ecosystem.

5. Human impacts, wetland management and wetland
microbiology

5.1. Assessment of wetland restoration projects

Wetland losses transpire as a result of both anthropological
activity and natural processes. Many constructed wetlands have
been made worldwide and offer an effective means for treatment
of wastewater from a variety of sources (Henry-Silva and Camargo,
2006; Vymazal, 2007). With the Everglades as an example, some
natural wetlands are very sensitive to human-induced environ-
mental changes, but on the other hand, many wetlands located on
human-populated areas play a role as a buffer zone contributing to
nutrient removal. Some types of constructed wetlands are classified
by the difference of hydraulic designs, such as surface flow, hori-
zontal subsurface flow and vertical flow (Vymazal, 2007). Wetland
mitigation is implemented to substitute ecosystem functions deliv-
ered by natural wetlands; however, restoration efforts often fail
to rebuild equivalent levels of ecosystem services (Fig. 5) (Peralta
et al., 2010). Understanding of the microbial communities control-
ling biogeochemical cycles in constructed wetlands could provide
insight into how to optimize the performance of these promising
treatment systems (Faulwetter et al., 2009; Peralta et al., 2010;
Weietal,2011). Wetland landscape restoration may alter previous
soil/sediment properties, hydrology and water quality conditions.
Based on the restoration strategy, various environmental param-
eters such as nutrient level, pH, oxygen level, and salinity may be
altered and these changes should be sharply reflected by micro-
bial communities (Sims et al., 2012a). Acidity of soil is recognized
as a strong driving force in shaping unique microbial communities
(Hartman et al., 2008; Peralta et al., 2013b). For example, soil AOA
(Thaumarchaeota I.1a) has been reported as a major ammonia oxi-
dizer in acidic soil environments (Zhao et al., 2015). In addition, the
[.1c Thaumarchaeota, a group of uncultured slow-growing organ-
otrophs, prefers low pH soil environments (pH 5 or below) and is
influenced by the presence of plant roots and mycorrhizal fungi
(Bomberg, 2016). Thus, microbial indicators may serve as one of
the core elements of wetland management and protection.

Although there are many other macrobiological indicators cur-
rently in use (see Sims et al., 2013 for a review), microorganisms
have some advantages over macroorganisms (Fig. 2). Due to their
rapid growth rates, microorganisms are poised to respond very
quickly to changes in the environmental conditions and can be very
sensitive to certain pollutants (e.g. Urakawa et al., 2012). However,
assessment of wetland conditions cannot be effectively achieved
by a single physical, chemical or biological factor, but a combi-
nation of multiple indices is useful for wetland assessment (Sims
et al,, 2013). Microbial indicators have a potential application in
the management of wetland restoration projects because micro-
bial communities differ according to wetland types, restoration
status and land uses (Hartman et al., 2008; Peralta et al., 2013b;
Sims et al., 2013). Constructed wetlands may have lower micro-
bial diversity and functions in comparison with natural wetlands
(Hartman et al., 2008). Therefore, the success of restoration projects
may be evaluated by means of diversity, activities and biomass of

microbial communities between the restored sites and reference
sites (i.e. natural or original wetlands) (Faulwetter et al., 2013;
Prasse et al., 2015; Sims et al., 2012a). Hartman et al. (2008) found
wetland restoration lowered the microbial diversity so that the
community was dominated by a few large taxa and altered the
normalized ratio of Proteobacteria to Acidobacteria, suggesting the
incompleteness of the restoration project. In contrast, Card and
Quideau (2010) reported a similar microbial community compo-
sition and biomass between the restored sites (7-11 years) and
the reference sites of the Prairie Pothole Region of Canada, indi-
cating the success of restoration efforts. Similarly, Bernhard et al.
(2012) reported no difference in bacterial community compo-
sition in restored marshes after 30 years, but found significant
differences in community variability of the restored marshes com-
pared to undisturbed marshes, suggesting a potential long-term
effect. Additionally, significantly higher abundances of nitrogen
cycle microbes were found in subsurface salt marsh sediments 30
years after restoration, indicating that full recovery had not been
achieved (Bernhard et al., 2015). A recent study has shown that
while bacterial community structures varied significantly between
restored and reference (i.e. natural) wetlands, denitrifying micro-
bial assemblages were similar among reference sites, where the
highest denitrification potential was found (Peraltaetal.,2010). The
results indicate that wetland restoration efforts could benefit from
increased denitrification mediated by denitrifying bacteria in natu-
ral wetlands. It is also important to note that establishing whether
a wetland is recovered is very complex and cannot be determined
from a single metric, and in many cases, some aspects may show
strong recovery, while others are much less resilient.

5.2. Wetland landscape management: aquatic vegetation and
associated microorganisms

Aquatic vegetation plays an essential role in wetland landscape
scenery (Mitsch and Gosselink, 2015). In wetland ecosystems, the
largest part of biologically available organic matter is provided by
aquatic vegetation. Among the various aquatic plants that are used
for restored wetlands, emergent plants are found to decay more
slowly than floating (free-floating and floating-leaf plants) and sub-
mersed plants (Godshalk and Wetzel, 1978). In general, 70-80% of
biomass loss of common aquatic macrophytes occurs within the
first 60 days (Odum and Heywood, 1978); the decay rates of plants
are correlated with total fiber content (i.e. hemicellulose, cellulose,
lignin) and temperature (Godshalk and Wetzel, 1978). Ibekwe et al.
(2007) reported that the experimental constructed wetland cells
with 50% plant cover had as high as 96-3% nitrate removal, whereas,
the nitrate removal in the 100% plant cover cells was about 11.4%.
In accordance with the performance of nitrate removal, microbial
diversity was also higher in the wetland cells with 50% plant den-
sity than the 100%. A high oxygen level is a key factor in maximizing
the degradation of organic matter in wetlands and the microbial
community should serve as an excellent indicator to monitor the
biological and chemical responses of the wetland to variable oxygen
levels (Godshalk and Wetzel, 1978; Ibekwe et al., 2007).

Nearly all wetland restoration projects include landscape man-
agement through vegetation control, but less attention has been
paid to the soil/sediment bacteria and rhizosphere microbiomes.
Microbial communities in the rhizosphere are quite important
for the healthy growth of wetland plants. The rhizosphere nor-
mally positively influences the abundance of microorganisms
(Nihorimbere et al., 2011; Zhen-Yu et al,, 2010) and harbors phy-
logenetically more diverse groups of microorganisms than bulk
soil/sediment (He et al., 2015; Zhang et al., 2013). Rhizosphere bac-
teria can increase soil fertility and promote the growth of roots,
thus helping the establishment of wetland vegetation (Ehrenfeld
et al., 2005). As rhizosphere microbial diversity decreases, plant
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growth may be negatively affected. Therefore, it is difficult to assess
the bioremediation roles of vegetation without considering rhizo-
sphere microbiomes. In order to improve the quality of wetlands
and maintain their ecosystem function, efforts to control the plant
diversity and quantity are necessary (Bachand and Horne, 1999b;
[bekwe et al., 2007).

Although the origin of microbial communities in plant root sys-
tems is considered to be bulk soil, microbial populations between
rhizosphere and bulk soils are generally distinctive, suggesting
the existence of selective forces on microbial communities in the
rhizosphere through plant-microbe interaction (e.g. excretion of
rhizodeposits from plant roots) (el Zahar Haichar et al., 2008, 2014;
[bekwe et al., 2007). However, little is known about the source
of microbial communities in the aquaponic rhizosphere (Tanaka
et al.,, 2012). For example, Urakawa et al. (2017) studied rhizo-
sphere microbiomes of a floating treatment wetland and found
the oxic-anoxic gradient was formed and this environmental gra-
dient assisted to extend the complex biogeochemical processes
that include carbon, nitrogen and sulfur. Many different groups
of SRB were detected through 16S rRNA gene high-throughput
sequencing from the rhizospheres exposed in oxic water. Zhang
et al. (2013) compared the rhizospheres of Phragmites australis
(common reed) grown in three different soil conditions (swamp,
salt meadow and dune) and found that SRB were only found in
the swamp rhizospheres. These observations showed the potential
ubiquitous nature of sulfate reducers in the aquatic rhizosphere.
Therefore, monitoring of plant-associated microbial communities
may be used as an effective tool for the assessment of plant restora-
tion work in the wetland landscape. Monitoring sulfate reducers
is particularly important to assess the impact of submergence on
rhizospheres in constructed wetlands.

5.3. Environmental disturbance and microbial responses,
Deepwater Horizon oil spill as example

Historically, wetlands have been the subject of multiple human-
induced disturbances. Wetlands have been an easy target of a wide
range of land developments; nearly half of them have already
been drained (Mitsch and Gosselink, 2015). Another type of human
induced disturbance to the wetlands is the introduction of pollu-
tants. When metals, oil, or other toxic organic compounds are the
pollutants, adverse effects on the wetland ecosystem can be devas-
tating, such as in the 2010 Deepwater Horizon oil spill, where about
690km of northern Gulf of Mexico coastal wetlands, which are
dominated by salt marshes, were affected (Michel et al., 2013). The
response and resilience of wetland microbial communities to oil
spills depend on multiple factors, including the physical condition
of the oil (i.e. weathered), water temperature, salinity, nutrients
(i.e. nitrogen and phosphorus), soil moisture and the availability
of oxygen, and the presence of hydrocarbon-degrading microor-
ganisms (Bernhard et al., 2016; King et al,, 2015; Marton et al.,
2015). In addition, vegetation patterns, sediment deposition rates,
and tidal flooding can collectively contribute to enhance the pro-
cess of oil degradation or subsurface oil sequestration (King et al.,
2015; Mendelssohn et al., 2012). Microbial hydrocarbon degrada-
tion occurs more rapidly under oxic conditions than it does under
anoxic conditions. Although the majority of wetland soil is anoxic,
a few millimeters of surface sediment and rhizosphere is oxic.
Numerous macrofaunal burrows created by crustaceans, bivalves
and polychaete worms can also expand the oxygen penetration
of wetland soil. The existence of these aerobic environments may
provide increases resilience of the wetland ecosystem to oil pol-
lution. Beazley et al. (2012) provided a comprehensive view of
the succession of microbial community structure and functional
dynamics within oil perturbed salt marsh ecosystems. An increase
in the relative abundances of hydrocarbon-degrading Proteobac-

teria, Actinobacteria, and Bacteroidetes was observed after the
oil spill. These oil-eating bacteria decreased once hydrocarbons
were below detection levels. Firmicutes, however, continuously
increased in relative richness and abundance after hydrocarbon
concentrations were below detection. Functional genes involved in
hydrocarbon degradation were augmented in oiled sediments then
declined significantly once hydrocarbon concentrations dimin-
ished. A greater decline in hydrocarbon concentrations among
marsh grass sediments compared to bare sediments suggests that
the marsh rhizosphere microbial communities may play a role in
hydrocarbon degradation. Lighter oil compounds tend to degrade
quickly, while the heavier oil fractions still remain and higher
organic matter inputs overall enhance the key microbial pro-
cesses associated with SRB (Natter et al., 2012; Overton et al.,
2016). Boopathy et al. (2012) reported that significant degrada-
tion of oil occurred under sulfate-reducing and nitrate-reducing
conditions. Marton et al. (2015) reported no difference in nitrifica-
tion activities between oiled and unoiled salt marshes two years
after the Deepwater Horizon oil spill. Lastly, the positive response
of hydrocarbon-degrading fungi in oiled salt marshes suggests a
potentially important contribution to hydrocarbon degradation.
However, the importance of fungi in the process of oil degradation
is largely unknown (King et al., 2015).

5.4. The influence of climate change on microbial communities

The influence of global warming will impact the future of
wetlands. Generally, wetlands are considered the largest non-
anthropogenic source of atmospheric methane, but they can also
be a sink by changing the level of the water table (Hanson and
Hanson, 1996). Some of the methane produced is oxidized in sed-
iments/soils by methanotrophic bacteria (Fig. 6). Net methane
emission is determined by the balance of production and oxidation,
which is governed by the physicochemical factors of soil, sediment,
vegetation, hydrology and climate (Kayranli et al., 2010). Methane
is slowly released from bogs as the permafrost melts, caused by
global warming. With increasing global temperatures, the expanse
of permafrost thaws out and the release of methane continue to
surge (Walter et al., 2006). In high latitude wetlands, the melting
of ice and associated environmental changes will alter microbial
activity and communities (Palmer et al., 2012). In the arctic tundra,
nitrous gas emission patterns from acidic peat soils were strongly
influenced by the cryoturbation cycle, which leads to breakdown
of decomposable soil aggregates and activates microbial activi-
ties (Palmer et al., 2012). In the case of nitrification, temperature
was a strong driving force in shifting the species composition
(Avrahami et al., 2003; Avrahami and Conrad, 2005; Fierer et al.,
2009; Urakawa et al., 2008). Increasing lines of evidence suggests
that the diversity of AOA in cold environments exceeds that of AOB
(Alvesetal., 2013; Hayashietal., 2015; Urakawa et al., 2008), which
may have important implications to the nitrogen cycle as tem-
peratures change. Nitrification rates in wetlands dropped rapidly
once temperatures decreased below 6 °C (Werker et al., 2002). In
other studies, only small differences in nitrogen removal between
warmer and colder periods were reported (Mahlum and Stdlnacke,
1999). The cultivation studies clearly indicate that growth rates
under low temperatures varies at the species level. For example,
Nitrosomonas cluster 63, the most dominant Nitrosomonas group in
various freshwater environments, does not include a cold adapted
species (i.e. psychrophilic or psychrotolerant species) in previously
cultured microorganisms (Speksnijder et al., 1998). On the other
hand, Nitrosomonas cryotolerans can grow below 0°C in seawater
(Jones et al., 1988). Nitrosospira also includes one psychrotolerant
species, Nitrosospira lacus (Urakawaetal.,2015). Ahigh-throughput
sequencing effort of bacterial amoA gene from arctic soils revealed
that all six major operational taxonomic units identified belonged
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to the Nitrosospira-Mount Everest cluster (Table 3) (Hayashi et al.,
2015; Zhang et al., 2009). Therefore it is likely that a variable
cold temperature response in nitrification activity is attributed
to the difference in species composition of nitrifiers. Therefore,
cold-adapted microorganisms may serve as microbial indicators of
global warming.

Coastal wetlands, especially estuarine and marine wetlands, are
natural targets of alteration by high energy events such as coastal
erosion and storm events (Nicholls, 2004). The impacts of these
processes may be intensified by climate change and associated sea-
levelrise (Nicholls et al., 1999). Estuarine wetlands have a capability
to protect the coastline from erosion and flooding, but if sea level
increases and urban development and shoreline armoring prevent
the inland migration of wetlands, more wetlands will be under
the sea (up to 22% of the world’s coastal wetlands by the 2080s)
(Nicholls et al., 1999). Sea-level rise also influences the dynamics
of coastal groundwater. The sensitivity of certain plant and micro-
bial populations to salt-waterlogging and subsequent soil chemical
changes could influence species composition and biogeochemical
cycling, and result in a shift of vegetation zones. Belowground,
the death and decay of plant roots will be stimulated by the
intrusion of seawater; soil compaction will be hastened (Nyman
et al., 1994; Reed, 1995). The major changes of soil and ground-
water microbial communities may be induced by an increase in
the availability of sulfate and the subsequent prominence of sulfur
cycling (Craft et al., 2009). The increase in the availability of sul-
fate will change the major terminal oxidation process of organic
matter from methanogenesis to sulfate reduction (Table 2). The
sea-level rise and subsequent salt-waterlogging could decrease the
methane emission from soil and also could limit the diversity of
methanogenic archaea and expand the abundance and diversity of
SRB. Thus methanogenic and sulfate-reducing microbial popula-
tions could be good microbial indicators to assess the impacts of
sea-level rise on wetland and subsequent soil/groundwater alter-
nations. Sediment microbial activities and physiochemistry have
been used as progress indicators of salt marsh restoration processes
(Duarte et al., 2012).

6. Conclusion

Microbial indicators have a potential application in the
management of wetland restoration projects because microbial
communities differ according to wetland types, restoration sta-
tus and land uses. They can serve as the most sensitive and rapid
bioindicator in response to various environmental changes. With
the control of redox potential, the retention time of water, and the
selection of soil and vegetation, we might create a desired con-
structed wetland, which has elevated performance in nutrient and
pollutant removal. High-throughput sequencing methods can be
comprehensive monitoring tools for microorganisms, making them
valuable wetland indicators. More knowledge of these microbial
populations, through family or genus level ecotype identification
and ecophysiological assessment, is necessary to better use them as
indicators (Hernandez et al., 2015; Martens-Habbena et al., 2009).
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