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Abstract  18 

Coastal wetlands are globally important sinks of organic carbon (C). However, to what extent 19 

wetland C cycling will be affected by accelerated sea-level rise (SLR) and saltwater intrusion is 20 

unknown, especially in coastal peat marshes where water flow is highly managed. Our objective 21 

was to determine how the ecosystem C balance in coastal peat marshes is influenced by elevated 22 

salinity. For two years, we made monthly in situ manipulations of elevated salinity in freshwater 23 

(FW) and brackish water (BW) sites within Everglades National Park, FL, USA. Salinity pulses 24 

interacted with marsh-specific variability in seasonal hydroperiods whereby effects of elevated 25 

pulsed salinity on gross ecosystem productivity (GEP), ecosystem respiration (ER), and net 26 

ecosystem productivity (NEP) were dependent on marsh inundation level. We found little effect 27 

of elevated salinity on C cycling when both marsh sites were inundated, but when water levels 28 

receded below the soil surface, the BW marsh shifted from a C sink to a C source. During these 29 

exposed periods, we observed an approximately 3-fold increase in CO2 efflux from the marsh as 30 

a result of elevated salinity. Initially, elevated salinity pulses did not affect Cladium jamaicense 31 

biomass, but aboveground biomass began to be significantly lower in the saltwater amended 32 

plots after two years of exposure at the BW site. We found a 65% (FW) and 72% (BW) 33 

reduction in live root biomass in the soil after two years of exposure to elevated salinity pulses. 34 

Regardless of salinity treatment, the FW site was C neutral while the BW site was a strong C 35 

source (-334 to -454 g C m-2 y-1), particularly during dry-down events. A loss of live roots 36 

coupled with annual net CO2 losses as marshes transition from FW to BW likely contribute to the 37 

collapse of peat soils observed in the coastal Everglades. As SLR increases the rate of saltwater 38 

intrusion into coastal wetlands globally, understanding how water management influences C 39 

gains and losses from these systems is crucial. Under current Everglades’ water management, 40 
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drought lengthens marsh dry-down periods, which, coupled with saltwater intrusion, accelerates 41 

CO2 loss from the marsh.  42 

 43 

Keywords: sea level rise, saltwater intrusion, sawgrass, biogeochemistry, peat collapse, drought, 44 

wetlands, blue carbon 45 

 46 

Introduction 47 

Coastal wetlands are some of the most productive ecosystems in the world and are known 48 

for their capacity to store disproportionately large amounts of carbon (C) in their soils despite 49 

their relatively small global coverage (Chmura et al. 2003, Duarte et al. 2005, McLeod et al. 50 

2011). Yet storage of wetland C is highly vulnerable to changing environmental conditions, such 51 

as salinity and hydrology. With sea levels rising at ~3 mm y-1 (Zhang et al. 2011), coastal 52 

freshwater and intertidal wetlands are being exposed to increased duration and spatial extent of 53 

inundation and potentially higher-salinity water (Herbert et al. 2015).  54 

The Florida Everglades, USA, is one of the largest wetland ecosystems in the world, an 55 

International Biosphere Reserve, a UNESCO World Heritage Site, and a Ramsar Wetland of 56 

International Importance. The Everglades contains vast amounts of C in its peat soils (Davis et 57 

al. 1994, Jerath et al. 2016); however, the Everglades contains only ~24% of its original peat 58 

volume because of anthropogenic modification (Hohner and Dreschel 2015), and climate change 59 

pressures keep this wetland in a state of fluctuation that may potentially alter its C storage 60 

capacity. In the early part of the 20th century, the construction of canals and levees diverted the 61 

flow of water away from the southern coastal Everglades, reducing water tables by as much as 62 

2.7 m and resulting in the loss of half the ecosystem (McVoy et al. 2011; Sklar et al. in press). 63 



Saltwater intrusion and carbon cycling 

 4 

The reduction in freshwater flow into the southern Everglades has reduced the freshwater head, 64 

resulting in faster-than-expected saltwater intrusion into the Biscayne Aquifer, which lies 65 

underneath the Everglades (Klein and Waller 1985, Saha et al. 2011). In addition to greater 66 

saltwater intrusion, less water flowing into the Everglades means more periods of “dry-down,” 67 

when water recedes below the soil surface (Sklar et al. 2000). Extended dry-down periods can 68 

enhance C loss from the wetland through greater soil oxidation and microbial metabolism 69 

(Wright and Reddy 2001, Reddy and DeLaune 2008). As climate change is expected to change 70 

rainfall patterns in southern Florida (Allan and Soden 2008, Li et al. 2012), greater magnitude 71 

and longer dry-down events are possible (Obeysekera et al. 2015), which can further exacerbate 72 

saltwater intrusion and affect ecosystem C dynamics (see below). Steps have been taken to 73 

increase freshwater delivery to the coastal Everglades: under the Comprehensive Everglades 74 

Restoration Plan (CERP) authorized in 2000, a series of 60+ projects were proposed to restore 75 

the flow of water back to the southern Everglades (Sklar et al. 2005). However, as of 2017, the 76 

most critical central decompartmentalization projects still await Federal funding, and flows to the 77 

southern Everglades are still not up to CERP target levels (National Academies of Sciences 78 

2016). The continued intrusion of saltwater into the coastal Everglades has, in some areas, 79 

caused drastic changes to the landscape, such as “peat collapse” and the conversion of coastal 80 

marshes to open water ponds (Wanless and Vlaswinkel 2005). 81 

In the low-lying and gently sloping coastal Everglades, the effects of saltwater intrusion 82 

may be amplified by having a lower freshwater head, due to current water management 83 

strategies, and by storm surges caused by tropical storms. Storm surges bring pulses of saltwater 84 

into nearshore brackish-to-freshwater marshes that can impact ecosystem structure, function, 85 

and, ultimately, persistence (Herbert et al. 2015). In historically freshwater marshes, pulses of 86 
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elevated salinity water can cause ions, such as ammonium (NH4
+), that are adsorbed onto cation 87 

exchange sites, to be displaced by ions found in seawater, such as Na+, Mg2+, and Ca2+ 88 

(Seitzinger et al. 1991, Weston et al. 2010). The newly accessible NH4
+ may be available for 89 

vascular plant uptake, especially in N-limited wetlands, but N uptake rates may slow as salt 90 

stress and sulfide (HS-) toxicity suppress plant growth (Spalding and Hester 2007, Cormier et al. 91 

2013). Greater SO4
2- availability can increase microbial metabolism and the production of HS- 92 

(Lamers et al. 1998, Weston et al. 2011), but it can also lead to a decrease in methane (CH4) 93 

production as methanogens are outcompeted for substrates (Capone and Kiene 1988, Burdige 94 

2006).  95 

Saltwater intrusion can lead to changes in soil biogeochemical cycling that affects 96 

ecosystem C dynamics (Weston et al. 2011, Herbert et al. 2015). Many studies have documented 97 

changes in C cycling along coastal marsh salinity gradients, often with contrasting results as to 98 

whether increasing salinity enhances or depresses C storage (Neubauer 2013, Weston et al. 2014, 99 

Wilson et al. 2015, Herbert et al. 2018). While the effect on ecosystem C cycling of saltwater 100 

pulses into tidal marshes has been studied (e.g., Chambers et al. 2013, Neubauer 2013, Weston et 101 

al. 2014), the biogeochemical and ecosystem C responses of non-tidal, nearshore fresh- and 102 

brackish-water marshes to saltwater pulses is still not well known. Most research to date has 103 

focused on laboratory experiments (Weston et al. 2006, Chambers et al. 2011, Weston et al. 104 

2011), mesocosm manipulations (Chambers et al. 2013, Wilson et al. 2018), or natural salinity 105 

gradients in the field (Craft et al. 2009, Giblin et al. 2010, Weston et al. 2014, Wilson et al. 2015, 106 

Whittle and Gallego-Sala 2016). Very few salinity manipulations have been conducted in the 107 

field (Neubauer 2013, Herbert et al. 2018), but since scale often matters to interpretation of 108 

results, in situ manipulations are desirable for deducing mechanisms of change inferred from 109 
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smaller-scale/benchtop experiments or larger-scale descriptive studies. 110 

Our objective was to test ecosystem responses to pulses of elevated salinity in both 111 

freshwater and brackish water peat marshes in the coastal Everglades. We experimentally 112 

elevated in situ porewater salinity to twice-ambient levels using monthly pulsed deliveries to 113 

surface waters of brackish and freshwater marshes. We measured C fluxes (as CO2 and CH4), 114 

above- and below-ground Cladium jamaicense (sawgrass) biomass and production, and 115 

porewater biogeochemical constituents to understand critical process changes in ecosystem 116 

function. We hypothesized that (1) prolonged exposure to pulsed salinity increases would alter 117 

belowground biogeochemical cycling and reduce net ecosystem productivity (NEP) in freshwater 118 

and brackish peat marshes; (2) the decline in NEP contributes to net soil C loss and less sawgrass 119 

fine root production; (3) C loss from the soil will be amplified during conditions of seasonal dry-120 

down and/or drought; and (4) the freshwater (FW) marsh will be more sensitive to saltwater 121 

intrusion than the brackish water (BW) marsh and would therefore have higher magnitude 122 

responses to the elevated salt treatment. 123 

 124 

Methods 125 

Study Sites and Experimental Design  126 

This study was conducted in Everglades National Park, Florida, USA along the 127 

southeastern boundary of Shark River Slough, the largest drainage basin in the southern 128 

Everglades. The coastal Everglades range along a gradient from freshwater sawgrass ridges and 129 

sloughs to coastal mangrove forests. We chose two sites for our study: a brackish marsh that was 130 

already experiencing saltwater intrusion and a freshwater marsh that, to our knowledge, had not 131 

experienced elevated salinity. The brackish marsh (25°13’13.17” N, 80°50’36.96” W) was 132 
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dominated by Cladium jamaicense (sawgrass) sparsely interspersed with Conocarpus erectus 133 

(buttonwood). The site had an elevation of -0.90 cm and was non-tidal and characterized by 134 

distinct wet-dry hydrologic regimes in which the site was flooded for ~8 months out of the year 135 

(mean since 2000, Everglades Depth Estimation Network (EDEN) at station NMP). The 136 

freshwater marsh (25°26’07.77” N, 80°46’51.50” W) had an elevation of 0.27 cm and was co-137 

dominated by sawgrass and Eleocharis cellulosa (spikerush) but also contained other freshwater 138 

marsh plants such as Crinum americanum (swamp lily), Bacopa caroliniana (waterhyssop), and 139 

Panicum hemitomon (maidencane). The hydrologic regime at the site was characterized as long-140 

hydroperiod, flooded nearly year-round (~11 months, mean since 2000, EDEN at station NP62) 141 

during a typical season. The soil properties of each site are given in Table 1. 142 

 In September 2014, 16 plots were established at each site along an 80-m long constructed 143 

boardwalk (Fig. 1). In twelve plots, we installed 1.4-m diameter, 0.4-m tall clear, cylindrical, 144 

polycarbonate chambers by inserting them 30-cm into the soil. We designated 4 additional plots 145 

as “no-chamber” controls, and these had no chamber installed around them. Each chamber had a 146 

movable collar with a series of 10-cm diameter holes that could be closed during application of 147 

dosing water but were open to natural flow at all other times. Six ambient-water addition 148 

(“+AMB”) plots were established upstream in the natural flow, while 6 treatment (+saltwater, 149 

“+SALT”) plots were established downstream to avoid salt contamination into the +AMB and 150 

“no-chamber” control plots. The 4 “no-chamber” controls, which were interspersed within the 151 

+AMB plots (Fig. 1), did not receive any water additions and were used only for C flux and 152 

redox potential measurements (see below). A 3-m “buffer zone” was established to avoid 153 

contamination between salt-dosing and control plots. 154 

 155 
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In Situ Saltwater Additions 156 

Experimental water additions began in October 2014 and were conducted monthly for 2 157 

years (see Stachelek et al. (2018) for detailed methods). The volume and salinity of brine 158 

solution mixed to deliver our dose varied for each dosing month in order to reach porewater 159 

concentration targets. The volume and salinity of the brine solution was calculated based on both 160 

water height from soil surface and surface water salinity so that we could reach the target of 161 

twice ambient porewater salinity, 2-5 ppt at the FW site and 20 ppt at the BW site. Our brine 162 

solution during dosing ranged from 30.7-65.0 ppt at the FW site and 26.8-68.0 ppt at the BW site 163 

(Stachelek et al. 2018). The dosing solution was prepared using source water obtained at each 164 

study site (when the marsh was wet) or from a nearby canal (when the marsh was dry) with 165 

similar nutrient concentrations found in freshwater wetlands of the Everglades (C-111; 166 

25°17'31.74" N, 80°27'21.59" W; Wilson et al. 2018); source water was combined with a 167 

commercially available sea salt mix (Instant Ocean ® (Atkinson and Bingman 1997)). An equal 168 

volume of site surface water or canal water was added to the +AMB plots each month to account 169 

for the addition of water in the absence of salinity. 170 

The movable collar on the chambers was used to close the chambers while dosing to ensure 171 

that the dosing water remained within the chamber. Doses were delivered from elevated 172 

boardwalks running alongside each chamber using a submersible bilge-style pump (Xylem Inc, 173 

USA). The outlet hose was fitted with a spreader device that split the large output stream into six 174 

smaller streams. This design was intended to maximize mixing with ambient site water while 175 

minimizing disturbance to sensitive benthic periphyton. Emergent plants were briefly sprayed 176 

with freshwater following dosing to avoid potential damage from direct salt application. 177 
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Chambers remained closed for 24 hours to allow the elevated-salinity water to penetrate into the 178 

porewater, then chambers were opened to prevent closure artifacts.  179 

 180 

Soil and Water Chemistry 181 

 Porewater salinity and nutrient measurements were made from three sampling wells 182 

(“sippers”) placed randomly inside each chamber to a depth of 15-cm. Porewater salinity was 183 

measured 24 and 120 hours after dosing. Two sippers were installed 0.5-m outside the edge of 184 

each chamber to monitor any potential leakage of saltwater outside of the treatment plots. 185 

Samples for nutrient and carbon analyses were collected 24 h after dosing. From each sipper, a 186 

~25-mL sample was extracted after purging the length of tubing, and temperature and salinity 187 

were measured immediately in the field (YSI Model 600 XL, Yellow Springs, OH). The 188 

porewater from each of the three wells was then combined into one sample per chamber (~75mL 189 

total), field-filtered (0.7 m GF/F), transferred to new, single-use bottles, stored at 20°C, and 190 

analyzed within 21 d.  191 

Surface water salinity was collected from each plot during wet periods by collecting 140-192 

mL of sample water and processing the same as porewater. Surface water temperature and 193 

salinity were measured immediately in the field (YSI). Soluble reactive phosphorus (SRP) and 194 

total dissolved P (TDP) were analyzed at the South Florida Water Management District 195 

Analytical Research Laboratory on an Alpkem Flow Solution Analyzer (OI Analytical, College 196 

Station, TX, USA) following Standard Method 4500-P F (SRP) and Solorzano and Sharp (1980, 197 

TDP). Ammonium (NH4
+), and dissolved inorganic N (DIN) were analyzed at the South Florida 198 

Water Management District Water Quality Laboratory on a Lachat Flow Injection Analyzer 199 

(Lachat Instruments, Loveland, CO, USA) following Standard Method 4500-NH3 H (NH4
+) or 200 
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Standard Method 4500-N C (DIN). Dissolved organic C (DOC) was analyzed using a Shimadzu 201 

TOC-L analyzer (Shimadzu Scientific Instruments, Columbia, MD, USA) following Standard 202 

Method 5310 B. Alkalinity and pH were determined using an automated titrator (Metrohm 855 203 

Titrator, Herisau, Switzerland) following Standard Method 2320 B (Alkalinity) and a 204 

modification to Standard Method 4500 H+ B (pH). Chloride (Cl-) and sulfate (SO4
2-) were 205 

measured using a Metrohm 881 Compact IC Pro System (Metrohm, Riverview, FL, USA) 206 

following Standard Method 4110 B. Sulfide (HS-) was measured using standard methods 207 

(McKee et al. 1988). Soil redox potential was measured using standard techniques (Faulkner et 208 

al. 1989); briefly, three platinum-tipped probes were inserted to 15-cm depth in each plot and 209 

allowed to equilibrate for 30 minutes before measurement. Soil bulk density was determined at 210 

the end of the experiment by taking one 2.4-cm diameter core per chamber down to 30-cm. 211 

Samples were dried at 60C and weighed to calculate dry bulk density (g cm-3). 212 

 213 

Species Richness, Culm Density, and Above- and Below-ground Biomass 214 

 Aboveground vegetation at each site was measured every other month using a non-215 

destructive technique (Daoust and Childers 1998). Briefly, ten sawgrass plants per plot were 216 

tagged and turnover was determined from the change in the number of live and dead leaves. 217 

Within each plot during each sampling period, fifteen sawgrass plants were randomly chosen for 218 

leaf number, height of the longest leaf, and culm diameter measurements. Average aboveground 219 

sawgrass biomass was then calculated using previously-generated allometric equations (Childers 220 

et al. 2006). Sawgrass leaves were sampled yearly by collecting the youngest mature leaf from 3 221 

randomly selected culms in each plot. These were dried and ground before analysis for C, 222 

nitrogen (N; Zimmermann and Keefe 1997), and phosphorus (P; Solorzano and Sharp 1980) 223 



Saltwater intrusion and carbon cycling 

 11 

content. Macrophyte species richness was estimated by identifying and recording the genus and 224 

species of each plant taxon within each plot.  225 

 Live belowground root biomass was obtained by taking three 2.4-cm diameter soil cores 226 

from each plot at the end of year 2 (October 2016). Each core was taken to 30-cm depth, 227 

extruded, separated into 10-cm depths, and stored at 4C until analysis (within 1 week). In the 228 

lab, the core segment was placed over a 1-mm sieve and washed with a constant stream of water. 229 

Live roots, those which floated when submerged in water, were separated from dead roots and 230 

peat, dried at 60C, and weighed. 231 

 232 

Ecosystem Carbon Flux 233 

 Within each plot, one 0.5 x 0.5 m polycarbonate collar was permanently installed 10-cm 234 

into the soil and extended 5-cm above the soil surface for ecosystem C flux measurements. Each 235 

collar had eight 2.5-cm diameter holes at the soil surface level to allow for natural flow of water 236 

when measurements were not occurring. Plot-scale CO2 exchange was measured monthly using a 237 

transparent static chamber (0.25 m2 x 1.5 m; after Neubauer et al. 2000, Wilson et al. 2015). 238 

Prior to measurements being taken, each hole in the collar was plugged with a rubber stopper, the 239 

chamber was placed into a lip in the collar and sealed, and the system was allowed to equilibrate 240 

for 2 minutes. Measurements were then made for 3 minutes each in full light and in the dark, 241 

with the chamber lid removed in between each measurement to allow the chamber to return to 242 

atmospheric conditions (LI-COR 840, Lincoln, NE; Wilson et al. in press). All measurements 243 

made at each site were taken within  3 hours of solar noon and on the same day. Missing 244 

measurements occurred when there was either equipment failure (BW site, Jul – Aug 2016) or 245 
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when water levels were higher than the boardwalk (FW site, Dec 2015 – Apr 2016), limiting 246 

access to the plots. 247 

 Methane exchange measurements were conducted monthly from October 2014 – 248 

February 2016. After the dark CO2 exchange measurement was conducted, the chamber was kept 249 

in the dark and resealed for 20 minutes. Air from the chamber was continually pumped through a 250 

closed loop with a sampling port attached. Gas samples were taken at 0, 10, and 20 minutes 251 

using a 60-mL syringe to withdraw 25-mL of air from the sampling port placed in line with the 252 

chamber. The sample was then injected into a 20-mL evacuated vial. Methane concentrations 253 

were determined using a gas chromatograph (Hewlett-Packard 5890, Palo Alto, CA, USA), and 254 

the change in concentration over time was used to calculate the flux.  255 

 Soil respiration was measured using one 10-cm diameter collar installed 5-cm into the 256 

soil surface within each plot at each site and were taken during dry-down. Soil CO2 efflux was 257 

measured over one 1-day period in May 2015 at both sites when water receded below the soil 258 

surface; it was measured for 120 seconds using a portable infrared gas analyzer (LI-COR 8100, 259 

Lincoln, NE, USA). Soil CO2 efflux was not measured during other dry months because of 260 

equipment failure. 261 

 262 

Statistical Analyses 263 

The following analyses were performed in RStudio (V 1.1.383, RStudio, Inc.). The 264 

difference in biogeochemical variables (Cl-, SO4
2-, NH4

+, TDN, DOC, SRP, TDP, HS, alkalinity, 265 

and pH), gas flux (GEP, ERCO2, ERCH4, NEP, soil CO2 efflux), culm density, and sawgrass 266 

biomass (above- and below-ground) among control, elevated salinity, and ambient water dosing 267 

experimental plots were evaluated using linear mixed-effects models (Package “nlme”, Pinheiro 268 
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et al. 2017). Treatment and date were fixed factors, while plot was a random factor. Because 269 

hydrology highly influenced fluxes at the sites, analyses for gas fluxes were performed 270 

separately when each site was wet (water covering soil surface) and dry (water below soil 271 

surface). A two-way ANOVA was used to compare differences in plant nutrient concentrations 272 

across treatments and sites. All linear mixed models were assessed for temporal differences using 273 

the least squared means (LSMEANS), with date as a model effect (R package “lsmeans”, Lenth 274 

2017). All ANOVA analyses were sub-tested with Tukey’s post-hoc test to see differences 275 

among treatments. Differences in total belowground biomass, soil CO2 efflux, and macrophyte 276 

species richness were determined using an independent t-test. Normality and homoscedasticity 277 

were tested by visually inspecting plotted residuals, and data were log-transformed to decrease 278 

heteroscedasticity when necessary. A piecewise regression with 200 iterations was used to 279 

determine change-points in ambient porewater salinity at the BW site using Sigmaplot 13.0 280 

(Systat Software Inc., San Jose, CA). All analyses were tested with =0.10 because of the high 281 

within-site variability and because it was logistically unfeasible to increase replication power 282 

(Neubauer 2013). Therefore, type I errors (incorrectly rejecting the null hypothesis) are more 283 

likely than if a more conservative alpha value of 0.05 was used (Neubauer 2013). 284 

 285 

Results 286 

 287 

Water Chemistry 288 

 Porewater salinity and chemistry at the FW and BW sites were measured 24 h after 289 

dosing. Porewater salinity in the +SALT plots at the FW site ranged from 1.50 ± 0.29 to 4.56 ppt 290 

± 0.30 (mean ± SE; Fig. 2c) and was 2.39 ± 0.15 ppt higher compared to ambient fresh 291 
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conditions (+AMB plots). Porewater salinity, pH, SO4
2-, NH4

+, and TDN increased with added 292 

salinity, while porewater DOC decreased (P < 0.10; Table 2). There was no change in 293 

temperature, alkalinity, SRP, and TDP with added salinity (P > 0.10; Fig. 2, Fig. 3). At the BW 294 

site, porewater salinity in the +SALT plots ranged from 11.24 ± 0.43 to 19.37 ppt ± 0.25 (Fig. 295 

2d). On average, porewater salinity was 4.71 ± 0.40 ppt higher in the +SALT plots compared to 296 

the +AMB plots. Porewater salinity and SO4
2- increased with added salinity, while alkalinity, 297 

DOC, NH4
+, TDN, SRP, and TDP all decreased with added salinity (Table 2; P < 0.10). 298 

Porewater SRP and TDP were 1-2 orders of magnitude higher at the BW site compared to the 299 

FW site.  300 

 Porewater HS- was two orders of magnitude higher at the BW site compared to the FW 301 

site (Fig. 4). At the FW site, porewater HS- was undetectable in the +AMB plots and elevated in 302 

the +SALT plots (0.08 ± 0.01 mM; P < 0.001). At the BW site, porewater HS- was lower in the 303 

+SALT plots compared to the +AMB plots (1.20 ± 0.12 vs. 2.88 ± 0.12 mM; P < 0.001). There 304 

was no difference in redox potential between the +AMB and +SALT plots at the FW site 305 

(Appendix S1: Fig. S1; P = 0.252). At the BW site, redox potential was significantly higher in 306 

the +SALT plots compared to the +AMB and “no-chamber” control plots (Appendix S1: Fig. S1; 307 

P < 0.001). 308 

Ambient porewater salinity at the BW site changed distinctly over the study period, 309 

elevating from 8.0 ± 0.3 ppt (Oct 2014) to 12.0 ± 0.4 ppt (Oct 2016; Fig. 5). Distinct change-310 

points were detected using a 3-way piecewise regression (r2 = 0.943, F(7,24)=40.46, P < 0.001) 311 

and corresponded with periods where water receded below or rose above the soil surface (Fig. 5). 312 

Mean salinity of each change-point can be found in Appendix S1: Table S1. 313 

 314 
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Species Richness, Culm Density, and Above- and Below-ground Biomass 315 

There was no difference in E. cellulosa stem density between the +AMB (185 ± 23 plants 316 

plot-1) and +SALT (152 ± 21 plants plot-1) plots at the FW site (P > 0.10). Macrophyte species 317 

richness at the FW site was not significantly different between the +AMB and +SALT treatments 318 

during the first year (4.1 ± 0.3 vs. 4.3 ± 0.2 species plot-1, respectively); however, +SALT plots 319 

had fewer species per plot (2.9 ± 0.2) compared to the +AMB treatment after the second year of 320 

dosing (3.8 ± 0.3; t = 3.77, P < 0.001).  321 

At the FW site, saltwater additions caused no change in sawgrass culm density or 322 

aboveground biomass after two years (P > 0.10; Table 3; Fig. 6). At the BW site, there was a 323 

delayed response. Sawgrass culm density in the +SALT plots did not significantly differentiate 324 

from the +AMB plots until Oct 2016 (LSMEANS, t = 2.51, P = 0.030), two years after saltwater 325 

additions began. Similarly, we found no significant differentiation in aboveground biomass in 326 

+SALT plots until Dec 2016 (LSMEANS, t = 2.27, P = 0.046; Fig. 6a). ANPP was depressed in 327 

the second year at the BW site in the +SALT plots (307 ± 101 gdw m-2) compared to the +AMB 328 

plots (504 ± 146 gdw m-2), but this effect was not significant (P > 0.10; Fig. 7). There was no 329 

change in ANPP with salt addition at the FW site (P > 0.10). Sawgrass culm density, 330 

aboveground biomass, and ANPP were less at the FW site compared to the BW site. Sawgrass 331 

leaf nutrient- level response to salt dosing varied by site (Table 4). At both sites, sawgrass C 332 

concentration did not change with saltwater addition (ANOVA, P > 0.10). At the BW site, both 333 

sawgrass leaf N and P increased with added salinity after both 1 and 2 years (Table 4). Sawgrass 334 

leaf N and P at the FW site were stable across treatments. 335 

Two years after saltwater dosing was initiated, live belowground biomass at both sites 336 

decreased. At the BW site, live root biomass declined at all depths with added salinity 337 
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(F(1,30)=6.69, P = 0.014), but this result was only significant in the top 10-cm and when all three 338 

depths were combined (Tukey HSD, P < 0.10; Table 5). Results were similar at the FW site: live 339 

root biomass declined at all depths with added salinity (F(1,30)=13.99, P < 0.001), and this result 340 

was only significant in the top 10-cm and when all three depths were combined (Tukey HSD, P 341 

< 0.10; Table 5). There was no significant difference in live root biomass at 0-10 and 10-20 cm 342 

depths when comparing the FW +AMB and the BW +AMB plots, but the BW site had less live 343 

root biomass compared to the FW site at the 20-30 cm depth horizon (t = 22.0, P = 0.004) and 344 

with all combined depths (t = 260.0, P = 0.022; Table 5). 345 

 346 

Ecosystem Carbon Flux 347 

There was no difference between the “no-chamber” control and the +AMB plots for any 348 

flux measurement and on any date (P > 0.10; Table 6). Therefore, we only compared the results 349 

between the +SALT and +AMB plots. Rates of ERCO2 and NEP had seasonal patterns directly 350 

related to inundation at both sites (Fig. 8), with each site taking up CO2 when inundated but 351 

releasing CO2 when water receded below the soil surface. ERCO2 was directly correlated with 352 

water level, maxing out at 6.7 mol CO2 m-2 s-1 (BW, +SALT, Jul 2015) and 10.8 mol CO2 m-2 353 

s-1 (FW, +AMB, Apr 2015) at each site when soil was exposed (Fig. 8). Overall, ERCO2 was 354 

greater (ANOVA, P < 0.10) when soil was exposed at each site (Table 6).  355 

 At the FW site, added salt caused a reduction in NEP, GEP, and ERCO2 (P < 0.10; Table 356 

3) when the site was inundated, though this result was strongly time-dependent and occurred 357 

only for three months following dry-down (Fig. 8). There were no effects of elevated salinity on 358 

NEP, GEP, and ERCO2 when the site FW was dry (P > 0.10; Table 6). When soil at the FW site 359 

was exposed, added salt caused greater ERCH4; however, because of high variability and lack of 360 
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months in which the soil was exposed during drawdown, this result was not significant over the 361 

duration of the experiment (P > 0.10). Soil CO2 efflux during May 2015 was higher in the 362 

+AMB plots compared to the +SALT plots (1.27 ± 0.14 vs. 0.88 ± 0.05 mol m-2 s-1, 363 

respectively; t = 2.61, P = 0.029). 364 

 At the BW site, added salt had no effect on NEP, GEP, ERCO2, ERCH4, and soil CO2 365 

efflux (P > 0.10; Table 3) when the site was wet (Table 6). When soil at the BW site was 366 

exposed, there was no difference between treatments (P > 0.10) in GEP, ERCO2, and ERCH4 flux, 367 

but added salt decreased NEP (more CO2 released) compared to the “no-chamber” control and 368 

+AMB plots (P = 0.008; Table 6). Soil CO2 efflux during May 2015 was lower in the +AMB 369 

plots compared to the +SALT plots (0.60 ± 0.08 vs. 0.96 ± 0.10 mol m-2 s-1, respectively; t = 370 

2.55, P = 0.031). 371 

 372 

Discussion 373 

Salinity pulses significantly changed porewater biogeochemistry and the net soil C 374 

balance. Hydrology (i.e., seasonal dry-down) was an important factor that interacted with salinity 375 

pulses to influence NEP. Pulses of elevated salinity reduced NEP at the FW marsh following a 376 

dry-down event, while elevated salinity only changed ecosystem CO2 flux from the BW marsh 377 

during dry-down conditions. The decline in live root biomass at both sites under conditions of 378 

elevated salinity reflected reduced organic matter inputs into the soil and/or increased turnover of 379 

live to dead roots. These results confirmed our hypotheses that pulses of water with elevated 380 

salinity would change biogeochemical cycling and decrease plant root production and NEP, 381 

although the effect was site-dependent. We also confirmed that C loss was amplified during dry-382 

down conditions at the BW site. We found that, even under ambient conditions, the BW marsh 383 
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was a net CO2 source to the atmosphere, a potential mechanism for the collapse of peat observed 384 

at the site. Here we provide some of the first evidence from non-tidal, coastal peat marshes of 385 

biogeochemical responses to simulated saltwater intrusion. 386 

 387 

Biogeochemical Responses to Salinity Pulses 388 

Porewater chemistry varied dramatically by site in response to saltwater additions. 389 

Elevated salinity increased porewater SO4
2- at both the FW and BW sites (Fig. 2) as the brine 390 

solution we applied to the marshes contained SO4
2- concentrations mimicking those found in 391 

seawater. However, we did not see a significant suppression in CH4 efflux with added saltwater 392 

at either the FW or BW site, most likely because of the high variability among measurements 393 

and our inability to detect episodic ebullition flux at a monthly sampling frequency (Goodrich et 394 

al. 2011, Comas and Wright 2012, 2014). We expected CH4 efflux to be much higher at the FW 395 

compared to the BW site based on higher salinity (Poffenbarger et al. 2011), but we saw little 396 

difference between the two sites (Table 6). High water levels during measured flux could have 397 

allowed CH4 diffused from the soil into the overlying water column to be oxidized (Megonigal 398 

and Schlesinger 2002, Reddy and DeLaune 2008), and therefore, we may not have a true 399 

estimate of CH4 production at our sites. Additionally, CH4 efflux was likely not higher at the FW 400 

site because P-limitation could be influencing CH4 production (Amador and Jones 1993). 401 

Because of the long hydroperiods at our sites, they were covered with water at the outset of our 402 

study, so we were not able to measure initial soil CO2 efflux. Instead, soil CO2 flux was 403 

measurable only when water receded below the soil surface (dry-down in Feb 2015; Fig. 8). 404 

During this time, with pulses of elevated salinity water, soil CO2 efflux decreased at the FW site. 405 

This was most likely the result of microbial stress combined with more oxic conditions 406 
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suppressing sulfate reduction and stimulating aerobic metabolism to the point where elevated 407 

SO4
2- from saltwater addition would not stimulate sulfate reduction (Mitsch and Gosselink 2007, 408 

Weston et al. 2011). Conversely, elevated salinity stimulated soil CO2 efflux at the BW site. This 409 

same result was seen briefly for a period of approximately one week in mesocosm experiments 410 

using soil harvested at the BW site when they were exposed to elevated salinity and dry-down 411 

conditions (Wilson 2018). Therefore, although pulses of elevated salinity coupled with dry-down 412 

may initially stimulate soil CO2 efflux, this stimulatory effect may not persist. 413 

Porewater NH4
+ and TDN increased with added salinity at the FW site (Fig. 3), possibly 414 

as a result of cations from the saltwater mix replacing adsorbed cations such as NH4
+ in soils 415 

(Gardner et al. 1991, Ardón et al. 2013). Contrary to expectation, porewater alkalinity, DOC, 416 

NH4
+, TDN, SRP, TDP, and HS- all decreased at the BW site with saltwater addition (Fig. 2, Fig. 417 

3, Fig. 4). In our study, there is evidence to suggest that lower porewater nutrient concentrations 418 

in the +SALT plots at the BW site may be caused by saltwater cation replacement. Our brine 419 

dosing solution mimicked the ionic composition of seawater, which is high in cations and is 420 

known to displace other cations adsorbed to soils, such as NH4
+ and dissolved inorganic P 421 

(Gardner et al. 1991, Seitzinger et al. 1991, Fourqurean et al. 1992, Price et al. 2006). These 422 

minerals, now bioavailable, could have been taken up by macrophytes or microbes and 423 

incorporated into their biomass. Higher sawgrass leaf N and P content at our +SALT plots as 424 

compared to the +AMB plots at the BW site corroborates this hypothesis (Table 4). Greater leaf 425 

nutrient content within the +SALT plots could have also been caused by microbial cell death and 426 

lysis from excess salt, which would release nutrients and organic molecules into the surrounding 427 

porewater (Gobler et al. 1997), which could then be taken up by the plants. This release could 428 
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provide a temporary subsidy for brackish marsh plants to survive despite their relatively high-429 

salinity and high-stress environments. More studies are needed to confirm this mechanism.  430 

 431 

Ecosystem Carbon Cycling 432 

Hydrology has been shown to strongly regulate exchange of CO2 between the land and 433 

atmosphere in wetlands (Hao et al. 2011, Jimenez et al. 2012, Malone et al. 2013, Malone et al. 434 

2014). The marshes we studied exhibited patterns of CO2 flux in response to dry-down similar to 435 

other long-hydroperiod Everglades marshes by acting as a net CO2 sink when water covered the 436 

soil surface and a net CO2 source when water fell below the soil surface (Jimenez et al. 2012, 437 

Schedlbauer et al. 2012, Malone et al. 2014). During periods in which water was covering the 438 

soil surface, ERCO2 was low and maximum potential GEP was high at both sites, leading to net 439 

CO2 uptake around solar noon (Fig. 8). However, during periods when water receded below the 440 

soil surface, ERCO2 spiked, likely due to greater aerobic respiration stimulation as a result of 441 

higher soil oxidation (Mitsch and Gosselink 2007, Webster et al. 2013), and these marshes 442 

switched from CO2 sinks to net CO2 sources to the atmosphere. GEP at our marsh sites was not 443 

affected during drought. Malone et al. (2013) saw a similar response in GEP and ERCO2 in a 444 

sawgrass marsh exposed to dry-down conditions. To control for the addition of water in our 445 

+SALT plots, we added the same volume of ambient salinity water to our +AMB plots and took 446 

measurements on “no-chamber” control plots in which no water was added. We saw no 447 

difference in any flux measurements between the +AMB and no-water-added control plots 448 

during either the wet or dry period (Table 6), meaning that the physical act of adding more water 449 

to the plot during dosing had no measurable effect. This was likely because the amount of 450 

ambient water we added to each plot (<200 L) was not enough to substantially raise water levels 451 
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and affect GEP by decreasing exposed leaf area (Schedlbauer et al. 2010, Jimenez et al. 2012), 452 

and because water was already covering the surface, additional water dosing would not decrease 453 

ERCO2 (Neubauer 2013). 454 

Elevated salinity in coastal wetlands has been shown to alter ecosystem CO2 cycling 455 

between the marsh and the atmosphere (Neubauer 2013, Weston et al. 2014). When the marshes 456 

in our study were wet, there was no effect on CO2 flux with the addition of salinity, but when 457 

water receded below the soil surface, added salinity reduced NEP at the BW site (Table 6). 458 

Although mean GEP fell and mean ERCO2 rose during dry-down in the added salinity plots at the 459 

BW site, these rates were not significantly different from the +AMB plots. NEP, however, was 460 

significantly greater in a negative direction, indicating that added salinity caused more CO2 to be 461 

released to the atmosphere. The rise in ERCO2 with added salinity can be partially attributed to an 462 

increase in soil CO2 efflux (Crow and Wieder 2005). Although we only have one month of soil 463 

CO2 efflux measurements (May 2015), efflux increased by 0.35 ± 0.09 mol CO2 m-2 s-1 with 464 

added salinity compared to the +AMB plots, while during the same month, ERCO2 increased by 465 

0.51± 0.31 mol CO2 m-2 s-1 with added salinity (Fig. 8e). Weston et al. (2011) measured a 466 

similar increase in soil CO2 efflux with added salinity [0.60 (control) vs 0.71 (+salt) mol CO2 467 

m-2 s-1] when tidal freshwater marsh soils were exposed to oxic conditions. In addition, we may 468 

be underestimating overall CO2 efflux from the marsh because we did not directly measure rates 469 

of diffusive CO2 flux into the overlying water column and transport downstream. There was a 470 

negative linear relationship between water level and surface water alkalinity at both sites 471 

(Appendix S1: Fig. S1), indicating that as water levels dropped, CO2 diffusing from the soil was 472 

becoming more concentrated in the overlying surface water. 473 
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Gross ecosystem productivity at the BW site also declined with added saltwater when no 474 

surface water was present (Fig. 8d). This response was a physiological effect because there was 475 

no decrease in biomass during this period (Fig. 6). Sulfide toxicity is a common stressor for 476 

wetland plants experiencing saltwater intrusion (Lamers et al. 1998). Lower sulfide and higher 477 

redox conditions in the +SALT plots at the BW site suggest that the plants were likely 478 

responding to osmotic stress of salt exposure rather than sulfide toxicity (Fig. 4, Appendix S1: 479 

Fig. S1). During times of low water availability, salt can accumulate in soils because little water 480 

flushes through the marsh (Ardón et al. 2013, Weston et al. 2014). Saltwater addition raised 481 

porewater salinities to between 16 and 20 ppt during the period when water was continuously 482 

below the soil surface (~Feb to Aug 2015; Fig. 2). High salinity causes osmotic stress, which 483 

rapidly decreases stomatal conductance and inhibits photosynthesis (Munns and Tester 2008). 484 

Sawgrass has been shown to significantly decrease productivity with continuous exposure to 20 485 

ppt salinity (Wilson et al. in press). Because of low water flushing, porewater salinity did not 486 

significantly decline between 1 and 5 days after saltwater addition during dry periods, meaning 487 

that salinity was maintained at or near levels known to lead to a reduction in NEP (Appendix S1: 488 

Fig. S3; Wilson et al. in press).  489 

At the FW site, saltwater addition significantly decreased both GEP and ERCO2, but only 490 

immediately following the dry-down event (Fig. 8a,b). This is a similar response to the decline in 491 

both GEP and ER that Neubauer (2013) found with saltwater additions to a tidal freshwater 492 

marsh and is expected, given that GEP and ER are tightly linked (Cannell and Thornley 2000). 493 

This response was likely triggered by dry-down and its legacy effects. Both GEP and ER were 494 

lower with added saltwater compared to the +AMB plots for 3 months post-dry-down, resulting 495 

in significantly less CO2 uptake with added salt (Fig. 8a-c). As little work has been done to study 496 
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coupled saltwater intrusion and drought effects on coastal wetlands, it is hard to pinpoint the 497 

exact mechanisms behind this response, though it may be due to decreased GEP in periphytic 498 

mats (Mazzei et al. 2018). These months (Mar-Aug 2015) were the only time in which porewater 499 

salinity at the FW site rose above 4 ppt, potentially resulting in osmotic stress and inhibiting 500 

stomatal conductance (Fig. 2; Munns and Tester 2008). As water levels rose, the effectiveness of 501 

our saltwater dosing diminished and allowed the marsh to recover to pre-dry-down conditions. 502 

 503 

Aboveground Biomass 504 

The salinity tolerance of sawgrass-dominated marshes varies widely and is likely dependent 505 

on soil type, hydraulic conductivity, and cation exchange capacity. Sawgrass has been shown to 506 

be tolerant of annual salinities up to 16.4 ppt, but plants flushing with lower salinity water (<5 507 

ppt) in order to maintain their productivity (Troxler et al. 2014). Some studies have shown that 508 

sawgrass productivity begins to decrease when exposed to salinities as low as 5 ppt (Macek and 509 

Rejmankova 2007), while others have shown that sawgrass does have some tolerance to salinity 510 

and that aboveground biomass and productivity do not significantly decrease until continuous 511 

exposure of 20 ppt salinity (Wilson et al. 2018). We expected to see a significant decline in 512 

sawgrass aboveground biomass with added salinity in the field as well. However, our results 513 

suggest that, aboveground, sawgrass is tolerant to frequent pulses of low-level salinity in 514 

freshwater marshes, as there was no decline in aboveground biomass and ANPP (Fig. 6). Given 515 

that porewater salinity at the FW site never rose above 5 ppt, we would not expect to see much, 516 

if any, decline in aboveground biomass based on previous studies (Macek and Rejmankova 517 

2007). At brackish marshes, however, cumulative salt loading and hydrology appear to impact 518 

sawgrass aboveground biomass, GEP, and ANPP (Fig. 6, Fig. 8d). At our BW study site, 519 



Saltwater intrusion and carbon cycling 

 24 

porewater salinity in the +SALT treatment was much higher than the FW site and neared 20 ppt 520 

during some months (Fig. 2). Because these were pulses of salinity applied monthly rather than 521 

continuously, porewater salinity trended downward towards ambient levels 5 days after saltwater 522 

was added (Appendix S1: Fig. S1). We did observe lower culm density and aboveground 523 

biomass with added salinity compared to the +AMB plots toward the end of the 2-year sampling 524 

period at the BW site (Fig. 6), and a non-significant decline in ANPP during the second year 525 

(Fig. 7), indicating that increased exposure through continued pulses of elevated salinity appear 526 

to be having a negative effect on sawgrass growth in these brackish conditions, though continued 527 

monitoring of increased salinity exposure is needed to confirm this.  528 

 529 

Peat Vulnerability to Saltwater Intrusion 530 

In peat marshes that receive little to no sediment input, such as the coastal Everglades, 531 

root production and litter turnover are the primary drivers of vertical peat accretion (Nyman et al. 532 

2006, McKee 2011, Baustian et al. 2012). We measured a reduction in live root biomass with 533 

added salinity at both sites (Table 5). Little is known about how salt stress reduces initiation of 534 

new seminal or lateral roots, although osmotic stress usually reduces cell expansion in root tips 535 

(Munns and Tester 2008). Macek and Rejmankova (2007) found that relatively low elevated 536 

salinity (4-5 ppt) also decreased sawgrass root biomass. Generally, our BW site had significantly 537 

less live root biomass compared to the FW site (Table 5). Given that ambient salinity at the BW 538 

site was ~8-12 ppt and that low levels of porewater salinity (<5 ppt) led to significantly less live 539 

root biomass at the FW site, this result was not surprising but has consequences for the future of 540 

peat stability. Peat is a matrix of mostly organic matter (typically >80%; Table 1) with high 541 

porosity (>85%; (Nyman et al. 1990, Craft et al. 1993, Mitsch and Gosselink 2007). A loss of 542 



Saltwater intrusion and carbon cycling 

 25 

live roots, and thus the main input of organic matter, could lead to peat destabilization. Deegan et 543 

al. (2012) found that N-enrichment in New England salt marshes led to peat destabilization and 544 

creek bank erosion, as Spartina alterniflora root-to-shoot allocation declined. Saltwater intrusion 545 

as well has been directly related to increased peat decomposition and a decrease in C 546 

accumulation (Whittle and Gallego-Sala 2016). DeLaune et al. (1994) found that saltwater 547 

intrusion caused mass plant mortality in a Gulf of Mexico brackish marsh, eventually resulting in 548 

peat collapse and conversion of the marsh to open water; the authors attributed this mainly to the 549 

loss of the living root network. This loss of the live root network in the peat soil matrix may be 550 

one mechanism leading to peat collapse at the BW site, evidenced by live standing sawgrass 551 

“pedestals” in which up to 30 cm of the root matrix is above the current soil surface (Wilson et 552 

al. 2018).  553 

Marshes should continue to accrete vertically if the amount of C entering the marsh is 554 

greater than the amount of C leaving (Nyman et al. 2006, Weston et al. 2014). In non-tidal, non-555 

riverine wetlands that receive little to no external organic matter inputs, such as sediments, 556 

estimating NEP is a robust way to determine if a marsh is accumulating C, although modern-day 557 

flux measurements tend to overestimate long-term C storage (Ratcliffe et al. 2018). We took our 558 

instantaneous flux measurements, and, using previously established ecosystem productivity 559 

response curves and methods (see Supplemental Methods), we performed an exercise to model 560 

GEP, ERCO2, and NEP to annual flux values (Neubauer 2013, Wilson et al. 2015). We found that 561 

NEP at the FW marsh was near C neutral (Fig. 9), which is what has been found at a nearby 562 

marsh using an eddy flux tower (Malone et al. 2014). Conversely, we found that the BW site was 563 

a large source of C to the atmosphere, even under ambient conditions (Fig. 9). Although not 564 

significant, pulses of elevated salinity led to a slight reduction in NEP at the FW site. A decline 565 
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in live roots and organic matter input into the soil, coupled with a shift of the marsh from a net 566 

sink to a net source as it transitions from fresh to brackish, creates conditions that leave coastal 567 

marshes vulnerable to peat collapse. 568 

 569 

Water Management Effects on Carbon Flux 570 

 Water management decisions can play a critical role in determining how much water 571 

enters Everglades National Park (ENP) (Light and Dineen 1994, Ross et al. 2003). Because 572 

continuous sheet flow through this system has been largely cut off, periods of seasonal dry-down 573 

during low-rainfall years have a strong potential for altering freshwater marsh C cycling (Malone 574 

et al. 2014). At the BW site, C loss from the soil was amplified with pulses of elevated salinity 575 

water. This result raises important questions regarding how seasonal dry-down influences 576 

salinity at brackish water marshes and how future saltwater intrusion could alter C cycling within 577 

these marshes. Extreme seasonal dry-down in coastal wetlands, most often a function of altered 578 

hydrology, water management, and drought, can (i) increase salinity by reducing flushing and 579 

causing salt ion accumulation, (ii) increase the upstream reach of brackish water, and (iii) 580 

increase the salinity of tidal water (Anderson and Lockaby 2012, Ardón et al. 2013). In most 581 

coastal wetlands, this high salinity pulse is seasonal and returns to ambient levels when flushed 582 

by upstream freshwater inputs (Ardón et al. 2013, Weston et al. 2014). However, in the Florida 583 

coastal Everglades, surface water flow has been highly modified and is much slower (mean ~1 584 

cm s-1; Schaffranek 2004) than most surface-flow-dominated wetlands (Light and Dineen 1994). 585 

This has reduced porewater flushing (Troxler et al. in press), allowed groundwater upwelling of 586 

high salinity water (Price et al. 2006), and contributed to a groundwater salt wedge that continues 587 

to move inland in ENP (Saha et al. 2011). Our results suggest that seasonal dry-downs, where the 588 
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water table falls below the soil surface for an extended period of time, may strongly control the 589 

ecological response of Everglades coastal wetlands to continued salinization. 590 

Salt can accumulate in soils during seasonal dry-down because little water flushes 591 

through the marsh (Ardón et al. 2013, Weston et al. 2014). During a period of low rainfall in 592 

early 2015, ambient porewater salinity at the BW site rose quickly in a 3-month period and 593 

maintained near constant higher salinity for the next year despite high rainfall that resulted in 594 

high water table levels and low surface water salinity (Fig. 5). This change-point directly 595 

coincided with a period when water dropped below the soil surface. Other change-points 596 

occurred every time water rose above or receded below the soil surface. Our results suggest that 597 

low rainfall and low freshwater delivery produce extended dry-down and deeper drainage depth 598 

that may represent a significant catalyst of change in this coastal Everglades peat marsh. While 599 

some predictions about how climate change will affect drought frequency are contradictory 600 

(Sheffield et al. 2012, Dai 2013), it is predicted that droughts will set in more quickly and 601 

become more intense (Trenberth et al. 2014). The Central Everglades Plan, a recently authorized 602 

CERP project, will deliver the first increment of increased flow to the coastal Everglades and 603 

could potentially mitigate the effects of drought by keeping coastal marshes inundated for longer 604 

periods. Without this restoration, periods of drought could further salinize these brackish 605 

marshes, cause more C to be released to the atmosphere (Fig. 9), and result in peat collapse and 606 

transformation of marsh into open water.  607 
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Tables 875 

Table 1. Soil physicochemical properties (mean ± SE, n = 6) by site and by depth. 876 

 877 

Site Depth 

(cm) 

Treatment Bulk 

Density (g 

cm-3) 

Organic 

matter (%) 

Total C 

(%) 

Total N 

(%) 

Total P (%) 

Freshwater 0-10 +AMB 0.08 ± 0.03 83.2 ± 4.6 40.6 ± 2.7 3.29 ± 0.18 0.052 ± 0.007 
  

+SALT 0.11 ± 0.02 71.3 ± 4.4 35.2 ± 2.9 3.29 ± 0.18 0.057 ± 0.006  
10-20 +AMB 0.18 ± 0.06 70.2 ± 9.5 34.6 ± 5.5 2.80 ± 0.27 0.039 ± 0.008   

+SALT 0.18 ± 0.04 67.9 ± 7.9 31.0 ± 4.4 3.00 ± 0.23 0.052 ± 0.008 
 

20-30 +AMB 0.17 ± 0.03 63.2 ± 11.7 31.1 ± 5.5 2.51 ± 0.34 0.040 ± 0.010   
+SALT 0.22 ± 0.04 55.7 ± 9.4 25.9 ± 6.1 2.55 ± 0.50 0.042 ± 0.010 

Brackish 

water 

0-10 +AMB 0.07 ± 0.02 85.8 ± 2.7 42.7 ± 0.9 2.47 ± 0.31 0.052 ± 0.007 

  
+SALT 0.07 ± 0.02 84.6 ± 2.8 43.1 ± 1.0 2.17 ± 0.25 0.044 ± 0.011 

 
10-20 +AMB 0.11 ± 0.02 84.5 ± 2.2 43.1 ± 1.1 2.35 ± 0.24 0.039 ± 0.008   

+SALT 0.11 ± 0.02 84.6 ± 2.5 42.9 ± 2.1 1.92 ± 0.28 0.033 ± 0.004  
20-30 +AMB 0.11 ± 0.04 83.2 ± 1.7 42.6 ± 0.8 2.10 ± 0.22 0.031 ± 0.005 

  
+SALT 0.12 ± 0.05 83.0 ± 3.5 42.1 ± 1.6 1.99 ± 0.21 0.029 ± 0.005 

 878 

  879 
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Table 2. Full statistical results from a linear mixed model for porewater constituents from the freshwater (FW) and brackish water 880 

(BW) sites given treatment (trt) and date.  881 

Site  Temperature  Salinity  pH  Alkalinity  SO4
2-  DOC 

FW Trt F(1,10) = 2.58 

P =0.112 
↑ 
 

F(1,10) = 1048   

P < 0.001 
↑ 
 

F(1,10) = 22.79 

P < 0.001 

 F(1,10) = 2.65 

P = 0.105 
↑ 
 

F(1,10) = 910 

P < 0.001 
↓ 
 

F(1,10) = 5.72 

P = 0.017 

 Date F(21,199) = 125.5 

P <0.001 

 F(21,213) = 7.46 

P <0.001 

 F(19,189) = 21.9 

P <0.001 

 F(19,189) = 16.3 

P <0.001 

 F(19,190) = 5.96 

P <0.001 

 F(19,188) = 4.77 

P <0.001 

 Trt* 

Date 

F(21,199) = 2.58 

P <0.001 

 F(21,213) = 6.32 

P <0.001 

 F(19,189) = 2.16 

P =0.004 

 F(19,189) = 3.76 

P <0.001 

 F(19,190) = 5.51 

P <0.001 

 F(19,188) = 1.03 

P = 0.427 

BW Trt F(1,10) = 2.75 

P =0.098 
↓ 
 

F(1,10) = 301.8 

P <0.001 
↓ 
 

F(1,10) = 17.16 

P <0.001 
↓ 
 

F(1,10) = 142.8 

P <0.001 
↑ 
 

F(1,10) = 223.5 

P <0.001 
↓ 
 

F(1,10) = 157.9 

P <0.001 

 Date F(23,239) = 81.68 

P <0.001 

 F(23,239) = 32.2 

P <0.001 

 F(22,226) = 19.6 

P <0.001 

 F(22,227) = 12.2 

P <0.001 

 F(22,227) = 21.3 

P <0.001 

 F(22,228) = 10.7 

P <0.001 

 Trt* 

Date 

F(23,239) = 1.19 

P =0.248 

 F(23,239) = 7.02 

P <0.001 

 F(22,226) = 4.12 

P <0.001 

 F(22,227) = 1.88 

P =0.011 

 F(22,227) = 4.15 

P <0.001 

 F(22,228) = 1.86 

P =0.012 

 882 

Site   NH4
+  TDN  SRP  TDP  Sulfide  Redox 

FW Trt ↑ 
 

F(1,10) = 176.2 

P < 0.001 
↑ 
 

F(1,10) = 178.2 

P < 0.001 
 
 

F(1,10) = 0.09 

P =0.761 

 F(1,10) = 1.50 

P =0.221 
↑ 
 

F(1,10) = 302.3 

P < 0.001 
↓ 
 

F(1,10) = 21.80 

P < 0.001 

 Date  F(19,189) = 6.99 

P <0.001 

 F(19,189) = 7.23 

P <0.001 

 F(20,206) = 21.54 

P <0.001 

 F(20,206) = 9.59 

P <0.001 

 F(11,117) = 16.65 

P <0.001 

 F(1,222) = 244.0 

P <0.001 

 Trt* 

Date 

 F(19,189) = 1.43 

P =0.116 

 F(19,189) = 1.30 

P =0.184 

 F(20,206) = 2.53 

P <0.001 

 F(20,206) = 3.15 

P <0.001 

 F(11,117) = 12.81 

P <0.001 

 F(1,222) = 0.83 

P = 0.363 

BW Trt ↓ 
 

F(1,10) = 229.9 

P <0.001 
↓ 
 

F(1,10) = 265.0 

P <0.001 
↓ 
 

F(1,10) = 94.83 

P <0.001 
↓ 
 

F(1,10) = 99.36 

P <0.001 
↓ 
 

F(1,10) = 217.5 

P <0.001 
 
 

F(1,10) = 1.47 

P = 0.252 

 Date  F(22,228) = 11.03 

P <0.001 

 F(22,228) = 7.68 

P <0.001 

 F(23,236) = 10.02 

P <0.001 

 F(23,239) = 11.43 

P <0.001 

 F(14,149) = 45.94 

P <0.001 

 F(1,165) = 87.04 

P <0.001 

 Trt* 

Date 

 F(22,228) = 2.28 

P =0.001 

 F(22,228) = 2.74 

P =0.012 

 F(23,236) = 2.86 

P <0.001 

 F(23,239) = 4.39 

P <0.001 

 F(14,149) = 7.16 

P <0.001 

 F(1,165) = 5.09 

P = 0.025 

Interpreted results in bold. Data presented as F(numerator degrees of freedom,denominator degrees of freedom) = F value, P = P 883 

value. The arrows indicate, if significant, in what direction elevated salinity altered the given parameter. 884 
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DOC dissolved organic carbon, NH4
+ ammonium, TDN total dissolved nitrogen, SO4

2- sulfate, TDP total dissolved phosphorus, SRP 885 

soluble reactive phosphorus  886 
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Table 3. Full statistical results from a linear mixed model for all biomass and flux measurements.  887 

Site  Aboveground 

Biomass 

Culm Density ANPP GEP wet GEP dry- 

Freshwater Treatment F(1,10) = 0.19 

P =0.664 

F(1,9) = 0.39 

P =0.546 

F(1,9) = 0.02 

P =0.867 

F(1,10) = 3.66 

P = 0.084 
F(1,9) = 1.56 

P = 0.242 

 Date F(13,130) = 5.03 

P <0.001 

F(13,115) = 5.08 

P <0.001 

F(12,106) = 3.39 

P <0.001 

F(14,134) = 5.58 

P <0.001 

F(1,7) = 0.01 

P = 0.899 

 Treatment* 

Date 

F(13,130) = 0.79 

P =0.661 

F(13,115) = 0.88 

P =0.570 

F(12,106) = 0.90 

P =0.544 

F(14,134) = 2.21 

P =0.010 

F(1,7) = 0.19 

P = 0.674 

Brackish 

water 

Treatment F(1,10) = 1.30 

P =0.279 

F(1,10) = 3.12 

P =0.107 

F(1,10) = 0.74 

P =0.407 

F(1,10) = 0.19 

P = 0.671 

F(1,10) = 1.28 

P = 0.284 

 Date F(14,136) = 6.69 

P <0.001 

F(14,136) = 4.63 

P <0.001 

F(13,124) = 3.77 

P <0.001 

F(15,149) = 5.43 

P <0.001 

F(4,40) = 2.57 

P = 0.052 

 Treatment* 

Date 

F(14,136) = 1.29 

P =0.219 

F(14,136) = 2.29 

P =0.007 
F(13,124) = 1.39 

P =0.170 

F(15,149) = 1.37 

P =0.165 

F(4,40) = 1.56 

P = 0.202 

  888 

Site  ERCO2 wet ERCO2 dry NEP wet NEP dry CH4 wet CH4 dry 

Freshwater Treatment F(1,10) = 3.89 

P = 0.076 

F(1,9) = 2.40 

P = 0.155 

F(1,10) = 3.42 

P = 0.093 

F(1,9) = 0.00 

P = 0.953 

F(1,6) = 3.34 

P = 0.117 

F(1,6) = 3.19 

P = 0.124 

 Date F(14,134) = 8.32 

P <0.001 

F(1,7) = 14.30 

P = 0.006 

F(14,135) = 4.96 

P <0.001 

F(1,8) = 6.73 

P = 0.031 

F(1,44) = 3.14 

P = 0.083 

F(1,4) = 3.63 

P = 0.129 

 Treatment* 

Date 

F(14,134) = 1.45 

P =0.137 

F(1,7) = 5.54 

P = 0.057 

F(14,135) = 1.98 

P =0.023 
F(1,8) = 1.08 

P = 0.327 

F(1,44) = 7.88 

P = 0.007 
F(1,4) = 3.96 

P = 0.117 

Brackish 

water 

Treatment F(1,10) = 0.30 

P =0.594 

F(1,10) = 2.43 

P = 0.149 

F(1,10) = 0.15 

P = 0.699 

F(1,10) = 210.89 

P = 0.008 

F(1,6) = 6.30 

P = 0.045 
F(1,6) = 5.05 

P = 0.065 

 Date F(15,148) = 14.47 

P <0.001 

F(4,40) = 23.16 

P <0.001 

F(16,157) = 8.79 

P <0.001 

F(4,40) = 15.12 

P <0.001 

F(1,52) = 0.52 

P = 0.471 

F(1,14) = 0.69 

P = 0.419 

 Treatment* 

Date 

F(15,148) = 0.57 

P =0.887 

F(4,40) = 0.78 

P = 0.541 

F(16,157) = 1.01 

P = 0.446 

F(4,40) = 1.27 

P =0.297 

F(1,52) = 2.85 

P = 0.097 

F(1,14) = 3.05 

P = 0.102 

Interpreted results in bold. Data presented as F(numerator degrees of freedom,denominator degrees of freedom) = F value, P = P 889 

value 890 



Saltwater intrusion and carbon cycling 

 44 

ANPP aboveground net primary productivity, GEP gross ecosystem productivity, ERCO2 ecosystem respiration of carbon dioxide, NEP 891 

net ecosystem productivity, CH4 methane.892 
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Table 4. Mean (n=6) ± SE of C, N, and P sawgrass leaf content for each year.  893 

Site Time Treatment C (mg g-1) N (mg g-1) P (g g-1) C:N:P 

BW Year 1 +AMB 457 ± 2.3a 9.09 ± 0.25bc 244 ± 17ab 1872:37:1 
  

+SALT 455 ± 2.1a 10.17 ± 0.26c 305 ± 10c 1865:42:1  
Year 2 +AMB 488 ± 4.9b 7.34 ± 0.38a 206 ± 10a 2000:30:1   

+SALT 480 ± 1.6b 8.55 ± 0.42ab 264 ± 16bc 1967:35:1 

FW Year 1 +AMB 456 ± 3.7a 7.74 ± 0.19a 232 ± 13a 1869:32:1   
+SALT 451 ± 4.1a 7.73 ± 0.76a 225 ± 35a 1848:32:1  

Year 2 +AMB NA NA NA    
+SALT NA NA NA  

Superscripted letters represent differences between year and treatment within a site from a two-894 

way ANOVA. 895 

  896 
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Table 5. Belowground live root biomass (mean ± SE g C m-3) after two years of control (+AMB) 897 

and elevated salinity (+SALT) from each site, each treatment and from specific depths.  898 

  
Depth (cm) 

 

Site Treatment 0-10 10-20 20-30 Total 

BW +AMB 96 ± 35a 50 ± 25ab 14 ± 4b 159 ± 43a 
 

+SALT 24 ± 8b 12 ± 3b 9 ± 2b 45 ± 9b 

FW +AMB 87 ± 24a 79 ± 12ab 76 ± 29ab 242 ± 39a 
 

+SALT 19 ± 6b 45 ± 13ab 21 ± 3b 85 ± 14b 

A two-way ANOVA was run separately for each site with Treatment and Depth as factors. Total 899 

depth was compared for each site separately using an independent t-test. Different superscripts 900 

indicate a significant difference (P < 0.10). 901 

  902 
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Table 6. Mean ± SE of net ecosystem productivity (NEP), gross ecosystem productivity (GEP), 903 

ecosystem respiration of CO2 (ERCO2), and ecosystem respiration of CH4 (ERCH4) from the 904 

brackish water (BW) and freshwater (FW) sites, separated by the “no-chamber” control, addition 905 

of ambient water (+AMB), and the addition of saltwater (+SALT) plots.  906 

 907   
CO2 and CH4 flux (mol m-2 s-1)   

Wet Dry 

Flux Treatment FW BW FW BW 

NEP Control 3.23 ± 0.44a 3.06 ± 0.47 -3.06 ± 3.43 -1.25 ± 0.61a  
+AMB 3.05 ± 0.28a 2.88 ± 0.35 -2.24 ± 2.86 -0.37 ± 0.65a  
+SALT 2.38 ± 0.16b 2.52 ± 0.27 -1.83 ± 1.27 -2.44 ± 0.90b 

GEP Control 4.41 ± 0.51a 5.54 ± 0.49 5.95 ± 1.49 2.61 ± 0.42  
+AMB 4.04 ± 0.32a 4.85 ± 0.36 4.98 ± 0.28 3.51 ± 0.30  
+SALT 3.08 ± 0.20b 4.20 ± 0.21 3.23 ± 0.32 2.51 ± 0.41 

ERCO 2 Control 1.18 ± 0.09a 2.65 ± 0.26 9.01 ± 4.92 3.87 ± 0.57  
+AMB 1.04 ± 0.09a 2.09 ± 0.18 7.45 ± 3.36 3.89 ± 0.73  
+SALT 0.75 ± 0.06b 1.77 ± 0.15 5.05 ± 0.95 4.95 ± 0.78 

ERCH4 Control 0.110 ± 0.043 0.043 ± 0.023a 0.009 ± 0.019 -0.042 ± 0.026  
+AMB 0.121 ± 0.036 0.026 ± 0.011a -0.026 ± 0.021 -0.039 ± 0.015  
+SALT 0.065 ± 0.028 -0.005 ± 0.017b 0.108 ± 0.142 0.027 ± 0.053 

Fluxes were separated into wet (water covering the soil surface) and dry (no surface water) 908 

periods. A negative NEP indicates a flux from the marsh to the atmosphere. Superscripts 909 

represent the results of a two-way repeated measures ANOVA. Values without superscripts 910 

indicate that there was no significant difference between treatments for that parameter 911 

  912 
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Figures 913 

Figure 1. Experimental setup at the FW site (not to scale). The setup was similar at the BW site. 914 

Sixteen plots were established along a boardwalk, with a 3-m buffer zone between the saltwater 915 

amended plots and the ambient-water amended plots. “No-chamber” controls received no water 916 

additions. The +SALT plots were positioned downstream to minimize contamination of the 917 

control plots. 918 

 919 

 Figure 2. Mean (n=6) ± 1 SE of monthly porewater temperature, salinity, pH, alkalinity, and 920 

sulfate (SO4
2-) from the freshwater (FW) and brackish water (BW) sites over the two-year 921 

duration of the study; samples taken at 15-cm depth from the ambient water (+AMB) and 922 

saltwater (+SALT) addition plots. Salinity is reported as parts per thousand, alkalinity, and SO4
2- 923 

are reported in mg L-1. 924 

 925 

Figure 3. Mean (n=6) ± 1 SE of monthly porewater dissolved organic carbon (DOC), ammonium 926 

(NH4
+), total dissolved nitrogen (TDN), soluble reactive phosphorus (SRP), and total dissolved 927 

phosphorus (TDP) from the freshwater (FW) and brackish water (BW) sites over the two-year 928 

duration of the study; samples taken at 15-cm depth from the ambient water (+AMB) and 929 

saltwater (+SALT) addition plots. DOC, NH4
+, and TDN are reported in mg L-1, and SRP and 930 

TDP are reported in g L-1. 931 

 932 

Figure 4. Mean (n=6) ± 1 SE of monthly porewater sulfide at 15-cm depth at the freshwater 933 

(FW) and brackish water (BW) sites from the ambient-water amended (+AMB) and saltwater 934 

amended (+SALT) plots. 935 
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 936 

Figure 5. Mean (n=6) ± 1 SE of monthly porewater (PW) and surface water (SW) salinity and 937 

daily water depth from the brackish water site within the +ambient-water plots. Soil surface is 938 

plotted as the 0-cm water mark (dashed line) to show its relation to water depth. Solid lines show 939 

the results of a piecewise regression with relevant change-points for PW salinity 940 

 941 

Figure 6. Change in Cladium jamaicense (sawgrass) culm density and aboveground live biomass 942 

over time at the freshwater (FW) and brackish water (BW) sites for the ambient-water amended 943 

(+AMB) and saltwater amended (+SALT) treatments. Points represent the monthly mean (n=6) ± 944 

1 SE. Stars above the data point indicate that there was a significant (LSMEANS, P < 0.10) 945 

difference among treatments for that site.  946 

 947 

Figure 7. Annual mean (n=6) ± 1 SE of sawgrass aboveground net primary productivity (ANPP) 948 

separated by freshwater (FW) and brackish water (BW) site, ambient-water amended (+AMB) 949 

and saltwater amended (+SALT) treatments, and year.  950 

 951 

Figure 8. Instantaneous rates (mean, n=4 ± 1 SE) of freshwater gross ecosystem productivity (a; 952 

GEP), ecosystem respiration of CO2 (b; ER), and net ecosystem productivity (c; NEP) and 953 

brackish water GEP (d), ERCO2 (e), and NEP (f) over 2 years from both the freshwater and 954 

brackish water sites. The bottom panel also plots water level (blue line) in relation to the soil 955 

surface over time. For visual clarity, the “no-chamber” control plots were not added, as they 956 

were not significantly different from the +AMB plots (P > 0.10). Stars represent months in 957 

which treatments were significantly different from each other (LSMEANS, P < 0.10). 958 



Saltwater intrusion and carbon cycling 

 50 

 959 

Figure 9. Estimated ecosystem C cycling over the two-year study period for net ecosystem 960 

productivity (NEP), gross ecosystem productivity (GEP), and ecosystem respiration of CO2 961 

(ERCO2) from the freshwater (FW) and brackish water (BW) sites and how it changes ambient 962 

water (+AMB) or saltwater (+SALT) pulses. A negative NEP indicates that the marsh is a net C 963 

source to the atmosphere. Values represent mean (n = 6) ± 1 SD flux over the experimental 964 

timeframe in g C m-2 y-1. Annual flux was calculated using previously published GEP, PAR, ER, 965 

and temperature relationships for sawgrass (see Supplemental Methods) and previously derived 966 

light response curves for a sawgrass freshwater and brackish water marsh (Neubauer 2013, 967 

Wilson et al. 2015). 968 

.969 
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  970 

Figure 1. 971 
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 972 

Figure 2. 973 

 974 
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 975 

Figure 3. 976 



Saltwater intrusion and carbon cycling 

 54 

 977 

Figure 4.  978 
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 979 

Figure 5. 980 

  981 
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 982 

Figure 6.  983 
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 985 

Figure 7.  986 

  987 
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 988 

Figure 8.  989 
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 990 

Figure 9.  991 


