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A B S T R A C T

Restricting human activities through Marine Protected Areas (MPAs) is assumed to create more resilient biological communities with a greater capacity to resist and
recover following climate events. Here we review the evidence linking protection from local pressures (e.g., fishing and habitat destruction) with increased resilience.
Despite strong theoretical underpinnings, studies have only rarely attributed resilience responses to the recovery of food webs and habitats, and increases in the
diversity of communities and populations. When detected, resistance to ocean warming and recovery after extreme events in MPAs have small effect sizes against a
backdrop of natural variability. By contrast, large die-offs are well described from MPAs following climate stress events. This may be in part because protection from
one set of pressures or drivers (such as fishing) can select for species that are highly sensitive to others (such as warming), creating a ‘Protection Paradox’. Given that
climate change is overwhelming the resilience capacity of marine ecosystems, the only primary solution is to reduce carbon emissions. High-quality monitoring data
in both space and time can also identify emergent resilience signals that do exist, in combination with adequate reference data to quantify the initial system state.
This knowledge will allow networks of diverse protected areas to incorporate spatial refugia against climate change, and identify resilient biological components of
natural systems. Sufficient spatial replication further offers insurance against losses in any given MPA, and the possibility for many weak signals of resilience to
accumulate.

1. Introduction

A major challenge for conservation science is to maximize sustain-
ability of natural resource use when human activities increasingly
threaten ecosystems (Oliver et al., 2015a, 2015b). Improving sustain-
ability outcomes requires multi-disciplinary, multi-scale, multi-taxon
methods to quantify the capacity of ecosystems to cope with existing
and future pressures (Williams et al., 2008; Foley et al., 2010; Edgar
et al., 2016). Scientists and policy-makers are thinking both globally
and locally to implement sustainability-based management objectives
prescribed by international governance structures (Gill et al., 2017).
Under the Convention on Biological Diversity Aichi Targets (6 and 11)
and Sustainable Development Goal 14 (SDG14), all oceans are to be

sustainably used, and thus “protected” from over-exploitation, and 10%
of coastal seas should be fully protected from human activities by 2020.

Protecting habitats and species from human pressures is assumed to
promote communities that are more resilient (Carpenter et al., 2001).
Here, we consider resilience as a function of two measures of dis-
turbance-induced ecological change: resistance to and recovery from
disturbance. Resistance is the capacity of a system to maintain function
and structure in the face of an acute disturbance (Holling, 1973;
Kerkhoff and Enquist, 2007; Hodgson et al., 2015; Nimmo et al., 2015).
Recovery is the rate of return to a community structure and function
similar to the pre-perturbation state (Hodgson et al., 2015; Oliver et al.,
2015a), where a community is an assemblage of species characterised
by particular dominant species that re-occurs in space and time.
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Resilience is an intrinsic property that depends on both the trajectory of
disturbance events (the magnitude and rate of change) (Kerkhoff and
Enquist, 2007) and the initial state of the biological system (Beisner
et al., 2003).

To support the overarching goal of maintaining ecosystem functions
through resilience, fully protected areas in marine systems (i.e., no-take
Marine Protected Areas (MPAs), marine reserves) are considered “im-
portant mechanisms for safeguarding ocean life” (SDG14). Yet, the
capacity of MPAs to protect ocean ecosystems from climate change
remains an open question (Roberts et al., 2017). While we can protect
biodiversity from impacts related directly to local human activities, it is
difficult to predict the indirect changes in food webs and ecological
interactions. Protected areas have historically been designed to restrict
activities that remove species and destroy habitats directly, but climate
change drivers, such as ocean acidification, long-term warming, and
extreme heat events (McLeod et al., 2009), operate over larger scales
that do not necessarily respect MPA borders. Climate change drivers
have not, until recently, been considered in designing MPAs.

Here, we consider whether protected areas offer greater resilience
when exposed to extreme events because the biological communities
they harbour are in a more natural condition. We focus on biological
responses to decadal signals of ocean warming and extreme weather
events in areas protected from fishing – because this research area is
relatively data rich. Given that protection from human pressures is
expected to increase resilience through a number of direct and indirect
mechanisms, we consider these various mechanisms at the biological
scales at which researchers measure resistance and recovery: food web,
habitat, community and population. We then discuss why relatively
little empirical support exists for many proposed resilience mechan-
isms, and present scenarios in which protection from local pressures is
inadequate to sustain species exposed to multiple climate change dri-
vers and disturbance events – or may even increase changes in the
biological communities exposed to such events. Finally, we make re-
commendations for an effective, equitable and ecologically connected
global conservation network.

2. Resilience mechanisms in MPAs

Much of what we know about the influence of protection on resi-
lience comes from fisheries data. Fished stocks are typically monitored
in time and space because fisheries have economic value and main-
taining viable stocks is a key priority. When no-take MPAs are im-
plemented, monitoring is conducted to determine if preventing ex-
ploitation of populations and restricting fishing gears that damage
critical ecological habitat succeed in meeting conservation objectives.
Monitoring has revealed fished populations can rebound and enhance
food webs within years to decades following protection (Babcock et al.,
2010; Costello, 2014; Coleman et al., 2015), and species forming bio-
genic habitats can often recover naturally when protected. Various fa-
cets of biodiversity are also expected to improve with protection, both
at the level of communities (e.g., species diversity) and populations
(e.g., genetic). Here we briefly discuss the mechanisms expected to
promote resilience at four levels of biological organization.

2.1. Food web

2.1.1. Increase in predators
Given the importance of body size in structuring populations, eco-

logical networks and food webs (Woodward et al., 2005), any change in
average body size of individuals (particularly at higher trophic levels)
can have profound cascading impacts on communities. Protection from
fishing allows large species to recover and increases the relative num-
bers of large individuals, leading to higher overall biomass (Pauly et al.,
1998; Fenberg and Roy, 2008; Lotze et al., 2011; Costello, 2014;
Coleman et al., 2015) (Fig. 1). For instance, coral reefs with some form
of fisheries restriction, in particular no-take areas, support (on average)

more carnivores, bigger individuals and higher fish biomass than
comparable reefs open to fishing (Costello, 2014; MacNeil et al., 2015;
Campbell et al., 2018).

More intact trophic food webs and greater trophic web complexity
arising from protection influence the strength of ‘top-down’ trophic
cascades (Heath et al., 2013; McCauley et al., 2015). Shifts in abun-
dance at the highest trophic levels are transferred to lower trophic le-
vels through connectivity between taxa in food webs. While the re-
moval of top predators by fishing can drive cascading effects that
completely restructure food webs (Frank et al., 2005), the same is true if
predator populations recover. Abundant predators keep species such as
herbivorous urchins in check, and allow kelp and other macroalgae to
flourish where they were previously grazed bare (e.g., Leleu et al.,
2012). However, there are also examples from coral reefs where higher
abundances or biomass of predators have failed to trigger trophic cas-
cades (e.g., Ruppert et al., 2013; Rizzari et al., 2014).

The presence of large individuals has also been linked to population
and community stability in protected areas across a number of studies
and locations (Fenberg and Roy, 2008). Long-term data from Australia's
tropical and temperate reefs demonstrate clearly that community
composition is more stable (i.e., resists change under environmental
variability) within protected areas where top predators are present,
compared to adjacent habitats open to fishing, with relatively more
rapid recovery following climate disturbances (Bates et al., 2013;
Mellin et al., 2016).

Theory developed from the field of invasion ecology also predicts
that the retention or recovery of top predators can help local commu-
nities resist colonization by invasive and range-shifting species. This
‘biotic resistance’ is due to stronger top-down control on community
structure where invasive or range-shifting species are consumed (Worm
et al., 2006; Byrnes et al., 2007). There is some evidence that larger
predators in protected areas can limit initial colonization (Bates et al.,
2017). For example, larger lobsters in protected areas feed on and limit
populations of an urchin (Centrostephanus rodgersii), a pest species that
has shifted its historical range to Tasmania (Ling et al., 2009; Johnson
et al., 2011). By contrast, the abundance of invasive lionfish in the
Caribbean is unrelated to predator densities (Hackerott et al., 2013).
Given these species-specific results and the limited coverage of no-take
MPAs (protected areas where fishing and other extractive activities are
prohibited presently cover < 2% of the ocean: Boonzaier and Pauly,
2016), it is difficult to envision how MPAs can presently limit invasive
and range-shifting species across seascapes. This is especially true
where the average larval dispersal distance vastly exceeds the reach of
most protected areas (Gaines et al., 2007).

2.1.2. Increase in herbivores
Retaining a greater biomass of herbivorous fishes has been strongly

advocated as a mechanism to increase the resilience of coral reef sys-
tems (e.g., Roberts et al., 2017). When herbivores increase in biomass
and graze down macroalgae, corals can colonize and grow (Graham
et al., 2015; Mellin et al., 2016; Nash et al., 2016; Strain et al., 2019).
Even so, the extent of increased herbivore biomass in protected areas,
and how increased herbivory in turn relates to coral reef resilience
depends on both the local and regional contexts - protection alone does
not necessarily translate into herbivore recovery. Herbivorous fishes on
coral reefs can increase or decrease depending on the type of coral
system, the relative fishing pressures on herbivores, and which top
predators occur in the region (e.g., Ogden and Lobel, 1978; Hughes
et al., 2007; Stuart-Smith et al., 2018; Bruno et al., 2019). Herbivore
responses also involve both fish and invertebrate players, especially in
temperate systems (Bates et al., 2017). Thus while this topic has caused
much debate in tropical systems, it is also unknown whether herbivore
recovery plays any role in resilience in temperate systems, where food
webs are simpler due to fewer species (e.g., Stuart-Smith et al., 2013).
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2.1.3. Increase in parasites
Given a strong focus of research on predation and herbivory, it is

possible that trophic effects among less charismatic fauna may be going
unrecognized. Parasites are a fundamental trophic guild that are un-
derstudied as a key driver of community patterns, yet theory predicts
that healthy and diverse parasite communities can stabilize food webs
(Lafferty et al., 2008). The increase in large fishes in protected areas
should lead to increased parasite populations due to the additional
biomass and higher host population abundances. In one case, higher
overall abundances of parasites in protected areas have been docu-
mented, but fewer parasites per individual fish were recorded without a
reduction in fish health (Wood et al., 2013). Focusing on the full
components of food webs will help us to predict how less-studied
trophic groups will respond to protection and extreme events.

2.2. Habitat

2.2.1. Increase in habitat complexity
Foundation taxa (i.e., those species responsible for the physical

structure of an ecosystem by forming biogenic habitats) are impacted
by human activities that cause physical damage such as benthic
trawling and dredging (Sciberras et al., 2018). When these pressures are
removed through management actions and benthic systems are pro-
tected from the physical damage such as arising from fishing gears
(Lotze et al., 2011), the recovery of habitat-forming species is possible
(Babcock et al., 2010) and sometimes rapid (Orth et al., 2017). Multiple
indirect mechanisms may also promote species that form critical habitat
(Babcock et al., 2010). For instance, coral and kelp cover can be higher
and more stable through time in some areas protected from fishing
(e.g., Bates et al., 2017; Castilla et al., 2007). The responses of these
foundation species have been attributed to a reduction in grazing in-
tensity through trophic shifts following protection (discussed in 2.1
Food Web) and declines in species that impede recruitment of habitat-
forming species (Castilla et al., 2007; Ling et al., 2009; Selig and Bruno,
2010; Leleu et al., 2012; Sala et al., 2012; Bates et al., 2017).

2.2.2. Increase in ecosystem functions
The ecosystem benefits of foundation species that form habitat (e.g.,

corals and sponges form reefs, seagrasses form meadows, macroalgae
form forests, oysters and mussels form beds) are well documented
(Bruno and Bertness, 2001; Palumbi et al., 2009). These species provide
habitat for diverse food webs through increased structural complexity
(Beck et al., 2001) and increased productivity (Cebrian, 2002), and

support numerous ecosystem functions and services (Barbier et al.,
2011). For instance, some species that form tubes and burrows can
stabilize sediments, and others, such as kelps, can change water flows
and temperature regimes (Palumbi et al., 2009). Regardless of the
pathway (direct, indirect, or a combination of both), recovery of ha-
bitat-forming species can benefit not only dependent species and sup-
port higher abundances of more species that play diverse community
roles, but also alter entire ecosystems. A future research direction is to
identify the vulnerability of habitat-forming species to climate change
and other drivers, and the potential role of these species in under-
pinning climate change resilience and other disturbances (e.g., as sug-
gested by Roberts et al., 2017).

2.3. Community

2.3.1. Increase in species diversity
The existence of large, well-managed protected areas is associated

with higher overall biodiversity, based on analyses across different
systems and regions (Fenberg et al., 2012; Edgar et al., 2014). Increases
in the richness and diversity of species in a community are predicted to
lead to greater levels and stability of ecological functions, along with
the capacity to resist and recover from disturbance events (Tilman
et al., 1996; Figge, 2004).

This “portfolio effect” may be generated by the variation among
taxa in their responses to disturbance, i.e., response diversity, leading to
asynchrony between species' population sizes and ultimately greater
ecological stability (Wang and Loreau, 2014; Oliver et al., 2015a).
Response diversity is thus predicted to provide insurance against
changes in functioning due to loss of species, and is considered crucial
for ecosystem renewal and reorganisation following disturbances
(Mouillot et al., 2016). However, evidence for response diversity (at the
community level) leading to resilience in natural systems is sparse
(Fig. 1).

Manipulative experiments do suggest that more species should
translate to greater functioning and resilience across a range of marine
ecosystems (Maggi et al., 2011; Gamfeldt et al., 2014). In terms of real-
world datasets, diverse rocky and coral reef fish communities appear
(on average) more resistant to warming and variability in temperature
(Duffy et al., 2016), and are more temporally stable (Bates et al., 2013;
Mellin et al., 2014), with lower rates of collapse and extinction of
commercially important fish and invertebrate taxa over time (Worm
et al., 2006). However, the relationship between species richness and
the portfolio of functional roles appears to be stronger in species-poor

Fig. 1. Protection from human pressures has been
shown to maintain or improve habitats, food webs
and diversity of communities and populations
through a number of mechanisms discussed in the
main text. These different scales of biological orga-
nization are ranked based on the varying strengths of
evidence for mechanisms leading to each outcome,
which in turn supports increased ecological resi-
lience. Accumulation of weak signals of resilience
across many different biological scales should en-
hance the overall capacity of protected communities
to resist and recover from climate drivers.
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communities than in species-rich ones (Duffy et al., 2016). Temperate
communities tend to exhibit lower functional redundancy; conse-
quently, removal of one species from a temperate area may generate
larger negative consequences for the ecosystem than the removal of one
species from a more diverse tropical assemblage (Micheli and Halpern,
2005). However, empirical evidence of relationships between species
richness, functional diversity and resilience may be highly context de-
pendent (Wahl et al., 2011; Zhang et al., 2014) and differ between
temperate and tropical communities – highlighting important future
research areas to be tested in quantitative frameworks.

2.4. Population

2.4.1. Increase in genetic diversity
Protected areas may play a role in facilitating both the resistance of

individuals to disturbance events (such as due to climate extremes) and
population recovery following high mortality. This is because fishing,
through targeting individuals, can reduce genetic and trait specific di-
versity (Pinsky and Palumbi, 2014; McCauley et al., 2015). A reduction
in genetic diversity likely represents a loss of adaptive potential that
may impair the capacity of a population to resist or recover from a
disturbance (Walsh et al., 2006), whereas management actions that
lead to the opposite effect – enhancement of genetic diversity – should
increase population-level resilience. However, we are unaware of data
showing an MPA to have such an effect.

2.4.2. Increase in body size
The influence of fisheries exploitation on certain life-history traits

(e.g., size, age and reproduction) can affect the temporal dynamics of
recruitment (Anderson et al., 2008; Planque et al., 2010). Fish in
exploited populations tend to be smaller, thinner, and less fecund, and
reproduce at smaller sizes (Jørgensen et al., 2007). Size-based trait
selection has important implications because trophic interactions and
spatial dynamics in the ocean tend to be based on body size (Webb
et al., 2011). Larger fish, for instance, tend to have longer spawning
seasons (Hixon et al., 2014). Longer spawning windows mean un-
favourable periods can be avoided, whereby the timing of spawning
events can be delayed until the return of more favourable conditions,
thereby promoting successful recruitment (Hixon et al., 2014). Indeed,
following a hypoxic event in Baja California that caused widespread
mortality in many benthic invertebrate species, pink abalone (Haliotis
corrugata) were less affected in MPAs than in unprotected areas
(Micheli et al., 2012). The relatively larger body size and egg produc-
tion of the adults found within MPAs, and the related success in juvenile
recruitment, conferred population stability and recovery following ex-
posure to low oxygen.

2.4.3. Increase in body condition
A mechanism associated with resistance of large individuals is

health. Large individuals protected from capture in MPAs, or that better
maintain overall condition because of high food availability, should
possess more energetic reserves to cope with environmental variability
(although the reverse may be true if density dependence comes into
play, Lizaso et al., 2000). If abundant ectothermic consumers are sup-
ported by greater food quantity or quality, they might be more resilient
to environmental stressors. Enhanced energy requirements, due to
temperature-dependency for example, will be more likely to be met by
local resources during periods of elevated temperature (e.g., corals:
Hoogenboom et al., 2009, fishes: Pörtner and Peck, 2010). Larger and
more fecund animals can persist during unfavourable periods by uti-
lising body reserves, and release greater numbers of eggs and larvae
than small species once the unfavourable period has passed (Edgar,
1994). Such effects were observed during the prolonged 1983 El Niño
event in the Galapagos where, during a period of little water column
stratification and low primary and secondary production, small sea
lions tended to die before large individuals because of energy

limitations (Trillmich and Limberger, 1985). On the other hand, higher
abundance and metabolic demands with warmer temperatures may
increase competition for food such that populations become food lim-
ited or are impacted by high predation or foraging. The role of pro-
tection in providing an “energetic buffer” during warmer seasons and
years, and promoting individuals that are healthier and can survive
and/or recover following extreme events, deserves investigation.

2.4.4. Increase in physiological performance
The extent to which fishing selectively removes traits other than

those related to size (e.g., behavioural or physiological) has until re-
cently received relatively little attention (Biro and Post, 2008), but
these traits could be important in moderating population responses to
climate drivers. Growing empirical and theoretical evidence suggests
that, for passive-gear fisheries, the behavioural state of an individual
plays an important role in determining vulnerability to capture (Lennox
et al., 2017). For example, bold or aggressive individuals can out-
compete conspecifics to a bait or encounter bait more often through
higher activity levels, rendering them more vulnerable to capture, and
ultimately resulting in timid and less behaviourally diverse populations
(Uusi-Heikkilä et al., 2008; Rupia et al., 2016; Arlinghaus et al., 2017;
Cooke et al., 2017). Such bold and aggressive behavioural types are
often associated with particular metabolic phenotypes. Humans may
therefore be applying directional selection pressures across seascapes,
potentially leading to populations with smaller, more timid individuals,
and thus fundamentally restructuring communities.

3. Factors contributing to limited evidence for resilience in
protected areas

3.1. Variability in impacts and responses

Given the theoretical expectations for greater resilience in protected
areas but the limited evidence for these mechanisms (Fig. 1), we ask:
why aren't we detecting evidence of enhanced resistance and recovery
in protected areas more generally? We explore four possible con-
tributing factors here.

First, the systems in which we are testing for resilience might have
already been heavily altered by climate change and human activities,
and may therefore not follow theoretical expectations (Knowlton and
Jackson, 2008; Lotze and Worm, 2009). For example, if temperature
regimes are shifting rapidly, then recovery to undisturbed conditions
will be attenuated or impossible. While MPAs are often monitored, most
MPAs are young (Babcock et al., 2010; Edgar et al., 2014). Thus climate
change and other human activities have likely already impacted MPAs
before their implementation and subsequent monitoring (Shifting
Baseline Syndrome: Papworth et al., 2009).

Second, resilience responses in real world communities are also
complicated by the level of protection and enforcement afforded to an
MPA, as well as MPA size and age. In fact, the effectiveness of most
protected areas at limiting local human pressures is compromised.
Many MPAs allow some fishing and are poorly enforced (Claudet et al.,
2008; Costello, 2014; Edgar et al., 2014). Many MPAs are also small,
with high edge to area ratios, and thus resilience responses will be at-
tenuated by encroaching fishing activities, such as heavy boundary
fishing pressure. Small MPAs also may have significant movement of
individuals from exploited species outside protected boundaries, which
may not be measured (Gell and Roberts, 2003). Most protected areas
are also young, and the mechanisms facilitating resilience may take
multiple decades to manifest as communities recover following pro-
tection (Babcock et al., 2010; Lotze et al., 2011; MacNeil et al., 2015).

Third, multiple resilience responses are expected and even depend
on the particular response being measured (Bates et al., 2017). For
example, two case studies found positive relationships between habitat
complexity and resistance to disturbance: a Mediterranean algal system
(long-term, over a decade, Fraschetti et al., 2013) and a tropical
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seagrass system (short-term, before and after a monsoon event, Alonso
Aller et al., 2017). Resilience mechanisms may therefore be missed if
the data required to quantify a specific mechanism were not included in
a monitoring program. Yet it is challenging to imagine how to measure
all possible combinations of biological responses in all species present
with high-resolution data (from genes to communities). The biological
rates and outcomes underlying responses such as physiological stress
and increased survivorship are inherently difficult to measure in the
field. Such processes are rarely observed or measured directly in field
studies and may require proxies of biochemical processes (Dahlhoff,
2004), biomass (Caddy, 2004; Piatt et al., 2007), or resource-intensive
tagging studies (Heupel and Simpfendorfer, 2002; Gormley et al., 2012)
to approximate true values. Such data may be particularly important
when indirect mechanisms such as behavioural selection underpin
species responses following protection, but will require dedicated
budgets for on-going monitoring.

Fourth, even when monitoring programs are designed to quantify
resilience responses following protection, the magnitude of these dy-
namics may be highly variable, dampened by other signals, and difficult
to detect (Ciannelli et al., 2004). Indeed, when resilience mechanisms
have been reported the effect size is small in both temperate (e.g., Bates
et al., 2013) and tropical systems (Mellin et al., 2016; Alonso Aller
et al., 2017). Moreover, responses may be linear or weakly non-linear
over time, or display strong thresholds. In many cases we may not have
sufficient empirical evidence to detect these types of responses with
small effect sizes, even though these signals may exist.

Given this set of challenges, measuring resilience likely requires
quantitative data at different scales of biological organization.
Biodiversity change can only be inferred from long-term (decadal)
baselines and comparisons with reference areas. The only likely re-
ference areas, or controls, are large and old protected areas, or locations
otherwise not directly or indirectly impacted by human activities, such
as military zones (Cizek et al., 2013). Any attempts to measure

resilience should take into account attributes that may shape the re-
sistance profiles and recovery trajectories. These include MPA size and
age of reserves, as well as any neighbouring impacts, baseline ex-
pectations of natural variability, historical exploitation levels, and the
existing community composition. Such data are rare globally and fun-
damentally limited by sample size (Edgar et al., 2016). It therefore
remains an open question if the observed effects sizes, which are small,
integrate across seascapes to build resilience at a network scale that is
greater than a sum of parts (Gao and Barabási, 2016). Moreover, it is
possible that further monitoring will reveal stronger effects once con-
founding variables are identified and controlled for, and with the in-
creasing information available on the recovery of protected areas fol-
lowing disturbance events.

3.2. The Protection Paradox

While detecting resilience outcomes in MPAs is difficult, mortality
events can be conspicuous. Indeed, mass mortality events such as coral
bleaching are well known from MPAs (Hughes et al., 2018). If the
species and habitats that are protected from local human pressures are
also more sensitive to climate-related environmental variability (i.e.,
vulnerability traits are linked), protected areas in which they are al-
lowed to recover may stand to lose the most when other or more severe
disturbances hit. For instance, coral species that are sensitive to phy-
sical disturbance because they are branching can also be sensitive to
warming (Jackson and Hughes, 1985; Hughes et al., 2003; Darling
et al., 2013). In fact, many habitat-forming species that are protected,
for example, when coastal development is limited or human activities
that damage the benthos are prevented, are also highly sensitive to
increases in temperature, extreme weather and storms. Seagrass and
kelp, for example, appear to be negatively affected by warming events
(Wernberg et al., 2016) and shifts in nutrient regimes (Lefcheck et al.,
2017). Recent losses of reef-building corals have been primarily driven

Fig. 2. Communities protected from local human pressures in Marine Protected Areas (MPAs) recover individuals and species. A “Protection Paradox” arises when an
MPA is hit by a disturbance event and loses more individuals or species in comparison to areas outside the MPA. We illustrate this effect here with different coral
morphotypes represented by massive and branching shapes. Branching corals that are reef-forming competitive dominants such as Acropora spp. are relatively
sensitive to physical damage from local human activities, such as from boating anchors and fishing nets, and are more easily lost from unprotected communities.
However, massive corals recover under local protection. Even so, extreme heat events cross MPA borders and it is branching morphotypes that are also the most
thermally sensitive (e.g., Hughes et al., 2018), resulting in a relatively larger reduction in coral cover and complexity in the protected compared to the unprotected
community and apparent low resilience to climate disturbances. By contrast, those species that are thermally resistant (e.g., mound-shaped corals) survive the
disturbance and thus coral cover remains more stable through time, displaying apparent high resilience.
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by warming and extreme heat events, causing bleaching, disease and
functional changes across coral reefs at a global scale (Hughes et al.,
2018). By virtue of having promoted the recovery of these habitats,
protected habitat-forming species are primed for losses in the event of
extreme heat events or other climate-related impacts.

When protection from one pressure is implemented (e.g., fishing)
and vulnerable species recover, these species may also be relatively
more sensitive to other pressures that are not regulated (e.g., climate
events) (Hughes et al., 2003). Here we describe this challenge as a
“Protection Paradox” (Fig. 2). When the performance of protected areas
are compared to areas open to fishing and other human activities, this
paradox is emphasized. In these impacted sites, many sensitive species
will have already been lost, i.e., ‘extinction filters’ (Balmford, 2006).
Extinction filters have the potential to make the most disturbed com-
munities appear the most resilient to extreme events by preselecting for
fewer, hardier species. Conversely, there may be relatively greater
losses in MPAs where there is equal or greater vulnerability to climate
effects but many more species to lose (Fig. 2).

This issue is apparent in tropical reef systems where coral loss after
thermal events can be markedly greater on reefs with higher coral cover
(Selig et al., 2012; Zhang et al., 2014) (Fig. 2). For example, coral
communities in Kenyan protected areas had higher coral cover than
those on fished reefs before the 1998 temperature anomaly that caused
a mass coral bleaching event, but lost a greater proportion of it during
the event (Darling et al., 2010). In this instance, prior to bleaching,
MPAs provided a refuge for coral species that were susceptible to the
direct impacts of fishing gear and to low herbivory (owing to the ab-
sence of herbivorous fishes in fished areas). Protected areas harboured a
rich set of hard coral species with varied forms, adding significant life-
history diversity and functional complexity to the system, but some of
these species also had low tolerance to warmer temperatures (Darling
et al., 2013). This example highlights the challenge of protecting spe-
cies with co-tolerances or co-susceptibilities to multiple climate stres-
sors and disturbances.

3.3. Exposure of MPAs to extreme events highlights the Protection Paradox

A disparity thus exists between research promoting MPAs as a tool
for increasing resilience and the many observations of mass mortality
events in protected areas. The best examples come from coral reef
systems. This is because a large global effort that has been placed on the
management and research of coral reefs, combined with the vulner-
ability of corals to temperature-related bleaching and damage due to
storms. Indeed, a ‘protection provides resilience’ paradigm now

underpins the management of coral reefs worldwide (Roberts et al.,
2017; West and Salm, 2003). However, there is very little empirical
evidence in support of this assumption (Bruno et al., 2019). On average,
protection had no overall effect on the magnitude of resistance or re-
covery of coral communities to large-scale disturbances, including
mass-bleaching events and storms, in 66 marine protected areas
worldwide (Bruno et al., 2019). Likewise, Selig et al. (2012) found that
the strong effect of warm sea surface temperature anomalies on corals
was unaffected by local protection in 289 marine protected areas. Nu-
merous other local and regional studies have reported similar results
(Carassou et al., 2013; Coelho and Manfrino, 2007; Graham et al., 2008;
Toth et al., 2014). The recent (from 2015 to 2017) mass bleaching and
subsequent heavy coral mortality on some of the world's most isolated
and well-protected reefs, e.g., the Great Barrier Reef, the Chagos Ar-
chipelago, Jarvis and other equatorial Pacific atolls (Sheppard et al.,
2017; Brainard et al., 2018; Hughes et al., 2018), support the broader
inference that local protection, or the reduction of local anthropogenic
stresses, does not boost resilience of corals to extreme exposure to
strong temperature-related stressors.

These observations of coral ecosystems raise an expectation that can
be extended beyond the tropics: extreme events are increasing (e.g.,
heat waves: Oliver et al., 2018). Extreme heat (and other climate)
events will cross the borders of protected areas and may damage and
alter the communities and habitats present. Our own analysis of the
geographic extent of heat wave events in relation to MPA size supports
this contention. Here, we define the incidence of heat waves as thermal
stress anomalies, TSA (as in Selig et al., 2010). TSA are when tem-
peratures exceed the climatologically warmest week of the year by 1 °C
or more based on a 31-year historical baseline period from 1982 to
2012 at 4-km resolution (CoRTAD database, version V, available at
https://www.nodc.noaa.gov/SatelliteData/pathfinder4km/). We iden-
tified all no-take MPAs larger than 16 km2 (n=368, from the World
Database on Protected Areas (IUCN and UNEP-WCMC (2018)), and
matched the temperature data to these locations. We found that the
median size of MPAs with some no-take area that were affected by at
least one thermal stress anomaly was 1145 km2, whereas the median
size of a thermal stress anomaly falling within the boundaries of an
MPA was 64 km2. Overall, only 20% of thermal stress anomalies im-
pacted the full extent of MPAs. However, from 1982 to 2012, there was
an increasing trend for the total area being hit by thermal stress
anomaly events to increase, reaching 1.5 million square kilometers
(Fig. 3).

Mean sea-surface temperatures within protected areas will warm by
an estimated 2.8 °C compared to present by 2100 (business-as-usual

Fig. 3. Total area of no-take marine protected areas
(MPAs) undergoing thermal stress anomalies (TSA) at
weekly intervals, reported as weeks (bottom x-axis) and
years (top x-axis) since 01/01/1982. The time-series ends
25/12/2012. Area totals through time are based on loca-
tions of current MPAs and do not take the date of de-
claration into account. The data series illustrates that the
total area presently protected in our oceans is consistently
exposed to thermal stress anomalies. Given that it is diffi-
cult to predict thermal stress events, it may not be possible
to design MPAs so that they will remain untouched by
thermal stress events.
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scenario, representative concentration pathway 8.5 (RCP8.5); van
Vuuren et al., 2011), with mean sea surface temperature and oxygen
concentration exceeding their ranges of current natural variability by
mid-century in 42% of MPAs (Bruno et al., 2018). Moreover, the esti-
mated temperature limits for the average species within shallow rocky
and coral reef species in protected areas will be exceeded by 2050 in the
warmest tropical seas, and a century later for many protected com-
munities at higher latitudes (Stuart-Smith et al., 2015; Bruno et al.,
2018). Historical data, in combination with case studies, predict both
high exposure and sensitivity to future change in species residing in
protected areas. Mortality events can therefore be expected in protected
areas given a scenario of unabated carbon emissions. Thus an important
first step, given that most MPAs were not put in place with climate
change as a design constraint, is to explicitly consider climate change
when planning MPA networks. For instance, locations with low climate
velocity or those with steep depth gradients (and thus temperature
gradients) may offer refugia (Schloss et al., 2011).

Yet extreme temperature, low oxygen concentration and low pH
have different spatial patterns of emergence that do not overlap (Bruno
et al., 2018). Therefore planning to reduce exposure to one climate
change driver may increase exposure to another (Bruno et al., 2018).
Prediction of future climate events further comes with low accuracy
(e.g., Dessai et al., 2009). No-take MPAs implemented within a spatial
network may therefore be synergetic in terms of the resilience an in-
dividual MPA can provide, offering insurance against unexpected ex-
treme events (e.g., McLeod et al., 2009). MPAs within a network may
protect some populations, thereby maintaining the viability of species.
MPAs may also function, as has been suggested for terrestrial parks, as
migratory corridors, or stepping stones, for species tracking their cli-
mate niches (Thomas et al., 2012). Thus, no-take MPAs within a well-
connected network might provide large-scale resilience that individual
MPAs do not provide on a smaller scale, and thus provide insurance
against climate events and other disturbances that are spatially patchy
(e.g., Selig et al., 2010).

4. A global MPA network

Here, we have identified some of the theoretical reasons why in-
dividual MPAs, and MPA networks, can buffer ecological communities
against climate change and preserve the suite of goods and services
necessary for human well-being (Fig. 1). Fully protected networks of
MPAs are expected to support resilience at all levels of biodiversity.
Indeed, signals of resistance and recovery have been observed across
different scales of biological organization where quality data and ef-
fective MPAs are in place. However, in many examples these signals are
weak and require high-resolution monitoring and reference data to
detect, or are inconsistent across different aspects of diversity, systems
and regions. We therefore cannot assume that protection will provide
sufficient buffering against climate change via enhanced resilience.
Ultimately projected climate scenarios will overwhelm even the stron-
gest resilience effects recorded to date, and mitigation of global
warming is the most pressing management response to protect against
adverse change.

In the interim, we suggest enhancing the global network of MPAs to
provide the spatial and habitat refugia, such as cooler upwelling areas,
from which impacted areas may be replenished through time. To help
prioritize important reference areas for inclusion in a global MPA net-
work, recognizing areas in which populations, species and functional
groups are either extremely vulnerable or resistant to particular en-
vironmental disturbances is also key. We further suggest creating pre-
cautionary networks in areas where we simply don't know how species
and communities will respond to climate drivers, including from deep
ocean systems. MPAs, in being focal areas for long-term monitoring,
will offer a framework for filling gaps in our biodiversity information
and facilitate earlier detection of warning signals for shaping manage-
ment actions.

Instead of debating whether individual MPAs increase particular
components of biodiversity and resilience to climate change, based on
arguably poor-resolution data in many cases (limited in space and
time), a seascape approach may offer considerable insight in the me-
chanisms by which networks of MPAs can offer system-level resilience.
Indeed, the failure of ecological resilience is often tested as a rapid
decline following a particular perturbation event, but in nature, a large
number of parameters interact to control resilience. Recent theoretical
advances suggest that common network features can increase resilience
(Gao and Barabási, 2016), and in terrestrial systems, defining and de-
livering resilience networks at the landscape scale has been prioritized
(e.g., Isaac et al., 2018), suggesting that similar approaches may also be
considered for seascapes. At a minimum, networks of MPAs will offer
some insurance against indiscriminate climate and disturbance events
that are spatially heterogeneous, and cross the borders of some MPAs
but not others.

While the primary solution to reducing the impact of climate change
on biodiversity is to reduce carbon emissions, we argue that fully pro-
tected areas need to be strategically expanded to represent biodiversity
in its full scope, to take advantage of resilience mechanisms where they
are known, and to include areas that can function as refugia from
various stressors. An increase in the area protected within networks
provides insurance to increase the probability that some areas will
persist within a mosaic of disturbance types and magnitudes. Building
insurance through protecting a diverse portfolio of natural systems is
vital not only for the ecosystem functions protected systems offer, but
also for the services that humans derive from protected areas.
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