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Abstract
1.	 Plant traits can provide unique insights into plant performance at the community 
scale. Functional composition, defined by both functional diversity and community‐
weighted trait means (CWMs), can affect the stability of above‐ground net primary 
production (ANPP) in response to climate extremes. Further complexity arises, 
however, when functional composition itself responds to environmental change. 
The duration of climate extremes, such as drought, is expected to increase with 
rising global temperatures; thus, understanding the impacts of long‐term drought 
on functional composition and the corresponding effect that has on ecosystem 
function could improve predictions of ecosystem sensitivity to climate change.

2.	 We experimentally reduced growing season precipitation by 66% across six tem-
perate grasslands for 4 years and measured changes in three indices of functional 
diversity (functional dispersion, richness and evenness), community‐weighted 
trait means and phylogenetic diversity (PD). Specific leaf area (SLA), leaf nitrogen 
content (LNC) and (at most sites) leaf turgor loss point (πTLP) were measured for 
species cumulatively representing ~90% plant cover at each site.

3.	 Long‐term drought led to increased community functional dispersion in three 
sites, with negligible effects on the remaining sites. Species re‐ordering following 
the mortality/senescence of dominant species was the main driver of increased 
functional dispersion. The response of functional diversity was not consistently 
matched by changes in phylogenetic diversity. Community‐level drought strate-
gies (assessed as CWMs) largely shifted from drought tolerance to drought avoid-
ance and/or escape strategies, as evidenced by higher community‐weighted πTLP, 
SLA and LNC. Lastly, ecosystem drought sensitivity (i.e. relative reduction in 
ANPP in drought plots) was positively correlated with community‐weighted SLA 
and negatively correlated with functional diversity.

4.	 Synthesis. Increased functional diversity following long‐term drought may stabilize 
ecosystem functioning in response to future drought. However, shifts in commu-
nity‐scale drought strategies may increase ecosystem drought sensitivity, depend-
ing on the nature and timing of drought. Thus, our results highlight the importance 
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1  | INTRODUC TION

Ecosystem function is largely determined by the functional attributes 
of resident plant species. Plant traits are useful for understanding 
how resources are acquired by plants (Reich, 2014; Wright et al., 
2004) and consequently transferred to or stored in various ecosys-
tem pools, such as plant biomass or soil organic matter (Lavorel & 
Garnier, 2002). Plant community functional composition, defined 
by community‐weighted trait means (CWMs) and functional diver-
sity (i.e. the distribution of traits within a community), responds to 
environmental change and can affect ecosystem processes, such as 
above‐ground net primary production (ANPP), nutrient cycling and 
decomposition (Díaz & Cabido, 2001). A trait‐based response‐and‐
effect framework has been proposed (Suding et al., 2008) whereby 
certain plant traits  indicate how species will shift in abundance in 
response to environmental change (e.g. conservative leaf water 
economic traits improve species tolerance to drought and warming; 
Anderegg et al., 2016; Soudzilovskaia et al., 2013), whereas other 
traits (or the same traits) are linked to specific ecosystem functions 
(e.g. leaf nitrogen content [LNC] is correlated with variability in 
ANPP; Garnier et al., 2004; Reich, 2012). The importance of climate 
in governing functional composition is well supported by commu-
nity scale surveys of plant traits on broad spatial and temporal scales 
(Newbold, Butchart, Şekercioǧlu, Purves, & Scharlemann, 2012; 
Reich & Oleksyn, 2004; Šímová et al., 2018; Wieczynski et al., 2019; 
Wright et al., 2005). Few studies, however, have assessed the re-
sponse of both functional diversity and CWMs to climate extremes, 
which are rare by definition (Smith, 2011), and the corresponding 
effect on ecosystem functioning across space and time.

Rising global temperatures increase rates of evapotranspiration 
and thus the intensity and duration of climate extremes, such as 
drought (Trenberth, 2011), with immediate and long‐lasting negative 
impacts on Earth's vegetation (Breshears et al., 2005). The magni-
tude of vegetation responses to drought varies among ecosystems 
with xeric ecosystems generally being more sensitive than mesic 
ones (Huxman et al., 2004; Knapp et al., 2015). Ecosystem resistance 
and resilience to drought have been linked to species diversity, and 
functional diversity in particular (Díaz & Cabido, 2001; Isbell et al., 
2015; Tilman & Downing, 1994; Tilman et al., 1997). Plant commu-
nities with high functional diversity are buffered against declines 
in ecosystem functions, such as ANPP, due to functional insurance 
(Anderegg et al., 2018; De La Riva et al., 2017; Grime, 1998; Pérez‐
Ramos et al., 2017). In other words, a greater diversity of species (and 

traits) increases the odds of one or more species surviving a drought 
and compensating for drought‐induced senescence or mortality of 
other species. Beyond diversity, the mean composition of traits (as 
measured by CWMs) can confer ecosystem resistance and resilience 
to drought, especially if species with traits linked to drought survival 
(McDowell et al., 2008) and/or drought avoidance/escape strategies 
(Kooyers, 2015; Noy‐Meir, 1973) are in high abundance.

Increasing complexity arises, however, when functional com-
position itself is altered by drought. An extreme climate event can 
act as an environmental filter allowing only certain species (and 
trait values) to persist, potentially leading to trait convergence 
and/or decreased functional and genetic diversity (Díaz, Cabido, 
Zak, Martínez Carretero, & Araníbar, 1999; Grime, 2006; Whitney 
et al., 2019); however, an array of biotic interactions influencing 
competition, coexistence and niche differentiation can act simulta-
neously to structure communities in an opposite manner (Cadotte 
& Tucker, 2017; Kraft et al., 2015). Thus, given uncertain and coun-
teracting roles of environmental filtering and niche differentiation, 
the net effects of drought on community functional composition 
are currently unpredictable. Indeed, the impact of drought, and 
aridity more broadly, on functional diversity is highly variable with 
positive (Cantarel, Bloor, & Soussana, 2013), negative (Qi et al., 
2015) and neutral (Copeland et al., 2016; Hallett, Stein, & Suding, 
2017) responses observed. These inconsistencies are likely due to 
differences in the selection of traits and functional diversity indi-
ces, the extremity of drought, and/or the spatial/temporal context 
in which aridity is being examined. Thus, coordinated, long‐term 
and multi‐site experiments are needed to assess the impact of ex-
treme drought on functional composition and ecosystem function.

The ‘Extreme Drought in Grasslands Experiment’ (EDGE) was 
established in 2012 to assess the drought sensitivity of ANPP in six 
North American grasslands, ranging from desert  grassland to tall-
grass prairie (Figure 1; Table 1). Grasslands are ideal ecosystems 
for assessing drought sensitivity as ANPP in these systems is highly 
responsive to precipitation variability (Hsu, Powell, & Adler, 2012; 
Knapp & Smith, 2001) and their short stature allows for easy in-
stallation of experimental drought infrastructure (Yahdjian & Sala, 
2002). We surveyed plant traits of the most common species at 
each EDGE site (cumulatively representing ~90% plant cover) and 
tracked changes in three indices of functional diversity (e.g. func-
tional dispersion, richness and evenness) and abundance‐weighted 
traits in response to a 4‐year experimental drought. Our trait survey 
included leaf turgor loss point (πTLP), specific leaf area (SLA) and LNC. 

of considering both functional diversity and abundance‐weighted traits means of 
plant communities as their collective effect may either stabilize or enhance eco-
system sensitivity to drought.
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Leaf economic traits such as SLA and LNC have been associated with 
plant ecological strategies (e.g. fast vs. slow resource economies and 
drought tolerance vs. avoidance; Frenette‐Dussault, Shipley, Léger, 
Meziane, & Hingrat, 2012; Reich, 2014) and are descriptive of ANPP 
dynamics (Garnier et al., 2004; Reich, 2012; Suding et al., 2008). 
Hydraulic traits such as πTLP are informative of leaf‐level drought 
tolerance and are expected to be predictive of plant responses to 
aridity (Bartlett, Scoffoni, & Sack, 2012; Griffin‐Nolan, Bushey, et 
al. 2018; Reich, 2014). Additionally, we measured plot‐level phyloge-
netic diversity to assess whether functional and phylogenetic diver-
sity are coupled in their response to drought (i.e. whether decreased 
functional diversity is driven by decreased genetic dissimilarity).

Drought resistance is multidimensional (i.e. a variety of traits can 
bestow or hinder drought resistance via a variety of mechanisms), 
thus, there are several plausible shifts in trait diversity and weighted‐
means in response to drought. Here, we test the hypothesis that 
high functional diversity and a high abundance of conservative leaf 
economic traits confer greater resistance of ANPP to drought, and 
ask how drought influences functional composition over time. A 
strong role of environmental filtering should be reflected in reduced 

functional diversity and altered community‐weighted trait means, 
with the direction of the mean trait shift dependent on the role 
of various traits in shaping drought resistance within and across 
ecosystems.

2  | MATERIAL S AND METHODS

2.1 | Site descriptions

The impact of long‐term drought on community functional di-
versity and abundance‐weighted traits was assessed in six native 
grassland sites spanning a 620 mm gradient in mean annual pre-
cipitation (MAP) and a 5.5°C gradient in mean annual temperature 
(Table 1; Knapp et al., 2015). These six sites encompass the four 
major grassland types of North America including desert grass-
land, shortgrass prairie, mixed grass prairie and tallgrass prairie. 
Experimental plots were established in upland pastures that had 
not been grazed for over 10 years, apart from the two mixed grass 
prairie sites (HPG and HYS) which were last grazed 3 years prior 
to this study. The tallgrass prairie site (KNZ) is burned annually 

F I G U R E  1   (a) Large rainfall exclusion shelters were established in six North American grassland sites as part of the Extreme Drought in 
Grasslands Experiment (EDGE; http://edge.biolo​gy.colos​tate.edu/). (b) These shelters passively remove 66% of incoming precipitation during 
the growing season leading to a ~40% reduction in annual precipitation for 4 years (error bars represent SE of mean precipitation during 
the 4 years). Drought treatments had negative effects on above‐ground net primary production in all sites ranging from the Sevilleta desert 
grassland (SBK) in New Mexico (c, photo credit: Scott Collins) to the Konza tallgrass prairie (KNZ) in eastern Kansas (d, photo credit: Alan 
Knapp). See Table 1 for site abbreviations [Colour figure can be viewed at wileyonlinelibrary.com]

http://edge.biology.colostate.edu/
www.wileyonlinelibrary.com
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following regional management regimes (Knapp, Briggs, Hartnett, 
& Collins, 1998), whereas other sites are unburned. Soil textures 
vary across sites from sandy to clay‐loam (Burke et al., 1991, 1989; 
Kieft et al., 1998).

2.2 | Experimental drought treatments

Drought was experimentally imposed at each site for 4 years using 
large rainfall exclusion shelters (Figure 1a; Yahdjian & Sala, 2002). 
At each site, twenty 36‐m2 plots were established across a topo-
graphically uniform area and hydrologically isolated from the sur-
rounding soil matrix using aluminium flashing and 6‐mil plastic 
barriers installed to a depth of at least 20 cm. Plots were split into 
4 subplots, each 2.5 × 2.5 m with a 0.5 m buffer on each side. Two 
of these subplots were designated for destructive measurements of 
plant biomass, one was designated for non‐destructive surveys of 
species composition, and the final subplot was left for research on 
decomposition and microbial communities (Fernandes et al., 2018; 
Ochoa‐Hueso et al., 2018).

Drought was imposed in ten plots per site by installing large shel-
ters (10 × 10 m2) which passively blocked 66% of incoming rainfall 
during each growing season—this is roughly equivalent to a 40% 
reduction in annual precipitation given that 60%–75% of MAP falls 
during the growing season in these ecosystems (April‐September for 
SGS, HPG, HYS and KNZ; April‐October for SBK and SBL). Rainfall 
exclusion shelters utilize transparent polyethylene panels arrayed at 
a density to reduce each rainfall event by 66%, thereby maintaining 
the natural precipitation pattern of each site (Knapp et al., 2017). 
The remaining ten plots per site were trenched and hydrologically 
isolated yet received ambient rainfall (i.e. no shelters were present). 
Treatment infrastructure was installed in the spring of 2012, yet 
drought treatments did not begin until April 2013 at the New Mexico 
sites (SBK and SBL) and 2014 at the northern sites (SGS, HPG, HYS 
and KNZ).

Rain gauges were established in a subset of control and treat-
ment plots. Rainfall exclusion shelters reduced annual precipitation 
by ~40% relative to ambient amount across all six sites (Figure 1b), a 
relative reduction comparable to the extreme drought that affected 
this region in 2012 (the 4th largest drought in the past century; 
Knapp et al., 2015). However, the experimental drought imposed 
here lasted 4 years rather than one.

2.3 | Species composition

Species composition was assessed at each site during spring and 
fall of each year starting one year before treatments were im-
posed. Absolute aerial cover of each species was estimated visually 
within four quadrats (1  m2) placed within the subplot designated 
for non‐destructive measurements. For each plot and species, ab-
solute cover was converted to average percent relative cover with 
the higher cover value in each year (spring or fall) used in the final 
analysis (Koerner & Collins, 2014). At the end of each growing sea-
son in the four northern sites, all above‐ground biomass was har-
vested in three quadrats (0.1 m2) which were placed randomly in one 
of two subplots designated for destructive measurements (altering 
between years). Biomass was sorted to remove the previous year's 
growth, dried for 48 hr at 60°C and weighed to estimate total ANPP. 
At the two Sevilleta sites (SBK and SBL), above‐ground biomass was 
estimated in spring and fall using a non‐destructive allometric ap-
proach (Muldavin et al., 2008) for each species occurring in each of 
the species composition subplots.

2.4 | Plant traits

Traits of the most abundant plant species per site were measured in 
an area adjacent to experimental plots to avoid destructive measure-
ments within plots. Thus, all traits were measured under ambient 
rainfall conditions. Plant traits were measured at different times of 

TA B L E  1  Characteristics of six grassland sites included in the ‘Extreme Drought in Grasslands Experiment’ (EDGE). Five‐year averages of 
Shannon's diversity index and species richness are shown for ambient plots at each site. Mean annual precipitation (MAP) and temperature 
(MAT) were taken from Griffin‐Nolan, Carroll, et al. (2018)

Sitea Grassland type
MAP  
(mm)

MAT  
(°C)

Shannon  
Diversity

Species  
Richness

Sevilleta Black Grama (SBK) Desert 244 13.4 2.04 10

Sevilleta Blue Grama (SBL) Shortgrass 257 13.4 3.39 12

Shortgrass Steppe (SGS) Shortgrass 366 9.5 5.79 17

High Plains Grassland (HPG) Mixed‐Grass 415 7.9 8.25 23

Hays Agricultural Research Center (HYS) Mixed‐Grass 581 12.3 7.52 23

Konza Prairie (KNZ) Tallgrass 864 13.0 6.14 16

aSites include a desert grassland [Sevilleta National Wildlife Refuge, dominated by black grama, Bouteloua eriopoda (C4)—SBK] and a southern 
Shortgrass Steppe [Sevilleta National Wildlife Refuge, dominated by blue grama (Bouteloua gracilis (C4))–SBL], both in New Mexico; a northern 
Shortgrass Steppe [Central Plains Experimental Range, dominated by B. gracilis—SGS] in Colorado; a northern mixed‐grass prairie [High Plains 
Grassland Research Center, co‐dominated by Pascopyron smithii (C3) and B. gracilis—HPG] in Wyoming; as well as a southern mixed‐grass prairie [Hays 
Agricultural Research Center, co‐dominated by P. smithii, Bouteloua curtipendula (C4) and Sporobolus asper (C4)—HYS] and a tallgrass prairie [Konza 
Prairie Biological Station, dominated by Andropogon gerardii (C4) and Sorghastrum nutans (C4)—KNZ], both in Kansas. 
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the growing season to capture peak growth and hydrated soil mois-
ture conditions. For SBK and SBL, traits were measured at the be-
ginning of the 2017 monsoon season (early August) to ensure fully 
emerged green leaves were sampled. For SGS and HPG, all traits 
were measured in late May and early June of 2015 to capture the 
high abundance of C3 species at these sites. For HYS and KNZ, traits 
were measured in mid‐July 2015, during peak biomass.

Ten individuals were selected along a transect the length of the 
experimental infrastructure and two recently emerged, fully ex-
panded leaves were clipped at the base of the petiole and placed in 
plastic bags containing a moist paper towel. Leaves (n = 20 per spe-
cies) were rehydrated in the lab, scanned and leaf area was estimated 
using ImageJ software (https​://imagej.nih.gov/ij/). Each leaf was then 
oven‐dried for 48 hr at 60°C and weighed. Specific leaf area (SLA) 
was calculated as leaf area/leaf dry mass (m2/kg). Dried leaf samples 
were then ground to a fine powder for tissue nutrient analyses. LNC 
was estimated on a mass basis using a LECO Tru‐Spec CN analyser 
(Leco Corp.).

Leaf turgor loss point (πTLP) was estimated for each species using 
a vapour pressure osmometer (Bartlett, Scoffoni, Ardy, et al., 2012; 
Griffin‐Nolan, Blumenthal, et al., 2019). Briefly, a single tiller (for 
graminoids) or whole individual (for forbs and shrubs) was unearthed 
to include root tissue and placed in a reservoir of water. Whole plant 
samples (n = 6/species) were relocated to the lab and covered in a 
dark plastic bag for ~12 hr to allow for complete leaf rehydration. 
Leaf tissue was then sampled from 5–8 leaves/species using a biopsy 
punch. The leaf sample was wrapped in tin foil and submerged in liq-
uid nitrogen for 60 s to rupture cell walls. Each disc was then punc-
tured ~15 times using forceps to ensure cell lysis, and quickly placed 
in a vapour pressure osmometer chamber within 30  s of freezing 
(VAPRO 5520, Wescor). Samples were left in the closed chamber 
for ~10 min to allow equilibration. Measurements were then made 
every two minutes until osmolarity reached equilibrium (<5 mmol/kg 
change in osmolarity between measurements). Osmolarity was then 
converted to leaf osmotic potential at full turgor (πo) (πo  =  osmo-
larity × −2.3958/1000) and further converted to πTLP using a linear 
model developed specifically for herbaceous species (Griffin‐Nolan, 
Ocheltree, et al., 2019): πTLP = 0.80πo − 0.845.

Estimates of functional diversity are highly sensitive to missing 
trait data (Pakeman, 2014). Our survey of plant traits failed to cap-
ture species that increased in abundance in other years or due to 
treatment effects. Thus, we filled in missing trait data using a variety 
of sources including published manuscripts or contributed datasets. 
Sampling year differed depending on data sources, but sampling 
methodologies followed the same or similar standardized protocols 
(Bartlett, Scoffoni, Ardy, et al., 2012; Griffin‐Nolan, Ocheltree, et al., 
2019; Perez‐Harguindeguy et al., 2016) and traits were often mea-
sured during the same season and from plots adjacent to or nearby 
the EDGE plots (see Appendix S1 in supporting information for more 
details). Data for πTLP were lacking for desert species common in the 
Sevilleta grassland (SBK and SBL), thus our analyses at these sites 
was constrained to SLA and LNC. For the northern sites (SGS, HPG, 

HYS and KNZ), sufficient πTLP data were available and were included 
in all analyses.

The final trait dataset included trait values for species cumu-
latively representing an average of 90% plant cover in each plot. 
Observations with less than 75% relative cover represented by trait 
data were removed from all analyses (21 of 600 plot‐year combina-
tions were removed; final range: 75%–100% plant cover/plot). For 
this core set of 579 observations, the number of species used to es-
timate indices of functional composition ranged from 11 to 37, with 
a mean of 28 species. Covariation between traits was tested across 
sites using log‐transformed data (‘cor’ function in base R). A signifi-
cant correlation was observed between LNC and πTLP (r = .292), but 
not between SLA and πTLP (r = .014) or SLA and LNC (r = −.117).

2.5 | Functional composition

Functional diversity is described by several indices, each of which 
describe different aspects of trait distributions within a commu-
nity (Mason, De Bello, Mouillot, Pavoine, & Dray, 2013). Given 
uncertainty as to which index is most sensitive to drought and/
or informative of ecosystem responses to drought (Botta‐Dukát, 
2005; Carmona, Bello, Mason, & Lepš, 2016; Laliberte & Legendre, 
2010; Mason et al., 2013; Mason, MacGillivray, Steel, & Wilson, 
2003; Petchey & Gaston, 2002; Villéger, Mason, & Mouillot, 2008), 
we calculated three separate indices of functional diversity using 
the dbFD function in the ‘FD’ R‐package (Laliberté & Legendre, 
2010; Laliberté, Legendre, Shipley, & Laliberté, 2014). Using a flex-
ible distance‐based framework and principle components analy-
ses, the dbFD function estimates functional richness (FRic; the 
total volume of x‐dimensional functional space occupied by the 
community), functional evenness (FEve; the regularity of spacing 
between species within multivariate trait space) and functional 
dispersion (FDis; the multivariate equivalent of mean absolute 
deviation in trait space) (Laliberte & Legendre, 2010; Villéger et 
al., 2008). FDis describes the spread of species within multivariate 
space and is calculated as the mean‐weighted distance of a species 
to the community‐weighted centroid of multivariate trait space. 
To control for any bias caused by the lack of πTLP data for two 
sites (SBK and SBL), we also calculated FRic, FEve and FDis using 
just two traits (SLA and LNC) across sites (i.e. two‐dimensional di-
versity). Multivariate functional diversity indices can potentially 
mask community assembly processes occurring on a single trait 
axis (Spasojevic & Suding, 2012); thus, FRic, FEve and FDis were 
also estimated separately for each of the three traits surveyed in 
this study.

Species richness is well correlated with both FRic and FDis and 
can have a strong effect on the estimations of these parameters, 
especially in communities with low species richness (Mason et al., 
2013). To control for this effect, we compared our estimates of 
FRic and FDis to those estimated from randomly generated null 
communities and calculated standardized effect sizes (SES) for 
each plot:

https://imagej.nih.gov/ij/
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where the mean and standard deviation of expected FDis (or FRic) 
were calculated from 999 randomly generated null community ma-
trices using a ‘name‐swap’ and ‘independent‐swap’ algorithm for FDis 
and FRic, respectively (R code modified from Swenson, 2014). These 
null model algorithms randomize the trait data matrix while maintain-
ing species richness and occupancy within each plot. The ‘name‐swap’ 
method also maintains relative abundance within each plot, thus pro-
viding insight into processes structuring plant communities (Spasojevic 
& Suding, 2012). Observed FEve is independent of species richness 
and thus was not compared to null communities (Mason et al., 2013).

We also  calculated community‐weighted means (CWMs) for 
each trait (weighted by species relative abundance), which further 
characterizes the functional composition of the community. Each 
index of functional diversity and CWMs was measured for each 
plot‐year combination using the fixed trait dataset (i.e. traits col-
lected in 2015/2017 plus contributed data) and % cover data from 
each year. Thus, the responses of CWMs and functional diversity 
to drought represent species turnover and interspecific trait differ-
ences. Intraspecific trait variability and trait plasticity were not as-
sessed in this study, but these typically contribute substantially less 
to total trait variation than interspecific trait variability, even when 
sampling across broad spatial scales and strong environmental gra-
dients (Siefert et al., 2015).

2.6 | Phylogenetic diversity

We quantified phylogenetic distinctiveness at the plot level using 
Faith's phylogenetic diversity (PD) index (Faith, 1992). A mixture of 
nine protein coding and non‐coding gene sequences were acquired 
from NCBI GenBank for each species. Following sequence alignment 
and trimming, maximum likelihood trees were constructed using 
RAxML (1000 bootstrap iterations, with Physcomitrella patens as tree 
outgroup) (version 8.2.10) (Stamakis, 2014). Following tree construc-
tion, PD was calculated using the picante package in R (Kembel et al., 
2010). To control for the effect of species richness, the standardized 
effect size (SES) of PD (PDses) was calculated using the ‘independent 
swap’ null model in the picante package.

2.7 | Data analysis

We tested for interactive effects of treatment, year and site on 
functional/phylogenetic composition using repeated measures 
mixed effects models (‘lme4’ package; Bates, Mächler, Bolker, & 
Walker, 2014). Site, treatment and year were included as fixed ef-
fects and plot was included as a random effect. Trait data were 
log‐transformed when necessary to meet assumptions of normal-
ity. Separate models were run for multivariate and single trait 
functional richness and dispersion (FDisses and FRicses), FEve, 
phylogenetic diversity (PDses), as well as each CWM (i.e. SLA, LNC 

and πTLP). Pairwise comparisons were made between drought and 
control plots within each year and for each site (Tukey‐adjusted 
p‐values  are presented). With the exception of xeric sites (e.g. 
Sevilleta), ambient temporal changes in species composition are 
often greater than treatment effects in global change experiments 
(Langley et al., 2018); therefore, functional and phylogenetic re-
sponses to drought are presented here as either log response ratios 
(ln(drought/control)) for FEve and CWMs or treatment differences 
(i.e. drought—control) for PDses, FDisses and FRicses. Calculating log 
response ratios of SES values was not appropriate as SES is often 
negative. Negative log response ratios are shown for community‐
weighted πTLP as this trait is measured in negative pressure units 
(MPa). All analyses were repeated for two‐dimensional diversity 
indices (i.e. those including just SLA and LNC).

The sensitivity of ANPP to drought was calculated as the % re-
duction in ANPP in drought plots for each site and for each year as 
follows:

where ANPP is the mean value across all plots of that treatment 
in a given year. Drought sensitivity is presented as an absolute 
value (abs) such that large positive values indicate greater sensitiv-
ity (i.e. greater relative reduction in ANPP). Correlations between 
annual drought sensitivity (n = 24; six sites and 4 years) and either 
current‐year (cy) or previous‐year (py) functional/phylogenetic 
composition indices (e.g. PDses, CWMs for each trait, as well as 
single trait and multivariate FDisses, FRicses and FEve) were inves-
tigated using the cor function in base R, with p‐values compared 
to a Benjamin–Hochberg corrected significance level of α = .0047 
for 32 comparisons. Variables that were significantly correlated 
with drought sensitivity at this level were included as fixed effects 
in separate general linear mixed effects models with site included 
as a random effect. To avoid pseudo‐replication, mixed effects 
models were then compared to null models (using AIC) where null 
models included only the random effect of site. Both marginal and 
conditional R2 values (Nakagawa & Schielzeth, 2013) were calcu-
lated for each mixed effect model using the ‘rsquared’ function in 
the ‘piecewiseSEM’ package (Lefcheck, 2016). All analyses were 
run using R version 3.5.2.

3  | RESULTS

The experimental drought treatments significantly altered com-
munity functional and phylogenetic composition with significant 
three‐way interactions in mixed effects models for each diversity 
index, except FRicses, and each abundance‐weighted trait (treat-
ment × site × year; Table 2). The six grassland sites varied extensively 
in the magnitude and directionality of their response to drought, 
variation that was associated with diversity index, trait identity and 

SES=
observed FDis−mean of expected FDis

standard deviation of expected FDis

Drought sensitivity=abs

(

100×
ANPPdrought−ANPPcontrol

ANPPcontrol

)



     |  2139Journal of EcologyGRIFFIN‐NOLAN et al.

drought duration. The most responsive functional diversity index 
across sites was functional dispersion (FDisses), with significant 
drought responses observed in all but two sites.

Four years of experimental drought led to significantly higher 
multivariate FDisses in half of the sites (SBK, SGS and HYS) with only 
a slight decline in FDisses observed at SBL in year 3 of the drought 
(Figure 2a). There were no observable treatment effects on FDisses 
at the wettest site (KNZ) or at the coolest site (HPG). Single trait 
FDisses did not consistently mirror multivariate FDisses, especially 
at the three driest sites (Figure 2b–d). For instance the increase in 
FDisses at SBK was largely driven by increased functional disper-
sion of LNC (Figure 2c), as FDisses of SLA did not differ significantly 
between drought and control plots. For SBL, multivariate FDisses 
masked the opposing responses of single trait FDisses. In the first 
two years of drought, opposite responses of FDisses of SLA and LNC 
canceled each other out, leading to no change in multivariate FDisses. 
It was not until year 3 that FDisses of both SLA and LNC declined at 
SBL leading to a significant response in multivariate FDisses. For SGS, 
FDisses of SLA increased in drought plots relative to control plots 
and remained significantly higher for the remainder of the exper-
iment (Figure 2b); however, this relative increase in FDisses of SLA 
was not captured in multivariate measures of FDisses due to a lack of 
response of FDisses of LNC and πTLP until the final years of drought 
(Figure 2c,d). On the contrary, single trait FDisses largely mirrored 
multivariate FDisses for the three wettest sites, with positive re-
sponses of FDisses for each trait at HYS and no significant responses 
observed at HPG and KNZ (Figure 2). Other indices of functional 
diversity (i.e. FRicses and FEve) were moderately affected by drought 
treatments depending on site, with treatment effects not consis-
tent across years (see Appendix S2, Figures S1 and S2). Estimates 
of functional diversity in two‐dimensional trait space (i.e. excluding 
πTLP from estimates of FDisses, FRicses and FEve across sites) did not 
differ drastically from estimates in three‐dimensional trait space 
(Appendix S2 and Figure S3).

Experimental drought led to a significant shift in community‐
weighted trait means across sites, largely away from conservative 

resource‐use strategies (Figure 3). Community‐weighted specific 
leaf area (SLAcw) initially decreased in response to drought for two 
sites (SBK and SBL); however, long‐term drought eventually led 
to significant increases in SLAcw at all six sites relative to ambi-
ent plots (Figure 3a). The positive effect of drought on SLAcw was 
not persistent in its significance or magnitude through the fourth 
year of the experiment for all the sites. Community‐weighted 
LNC (LNCcw) was unchanged until the final years of drought, at 
which point elevated LNCcw was observed for all sites but KNZ 
(Figure 3b). Lastly, drought effects on community‐weighted leaf 
turgor loss point (πTLP‐cw) were variable among sites with a signif-
icant decline in πTLP‐cw (i.e. more negative) at HPG, a significant 
increase in πTLP‐cw at SGS, a moderately significant increase at HYS 
(p = .06), and no change observed at KNZ (Figure 3c).

Phylogenetic diversity (PDses) was most sensitive to drought at 
the two driest sites, SBK and SBL, with variable effects observed 
at the wettest site, KNZ (Figure 4). Drought led to increased PDses 
at SBK in year 3 and decreased PDses at SBL in year 4 (Figure 4). At 
KNZ, PDses alternated between drought‐induced declines in PDses 
and no difference between control and drought plots; however, 
PDses of drought plots was significantly lower than control plots by 
the fourth year of drought. PDses did not respond to drought treat-
ments at SGS, HPG or HYS.

Across all 32 linear models run, the only significant predictors 
of ANPP sensitivity (following a Benjamin–Hochberg correction 
for multiple comparisons) were (a) SLAcw of the previous year, (b) 
FEve of SLA of the current year and (c) multivariate FEve of the 
current year (Table S2). These predictors were included as fixed 
effects in separate mixed effects models each with site as a ran-
dom effect. Following null model comparison (see methods), we 
observed a statistically significant positive relationship between 
drought sensitivity and previous year SLAcw (Figure 5a). In other 
words, grassland communities with low SLAcw in a given year ex-
perienced less drought‐induced declines in ANPP the following 
year. Significant negative correlations were observed between 
current year FEve (both multivariate and FEve of SLA) and drought 

TA B L E  2  ANOVA table for mixed effects models for the standardized effect size (SES) of multivariate functional diversity, community‐
weighted trait means and SES of phylogenetic diversity

Effect

SES of functional and phylogenetic diversity Community‐weighted trait means

FDis FRic FEve PD SLA LNC πTLP

Trt 3.68 0.0001 3.64 0.075 27.32*** 6.99** 0.002

Site 15.31*** 0.19 12.91*** 51.22*** 339.74*** 615.62*** 286.13***

Year 11.02*** 3.26* 1.44 11.18*** 33.44*** 58.06*** 122.19***

Trt × Site 2.43* 2.11 0.51 1.72 3.48** 0.26 6.30***

Trt × Year 11.98*** 0.47 1.52 3.51** 15.02*** 28.29*** 2.34

Site × Year 30.34*** 2.53*** 3.07*** 8.66*** 26.72*** 32.70*** 62.54***

Trt × Site × Year 7.21*** 0.89 2.17** 1.76* 9.13*** 7.12*** 3.52***

Note: F‐values are shown for fixed effects and all interactions. Statistical significance is represented by asterisks: *p < .05, **p < .01, ***p < .001.
Abbreviations: FDis, functional dispersion; FEve, functional evenness; FRic, functional richness; LNC, leaf nitrogen content; PD, phylogenetic diver-
sity; SLA, specific leaf area; πTLP, leaf turgor loss point.



2140  |    Journal of Ecology GRIFFIN‐NOLAN et al.

sensitivity; however, null model comparisons rejected the model 
with multivariate FEve and accepted the model with FEve of SLA 
(Figure 5b; Table S2).

4  | DISCUSSION

4.1 | Functional diversity

We assessed the impact of long‐term drought on functional diver-
sity of six North American grassland communities (Table 1). Removal 
of ~40% of annual rainfall for 4  years negatively impacted ANPP 
(Figures 1 and 5). In contrast, we observed positive effects of drought 
on functional dispersion (as compared to null communities; FDisses) 
in half of the grasslands surveyed here, with a negative response 
observed in only one site (Figure 2). While several indices of func-
tional diversity were measured in this study, FDisses was the most 
responsive to drought (Figure 2 and Table 2). Increased functional 

diversity following drought has previously been attributed to mech-
anisms of niche differentiation and species coexistence (Grime, 
2006), whereas declines in diversity are attributed to drought acting 
as an environmental filter (Diaz, Cabido, & Casanoves, 1998; Díaz 
et al., 1999; Whitney et al., 2019). In grasslands, several indices of 
functional diversity respond strongly to interannual variability in 
precipitation (Gherardi & Sala, 2015). Dry years often lead to low 
functional diversity as the dominant drought‐tolerant grasses per-
sist, whereas rare species exhibit drought avoidance (e.g. increased 
water‐use efficiency and slower growth) or escape strategies (e.g. 
early flowering) (Gherardi & Sala, 2015; Kooyers, 2015). Wet years, 
however, can lead to high diversity due to negative legacies of dry 
years acting on dominant grasses and the fast growth rate of 'drought 
avoiders'  which take advantage of large rain events that penetrate 
deeper soil profiles (Gherardi & Sala, 2015). While traits linked to 
drought tolerance may allow a species to persist during transient 
dry periods, long‐term intense droughts can lead to mortality of 

F I G U R E  2  The effect of 4 years of 
drought on the standardized effect size 
(SES) of functional dispersion (FDis) 
estimated in multivariate trait space 
(a) as well as for each trait individually 
(b–d). Drought effects are shown as 
the difference in SES of FDis between 
drought and control plots for each year, 
including the pre‐treatment year. Years 
with statistically significant treatment 
effects (p < .05) are represented by filled 
in symbols with the colour representing 
a positive ( ) or negative ( ) effect of 
drought. Open circles represent a lack of 
significant difference between control 
and drought plots, with ‘n.s.’ denoting a 
lack of significance across all years. Note 
that multivariate FDis of SBK and SBL are 
calculated using only two traits (SLA and 
LNC) while all three traits are included 
in the calculation of multivariate FDis 
for every other site. Site abbreviations: 
HPG, High plains grassland; HYS, Hays 
agricultural research station; KNZ, Konza 
tallgrass prairie; SBK, Sevilleta black 
grama; SBL, Sevilleta blue grama; SGS, 
Shortgrass steppe  [Colour figure can be 
viewed at wileyonlinelibrary.com]

www.wileyonlinelibrary.com
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species exhibiting such strategies (McDowell et al., 2008). Here, 
the variable effects of drought on FDisses can be explained by (a) 
mortality/senescence and reordering of dominant drought‐tolerant 
species (Smith, Knapp, & Collins, 2009) and (b) increases in the rela-
tive abundance of rare or subordinate drought escaping (or avoiding) 
species (Frenette‐Dussault et al., 2012; Kooyers, 2015). Species are 
considered dominant here if they have high abundance relative to 
other species in the community and have proportionate effects on 
ecosystem function (Avolio et al., 2019).

The increase in FDisses in the final year of drought within the 
desert grassland site (SBK) corresponded with >95% mortality 
of the dominant grass species, Bouteloua eriopoda. This species 

generally contributes ~80% of total plant cover in ambient plots. 
The removal of the competitive influence of this dominant spe-
cies allowed a suite of species characterized by a wider range of 
trait values to colonize this desert community. Indeed, overall 
trait space occupied by the community (i.e. FRicses) significantly 
increased in the final year of drought (Figure S1). Mortality of 
B. eriopoda led to a community composed entirely of ephemeral 
species, deep‐rooted shrubs and fast‐growing forbs (i.e. drought 
avoiders/escapers). It is worth noting that phylogenetic diversity 
(PDses) increased in the year prior to increased FDisses and FRicses 
(Figure 4), which suggests phylogenetic and functional diversity 
are coupled at this site.

F I G U R E  3  Log response ratios (lnRR) 
for community‐weighted trait means 
(CWM) in response to the drought 
treatment (lnRR = ln(drought/control). 
Focal traits include (a) specific leaf area 
(SLA), (b) leaf nitrogen content (LNC) 
and (c) leaf turgor loss point (πTLP). Years 
with statistically significant treatment 
effects (p < .05) are represented by filled 
in symbols with the colour representing 
a positive ( ) or negative ( ) effect of 
drought. Open circles represent a lack of 
significant difference between control 
and drought plots, with ‘n.s.’ denoting 
a lack of significance across all years. 
Symbol colour also reflects conservative 
( ) versus acquisitive ( ) resource‐use 
strategies at the community‐scale as high 
values of SLA, LNC and πTLP all reflect 
acquisitive strategies. Note that HYS 
experienced a moderately significant 
increase in πTLP (p = .06) in year 3 of 
drought. Axis scaling is not consistent 
across all panels. Negative lnRR is shown 
for πTLP such that positive values indicate 
less negative leaf water potential. Site 
abbreviations: HPG, High plains grassland; 
HYS, Hays agricultural research station; 
KNZ, Konza tallgrass prairie; SBK, 
Sevilleta black grama; SBL, Sevilleta blue 
grama; SGS, Shortgrass steppe [Colour 
figure can be viewed at wileyonlinelibrary.
com]

www.wileyonlinelibrary.com
www.wileyonlinelibrary.com
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The southern shortgrass prairie site in New Mexico (SBL) was 
the only site to experience decreased FDisses in response to drought 
(Figure 2). This is surprising considering SBK and SBL are within sev-
eral kilometres of one another (both within the Sevilleta National 
Wildlife Refuge) and experience a similar mean climate. This region 
is characterized by a sharp ecotone, however, resulting in different 
plant communities at SBK and SBL such that SBL is co‐dominated 

by B. eriopoda and Bouteloua gracilis, a closely related C4 grass. B. 
gracilis is characterized by greater leaf‐level drought tolerance than 
B. eriopoda (πTLP = −1.59 and −1.86 MPa for B. eriopoda and B. grac‐
ilis respectively) which allows it to persist during drought. While B. 
eriopoda and B. gracilis both experienced drought‐induced mortality 
(Baur et al. in prep), the greater persistence of B. gracilis led to sta-
bility in community structure with only moderate declines in FDisses 

F I G U R E  4  Drought effects on standardized effect size (SES) of phylogenetic diversity (PD). The effect of drought (i.e. drought—control) 
was calculated for the pre‐treatment year and each year of the drought treatment. Years with statistically significant treatment effects 
(p < .05) are represented by filled in symbols with the colour representing a positive ( ) or negative ( ) effect of drought. Open circles 
represent a lack of significant difference between control and drought plots, with ‘n.s.’ denoting a lack of significance across all years. Site 
abbreviations: HPG, High plains grassland; HYS, Hays agricultural research station; KNZ, Konza tallgrass prairie; SBK, Sevilleta black grama; 
SBL, Sevilleta blue grama; SGS, Shortgrass steppe [Colour figure can be viewed at wileyonlinelibrary.com]

F I G U R E  5  Drought sensitivity is (a) positively correlated with community‐weighted (log‐transformed) specific leaf area of the previous 
year (SLApy) and (b) negatively correlated with current year functional evenness of specific leaf area (FEve‐SLAcy). Drought sensitivity was 
calculated as the absolute value of percent change in above‐ground net primary production (ANPP) in drought plots relative to control 
plots in a given year. The plotted regression lines are from the output of two general linear mixed effect models (GLMM) including site as 
a random effect and the fixed effect of either SLApy (a; Sensitivity = 92.55 × SLApy − 205.44) or FEve‐SLAcy (b; Sensitivity = −224.8 × FEve‐
SLAcy + 132.42). Both the marginal (m) and conditional (c) R

2 values for the GLMM are shown. Site abbreviations: HPG, High plains grassland; 
HYS, Hays agricultural research station; KNZ, Konza tallgrass prairie; SBK, Sevilleta black grama; SBL, Sevilleta blue grama; SGS, Shortgrass 
steppe

www.wileyonlinelibrary.com
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in the third year of drought. Transient declines in FDisses may rep-
resent environmental filtering acting on subordinate species with 
traits much different from those of the dominant grasses. Indeed, 
decreased FDisses at SBL was accompanied by increased functional 
evenness (FEve) (Figure S2) and decreased PDses (Figure 4). Thus, the 
functional changes observed in this community were driven by both 
genetically and functionally similar species.

At the northern shortgrass prairie site (SGS), the response of 
FDisses to drought was likely due to re‐ordering of dominant species. 
The early season plant community at SGS is dominated by C3 grasses 
and forbs, whereas B. gracilis represents ~90% of total plant cover in 
mid‐ to late summer (Oesterheld, Loreti, Semmartin, & Sala, 2001). 
The nature of our drought treatments (i.e. removal of summer rain-
fall) favoured the subordinate C3 plant community at this site. We 
observed a shift in species dominance from B. gracilis to Vulpia octo‐
flora, an early season C3 grass, beginning in year 2 of drought (Baur 
et al. in prep). The initial co‐dominance of B. gracilis and V. octoflora 
increased FDisses of SLA (Figure 2b) as these two dominant species 
exhibit divergent leaf carbon allocation strategies (SLA = 12.5 and 
19.2 kg/m2 for B. gracilis and V. octoflora respectively). This empha-
sizes the importance of investigating single trait diversity indices 
(Spasojevic & Suding, 2012) as this community functional change 
was masked by multivariate measures of FDisses (Figure 2a). The 
eventual mortality of B. gracilis in the fourth year of drought led to 
significantly higher multivariate FDisses (Figure 2) as this late season 
niche was filled by species with a diversity of leaf carbon and nitro-
gen economies (LNC and SLA). Indeed, drought led to a 55% increase 
in Shannon's diversity index at SGS (Baur et al. in prep).

Functional diversity of the northern mixed grass prairie (HPG) 
was unresponsive to drought (Figure 2). This site has the lowest 
mean annual temperature of the six sites (Table 1) and is largely dom-
inated by C3 species which exhibit springtime phenology largely de-
termined by the availability of snowmelt (Knapp et al., 2015). Thus, 
the nature of our drought treatment (i.e. removal of summer rain-
fall) had no effect on functional or phylogenetic diversity at this site 
(Figures 2 and 4). On the contrary, we observed increased FDisses at 
the southern mixed grass prairie (HYS) in response to experimental 
drought (Figure 2a). Again, drought treatments led to increased cover 
of dominant C3 grasses and decreased cover of C4 grasses (Baur et 
al. in prep). Here, increased multivariate FDisses was largely mirrored 
by single trait FDisses (Figure 2b–d). The three co‐dominant grass 
species at this site (Pascopyrum smithii [C3], Bouteloua curtipendula 
[C4] and Sporobolus asper [C4]) are characterized by remarkably simi-
lar πTLP (ranging from −2.32 to −2.30 MPa). This similarity minimizes 
FDisses of πTLP as the weighted distance to the community‐weighted 
trait centroid is minimized (see calculation of FDis in Laliberte & 
Legendre, 2010). Indeed, HYS has the lowest FDis of πTLP relative 
to other sites (5‐year ambient average: SGS  =  0.67; HPG  =  0.93; 
HYS = 0.36; KNZ = 0.37). In the final years of drought, plots previ-
ously inhabited by dominant C4 grasses were invaded by Bromus ja‐
ponicus, a C3 grass with higher πTLP ( πTLP = −1.6), as well as perennial 
forbs, a functional type previously shown to have higher πTLP com-
pared to grasses (Griffin‐Nolan, Blumenthal, et al., 2019). Increased 

abundance of the dominant C3 grass, P. smithii, maintained the com-
munity‐weighted trait centroid near the original mean (−2.3 MPa), 
whereas the invasion of subordinate C3 species led to increased dis-
similarity in πTLP (Laliberte & Legendre, 2010). Additionally, P. smithii 
is characterized by low SLA relative to other species at this site 
(SLA = 5.73 kg/m2 for P. smithii vs. the SLAcw = 12.3 kg/m

2). Thus, 
increased abundance of P. smithii contributed to the spike in FDisses 
of SLA in year 3 of the drought (Figure 2b).

No change in community composition was observed at the tall-
grass prairie site (KNZ) and consequently we observed no change 
in FDis (Figure 2). Drought did cause variable negative effects on 
PDses at KNZ (Figure 4); however, the response was not consistent 
and thus warrants further investigation. It is worth noting that the 
drought response of PDses did not match FDisses responses in either 
SGS, HYS or KNZ (Figure 4). It is therefore important to measure 
both functional and phylogenetic diversity as closely related species 
may differ in their functional attributes (Forrestel et al., 2017; Liu & 
Osborne, 2015).

4.2 | Community‐weighted traits

Functional composition of plant communities is described by both 
the diversity of traits as well as community‐weighted trait means 
(CWMs), with the latter also having important consequences for 
ecosystem function (Garnier et al., 2004; Vile, Shipley, & Garnier, 
2006). We therefore assessed the impact of experimental drought 
on community‐weighted trait means of several plant traits linked 
to leaf carbon, nitrogen and water economy. Leaf economic traits, 
such as SLA and LNC, describe a species strategy of resource allo-
cation/use along a continuum of conservative to acquisitive (Reich, 
2014). Empirically and theoretically, conservative species with low 
SLA and/or LNC are more likely to persist during times of resource‐
limitation, such as drought (Ackerly, 2004; Reich, 2014; Wright, 
Reich, & Westoby, 2001), and community‐weighted SLA tends to 
decline in response to drought due to trait plasticity (Wellstein et al., 
2017). Alternatively, high SLA and LNC have been linked to strate-
gies of drought escape or avoidance (Frenette‐Dussault et al., 2012; 
Kooyers, 2015). Here, we observed increased SLAcw and LNCcw with 
long‐term drought in all six sites (Figure 3a), suggesting a shift away 
from species with conservative resource‐use strategies (i.e. drought 
tolerance) and towards a community with greater prevalence of 
drought avoidance and escape strategies. We likely overestimate 
these trait values given that we do not account for trait plasticity and 
the ability of species to adjust carbon and nutrient allocation during 
stressful conditions (Wellstein et al., 2017); however, our results do 
indicate species re‐ordering towards a plant community with inher-
ently higher SLA and LNC following long‐term drought. This is likely 
due to the observed increase in relative abundance of early‐season 
annual species (i.e. drought escapers) and shrubs (i.e. drought avoid-
ers), species that are characterized by high SLA and LNC, across most 
sites (Baur et al., in prep). Forbs and shrubs tend to access deeper 
sources of soil water than grasses (Nippert & Knapp, 2007), a char-
acteristic that has allowed them to persist during historical droughts 
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(i.e. drought escape; Weaver, 1958) and may have allowed them to 
persist during our experimental drought. This further supports the 
conclusion of a community shift towards drought escape strategies 
and emphasizes the importance of measuring rooting depth, and 
root traits more broadly, which are infrequently measured in com-
munity‐scale surveys of plant traits (Bardgett, Mommer, & Vries, 
2014; Griffin‐Nolan, Bushey, et al., 2018).

While leaf economic traits, such as SLA and LNC, are useful 
for defining syndromes of plant form and function at both the 
individual (Díaz et al., 2016) and community‐scale (Bruelheide 
et al., 2018), they are often unreliable indices of plant drought 
tolerance (e.g. leaf economic traits might not be correlated with 
drought tolerance within some communities, even if correlations 
exist at larger scales) (Brodribb, 2017; Griffin‐Nolan, Bushey, et 
al., 2018; Rosado, Dias, & Mattos, 2013). We estimated commu-
nity‐weighted πTLP, or the leaf water potential at which cell turgor 
is lost, which is considered a strong index of plant drought toler-
ance (Bartlett, Scoffoni, & Sack, 2012). Theory and experimental 
evidence suggests that dry conditions favour species with lower 
πTLP (Bartlett, Scoffoni, & Sack, 2012; Zhu et al., 2018). While 
this may be true of individual species distributions ranging from 
grasslands to forests (Griffin‐Nolan, Ocheltree, et al., 2019; Zhu 
et al., 2018), this has not been tested at the community scale or 
within a single community responding to long‐term drought. Here, 
we show that community‐scale πTLP responds variably to drought 
with negative (HPG), positive (SGS and HYS) and neutral effects 
(KNZ) (Figure 3c). While species can adjust πTLP through osmotic 
adjustment and/or changes to membrane characteristics (Meinzer, 
Woodruff, Marias, Mcculloh, & Sevanto, 2014), this trait plasticity 
rarely affects how species rank in terms of leaf‐level drought tol-
erance (Bartlett et al., 2014). Thus, these results suggest that com-
munity‐scale, leaf‐level drought tolerance decreased (i.e. higher 
πTLP) in response to drought in half of the sites in which πTLP was 
measured. The opposing effects of drought on community πTLP 
for SGS and HPG is striking (Figure 3c), especially considering 
these sites are ~50 km apart and have similar species composition. 
Increased grass dominance at HPG (Berger–Parker dominance 
index; Baur et al. in prep) resulted in decreased πTLP (i.e. greater 
drought tolerance), whereas at SGS, the community shifted to-
wards a greater abundance of drought avoiders/escapers. Forbs 
and shrubs in these grasslands tend to have higher πTLP compared 
to both C3 and C4 grasses (Griffin‐Nolan, Blumenthal, et al., 2019), 
which explains this increase in community‐weighted πTLP. Notably, 
the plant community at HPG is devoid of a true shrub species, 
which could further explain the unique effects of drought on the 
abundance‐weighted πTLP of this grassland.

4.3 | Drought sensitivity of ANPP

Biodiversity, and functional diversity more specifically, is well 
recognized as an important driver of ecosystem resistance to 
extreme climate events (Anderegg et al., 2018; De La Riva et 
al., 2017; Pérez‐Ramos et al., 2017). We tested this hypothesis 

across six grasslands by investigating relationships between sev-
eral functional diversity indices and the sensitivity of ANPP to 
drought (i.e. drought sensitivity). We observed a significant nega-
tive correlation between functional evenness of SLA and drought 
sensitivity, providing some support for this hypothesis (Figure 5b) 
while also emphasizing the importance of measuring single trait 
functional diversity indices (Spasojevic & Suding, 2012). The sig-
nificant negative correlation between FEve of SLAcy and drought 
sensitivity suggests that communities with evenly distributed leaf 
economic traits are less sensitive to drought. While other indices 
of functional diversity were weakly correlated with drought sen-
sitivity (Table S2), all correlations were negative implying greater 
drought sensitivity in plots/sites with lower community functional 
diversity.

The strongest predictor of drought sensitivity was community‐
weighted SLA of the previous year (Table S2). The significant pos-
itive relationship observed in this study (Figure 5a) suggests that 
plant communities with a greater abundance of species with high 
SLA (i.e. resource acquisitive strategies) are more likely to experi-
ence greater relative reductions in ANPP during drought in the fol-
lowing year. Furthermore, SLAcw increased in response to long‐term 
drought across sites (Figure 3), which may result in greater sensi-
tivity of these communities to future drought, depending on the 
timing and nature of drought. The lack of a relationship between 
πTLP and drought sensitivity was surprising given that πTLP is widely 
considered an important metric of leaf level drought tolerance 
(Bartlett, Scoffoni, & Sack, 2012). While πTLP is descriptive of indi-
vidual plant strategies for coping with drought, it may not scale up 
to ecosystem level processes such as ANPP. We recognize that the 
lack of πTLP data from the two most sensitive sites (SBK and SBL) 
limits our ability to accurately test the relationship between com-
munity‐weighted πTLP and drought sensitivity of ANPP. Our results 
clearly demonstrate, however, that leaf economic traits such as SLA 
are informative of ANPP dynamics during drought (Garnier et al., 
2004; Reich, 2012).

It is important to note that this analysis equates space for time 
with regards to functional composition and drought sensitivity. The 
drivers of the temporal patterns in functional composition observed 
here (i.e. species re‐ordering) are likely not the same drivers of spa-
tial patterns in functional composition and may have separate con-
sequences for ecosystem drought sensitivity. Nonetheless, these 
alterations to functional composition will likely impact drought leg-
acy effects (i.e. lagged effects of drought on ecosystem function 
following the return of average precipitation conditions). This is es-
pecially likely for these six grasslands given that they exhibit strong 
legacy effects even after short‐term drought (Griffin‐Nolan, Carroll, 
et al., 2018).

5  | CONCLUSIONS

Grasslands provide a wealth of ecosystem services, such as carbon 
storage, forage production and soil stabilization (Knapp et al., 1998; 
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Schlesinger & Bernhardt, 2013). The sensitivity of these services to 
extreme climate events is driven in part by the functional composi-
tion of plant communities (De La Riva et al., 2017; Naeem & Wright, 
2003; Pérez‐Ramos et al., 2017; Tilman, Wedin, & Knops, 1996). 
Functional composition responds variably to drought (Cantarel et al., 
2013; Copeland et al., 2016; Qi et al., 2015), with long‐term droughts 
largely understudied at broad spatial scales.

We imposed a 4‐year experimental drought which significantly 
altered community functional composition of six North American 
grasslands, with potential consequences for ecosystem function. 
Long‐term drought led to increased community functional disper-
sion in three sites and a shift in community‐level drought strategies 
(assessed as abundance‐weighted traits) from drought tolerance to 
drought avoidance and escape strategies. Species re‐ordering fol-
lowing dominant species mortality/senescence was the main driver 
of these shifts in functional composition. Drought sensitivity of 
ANPP (i.e. relative reduction in ANPP) was linked to both functional 
diversity and community‐weighted trait means. Specifically, drought 
sensitivity was negatively correlated with community evenness of 
SLA and positively correlated with community‐weighted SLA of the 
previous year.

These findings highlight the value of long‐term climate change 
experiments as many of the changes in functional composition were 
not observed until the final years of drought. Additionally, our results 
emphasize the importance of measuring both functional diversity 
and community‐weighted plant traits. Increased functional diversity 
following long‐term drought may stabilize ecosystem functioning in 
response to future drought. However, a shift from community‐level 
drought tolerance towards drought avoidance may increase ecosys-
tem drought sensitivity, depending on the timing and nature of fu-
ture droughts. The collective response and effect of both functional 
diversity and trait means may either stabilize or enhance ecosystem 
responses to climate extremes.
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