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ABSTRACT: Urban ozone (O3) pollution is influenced by the transport of
wildfire smoke but observed impacts are highly variable. We investigate O3
impacts from smoke in 18 western US cities during July−September, 2013−
2017, with ground-based monitoring data from air quality system sites, using
satellite-based hazard mapping system (HMS) fire and smoke product to identify
overhead smoke. We present four key findings. First, O3 and PM2.5 (particulate
matter <2.5 μm in diameter) are elevated at nearly all sites on days influenced by
smoke, with the greatest mean enhancement occurring during multiday smoke
events; nitrogen oxides (NOx) are not consistently elevated across all sites.
Second, PM2.5 and O3 exhibit a nonlinear relationship such that O3 increases with
PM2.5 at low to moderate 24 h PM2.5, peaks around 30−50 μg m−3, and declines at higher PM2.5. Third, the rate of increase of
morning O3 is higher and NO/NO2 ratios are lower on smoke-influenced days, which could result from additional atmospheric
oxidants in smoke. Fourth, while the HMS product is a useful tool for identifying smoke, O3 and PM2.5 are elevated on days
before and after HMS-identified smoke events implying that a significant fraction of smoke events is not detected.

■ INTRODUCTION

Smoke from wildland fires is a persistent threat to air quality in
the US. Both human- and natural-ignited fires burn throughout
the western US during late summer, releasing large plumes of
smoke into the atmosphere. With past1,2 and projected3−5

increases in western US fire activity, the degradation of air
quality6,7 and associated public health impacts8,9 during smoke
events are alarming. While surface-level particulate matter
(PM) concentrations are visibly impacted during these events,
impacts on ozone (O3) are less clear.

10−12

Wildland fires emit carbon monoxide (CO), PM, nitrogen
oxides (NOx = NO + NO2), and a wide range of volatile
organic compounds (VOCs). Because NOx and VOCs are key
O3 precursors, their emission from fires is important to O3
production. Fire NOx emissions are a function of combustion
efficiency, which can vary temporally within a single fire, and
fuel nitrogen, which varies by tree species and biomass
type.13−15 VOC emissions are also complex and vary by fuel
type,16 though recent work suggests two temperature-depend-
ent VOC emissions profiles similar across western US fuel
types.17 The high variability in direct emission of NOx and
VOCs from fires results in differing rates of near-source O3
production. As smoke is transported away from the source, the
photochemical environment changes, driving changes in O3
mixing ratios. An important driver of these O3 changes during
transport is the lifetime and partitioning of reactive nitrogen
species such as inorganic nitrate species, which serve as an
atmospheric sink for NOx, and peroxyacetyl nitrate (PAN), a

chemical species associated with long-range Ox (Ox = O3 +
NO2) storage.18,19 Low-altitude transport of smoke may also
drive the increased deposition of O3 and O3 precursors. The
production of O3 from wildland fires is further modulated by
meteorological conditions associated with fire that affect O3
photochemistry (e.g., temperature).20,21

With complex interactions between emissions, transport, and
meteorology, it is challenging to predict downwind O3 and
large uncertainties remain.22 This complexity is enhanced
when smoke is transported into urban areas with large sources
of NOx, which have historically been targeted by emission
controls to reduce the maximum daily 8 h average (MDA8)
O3. However, the nonlinearity of O3 sensitivity to NOx means
that at high NOx concentrations, additional NOx facilitates O3
destruction via NO titration while additional VOCs increase
O3 production. Since wildland fire emissions tend to be
enriched in VOCs relative to NOx,

16 the interception of smoke
by a NOx-rich urban area can lead to elevated O3 levels.

23 This
enhancement of urban O3 production due to precursor
transport supplements the direct transport of O3 produced in
the plume prior to interception. The combination of these O3
impacts can exacerbate urban O3 pollution and lead to
exceedances of the O3 national ambient air quality standard
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(NAAQS).24 Because the design value for the O3 NAAQS
targets the most polluted days of the year, which typically
occur in summer, the episodic addition of wildfire emissions in
the same season can bring cities out of attainment. While cities
may petition the Environmental Protection Agency (EPA) for
exemption due to the occurrence of an exceptional event,25

variability and an incomplete understanding of smoke impacts
on O3 make it difficult to verify. Further, public health impacts
remain the same regardless of what data is excluded from
regulatory consideration.
While smoke has the potential to significantly influence

urban O3 mixing ratios, actual impacts are difficult to
determine and highly variable O3 impacts have been
observed.10,23,26 Simulating these O3 impacts with photo-
chemical models has proven challenging for several reasons,
including incomplete emissions data,27 high sensitivity to
meteorology,28 and difficulty capturing heterogeneous chem-
istry.29 Further, traditional grid models do not simulate smoke
plume photochemistry well, especially as it relates to
downwind O3.

10,12,21,30−35 While Lagrangian parcel models
have had some success,36 more work is needed.
O3 impacts may instead be assessed observationally using

chemical tracers, and several tracers have been used as
indicators of smoke, including CO,37 acetonitrile,13,38 water-
soluble potassium (K+),39−41 levoglucosan,42,43 and PM2.5/CO
ratios (PM2.5 = particulate matter <2.5 μm in diameter).44

However, fuel type and combustion temperature can modulate
the emission of many chemical tracers from wildland fires,45−47

complicating quantitative analyses of smoke influence. In
addition, background concentrations of tracers may not be
highly predictable in certain locations (e.g., CO in heavily
polluted cities) and most smoke tracers are not routinely
measured; PM2.5 is often the only tracer available at regulatory
air quality monitoring stations. In the absence of tracers,
statistical modeling is useful for quantifying changes in O3
during smoke events,11,35,48 but this technique provides little
insight into the mechanism of O3 production.
The extended Leighton relationship is another approach to

explore the drivers of O3 production in smoke. This
relationship represents the photochemical cycling of NOx
through O3,

49,50 as well as HO2 and RO2

j
k k k
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where j(NO2) is the photolysis rate for the reaction

hvNO NO O2 + → + (1)

kO3
is the rate constant for the reaction

O NO NO O3 2 2+ → + (2)

kHO2
is the rate constant for the reaction

HO NO NO OH2 2+ → + (3)

and kRO2
is the rate constant for the reaction

RO NO NO RO2 2+ → + (4)

A recent application of this relationship to two smoke plumes
of moderate PM2.5 (30−40 μg m−3) found higher NO/NO2
ratios with limited impacts on j(NO2) and O3 production
suggesting that RO2 and HO2 concentrations were lower in the
plume than in adjacent air,51 though this result does not align
with anticipated VOC enhancements in smoke plumes.16

The present work has three aims. First, we quantify the
impact of smoke in 18 western US cities on three urban
pollutants: PM2.5, O3, and NOx. Second, we investigate
relationships between PM2.5, NOx, and O3 during smoke
events to identify patterns in the response of urban O3. Third,
we explore the photochemical controls over O3 production
during smoke events using the extended Leighton relationship
and discuss current knowledge gaps.

■ DATA AND METHODS
We utilize the hazard mapping system fire and smoke product
(hereafter abbreviated HMS),52,53 provided by the National
Oceanic and Atmospheric Administration’s National Environ-
mental Satellite, Data, and Information Service, as an indicator
of smoke in the atmospheric column. HMS is a daily satellite-
based product designed to identify fire hot spots and smoke
plumes. While initial detections are automated, a human
analyst verifies detections and outlines smoke plumes using
infrared imagery to differentiate smoke from clouds. This
technique may treat smoke plumes with high vapor content
(e.g., pyrocumulus) as clouds, excluding them from identi-
fication as smoke. In addition, HMS will not identify smoke in
the absence of an aerosol layer, though O3 may still be
impacted. The daily HMS product is typically created between
8:00 and 10:00 ET but is adjusted as additional satellite data
becomes available, such that the daily product includes analysis
of multiple satellite images. While these isolated snapshots are
unable to perfectly capture smoke coverage, they are likely
representative. In this work, individual HMS smoke plume
polygons are merged to create a daily analysis of smoke areal
extent, which is then used to generate a binary indicator of
smoke at each site.54

Because HMS is a spatial product derived from top−down
satellite imagery, its detection capability is limited by
resolution (1 km) and cloud cover, among other factors, and
it does not include vertical information about smoke coverage.
This limited detection capability may prevent proper
identification of smoke plumes, especially in the presence of
clouds. Even when no clouds are present, small smoke plumes
may not be automatically identified due to averaging with
neighboring pixels.53 Additionally, it is more difficult to detect
smoke plumes at a high solar angle55 and when intermixed
with anthropogenic haze, which is when smoke influence is
most relevant to urban O3 pollution. The lack of vertical
information provided by HMS makes it difficult to determine
whether HMS-identified smoke is present in the boundary
layer or free troposphere. This information is highly relevant to
O3 photochemistry, as smoke impacts vary with height: urban
O3 is primarily produced in the boundary layer where
photochemistry is sensitive to precursor emissions, but
smoke aloft may impact O3 production by changing photolysis
rates, temperature, and atmospheric stability. Still, HMS is a
valuable tool for identifying smoke, especially since chemical
tracers are not always available or colocated.
Motivated by the challenges associated with identifying

smoke via HMS, we define four smoke classifications that
facilitate greater statistical separation of smoke influence. First,
days with no HMS-identified smoke are separated into two
classes: those immediately preceding or following an HMS-
identified smoke event (before or after smoke) and all other
nonsmoke days (nonsmoke). The reason for this is two fold.
Because the primary HMS analysis is performed in the early
morning (between 5:00 and 8:00 local time, LT, in the western
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US) each day, it is possible that days immediately preceding an
HMS-identified smoke event may have daytime smoke that
was not identified by HMS. In addition, days immediately
before or after HMS-identified smoke events are more likely to
have smoke because of their temporal proximity to other
smoke events (e.g., winds favoring transport of smoke from a
similar location) though smoke may not be identified in
satellite imagery, as demonstrated by a case study presented in
the Results and Discussion section. We recognize that this
classification is not comprehensive and does not account for
the misidentification of small smoke plumes or multiday
pyrocumulus. In this work, the before or after smoke category
is intended solely as an illustration of smoke impacts that are
not captured by HMS. We employ the nonsmoke category as a
nonfire seasonal mean for each site, assuming that nonfire
sources of pollutants occur similarly in the presence and
absence of smoke. This assumption may not hold if
meteorology is strongly influenced by smoke (e.g., suppressed
boundary layer mixing), which would increase nonfire
pollutant concentrations during smoke events, or if thick
smoke prevents some industrial activities, which would
decrease smoke-influenced pollutant concentrations. Second,
days with HMS-identified smoke are divided into two classes:
the first day of an HMS-identified smoke event (first smoke)
and any subsequent HMS-identified smoke days within a
multiday smoke event (consecutive smoke). This separation
serves to distinguish the compounded influence of smoke
during multiday smoke events from the initial reception of
smoke. Because sites may contribute a disproportionate
number of days to each smoke class (i.e., sites with more
smoke-influenced days may contribute fewer nonsmoke days),
we calculate means for a given smoke class as an average of the
individual site means.
We use hourly PM2.5, O3, nitric oxide (NO), nitrogen

dioxide (NO2), and temperature measurements, as well as 24 h
PM2.5 and MDA8 O3 from air quality system (AQS)
monitoring stations in 18 US cities from 2013 to 2017,
downloaded via AirNow-Tech (www.airnowtech.org), a system
operated for the US EPA. For four sites (Chico, Yuba City,
Sacramento, and Denver), 24 h PM2.5 data was unavailable at
AirNow-Tech and was downloaded via the EPA’s AQS Data

Mart. Site-specific details about data collection are provided in
Table S1, particularly when instrumentation does not follow
federal reference or equivalent methods. Hourly measurements
hosted by AirNow are compared against eight quality control
criteria detailed in the Supporting Information with any
measurements violating these criteria flagged for review by an
AirNow operator. To minimize seasonal effects, only data from
July to September are used. We exclude days without an
available MDA8 O3 or 24 h PM2.5 value and at least 16
available hourly measurements for both PM2.5 and O3. When
NO, NO2, NOx (NO + NO2), or temperature data are
presented, this availability criterion is additionally applied to
hourly measurements. Missing hourly pollutant measurements
that are isolated, having two available hourly measurements
before and two after are replaced by the mean of the hour
before and after. Negative hourly PM2.5 measurements are
removed if less than −5 μg m−3, analogous to the default flag
applied in AirNow data, or if they occur in an unclean
atmosphere (following recommendation from the 2014
national ambient air monitoring conference),56 which we
define as PM2.5 concentrations in the hour before and after
being above 10 μg m−3. We remove negative hourly O3, NO,
and NO2 measurements and measurements greater than 3
standard deviations outside the 5 year hourly mean for O3,
NO, and NO2 at each site. We exclude days that have hourly
PM2.5 concentrations more than 3 (nonsmoke) or 4 (all other
classes) standard deviations outside the 24 h mean for a given
day unless PM2.5 variability is low (standard deviation ≤ 10 μg
m−3), considering the outlying data from these days to be
nonreal or indicative of inconsistent and/or highly transient
pollution events. Overall, these quality control measures have
removed 6.9, 6.3, 7.6, and 6.5% of hourly O3 and hourly PM2.5,
MDA8 O3, and 24 h PM2.5 data. For NO and NO2
measurements, 19.4 and 19.2% have been removed primarily
due to the required availability of all pollutants when data is
used. For temperature measurements, <1% has been removed.
In this work, we utilize three daily metrics: 24 h PM2.5,

MDA8 O3, and 24 h NOx. We also compute three morning
metrics that target peak O3 production (morning PM2.5,
morning dO3/dt, and morning NOx) as well as morning NO/
NO2 ratios. Morning NOx is computed as the hourly mean

Figure 1.Mean enhancements relative to nonsmoke days for PM2.5 (top), O3 (center), and NOx (bottom) for consecutive smoke (red), first smoke
(gold), and before or after smoke (cyan) days. Data are displayed for daily (left) and morning (right) metrics. Numbers displayed to the right of
each bar denote the number of sites with significant positive enhancements relative to nonsmoke days for each metric and smoke class.
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from 5:00 to 9:00 LT, when NOx is typically at a maximum.
Morning dO3/dt is computed as the mean hourly increase in
O3 from 7:00 to 11:00 LT to capture subsequent peak O3
production. Morning PM2.5 and morning NO/NO2 are
computed as hourly means over the entire period from 5:00
to 11:00 LT. A Student’s t-test is performed to determine
statistical significance on before or after smoke, first smoke,
and consecutive smoke days relative to nonsmoke days.
Whenever mentioned in this work, significance is defined as p
< 0.05.

■ RESULTS AND DISCUSSION

Identifying Smoke Influence. While we use HMS for
smoke identification in this work, we acknowledge its
limitations in resolution and cloud cover. To illustrate cloud
interference in HMS smoke identification, we present a case
study of HMS-identified smoke over Missoula, MT on August
28−30, 2015. Figure S1a−c shows moderate resolution
imaging spectroradiometer visible imagery overlaid with the
HMS fire and smoke product, in which overhead smoke was
identified by HMS in Missoula on August 28th and 30th, but
no smoke was identified by HMS on August 29th. However,
surface monitors measured high concentrations of PM2.5
during the 3 day period (Figure S1d), peaking at 183.6 μg
m−3 early on the morning of August 29th and remaining above
60 μg m−3 throughout the day. In addition, 12 h back
trajectories from Missoula at 500, 1000, and 1500 m at 12:00
LT on August 29th (Figure S2b) show air parcels that pass
through several nearby fires just hours before arriving in
Missoula, and high aerosol optical thickness immediately
downwind of Missoula on the following day (Figure S2c)

implies a large passage of smoke through the area. Collectively,
this evidence strongly indicates that smoke was present in
Missoula on August 29th, although it was not identified by
HMS.
The misidentification of smoke days like the case presented

here narrows the statistical difference between smoke and
nonsmoke days. We attempt to account for some of this
narrowing by defining four smoke classes, as described in the
Data and Methods section: nonsmoke, before or after smoke,
first smoke, and consecutive smoke.

Observed Pollution Enhancements. In Figure 1, we
report the absolute mean enhancement of O3, PM2.5, and NOx
across all sites relative to the nonsmoke mean at each site.
Because of high variability across sites, we report the number
of sites with values in each smoke class that are significantly (p
< 0.05) higher than values on nonsmoke days, rather than the
collective standard error. Significantly lower values relative to
nonsmoke days are only found at one site (Denver, CO) for
one pollutant (NOx), and this significance is not included in
Figure 1. Mean enhancements and standard error by site are
shown in Figure 2.
On average, PM2.5 and O3 are elevated relative to nonsmoke

days in each smoke class and for both daily and morning
metrics. The largest enhancements and the greatest number of
sites with significant positive enhancements are found for
consecutive smoke days, followed by first smoke and before or
after smoke days, respectively. PM2.5 (24 h and morning) is
significantly enhanced at all sites on consecutive smoke days
relative to nonsmoke days. For additional comparison,
exceedances of the daily NAAQS (24 h PM2.5 ≥ 35.5 μg
m−3) occur on 7.3% of consecutive smoke days but <0.1% of

Figure 2.Mean enhancements relative to nonsmoke days by site for PM2.5 (top), O3 (center), and NOx (bottom) for consecutive smoke (red), first
smoke (gold), and before or after smoke (cyan) days. Data are displayed for daily (left) and morning (right) metrics. Error bars show standard
error of the mean.

Environmental Science & Technology Article

DOI: 10.1021/acs.est.9b05241
Environ. Sci. Technol. 2019, 53, 12519−12528

12522

http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b05241/suppl_file/es9b05241_si_001.pdf
http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b05241/suppl_file/es9b05241_si_001.pdf
http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b05241/suppl_file/es9b05241_si_001.pdf
http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b05241/suppl_file/es9b05241_si_001.pdf
http://dx.doi.org/10.1021/acs.est.9b05241


nonsmoke days, on average across all sites. MDA8 O3 is also
significantly enhanced at all sites on consecutive smoke days,
and MDA8 O3 exceedances (MDA8 O3 > 70.9 ppb) occur on
4.6% of consecutive smoke days but <0.5% of nonsmoke days.
Notably, 13 and 11 (of 18) sites also have significantly
enhanced 24 h PM2.5 and MDA8 O3 on before or after smoke
days, with exceedances occurring on 0.5 and 1.4% of before or
after smoke days, respectively. This suggests a nontrivial
influence of smoke on PM2.5 and O3 even though HMS does
not detect smoke. We note that O3 enhancements on smoke
days may be partly attributable to temperature. This effect is
most apparent in Fargo, ND, where smoke data is skewed
toward higher temperatures (Figure S10). We control for this
skew by computing the residual O3 between HMS-identified
smoke days and a linear fit of the nonsmoke data. We find that
the median O3 smoke residual is greater than 1 ppb at 13 of 16
sites and greater than 3 ppb at 9 of 16 sites, suggesting
consistent positive O3 enhancements from smoke at similar
temperatures.
NOx enhancements are relatively small for both daily and

morning metrics, with the largest mean enhancement occurring
in the morning on consecutive smoke days (0.9 ppb). NOx
enhancements are variable on before or after smoke days with
less than 0.1 ppb change in mean NOx for both metrics; a
reduction in morning NOx is statistically significant at one site
(Denver, CO). On consecutive smoke days, significant positive
enhancements in NOx metrics are observed in Seattle, WA,
Portland, OR (24 h only), Chico, CA, Yuba City, CA, and
Fargo, ND (24 h only). The lack of a consistent trend in NOx
enhancements across sites and smoke classes implies high
variability between smoke events and modest NOx enhance-
ments compared to urban variability. This is not unreasonable,
given observed variability in NOx in smoke plumes, which is
often attributed to fuel nitrogen,57,58 combustion effi-
ciency,59,60 and PAN chemistry.18,28,61,62

At individual sites, relative mean enhancements in 24 h
PM2.5 and morning PM2.5 on consecutive smoke days range
from 36 and 41% (Stockton, CA) to 535 and 558% (Missoula,
MT), respectively. For MDA8 O3 and morning dO3/dt,
enhancements range from 10% (Stockton, CA) and 8% (San
Jose, CA) to 42% (North Bend, WA) and 63% (Eugene, OR),
respectively. For 24 h NOx and morning NOx, enhancements
range from −8% (Provo, UT) and −9% (Denver, CO) to 34
and 37% (Yuba City, CA), respectively. Percent enhancements
are generally largest in the northwestern US (WA, OR, ID,
MT), though Fargo, ND and Sioux Falls, SD see substantial
relative enhancements in morning dO3/dt (35 and 38% on
consecutive smoke days, respectively). The high variability in
PM2.5 enhancements across sites may be partly attributable to
the prevalence of nearby biomass burning events,63 particularly
in Boise, ID and Missoula, MT, as well as local circulation
patterns. Differences in cloud cover and, thus, heterogeneous
chemistry may also be linked to variability in PM2.5 (see
Tomaz et al.64) and water-soluble VOCs that affect O3
production (e.g., de Gouw et al.65 and references therein),
though these effects may not be detected at the surface.
Relationship between PM2.5 and O3. In Figure 3, we

demonstrate a nonlinear relationship between PM2.5 and O3,
showing boxplots of site mean MDA8 O3 for 10 PM2.5 bins on
all HMS-identified smoke days (first smoke and consecutive
smoke days combined) and on nonsmoke days (excluding
before or after smoke days). PM2.5 bin sizes are increased at
moderate and high PM2.5 to maximize data availability and

coverage across all sites. We use site means to equally weight
nonsmoke and HMS-identified smoke contributions from each
site. For the relationship between MDA8 O3 and 24 h PM2.5 at
individual sites, see Figure S4. While the nonlinear dependence
of O3 on NOx has been widely demonstrated (e.g., Pusede et
al.66) to our knowledge, no such relationship has been
identified for O3 and PM2.5. In part, this is because PM2.5
has various indirect effects on O3 production chemistry, and
the relationship between these pollutants is not causal.
In general, we observe that MDA8 O3 increases approx-

imately linearly with 24 h PM2.5 at low to moderate PM2.5, up
to ∼30 μg m−3. Above this PM2.5 concentration, MDA8 O3
mixing ratios plateau and are more variable, with a range as
large as 45 ppb. Median MDA8 O3 noticeably declines above
24 h PM2.5 concentrations of 70 μg m−3. Collectively, this
indicates a nonlinear relationship in which elevated PM2.5 is
associated with reduced O3 mixing ratios, on average.
The observed decline in MDA8 O3 at high 24 PM2.5 may

explain why mean enhancements in PM2.5 on consecutive
smoke days, which have the highest mean PM2.5 concen-
trations, do not display similarly large enhancements in O3. For
some smoke events, O3 suppression at high PM2.5 could be
attributable to concurrent NOx enhancements due to NOx
titration of O3. However, smoke-influenced NOx enhance-
ments can be marginal or absent, and observed enhancements
in NOx are likely to be accompanied by large VOC
enhancements, which may shift NOx-suppressed (NO-titrated)
regimes toward NOx sensitivity. This suggests that NO
titration is unlikely to be the primary driver of the observed
O3 suppression, although it may be important in individual
cases.67

Aside from changes in NOx, several other effects associated
with high PM2.5 can impact O3 mixing ratios. First, PM2.5
concentrations in smoke may be associated with plume age
and, as a result, O3 production. High PM2.5 concentrations are
typically indicative of fresh plumes, which have produced less
O3 and, consequently, have lower O3/CO ratios,10 while lower
PM2.5 concentrations are associated with aged plumes, more

Figure 3. Boxplots of mean MDA8 O3 at each site binned by 24 h
PM2.5 on all HMS-identified smoke (orange; first smoke and
consecutive smoke) and nonsmoke (gray) days. If all sites (18) are
not available for a given PM2.5 bin, the number of contributing sites is
displayed next to the boxplot. When both HMS-identified smoke and
nonsmoke boxplots are shown for the same PM2.5 bin, only sites that
contribute to both categories are displayed. Boxplots with less than
five contributing sites are not shown.
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O3 production, and higher O3/CO ratios. However, the
dilution of the plume may obscure this signal such that
absolute O3 mixing ratios are not correlated with O3/CO ratios
or plume age. Second, high PM2.5 concentrations are likely to
impact solar radiation, affecting O3 production chemistry.
Elevated PM2.5 in urban areas may reduce direct solar radiation
and, thus, the photolysis of NO2, a key reaction in the
production of O3.

68,69 However, increases in aerosol scattering
may offset some of this effect, with moderate enhancements in
photolysis due to aerosol scattering observed at midday.51,70,71

Reduced direct radiation can also reduce temperature,
decreasing photochemical reaction rates important in O3
production. Reductions in temperature and solar radiation,
especially during smoke transport through forested regions,
may also decrease the biogenic emission of isoprene,72,73 an
important contributor to organic reactivity and O3 produc-
tion.74,75 In general, these combined effects are likely to reduce
O3 production. Third, PM2.5 may affect the deposition of
oxidants, including O3 and O3 precursors. Enhanced PM2.5 can
increase the total aerosol surface area and, as a result, the
depositional sink of O3. An increase in O3 deposition may be
paired with an increase in the deposition of NOx, reactive
VOCs, and/or HO2 that contribute to O3 formation, which
would also reduce O3 mixing ratios. Given the large variability
in plume conditions, it is not clear which effect may dominate.
Recent modeling work links increases in urban O3 in China to
a reduction in the aerosol sink of HO2 radicals, suggesting that
changes in the HO2 sink may dominate in some environ-
ments.76 Fourth, high PM2.5 may suppress boundary layer
mixing.77 In the absence of smoke, this would promote the
accumulation of O3 precursors at the surface;69 however,
suppressed mixing in the presence of smoke aloft may also
reduce the impact of smoke O3 and O3 precursors on mixing
ratios at the surface. Fifth, PM2.5 may alter cloud properties,
indirectly affecting O3 production chemistry. PM2.5 has been
observed to affect cloud formation78−80 and cloud radiative
properties,81,82 which, in turn, may change photolysis rates and
temperature. However, because of the uncertainty and
variability in the role of smoke−cloud interactions, consistent
impacts on temperature and photolysis are difficult to identify.
Our analysis indicates suppressed mean MDA8 O3 at high

24 h PM2.5 relative to moderate 24 h PM2.5. Because the
highest smoke PM2.5 concentrations occur near the source, this
finding is in line with observations that the largest O3 impacts
are typically some distance downwind of the source.10,83

Additionally, at moderate PM2.5, we find higher MDA8 O3 on
HMS-identified smoke days than on nonsmoke days at the

same 24 PM2.5 concentrations. This implies that reductions in
direct solar radiation, which would suppress O3 formation, are
not a major driver of O3 differences on smoke and nonsmoke
days at low to moderate PM2.5. Instead, elevated O3 on smoke-
influenced days is more likely to reflect the addition of VOCs
into NOx-suppressed (VOC-sensitive) urban areas or the
addition of O3 itself.

Diurnal Variability in O3. To further explore what drives
elevated MDA8 O3 on smoke days, we examine diurnal O3
profiles (Figures 4 and S6). Across all sites, O3 generally
increases more quickly in the morning when influenced by
smoke, which is most apparent on consecutive smoke days,
while morning minimum O3 remains relatively constant across
all four smoke classes. Differences in morning O3 production
across sites and smoke classes are quantified by the morning
dO3/dt metric (Figures 1 and 2). Observed enhancements in
morning dO3/dt are not a consequence of seasonality in the
dataset as the same pattern emerges separately in July, August,
and September (Figure 4).
These diurnal patterns suggest that additional O3 is

produced on smoke days, beginning in the morning, which
argues against direct transport of O3 into the boundary layer.
Although morning O3 production is larger on consecutive
smoke days, it is responsible for a similar fraction (64%,
nonsmoke; 65%, consecutive smoke) of total daily O3
production. This implies that more rapid morning boundary
layer growth cannot be solely responsible for differences in O3.
However, it is not obvious whether increased morning dO3/dt
is driven by enhanced photochemical production of O3 or
greater entrainment of O3 stored in the residual layer. It is
possible to explore these hypotheses by using the extended
Leighton relationship to isolate variables of the photochemical
environment that drive O3 production in smoke plumes. Based
on this relationship, the ratio of NO to NO2 will be the same if
there is no difference in the rate of photochemical reactions
1−4 or the concentration of photochemical species NO2, O3,
HO2, or RO2. If O3 photochemistry is substantially altered in
smoke plumes, we suspect that NO/NO2 ratios will also be
different.
In Figure 5, we show morning NO/NO2 ratios for each site

and smoke class, since differences in diurnal O3 variability are
manifest in the morning. We exclude days with 24 h PM2.5
greater than 30 μg m−3 to minimize smoke impacts on j(NO2)
and any differences in temperature resulting from changes in
the absorption of solar radiation. Sites have an average of 146,
60, 36, and 59 days of data for nonsmoke, before or after
smoke, first smoke, and consecutive smoke; Provo, UT, has the

Figure 4. Eighteen-site mean diurnal O3 profiles by month for consecutive smoke (red), first smoke (gold), before or after smoke (cyan), and
nonsmoke (gray) days.
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fewest days of data (44, 21, 12, and 12 for nonsmoke, before or
after smoke, first smoke, and consecutive smoke) since the
dataset spans only 2 years.
On average, NO/NO2 ratios are lower at nearly all sites

when influenced by smoke. Morning NO/NO2 ratios on
consecutive smoke days are significantly lower than on
nonsmoke days at 5 (of 13) sites. In select cases, decreased
NO/NO2 ratios are also evident overnight (e.g., Fargo, ND),
which is likely due to the carryover of high O3 from the
previous day (Figure S7). These lower NO/NO2 ratios
contrast Baylon et al.,51 who observed higher NO/NO2 ratios
during two smoke events, though this earlier result was not
explained by the authors. The lower NO/NO2 ratios we
observe on smoke-influenced days may arise for several
reasons: (1) elevated atmospheric oxidants (O3, HO2, or
RO2), (2) higher temperatures driving a larger kO3

, (3) lower
rates of NO2 photolysis, or (4) increased interference in NO2
measurements by other reactive nitrogen species.
First, the transport of additional atmospheric oxidants in

smoke would decrease NO/NO2 ratios. Enhancements of
oxidant species have been widely observed in smoke plumes
(e.g., Liu et al.84). In many urban areas, NOx-suppressed O3
production chemistry would be sensitive to additional O3,
HO2, and RO2 species. As such, it is not unlikely that
additional oxidant species are responsible for O3 enhancements
and/or faster photochemical production of O3 in smoke.
Second, higher temperatures on smoke-influenced days may

drive faster O3 production and lower morning NO/NO2 ratios.
Statistically higher temperatures are observed on smoke-
influenced days (Figure S8). At similar temperatures, morning
dO3/dt is not consistently higher or lower on smoke-
influenced days (Figure S9), and it is possible that higher
morning dO3/dt and lower morning NO/NO2 ratios may be
partly driven by temperature differences. However, MDA8 O3
is generally enhanced on smoke-influenced days at similar
temperatures (Figures S9 and S10), suggesting that temper-
ature effects are not the primary driver of high daytime O3
during smoke events, particularly at high temperatures.
Third, it is possible that lower photolysis rates may occur on

smoke-influenced days. However, only small changes have
been observed51 and lower photolysis rates would not explain
observed increases in O3. In the absence of photolysis

measurements, we show NO/NO2 ratios on days with low
to moderate surface-level PM2.5 to minimize radiative smoke
effects, but we are unable to rule out changes in photolysis
from smoke or clouds aloft.
Fourth, instrumental interference may result in inflated NO2

measurements that contribute to lower NO/NO2 ratios
observed in smoke. Positive interference from reactive nitrogen
species is widely recognized in chemiluminescence instruments
that utilize a molybdenum NO2 converter.85 These instru-
ments are employed at most sites in this work. While this
interference is generally small for fresh NOx-rich emissions that
dominate the morning reactive nitrogen budget, the addition
of reactive nitrogen from an aged smoke plume could increase
positive instrumental interference and artificially inflate NO2
measurements, resulting in lower NO/NO2 ratios.
In sum, we identify large enhancements in PM2.5 and O3 on

days with consecutive smoke influence as well as significant
enhancements on days before and after HMS-identified smoke
events. We present a nonlinear relationship between PM2.5 and
O3, with reduced O3 mixing ratios at high PM2.5. This may
occur for a variety of reasons including younger plume age,
reduced solar radiation, and/or increased oxidant deposition to
aerosol particles. With more comprehensive measurements
(i.e., photolysis frequencies, VOCs, tracers of plume age) and
photochemical modeling, the drivers of this nonlinear
relationship could be better characterized. We also observe
enhanced morning dO3/dt and lower NO/NO2 ratios in
smoke, although the mechanism is unclear. Further research
with reliable NOx measurements alongside measurements of
HO2, RO2, and photolysis rates could better constrain the
contribution of atmospheric oxidants, particularly VOC
reactivity, that may drive elevated O3 during urban smoke
events.
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