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A B S T R A C T   

Hydrology is a critical driver controlling mangrove wetlands structural and functional attributes at different 
spatial and temporal scales. Yet, human activities have negatively affected hydrology, causing mangrove die-
backs and coverage loss worldwide. In fact, the assessment of mangrove water budgets, impacted by natural and 
human disturbances, is limited due to a lack of long-term data and information that hinders our understanding of 
how changes in hydroperiod and salinity control mangrove productivity and spatial distribution. In this study, 
we implemented a mass balance-based hydrological model (RHYMAN) that explicitly considers groundwater 
discharge in the Shark River estuary (SRE, southwestern Everglades) located in a karstic geomorphic setting and 
influenced by regional hydrological restoration. We used long-term hydroperiod and porewater salinity (PWS) 
datasets obtained from 2004 to 2016 for model calibration and validation and to determine spatiotemporal 
variability in water levels and PWS at three riverine mangrove sites (downstream, SRS-6; midstream, SRS-5; 
upstream, SRS-4) along SRE. Model results agree with a distinct PWS pattern along the estuarine salinity gra-
dient where the highest PWS occurs at SRS-6 (mean: 25, range: 22–30 ppt), followed by SRS-5 (17, 14–25 ppt) 
and SRS-4 (5, 3–13 ppt). A commensurate increase in PWS over a thirteen-year period indicates a long-term 
reduction in freshwater inflow coupled with sea-level rise (SLR). Increasing freshwater scenario simulation re-
sults show a significant reduction (17–27%) in PWS along the estuary in contrast with a high SLR scenario when 
salinity increases up to 1.1 to 2.5 times that of control values. Model results show that freshwater inflow and SLR 
are key drivers controlling mangrove wetlands PWS in this karstic coastal region. Given its relatively simple 
structure, this mass balance-based hydrological model could be used in other environmental settings to evaluate 
potential habitat and regime shifts due to changes in hydrology and PWS under regional hydrological restoration 
management.   

1. Introduction 

Mangrove wetlands are distributed along low-latitude intertidal 
zones. Although mangrove wetlands account for only 0.7% of the tro-
pical forest area, they are recognized as the most productive ecosystems 
per unit area in the world (Donato et al., 2011; Giri et al., 2011). 
Mangrove forests structure and productivity are regulated by the in-
teraction among a range of abiotic factors including global climate (i.e., 
temperature and precipitation), regional coastal geomorphology and 
local hydrological processes across multiple spatiotemporal scales 

(Rivera-Monroy et al., 2017; Rovai et al., 2016; Twilley et al., 2017;  
Twilley and Rivera-Monroy, 2005). Indeed, hydrology is recognized as 
“the single most important determinant” in establishing and main-
taining the structure and biogeochemical processes in wetlands 
(Mitsch and Gosselink, 2007). 

In mangrove-dominated coastal wetlands, hydrological processes, 
including tide, surface sheet flow, precipitation, evapotranspiration, 
and groundwater, determine water budget of the ecosystems. 
Therefore, the water budget defines a critical local hydrological sig-
nature represented by the hydroperiod (frequency, duration, and depth 
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of inundation). Hydroperiod interacts with both resource availability 
(e.g., nutrients, space, and light) and stressor gradients (e.g., salinity, 
sulfides) that determine the relative dominance of mangrove ecotypes 
(i.e., scrub, basin, riverine and fringe; Lugo and Snedaker, 1974) and 
reflect a range of potential forest structure (e.g., tree height, stand 
density) and net primary productivity (NPP) patterns (Lugo and 
Snedaker, 1974; Rivera-Monroy et al., 2019; Rovai et al., 2018). Fur-
ther, these structural and productivity differences are modulated by 
dominant mangrove species-specific physiological adaptations (i.e., 
Avicennia germinans, Laguncularia racemosa, Rhizophora mangle) in 
neotropical latitudes that are based on different species strategies to 
cope with the complex interactions among hydroperiod and resource 
and stressor gradients (Lugo and Snedaker, 1974; Rivera-Monroy et al., 
2017; Twilley et al., 2017; Twilley and Rivera-Monroy, 2005). Man-
grove species, for instance, can grow in a wide range of soil porewater 
salinity (PWS), from freshwater to about three times that of seawater 
salinity (i.e., 90 ppt); in particular some species require relatively 
higher PWS for maximum growth and competitive advantage 
(Ball, 1988a, 1988b; Krauss et al., 2008; Lugo and Medina, 2014). In 
coastal wetlands, this typical brackish-saline condition controls PWS as 
a result of the dynamic water and material exchanges with seawater 
through tidal cycles among other hydrological processes that define the 

hydroperiod gradient. Hence, PWS is considered as a major driver not 
only regulating species composition, tree height and NPP along well- 
defined mangrove zones as a result of inter- and intra-species compe-
tition given species-specific salinity tolerance (Ball and Pidsley, 1995;  
Castañeda-Moya et al., 2006; Crase et al., 2013; Day et al., 1996;  
Kauffman and Bhomia, 2017; Mitsch and Gosselink, 2007; Rivera- 
Monroy et al., 2017; Simard et al., 2019), but also affecting below-
ground microbial activities and biogeochemistry, which directly impact 
soil fertility and carbon budgets in mangrove soils (Alongi et al., 1993;  
Bouillon et al., 2007; Chambers et al., 2016; Kristensen et al., 2017;  
Lee et al., 2008; McKee et al., 1988; Sherman et al., 1998; Troxler et al., 
2015). Despite the crucial role of PWS on mangrove ecological attri-
butes, there is a lack of long-term continuous field data to determine 
PWS seasonal and interannual variability, particularly in subtropical 
and arid coastal mangrove wetlands (Kristensen et al., 2017). Time- and 
labor-consuming field sampling due to the forest structure complexity 
(e.g., dense prop roots) under flooding conditions and hard access to the 
remote sites along the coastal zone are some of the reasons for this data 
gap. 

Because PWS is regulated by the net exchange of salt between 
mangrove forests and adjacent coastal waters, hydrological models are 
useful analytical tools to examine water budgets that determine 

Fig. 1. (a) Shark River and Taylor River Sloughs (SRS and TRS) location across the Everglades National Park (ENP), South Florida. (b) Shark River and Harney River 
estuaries. (c-e) study sites located along Shark River estuary from upstream (SRS-4) to midstream (SRS-5) and downstream (SRS-6) regions. Circle: U.S. Geological 
Survey (USGS) precipitation and evapotranspiration (ET) station; rectangle: Florida Coastal Everglades Long Term Ecological Research (FCE LTER) channel water 
level recorder; triangle: FCE LTER forest water level recorder. 
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seasonal and interannual PWS variability in mangroves. Although ex-
isting hydrodynamic models are capable of reproducing water flows in 
mangrove forests (Alongi, 2009; Mazda et al., 2005), these models are 
not able to explicitly predict changes in PWS. This limitation is asso-
ciated with the complex interplay among mangrove hydrological con-
ditions, groundwater, and sea level rise (SLR) (Dessu et al., 2018;  
Nuttle et al., 2000; Price et al., 2006; Saha et al., 2011; 2012). In-
creasing freshwater inflows, for example, controlled by river and 
groundwater discharge due to restoration diversions, can lead to fresher 
groundwater, while SLR causes saltwater intrusion (Habib et al., 2007;  
2008; Michot et al., 2017; Saha et al., 2011). Therefore, depending on 
the geomorphic setting (e.g., karstic vs deltaic; Rovai et al., 2016; 2018;  
Woodroffe, 2002) and the relative dominance of groundwater discharge 
and SLR, this complex interaction among environmental settings causes 
uncertainties in the assessment of PWS, especially when site-specific 
parameterization is constrained by data with limited sampling spatial 
coverage and frequency. Although modeling studies have been con-
ducted to evaluate hydrological processes and salinity in estuaries or 
tidal creeks adjacent to mangrove wetlands (Langevin et al., 2005;  
Michot et al., 2017; Wang et al., 2012), few studies have explicitly 
partitioned the difference between water column salinity and PWS 
(Chen and Twilley, 1999; He et al., 2020; Lara and Cohen, 2006;  
Leopold et al., 2017; Sherman et al., 1998; Simard et al., 2019), or 
attempted to forecast mangrove PWS patterns (e.g., Tsai, 2008;  
Twilley and Chen, 1998). 

The overall objective of this study is to evaluate seasonal and in-
terannual PWS variability in riverine mangrove forests in the 
Everglades Mangrove Ecotone Region (EMER; Rivera-Monroy et al., 
2011) along the Shark River estuary (SRE; southwestern Florida) using 
a mass balance-based hydrological model which was modified from the 
previous MANgrove HYdrological model (hereafter, HYMAN;  
Twilley and Chen, 1998). Surface freshwater and groundwater flow are 
highly regulated along the Shark River Slough (SRS) and Taylor River 
Slough (TRS) (Fig. 1) as part of the Comprehensive Everglades Re-
storation Plan (CERP; National Academies of Sciences, 2016) and in the 
context of the Everglades National Park (ENP) conservation and man-
agement program (Sklar et al., 2005). Increasing freshwater inflows to 
the SRE under the CERP management will modify both estuarine water 
column depth and groundwater discharge, therefore reducing man-
grove PWS, which can potentially lead to changes in resource compe-
tition (e.g., nutrient, light, space) between freshwater vegetation and 
mangrove wetlands, especially at the upstream EMER (Dessu et al., 
2018). In contrast, due to the rapid increase in SLR associated with 
climate change in South Florida over the last decade (Dahl et al., 2017;  
Flower et al., 2019; Saha et al., 2011; Wdowinski et al., 2016), there is 
significant saltwater intrusion along the coast, including the SRE and 
Florida Bay (Dessu et al., 2018; Nuttle et al., 2000; Price et al., 2006;  
Saha et al., 2012). In combination with a potential increase in nutrient 
inputs from the Gulf of Mexico during hurricanes (Castañeda- 
Moya et al., 2010; 2020) along with SLR, PWS changes may further 
increase the replacement of brackish marshes with mangrove forests 
along both the SRS and TRS (Ewe et al., 2007; Han et al., 2018;  
Howard et al., 2017; Troxler et al., 2013). 

To our best knowledge, HYMAN is still the only mass balance model 
targeted for mangrove forests and it is a useful tool to forecast man-
grove forest water budgets and PWS with relatively low uncertainty 
(Tsai, 2008; Twilley and Chen, 1998). However, HYMAN was initially 
calibrated and validated for basin mangrove forests in Rookery Bay, 
South Florida (Twilley and Chen, 1998), and it did not explicitly in-
clude groundwater processes, a critical water budget component espe-
cially in karstic coastal regions like South Florida (Price et al., 2006;  
Saha et al., 2012; Tobias et al., 2001). Given the current and projected 
changes in freshwater restoration and SLR across the EMER, we further 
advanced the HYMAN model, as the Riverine MANgrove HYdrological 
model (hereafter, RHYMAN, Fig. 2) given the structural modifications. 
We conducted model calibration and validation using long-term data 

(2004–2016) collected at riverine mangrove sites along the SRE. 
RHYMAN explicitly includes two groundwater sources: the upstream 
fresh groundwater discharge (FGD) influenced by freshwater restora-
tion projects and the coastal groundwater discharge (CGD) caused by 
rising sea level. The specific objectives of this paper are to: (1) imple-
ment a mass balance-based hydrological model for riverine mangroves 
that explicitly considers groundwater inputs in a karstic coastal region 
and (2) evaluate PWS spatiotemporal variation under different sce-
narios defined by variable upstream freshwater inflow and SLR. 

2. Materials and methods 

2.1. Study sites 

Mangrove extension in the Everglades National Park, South Florida 
is ~1444 km2 and dominated by three mangrove species, Rhizophora 
mangle, Laguncularia racemosa, and Avicennia germinans, and one asso-
ciated species, Conocarpus erectus, restricted to upstream parts of 
mangrove-dominated estuaries (Fig. 1a) (Castañeda-Moya et al., 2013;  
Childers, 2006; Rivera-Monroy et al., 2011). The Shark River estuary 
(SRE; Fig. 1b) lies along the lower Shark River Slough (SRS) in the 
southwestern region where semidiurnal tides are dominant (tidal range: 
1.1 m; Provost, 1973). This Everglades forested wetland provides va-
luable ecosystem services (i.e., carbon storage) with an estimated cu-
mulative value ranging from $2 −3.4 billion in 2015 US$ (Jerath et al., 
2016). Along the SRE, three mangrove-dominated study sites (Fig. 1c- 
e) were established from downstream (SRS-6) to mid- and upstream 
(SRS-5, SRS-4) regions along the estuary, as part of the Florida Coastal 
Everglades Long Term Ecological Research program since 2001 (FCE 
LTER; http://fcelter.fiu.edu/) (Childers, 2006). Seventy percent of the 
average annual precipitation (~1500 mm) in South Florida falls during 
the wet season (Duever et al., 1994). The average annual evapo-
transpiration is approximately 1400 mm with half occurring in the dry 
season (December to mid-June) and the rest in the wet season (mid- 
June to November). Two permanent plots (20 m × 20 m) were estab-
lished at each site and sampled at least once in the wet and dry seasons 
per year from 2002 to 2016. PWS was measured at 30-cm soil depth 
using a handheld YSI sonde (model 30, YSI Incorporated, Yellow 
Springs, Ohio) at four sampling stations systematically located within 
each plot. One ultrasonic water level recorder (INFINITIES-USA INC.) 
was installed at each site to monitor hourly water levels relative to the 
forest soil surface; instrument location inside the forest was 70 m (SRS- 
4, SRS-5) and 60 m (SRS-6) from the shoreline (Fig. S1). Further details 
about sampling techniques are described in Castañeda- 
Moya et al. (2013). Overall, the three study sites are characterized by 
distinct mangrove structural and functional properties influenced by 
soil total phosphorous (TP) (range: 0.05–0.20 mg cm−3), PWS (4–26 
ppt), flooding duration (3965–5592 hour yr−1) and frequency 
(165–395 tides yr−1) gradients (Castañeda-Moya et al., 2013; 2020;  
Chen and Twilley, 1999). Average mangrove tree height generally de-
creases from the downstream (~18 m) to upstream (<~6 m;  
Simard et al., 2006; 2019). Due to differences in soil nutrients, PWS, 
and hydroperiod regimes, mangrove species dominance varies among 
sites: L. racemosa dominates in SRS-6, while R. mangle dominates in 
SRS-5 and SRS-4. The upstream (SRS-4) site marks the boundary of the 
mangrove-saltmarsh ecotone where freshwater and brackish vegetation 
are present (Danielson et al., 2017; Rivera-Monroy et al., 2019). 

2.2. Model description 

Tide, precipitation, surface sheet flow, groundwater, seepage, and 
evapotranspiration are the main drivers controlling the hydrological 
processes in mangrove wetlands (Mitsch and Gosselink, 2007;  
Twilley and Chen, 1998). The spatiotemporal interactions among those 
drivers control the exchange of water and salt between mangroves and 
adjacent estuarine waters and upland ecosystems (Fig. 2). We adapted 
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the water and salt budgets equations implemented in HYMAN 
(Twilley and Chen, 1998). Thus, changes in water level and salt content 
in mangrove wetlands can be described using the following water 
budget equation: 

= + + +WL t T T P S G ET S/ i o n i i p (1) 

where WL is water level (cm) relative to local mangrove soil ground 
elevation at the end of one unit simulation time ; ΔWL/Δt is water level 
change per unit time, t (cm day−1); Ti is water flow into the mangrove 
forest during flood tide (cm day−1); To is water flow out of the man-
grove forest during ebb tide (cm day−1); Pn is throughfall (cm day−1); 
Si is surface sheet inflow (cm day−1), which is defined by a component 
based on throughfall and is equivalent to runoff; Gi is groundwater 
inflow (cm day−1); ET is evapotranspiration (cm day−1); Sp is seepage 
(cm day−1); and salt budget equation: 

× = × × + × ×S WL t T S T S G S S S( )/ ( ) ( ) ( ) ( )i t o s i g p pw (2) 

where S is the porewater salinity at the end of one unit simulation time 
(g kg−1); Δ(S × WL)/Δt is the salt content change per unit time, t (g 
kg−1); St is salinity value of the estuarine water during flood tide (g 
kg−1); Ss is salinity value of flooding water above ground during ebb 
tide (g kg−1); Sg is groundwater salinity (g kg−1), and Spw is inter-
mediate porewater salinity (g kg−1). The terms  (Ti × St) and (To × Ss) 
represent the salt imported and exported during tidal flooding and ebb 
tide, respectively; (Gi × Sg) is the salt imported through groundwater 
discharge while (Sp × Spw) is the salt lost via seepage; in this context the 
water level and salt budgets are calculated on a unit area basis. 

In this study, the mangrove adjacent estuarine water column is 
defined as channel water that is influenced by upstream freshwater 
inflow, tidal exchange, and SLR. The inflow/outflow between the 

mangrove wetland and the channel combines the relative spatio-
temporal dominance of tides and freshwater discharge. We also assume 
that surface flow is equivalent to surface sheet flow or runoff. Four 
forcing functions are daily channel water level and salinity, ET, and 
precipitation registered at or close to each study site (Fig. 1c-e,  
Table 1). Precipitation is considered as the main source of upland water 
surface flow. Daily seepage is a site-specific constant and represents 
major outflow along with ET. 

RHYMAN explicitly incorporates two groundwater parameters to 
evaluate daily groundwater inputs (Fig. 2): FGD, the upstream fresh 
groundwater discharge, a term that considers seasonal freshwater in-
flow variations, including controlled upstream restoration freshwater 
diversions; and CGD, the coastal groundwater discharge directly af-
fecting PWS as seawater volume changes due to SLR. Because the im-
pact of both FGD and CGD in the water budget occurs over the long 
term, these terms are maintained constant during annual simulations in 
this study. The FGD and CGD values were compiled from published 
studies or estimated via sensitivity analysis (Table 2). Parameter se-
lection for these components included different values depending on 
the site location and freshwater inflow volume during the study period. 
Given the changes in estuarine hydrology during the year, all model 
simulations for SRS-6 (downstream) and SRS-5 (midstream) sites in-
clude CGD seasonal values. In the case of SRS-4, the upstream ecotone 
site, the FGD was explicitly included to reflect different hydrological 
conditions in different years, i.e., when freshwater inflow influence was 
high and sea level was low (Sea Level Anomaly, SLA, range: −2.6 to 
+1.9 cm; 2004, 2005, 2006, 2008, 2011), while the CGD reflects low 
freshwater inflow and high sea level (SLA: +4.5 to +8.7 cm) in 2012, 
2013 and 2015 (Table S1; NOAA, https://www.noaa.gov/; Dessu et al., 
2018). We estimated the SLA (Table S1) by subtracting the mean sea 

Fig. 2. RHYMAN's mass balance model structure showing drivers, variables and connections. FGD: fresh groundwater discharge; CGD: coastal groundwater discharge 
(modified from Twilley and Chen 1998). All symbols are from (Odum, 1983). 
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level (MSL) in 2011 (+3.3 cm) from the MSL values recorded for the 
rest of the years. Among the study years when freshwater discharge was 
recorded, MSL value in 2011 is minimum (Table S1). 

Additionally, nine parameters are site-specific and obtained from 
most recent field surveys or adapted from HYMAN (Twilley and 
Chen, 1998). These parameters were classified into two groups: topo-
graphy and hydrology (Table 2). Three topographic parameters (i.e., 
ground relative surface level, bankfull stage, edge threshold; see defi-
nition in Table 2) characterize site features given relative elevation 
settings. Hydrological parameters controlling water and salt exchange 
are site-specific or adapted from HYMAN, including specific yield for 
aboveground and underground water, salt content exported by channel 
water (tidal cycle) or surface flow, and precipitation canopy intercep-
tion (Table 2). Parameterization details are described in Appendix A. 

The overall RHYMAN structure includes the implementation of four 
main sub-routines given the study sites stage differences associated 
with channel and in situ water level and local topography (Fig. S2). In 
each sub-routine, water level, salt content, and PWS were calculated 
sequentially as influenced by each hydrological component during each 
specific day as included in Eqs. (1) and (2) (Fig. S2). The key model 
results are daily water level and PWS during the simulation period (one 
year); specific steps to initialize the simulation are described in  
Appendix B. RHYMAN was coded in NetLogo 6.0.4 (http://ccl. 
northwestern.edu/netlogo), a user-friendly open coding platform 
(Wilensky, 1999). 

2.3. Data acquisition 

Hydrological and meteorological data were obtained from long- 
term monitoring stations (Fig. 1, Table 1) located along the SRE and 
maintained by the U.S. Geological Survey (USGS) Everglades Depth 
Estimation Network (EDEN) project database (https://sofia.usgs.gov/ 
eden/index.php) and FCE LTER database (http://fcelter.fiu.edu). We 
compiled available daily precipitation and ET data from three EDEN 
stations (SH3, Shark River, and TE) located close to our study sites 
(SRS-6, SRS-5, and SRS-4, Fig. 1b). Hourly channel water level and 
discrete channel water salinity (i.e., one sample every three days; see 
LTER database for details) at each site were compiled on a daily basis. 
To use the best groundwater discharge and salinity estimation for the 
FGD parameter, we also compiled data collected at the SH2 station, 
nearby SRS-4 (Fig. 1c), from January 2002 to September 2012 (South 
Florida Information Access, SOFIA; https://sofia.usgs.gov/). 

Sea-level data for the period of 2002–2016 (15 years) were obtained 

from the NOAA Key West station (Fig. 1a; https://www.noaa.gov/). To 
assess PWS seasonal and spatial variability as a result of local topo-
graphy, we collected data along a 100-meter transect from the shoreline 
to the interior of the forest at each site in June (wet season) and No-
vember (early dry season) 2018. One topography survey was conducted 
in December 2017 in all study sites to assess the topographic variation 
from shoreline towards the interior forest. 

2.4. Model calibration and validation 

We used the average PWS and daily mean water level registered in 
the same day from year 2004–2006 to calibrate RHYMAN at each site. 
PWS was collected in four sampling stations within two 20 × 20 m 
plots and located near the water level recorder at each site (see study 
sites section). Calibration parameters include topographic ground sur-
face level, bankfull stage, and hydrological parameters (Table 2). 
RHYMAN was validated using PWS and water level measured from 
2007 to 2016. Since channel water level data have large data gaps in 
some cases, the model was validated using data collected in selected 
years without or with minor missing data (<10%). The years used for 
model validations at each site are as follows: SRS-6, 2011, 2012, 2013, 
2015, 2016; SRS-5, 2008, 2009, 2011, 2014, 2015, 2016; and SRS-4, 
2008, 2011, 2012, 2013 and 2015. The water level data collected 
during tropical storms/hurricanes (e.g., Hurricane Charley in August 
2004 and Hurricane Wilma in October 2005) were excluded and not 
used for model calibration or validation. All site-specific parameter 
values for each year are listed in Table S2. 

2.5. Sensitivity analysis 

We conducted a sensitivity analysis to evaluate model performance. 
We followed the protocol proposed by Jørgensen and Fath (2011) to 
calculate sensitivity (S) of PWS and water level to the parameter i, 
where Pi is the best estimated value and ΔPi represents a  ±  25% 
change from the best estimate. Model parameters are summarized in  
Table 2 and the equation used for this analysis is listed in Appendix C. 

2.6. Simulation scenarios 

The channel water level and salinity at each station are simulta-
neously influenced by upstream freshwater discharge and coastal SLR. 
Given their hydrological importance in regulating PWS, we firstly as-
sessed two potential scenarios using RHYMAN: high freshwater inflow 

Table 1 
Data sources and monitoring station locations. Salinity (channel water, soil porewater), hydrology (water level) and climatic variables (precipitation and evapo-
transpiration) were used for RHYMAN model calibration and validation.        

Site Station ID Variable Latitude Longitude Source  

SRS-6 SRS-61 Water level and PWS4 25°21′48.97″N 81° 4′39.34″W FCE LTER1  

SRS-6 Channel water level4 25°21′51.91″N 81° 4′41.62″W FCE LTER  
SRS-6 Channel water salinity 25°21′51.91″N 81° 4′41.62″W FCE LTER  
SH32 Precipitation 25°21′50.74″N 81° 4′42.53″W USGS2  

SH3 Evapotranspiration 25°21′50.74″N 81° 4′42.53″W USGS 
SRS-5 SRS-51 Water level and PWS 25°22′34.72″N 81° 1′53.67″W FCE LTER  

SRS-5 Channel water level 25°22′37.28″N 81° 1′56.01″W FCE LTER  
SRS-5 Channel water salinity 25°22′37.28″N 81° 1′56.01″W FCE LTER  
Shark River2 Precipitation 25°22′29.75″N 81° 2′12.11″W USGS  
Shark River Evapotranspiration 25°22′29.75″N 81° 2′12.11″W USGS 

SRS-4 SRS-41 Water level and PWS 25°24′33.13″N 80°57′49.10″W FCE LTER  
SRS-4 Channel water level 25°24′35.04″N 80°57′51.56″W FCE LTER  
SRS-4 Channel water salinity 25°24′35.04″N 80°57′51.56″W FCE LTER  
TE3 Precipitation 25°24′29.00″N 80°57′51.00″W EPN3  

TE Evapotranspiration 25°24′29.00″N 80°57′51.00″W EPN 

1 Study sites as part of Florida Coastal Everglades Long Term Ecological Research program since 2001 (FCE LTER). 
2 Stations as part of Everglades Depth Estimation Network (EDEN) project maintained by the U.S. Geological Survey (USGS). 
3 Stations maintained by the Everglades National Park (ENP). 
4 Water level = water level inside forest; PWS = porewater salinity; Channel water = the mangrove adjacent estuarine water column.  
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(S1) and high sea level (S2; Table 3). Average freshwater inflow vo-
lume along SRS (Table S1) under CERP (2001–2016) is approximately 
855 Million cubic meters (Mm3) (Dessu et al., 2018). In 2011, this in-
flow was below the average volume (466 Mm3). Meanwhile, SL in the 
same year was also relatively low (+3.3 cm; SLA: 0). Thus, we selected 
the channel water level and salinity recorded in 2011 as forcing func-
tion values for the control scenario (S0) simulation (“Channel_WL” and 
“Sal” in Table 2). In comparison, channel water level and salinity re-
corded in 2005 were selected as the high freshwater inflow scenario 
(S1; 1562 Mm3) with an average “normal” mean sea level (+3.4 cm; 
SLA: 0.1 cm). Data in the year 2015 were considered as the highest sea 
level scenario (S2; +12.0 cm; SLA: 8.7 cm) with a “normal” freshwater 
inflow (440 Mm3) to investigate - PWS response to higher sea level. To 
further explore PWS variation under the combined influence of high 
freshwater discharge and high sea level simultaneously, we defined a 
combination scenario (S3) using relatively high freshwater inflow (i.e., 
1412 Mm3) and high sea level (+11.3 cm; SLA: 8.0 cm) recorded in 
2016 (Table 3). The combination scenario was only conducted for SRS- 
6 and SRS-5 because field channel water level data had a significant 
data gap for site SRS-4, hindering the implementation of this scenario. 
We used precipitation and ET recorded in 2011 (i.e., control scenario; 
S0) to perform scenarios S1, S2, and S3. 

2.7. Statistical analysis 

To evaluate model performance, we calculated common statistical 
measures including model bias, coefficient of deternination (R2), the 
root mean squared error (RMSE), and the Nash-Sutcliffe efficiency 
(NSE) (Thomson and Emery, 2014; Wang et al., 2012). NSE values were 
estimated for each simulation during calibration (2004–2006), valida-
tion (2007–2016) procedures, and the full simulation period 
(2004–2016). Information about these statistical values is included in  
Appendix D. 

We conducted two-way analyses of variance (ANOVA) to determine 
1) the differences in field water levels among sites (downstream, mid-
stream, and upstream) and seasons (dry vs wet), 2) the interaction 
between PWS values across sites and seasons (repeated measures 
ANOVA), and 3) the interaction between methods (field observations vs 
modeling simulation) and sites. We also conducted a one-way ANOVA 
for scenario (S0, S1, S2, S3) simulation results to explore PWS differ-
ences impacted by changes in freshwater discharge volume and SLR at 
each site. The Tukey HSD post hoc comparison (p< 0.05) was per-
formed for all ANOVAs. All statistical analyses were performed in JMP 
Pro 15 (SAS Institute, Cary, NC, USA). 

3. Results 

3.1. Field measurements: hydroperiod and porewater salinity 

Hydroperiod analysis using long term data (2002–2016) showed 
distinct seasonal and spatial differences along the SRE (Table S3). 
Duration of inundation was higher during the wet season at SRS-6 and 
SRS-4 compared to the dry season, while slightly higher during the dry 

season at SRS-5. The difference in seasonal duration was only sig-
nificant at SRS-4. The frequency of inundation in the dry season was 
higher than in the wet season across all sites (Table S3). Overall, annual 
flooding duration decreased from downstream to upstream locations 
along the estuary (SRS-6: 223  ±  6 days yr−1; SRS-5: 206  ±  6 days 
yr−1; SRS-4: 185  ±  8 days yr−1), while the annual average frequency 
of inundation was higher at SRS-6 (380  ±  16 events yr−1) that in SRS- 
4 (214  ±  16 events yr−1) and SRS-5 (176  ±  30 events yr−1). 

Mangrove PWS showed significant spatial, interannual and seasonal 
differences corresponding to seasonal channel water salinity (Fig. S3, 
Table S3). PWS decreased from the downstream (SRS-6) towards the 
mid- (SRS-5) and upstream (SRS-4) sites and was higher during dry 
season (Table S3). On annual average, PWS was highest at SRS-6 
(26.84  ±  1.15 ppt) followed by SRS-5 (20.44  ±  1.51 ppt) and SRS-4 
(5.64  ±  0.75 ppt) (Fig. 3). 

3.2. Modeling porewater salinity and water level 

Simulated annual average PWS was higher at SRS-6 (25.03  ±  0.93 
ppt) than in SRS-5 (17.18  ±  1.24 ppt) and SRS-4 (5.27  ±  1.09 ppt), 
and not significantly different when compared to observed values re-
gardless of sites (MSE=10.97, F2,2 = 0.66, p-value =0.52; Fig. 3,  
Table 4). This simulated PWS gradient was consistent with the spatial 
trend that was observed in the field and reported in other studies (Fig. 
S3) (Castañeda-Moya et al., 2013; He et al., 2020). The average PWS 
varied among different simulated years for each site (Fig. S4), showing 
distinct interannual and seasonal variation. At SRS-6, the lowest annual 
average PWS observed in 2005 (22.20  ±  0.40 ppt) was ~8 units lower 

Table 3 
List of scenarios and variable values used in RHYMAN model simulations.       

Scenario Freshwater inflow 
(mM3) 

Mean sea level  
( ± SE) (cm) 

Abnormal sea 
level (cm)  

S0 Baseline 466 3.3 (1.5) 0.0 
S1 High freshwater 

inflow 
1562 3.4 (1.2) 0.1 

S2 High sea level 440 12.0 (1.3) 8.7 
S3 Combination 1412 11.3 (1.4) 8.0 

1Sea level anomaly is the difference between the mean sea level in specific year 
and mean sea level in 2011. See Table S1 and model description.  

Fig. 3. Comparison between field measurements during the period 2002–2016 
(observed) and RHYMAN simulated average soil porewater salinity (PWS) va-
lues. Means ( ± SE) with different letters are significantly different (p-value < 
0.05) across sites and method (observed vs simulated). 

Table 4 
Summary statistics of annual average soil porewater salinity (PWS) and water 
level obtained from all calibration and validation simulations.         

State variable Site Mean SE Minimum Median Maximum  

PWS (ppt) SRS-6 25.03 0.93 22.20 24.39 30.22  
SRS-5 17.18 1.24 14.08 15.14 24.55  
SRS-4 5.27 1.09 2.57 4.83 12.52 

Water Level (cm) SRS-6 1.36 0.45 −1.11 1.43 3.49  
SRS-5 −6.20 1.38 −14.45 −5.29 0.24  
SRS-4 −7.93 1.95 −14.50 −7.90 1.39 
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than the highest PWS values in 2015 (30.22  ±  0.18 ppt). The lowest 
PWS at SRS-5 occurred in 2008 (14.08  ±  0.46 ppt) and the highest in 
2015 (24.55  ±  0.31 ppt). In the case of the upstream SRS-4 site, PWS 
ranged from 2.57  ±  0.16 ppt (2008) to 12.52  ±  0.32 ppt (2015) 
during the study period. Overall, simulated PWS values throughout the 
period 2004–2016 showed an increasing trend and peaked in 2015 
across all sites while slightly declining by 2016 (Fig. S4). 

Annual average daily mean water level estimated using RHYMAN 
decreased from downstream (SRS-6: 1.36  ±  0.45 cm) to midstream 
(SRS-5: −6.2  ±  1.38 cm), and upstream (SRS-4: −7.93  ±  1.95 cm) 
(Table 4) reflecting the observed spatial trend in water level along the 
SRE. Although the simulated water level was a daily value and in-
sufficient to estimate actual inundation duration and frequency inside 
mangroves, the model replicated seasonal variation inside the forest 
indicating the general lower water level in the dry season compared to 
the wet season (Fig. S5). 

3.3. Model calibration and validation 

RHYMAN model simulations during both calibration and validation 
periods showed good agreement with observed PWS values demon-
strating that RHYMAN is capable of simulating PWS dynamics in 
mangrove forests (Fig. 4, Table 5). For model calibration, simulated 
PWS values closely matched observed data with a low bias (range: 
−1.41 to −0.30 ppt) and both high coefficient of deternination (R2; 
0.93 to 0.98) and NSE values (0.80 to 0.98) (Table 5). Specifically, the 
bias was lower at SRS-6 (−0.30 ppt) followed by SRS-4 (−0.50 ppt) 
and SRS-5 (−1.41 ppt). Coefficients of determination were highest 
(0.98) at SRS-6 and SRS-5, while the coefficient was relatively lower 
(0.93) at SRS-4. NSE values estimated for SRS-5 and SRS-6 were the 
same (0.98) and higher than that of SRS-4 (0.80). Comparatively, the 
statistical parameters between calibration and validation were different 
(Table 5). For model validation, the coefficients were higher at SRS-5 

(0.88) and SRS-6 (0.74) than in SRS-4 (0.51); whereas NSE values were 
0.65 (SRS-6), 0.82 (SRS-5), 0.41 (SRS-4) (Table 5). 

Just as in the case during the validation/calibration procedures, 
simulations for the entire study period (2004–2016) showed good 
model performance in predicting PWS (Fig. 5,Table 5). Simulated PWS 
showed low bias (range: −1.96 to −0.86 ppt) and both high coeffi-
cients of determination (0.64–0.92) and NSE values (0.56–0.88), in-
dicating that RHYMAN is a robust model to simulate PWS in riverine 
mangrove forests along the SRE (Table 5). The linear regression be-
tween observed and simulated PWS values showed a good agreement at 
all sites (Fig. 5). A high coefficient of determination was obtained when 
all paired observed-simulated values were used (R2=0.94, RMSE=2.66 
ppt, F1,47=749.23; Fig. 5). RHYMAN is relatively more efficient and 
powerful when PWS values are estimated for the sites SRS-6 and SRS-5 
where seawater and CGD are dominant over upstream freshwater in-
flow. This was in contrast to the upstream SRS-4 site where the sig-
nificant composite influence of freshwater inflow and CGD resulted in 
more complex hydrological patterns. 

Although statistical analysis of the simulated water level showed 
high variability regardless of study periods, simulated patterns captured 
the spatial trends and seasonal variations in observed daily mean water 
level inside the forest, which can be attributed to seasonal changes in 
the adjacent channel water level, ET, and precipitation (Fig. 6, Fig. S6,  
Table 6). Overall, in the case of full period (2004–2016), the simulated 
water level inside the mangrove forests indicated a slight bias (range: 
−3.86 to 0.95 cm) and negative/low NSE (−0.28 to 0.02) across all 
sites; the coefficient of determination at SRS-4 (0.57) was fair, while the 
coefficients were poor at SRS-5 (0.25) and SRS-6 (0.12) (Table 6). 

3.4. Sensitivity analysis 

High absolute sensitivity values indicate that water level is sensitive 
to topographic parameters (i.e., ground surface and bankfull stage;  

Fig. 4. Soil porewater salinity (PWS) field measurements (observed) inside the mangrove forest in the dry and wet seasons (2004–2006); continuous line (simulated) 
shows RHYMAN model calibration results. 
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Table 7) given the integrative role that local topography plays in 
controlling hydroperiod inside the mangrove wetlands. In contrast, 
PWS was not sensitive to any parameter with a  ±  25% change which 
indicates that changes in PWS were less than 25% in these cases. PWS 
sensitivity values were generally smaller (|S| <0.10) across all sites. 
The CGD procedure showed that the sensitivity to the parameter (i.e., 
CGD differences between dry vs wet seasons; %%CGD_dry_to_wet,  
Table 2) is relatively higher at SRS-5 (S = 0.13). The sensitivity value 
of dispersion in the FGD procedure (dispersion_FGD) was −0.2, un-
derscoring its larger influence on model performance than other model 
parameters (Table 2). 

3.5. Simulation scenarios 

The PWS values were significantly different among the four simu-
lation scenarios across sites (Fig. 7, Table S4). The control scenario 
(S0) showed a similar gradient of annual average PWS values across 
sites compared to field measurements where the higher salinity was 
registered at the downstream and midstream estuary (SRS-6: 
27.18  ±  0.32 ppt; SRS-5: 21.04  ±  0.41 ppt) and the lowest values at 
the upstream site (SRS-4: 4.96  ±  0.27 ppt). In the case of the high 

freshwater discharge scenario (S1), when compared to S0 results, PWS 
was significantly reduced by 4.50 and 5.64 ppt units at SRS-6 and SRS-5 
respectively, while at SRS-4 remained approximately the same in both 
scenarios S0 and S1 (4.61  ±  0.25 ppt). PWS values were high in the 
high sea level scenario (S2) with a significant increase in PWS values 
regardless of site locations; the maximum PWS increase was at SRS-4 
(7.61 ppt), followed by SRS-5 (3.54 ppt) and SRS-6 (3.02 ppt). The 
mean PWS simulated at SRS-6 under this combined scenario was sig-
nificantly lower than the values obtained in the control scenario (i.e., 
24.01  ±  0.19 ppt). In the case of SRS-5, the average simulated PWS 
was 15.39  ±  0.21 ppt under S3, which is approximately same as S1 
(15.39  ±  0.46 ppt), but significantly lower compared to S0 
(21.04  ±  0.41) and S2 (24.57  ±  0.33) scenarios (Fig. 7, Table S4). 

4. Discussion 

4.1. Model performance 

Simulated PWS values along the SRE using RHYMAN showed close 
agreement with historical field measurements (Fig. 5), indicating that 
this mass balance-based modeling approach has strong utility in 

Table 5 
Soil porewater salinity (PWS) statistical information estimated for the partial (i.e., calibration: 2004–2006; validation: 2007–2016) and full (2004–2016) simulation 
periods (see methods for details).               

Mean (ppt)    

Period Site # of Sample Bias1 (ppt) Observation Simulation R2 (1) RMSE1 (ppt) NSE1  

Calibration SRS-6 6 −0.30 24.78 24.48 0.98 1.18 0.98 
(2004–2006) SRS-5 6 −1.41 18.48 17.07 0.98 1.45 0.96  

SRS-4 6 −0.50 4.10 3.60 0.93 1.41 0.80 

Validation SRS-6 10 −1.72 26.30 24.58 0.74 3.42 0.65 
(2007–2016) SRS-5 11 −2.27 23.70 21.44 0.88 3.12 0.82  

SRS-4 10 −1.07 6.73 5.66 0.51 3.11 0.41 

Full SRS-6 16 −1.19 25.73 24.54 0.84 2.80 0.80 
(2004–2016) SRS-5 17 −1.96 21.86 19.89 0.92 2.58 0.88  

SRS-4 16 −0.86 5.74 4.89 0.64 2.75 0.56 

1 For definitions and calculations see Appendix D.  

Fig. 5. Linear regressions between soil porewater 
salinity (PWS) field measurements and RHYMAN 
model simulation results at each study site along the 
Shark River estuary. Field measurements were ob-
tained in the period from 2004 to 2016 in the dry and 
wet seasons (see methods). Light gray area indicates 
the 95% confidence interval for the full model (black 
line). 
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forecasting PWS in riverine mangrove forests under different hydro-
logical scenarios. Model performance in this study was improved when 
compared to a previous PWS modeling estimation along the SRE over 
the period of 2003–2005 using HYMAN without explicitly considering 
groundwater inputs (FGD and CGD) (i.e., Tsai, 2008). For instance,  
Tsai (2008) showed that simulated PWS values at SRS-4 during the wet 
season were ~5–7 ppt greater than the observed PWS range. This result 
was attributed to salt accumulation in the soil due to low precipitation 
and high ET in late spring and then flushed out in the summer season. 
However, when we included the term FGD, the simulated PWS matched 
the field observations in the period of 2004–2005. One mechanism 
explaining this temporal agreement is that increasing upstream fresh-
water inflow causes a reduction in salinity concentration in both the 
adjacent channel water and groundwater at SRS-4 (Lagomasino et al., 
2015); thus, the combination of fresher channel water and groundwater 
inputs decreases PWS inside the mangrove forest. Simultaneously, ex-
cess freshwater inputs into the soil matrix might also help export or 

disperse more salt to adjacent estuarine waters through surface flow 
and seepage. The relatively high absolute sensitivity value of dispersion 
(0.2) indicates the considerable influence of salt dispersion on PWS. 

Similar to the functional role of the term FGD at upstream estuary 
locations, the inclusion of the parameters defining CGD also improved 
PWS projections in both SRS-5 and SRS-6 sites when compared to 
previous estimates (i.e., years 2004 and 2005; Tsai, 2008). The region 
close to the estuary mouth (e.g., downstream SRS-6) is characterized by 
a thick peat layer (~3–6 m; Whelan, 2005; Yao and Liu, 2015; 2017). 
Consequently, the local aquifers are relatively deep in downstream SRS- 
6. The relative contributions of groundwater stored in the deep aquifers 
has a limited effect on net water volume and salinity in the subsurface. 
Instead, CGD is associated with seawater/brackish water intrusion into 
the mangrove soil, as shown by isotope markers in the SRE, and can 
potentially alter PWS (Price et al., 2003; 2006; Smith et al., 2016). In 
RHYMAN, CGD represents the subsurface/shallow water flow (<1 m) 
discharge into the mangrove soil; therefore, the relatively high 

Fig. 6. Field measurements (observed) and RHYMAN modeling (simulated) daily water levels inside the mangrove forests.  

Table 6 
Water level statistical information estimated for the partial (i.e., calibration: 2004–2006; validation: 2007–2016) and full (2004–2016) simulation periods (see 
methods for details).               

Mean (cm)    

Period Site # of Sample Bias1 (cm) Observation Simulation R2 (1) RMSE1 (cm) NSE1  

Calibration SRS-6 575 0.47 0.26 0.73 0.04 6.41 −0.39 
(2004–2006) SRS-5 780 −3.35 −6.29 −9.64 0.18 10.86 −0.18  

SRS-4 932 −3.24 −3.28 −6.52 0.65 9.69 −0.08 

Validation SRS-6 1335 1.16 0.51 1.68 0.16 5.10 0.13 
(2007–2016) SRS-5 1416 −1.05 −3.47 −4.52 0.28 9.70 0.15  

SRS-4 1295 −4.30 −3.04 −7.33 0.53 11.83 −0.40 

Full SRS-6 1910 0.95 0.44 1.39 0.12 5.54 0.02 
(2004–2016) SRS-5 2196 −1.87 −4.47 −6.34 0.25 10.29 0.05  

SRS-4 2227 −3.86 −3.14 −6.99 0.57 11.01 −0.28 

1 For definitions and calculations see Appendix D.  
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agreement between observed and simulated PWS values at SRS-6 and 
SRS-5 indicates that the CGD would increase PWS values as saline water 
slowly enters the subsurface soil as a result of seawater intrusion driven 
by sea-level rise over the long term (Fig. 5). In contrast, as the peat soil 
layer (~1.5 m depth) becomes shallower upstream (SRS-4), ground-
water input (i.e., freshwater; FGD) from the deep aquifer becomes 
significant (Smith et al., 2016), especially in the context of freshwater 
diversions as part of the hydrological restoration program upstream the 
ENP (National Academies of Sciences, 2016; Sklar et al., 2005;  
Troxler et al., 2013). However, even after including the FGD para-
meters, the interaction between fresh and brackish groundwater 
sources is still complex at SRS-4 leading to relatively poor PWS simu-
lation compared to the SRS-6 and SRS-5 sites (Fig. 5, Table 5). 

Simulated PWS in riverine mangrove forests along SRE captured the 
spatial variation in field measurements with high values in SRS-6 and 
SRS-5 and low values in SRS-4 during both wet and dry seasons (Fig. 
S3, Table S3). The apparent PWS decreasing trend from downstream 
SRS-6 towards mid- and upstream (SRS-5 and SRS-4) reflects hydro-
logical processes and their interactions at the regional scale; particu-
larly at the two endmember sites, downstream (SRS-6) and upstream 
(SRS-4; Fig. S5, Table S3). The EMER is delimited by the Gulf of 
Mexico coastline and comprises an extensive hydrological network with 
multiple interconnected estuaries/tidal channels (Castañeda- 
Moya et al., 2020; Rivera-Monroy et al., 2011). For example, the site 

SRS-4 is located upstream in Tarpon Bay, at the junction between the 
Shark and Harney Rivers (Fig. 1c). Longer inundation duration in wet 
season based on field measurements at SRS-4, compared to midstream 
SRS-5, shows that water level upstream is influenced by the Shark and 
Harney Rivers (Table S3). Although the hydrological interaction be-
tween these two rivers remains uncertain, the compounded hydro-
logical synergy does modulate water budgets and materials exchange in 
this area, as observed by distinct sedimentation patterns during natural 
disturbances and associated storm surges (Castañeda-Moya et al., 
2020). Further, this complex hydrological coupling is also evident by 
the opposite trend in flooding duration at SRS-5 (longer in the dry 
season) in comparison with SRS-6 and SRS-4 (longer in the wet season). 
In the wet season, the relatively high river discharge upstream can 
potentially offset the downstream tidal flooding regime. Hence, this 
offset across sites, along with seasonal ET and precipitation (Fig. S6), 
may explain the lower duration of inundation at the midstream site 
(SRS-5) during the wet season. This long-term offset, captured by 
RHYMAN simulations, highlights the dynamic hydrological interaction 
between river discharge and tides at the SRS-5 location, which is part of 
a complex network of channels and tidal creeks (Fig. 1a) (Larsen et al., 
2012; Nuttle et al., 2000). In contrast to SRS-5 and SRS-4, SRS-6 hy-
drological conditions are dominated by strong tidal dynamics due to its 
proximity to the Gulf of Mexico (Fig. 1e) that results in higher in-
undation frequency and water level inside the forest. Although 
RHYMAN does not explicitly include functions representing tidal 
asymmetries and material exchange (water and salt) through water 
movements between the forest and the water column at the mouth of 
the estuary (e.g., Mazda et al., 1995; van Maanen et al., 2015; Wu et al., 
2001), our mass balance approach implicitly capture their effect on 
PWS seasonal variability. 

Seasonal variations in simulated PWS values were consistent with 
observations and previous studies (Fig. S4, Table S3) (Castañeda- 
Moya et al., 2013; Chen and Twilley, 1999) and highlights the critical 
role of hydroperiod in regulating PWS in mangrove forests 
(Krauss et al., 2006; Lara and Cohen, 2006). For instance, although the 
frequency of inundation is higher during the dry season in SRS-4, the 
average low water depth and shorter inundation duration reduce the 
interaction between subsurface porewater and surface water during 
flooding. This limited interaction reduces salt exchange between the 
forest and adjacent estuarine water. The high frequency of inundation 
during the dry season was a composite result of relatively low water 
depth and shorter flooding duration, which underscores the complex 
attributes of hydroperiod (Fig. S5) (Friess and Watson, 2016; Rivera- 
Monroy et al., 2017). Additionally, seepage is low due to the low crab 
burrow density in this site (Smith et al., 2016), thus accumulating a 
greater proportion of salt. This composite interaction among variables 
results in the seasonal salinity or “salt legacy”, which largely influences 
simulated PWS values, as RHYMAN simulations showed in SRS-4 

Table 7 
Sensitivity analysis ( ± 25% level) of different parameters for ground surface (GROUND SUR), bank stage (BANKSTAGE), aboveground specific yield (SY_AB), 
belowground specific yield (SY_UN), salt tidal exchange (SALT_EX_TIDE), forest canopy precipitation interception (INTERCEP), coastal groundwater discharge 
(CGD), seasonal CGD percentage (%%CGD_dry_to_wet), salt dispersion (dispersion_FGD), and fresh groundwater discharge (FGD).                

Parameter1 

State variable Site GROUND SUR BANK-STAGE SY_AB SY_UN SALT_ EX_TIDE INTER-CEPT %CGD_ dry_to_wet2 CGD2 Dispersion _FGD3 FGD3  

PWS (ppt) SRS-6 0.01 0.00 −0.05 −0.07 0.01 −0.06 0.07 0.02 nd2 nd2  

SRS-5 0.00 0.05 −0.03 0.00 0.00 −0.06 0.13 0.05 nd2 nd2  

SRS-4 0.00 0.00 0.08 0.03 −0.03 −0.10 nd3 nd3 −0.20 0.01 

Water Level (cm) SRS-6 −0.03 59.47 111.16 64.71 0.20 1.04 2.92 0.91 nd2 nd2  

SRS-5 −0.12 −5.69 −9.94 −5.99 −0.40 −0.07 −0.79 −0.32 nd2 nd2  

SRS-4 −0.21 −1.20 −0.93 −0.94 −0.18 −0.05 nd3 nd3 0.00 −0.03 

1 See Table 2 for parameter description. 
2 No data for the variables related to CGD parameters at SRS-6 and SRS-5. See model description section. 
3 No data for the variables related to FGD parameters at SRS-4. See model description section.  

Fig. 7. Means ( ± SE) soil porewater salinity (PWS) values from four RHYMAN 
simulation scenarios at each site. Scenarios are S0: Baseline; S1: High fresh-
water inflow; S2: High sea level; and S3: Combination. *** indicates significant 
difference from the baseline scenario (S0) at each site. 
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during the dry season (e.g., Castañeda-Moya et al., 2006; Krauss et al., 
2006). This inclusion of salt legacy considers its influence from the 
previous time step (i.e., day) when calculating the PWS in a current 
simulation day, thus improving the agreement between simulated PWS 
and field measurements (Tsai, 2008). This improvement underscores 
the relative importance of “salt legacy” in regulating salt balance in the 
long term, especially in cases where mangrove soil is influenced by 
varying flooding regimes and hydroperiod gradients, as in the case of 
areas with low-level topography (i.e., Taylor River Slough, Everglades) 
and semi-arid coastal regions characterized by micro-tides (<30 cm) 
(Sánchez-Carrillo et al. 2009). 

Conversely, in areas where crab burrow density is high, the soil is 
less saturated as a result of greater flushing of materials, including salt, 
during the dry season. This is the case of site SRS-6 where burrows are 
efficiently flushed (up to 100% efficiency) due to tidal pumping during 
the dry season (Smith et al., 2016). This mechanism partially explains 
why our simulated PWS values are close to field measurements, since 
the influence of “salt legacy” at SRS-6 in the long term is low compared 
to SRS-4. Thus, the water exchange interacting with soil properties 
(e.g., bulk density, crab burrows presence) at different temporal scales 
(i.e., tidal and seasonal forcing) is critical in regulating not only salt 
exchange, but also nutrient availability (i.e., soil TP and soluble re-
active phosphorus- PO4

3) and carbon storage in the long term 
(Santos et al., 2019; Tait et al., 2016; 2017). Further studies are needed 
to quantify this net water exchange in mangrove ecosystems under 
different geomorphic settings and hydroperiod regimes, especially in 
wetlands influenced by microtidal regimes (Kristensen et al., 2017;  
Smith et al., 2016). 

4.2. Considerations concerning RHYMAN model settings and boundaries 

As a spatially implicit model, RHYMAN was designed and calibrated 
using the water level relative to the forest soil surface as a criterion to 
assess flooding events during tidal exchange. To reflect the local to-
pography influence, the bankfull stage was explicitly included in the 
model (Fig. 2). The high sensitivity values of the topographic para-
meters highlight the importance of capturing the forest elevation gra-
dient when simulating water level in our mangrove sites where topo-
graphic relief is significantly different along the estuary (Table 2).The 
inclusion, for instance, of the bankfull stage is critical to adjust the local 
water level affected by local topographic gradients. Indeed, the ob-
served PWS values sampled along a 100-meter transect at each site (Fig. 
S1) slightly decreased from the channel bank (i.e., the water edge 
where the channel water level recorder was installed) to the forest in-
terior. These spatial differences in PWS values along the topographical 
gradient is the outcome of a highly dynamic vertical exchange of water 
and salt between the soil and the overlying water during flooding 
conditions at different temporal scales (tidal vs seasonal). In this case, 
the simulated PWS is assumed as the averaged value due to water flows 
across soil layers with different soil properties (e.g., porosity) in our 
mass balance approach. This is one of the reasons why our water level 
simulation results are different from direct measurements. Overall, the 
sensitivity analysis showed a robust model performance regarding to-
pography as a controlling variable where PWS values were not very 
sensitive (i.e., ± 25%) to the ground surface level and bankfull stage 
parameters (Table 7). Nevertheless, it is important to carefully select 
these parameters during the calibration and validation stage in other 
environmental settings and mangrove ecotypes (e.g., scrub, basin), 
especially when using RHYMAN to evaluate PWS at larger spatial 
scales. This step is critical given that the edge threshold is a site-specific 
parameter obtained using regression analysis (Tsai, 2008). Specifically, 
the topography inside forests and channel bathymetry are dynamic over 
a long term due to sediment transport, deposition and accumulation 
associated with tidal exchange or hurricane events (Castañeda- 
Moya et al., 2020; Feher et al., 2019). 

RHYMAN defines a boundary condition by using a constant ground 

surface level (Twilley and Chen, 1998). This selection is based on the 
initial assumption that, when the adjacent channel water flows into the 
forest, there is surface water flow that then recharges and maintains a 
subsurface water level which becomes the boundary condition. Given 
the long-term field PWS data availability at 30-cm depth in our study 
sites, it was adequate to use the ground surface level boundary at 
35 cm. Our model does not explicitly include the channel water column 
lateral pressure. This lateral pressure, as related to Darcy's law 
(Mazda and Ikeda, 2006), still can influence groundwater level through 
subsurface flow, especially in cases where soil porosity is high due to 
crab burrows, as is the case in our study sites (Larsen et al., 2011;  
Smith et al., 2016). Although we considered seepage outflow, which 
contains the partial influence of lateral pressure, the performance of 
RHYMAN model was limited when simulating water level inside the 
forest. The observed lowest water level was approximately 20–40 cm 
belowground, indicating that the boundary water level is maintained 
probably belowground within this range (Fig. 6). To improve water 
level simulations inside the forest, further field surveys are needed to 
evaluate this key boundary value currently included in RHYMAN. 

We also attribute the difference between observed and simulated 
water level values, as indicated by the negative NSE value, to the fact 
that RHYMAN simulates a daily water budget. Using forcing variables 
on a daily basis as a simplified approach does not consider the dynamic 
processes regulating water and salt exchange within a semi-diurnal 
tidal cycle (Table 2; Eqs. (1) and (2)). This daily step limits the eva-
luation of water and salt budgets through each tidal cycle (~12-hour 
period) as implicitly considered in the mass balance calculations at each 
location affected by semi-diurnal tides. Further, by omitting explicit 
hydrodynamic processes, our model is not able to examine water flow 
inside the forests and its interactions with the soil surface and trees/ 
roots (i.e., shear stress or drag force) (Mazda et al., 2005). Hence, the 
model cannot estimate how the energy dissipates as water flows in/out 
of the forest and its concomitant impact on water and salt budgets 
(Larsen and Harvey, 2010; Mazda et al., 2005); especially considering 
the high drag force caused by highly dense prop roots (Alongi, 2009;  
Castañeda-Moya et al., 2011; Lugo and Snedaker, 1974; McKee et al., 
1988; Tomlinson, 2016; Troxler et al., 2015). As a result, PWS can be 
over/underestimated (range: ~1–10%) depending on the season and 
the relative effect of FDG and CDG procedures in the overall salt and 
water budget simulations (Fig. 5). Despite this limitation, RHYMAN's 
PWS values are robust estimates when using a mass balance metho-
dology as is the case for other studies in coastal ecosystems including 
salt marshes and tidal freshwater forested wetlands (Morris, 1995;  
Wang et al., 2007; Wang et al., 2020). 

Furthermore, our results show the model potential to be expanded 
into a spatially explicit setting to evaluate the contribution of PWS as a 
stressor in modulating forest structure, aboveground biomass, and NPP 
trends. Thus, RHYMAN offers an experimental opportunity to evaluate 
future changes in mangrove wetland spatial distribution and NPP in the 
long term (annual, decadal) as climate changes in coastal Everglades 
(Flower et al., 2019; Saha et al., 2012; 2011). Similarly, given the 
computational expense, it is an inefficient strategy to simulate hourly 
PWS fluctuations as expected in a more complex hydrodynamic model. 
Overall, this type of models requires further parameterization that limit 
their utilization, especially given the lack of field data in most man-
grove forests at tropical latitudes (e.g., Rivera-Monroy et al., 2004). 

4.3. Porewater salinity dynamics under increasing freshwater restoration 
and rising sea level 

The Shark River Slough is one of the main drainages delivering 
groundwater and surface freshwater from upstream Everglades into the 
SRE and directly impacting our study sites (Fig. 1). In our scenario 
simulations (Table 3), the high freshwater inflow scenario (S1; 1562 
Mm3) has 3.5 times freshwater discharge than the control scenario (S0; 
446 Mm3) and causes a decrease in PWS values at SRS-6 (17%) and 
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SRS-5 (27%), while maintaining PWS values at SRS-4 (~4–5 ppt). As 
expected, this decreasing spatial trend in PWS values indicates a reverse 
relationship between freshwater inflow and PWS values. A similar re-
sponse to freshwater increase has been reported in other South Florida 
regions. For example, modeling results (March 2007-October 2009) 
showed a reduction from 18 to 10 ppt in groundwater/subsurface 
salinity in the brackish/saline marsh-mangrove ecotone at the Ten 
Thousand Island National Wildlife Refuge (Michot et al., 2017); this 
reduction was related to a potential increase in 20% freshwater inflow 
under CERP management decisions. Yet, a recent field study in the same 
region found that an actual reduction in freshwater discharge com-
pounded by increasing SLR has caused salt intrusion and an increase in 
overlying water in flooded freshwater marshes (Romañach et al., 2019). 
Together, these results show the relative rapid Everglades regional 
ecosystem response to both freshwater diversions and SLR. This re-
sponse is most probably due to the karstic porous geomorphic setting 
with low topographic relief, high hydraulic conductivity, and close 
coupling between surface water and groundwater processes 
(Dessu et al., 2018; Price et al., 2006; Saha et al., 2012; Smith et al., 
2016). 

In contrast, when saltwater enters the SRE due to increasing SL, 
salinity increases commensurably with saltwater inputs from the Gulf of 
Mexico. This is the case under a high sea level scenario (S2) with PWS 
increasing about 11% at SRS-6, 17% at SRS-5, and by 1.5 times up-
stream at SRS-4 when compared with the control scenario (S0; Fig. 7, 
Table S4). Indeed, this scenario (S2) will become the “new normal” due 
to the rapid increasing SLR in this region over the last decade 
(9  ±  4 mm yr−1; three times of average pre-2006 rate, 3  ±  2 mm 
yr−1) (Wdowinski et al., 2016), and similar to other coastal regions in 
the United States where SLR is accelerating (Table S1;Dahl et al., 
2017). An increase in PWS up to 40 ppt will not impact mangrove 
functioning and extent overall since these coastal wetlands are adapted 
to withstand PWS up to >70 ppt depending on hydroperiod (Lugo and 
Medina, 2014); especially flooding duration and frequency (e.g.,  
Castañeda-Moya et al., 2006). However, as PWS increases, we expect a 
significant expansion in mangrove area with the species R. mangle, L. 
racemosa, and C. erectus readily occupying marsh habitats close to the 
upstream boundary (SRS-4). This is because the PWS along the 
boundary is more sensitive to increasing sea level as the S2 simulation 
showed. The expansion pattern has been observed in the Ten Thousand 
Islands region of southwestern Florida (Howard et al., 2017; 2020) and 
Taylor River Slough, where there is a distinct boundary defined by a 
mix of mangrove-marsh vegetation ("white zone"; Ross et al., 2000) that 
has moved inland since the 1940s. This area has a net area gain, as dry 
conditions are triggered by a reduction in freshwater delivery as a result 
of past CERP management (National Academies of Sciences, 2016) in-
teracting with “dry”, low precipitation years triggered by the ENSO 
(Davey et al., 2014). 

Further, a current long-term landscape-level assessment 
(1985–2017) shows a cumulative increase (+10.2%) in mangrove 
coverage in the FCE (Han et al., 2018). This transgression/encroach-
ment has been common in this coastal region since the early-mid Ho-
locene epoch when mangrove wetlands colonized downstream areas of 
SRE around 3800 cal yr BP by encroaching into the freshwater marsh as 
sea-level rose (Yao and Liu, 2015; 2017). For instance, similar vegeta-
tion habitat shifts from coastal marsh (i.e., freshwater, brackish and 
saline) to scrub mangroves (e.g., A. germinans) have been associated 
with increasing SLR and air temperature along the Louisiana and Texas 
coastal regions in the northern Gulf of Mexico (Guo et al., 2017;  
McKee and Vervaeke, 2018; Osland et al., 2013; Saintilan et al., 2014). 
Although there is mangrove expansion in the EMER (Han et al., 2018), 
roads, channels, and other infrastructure features will eventually cause 
a “coastal squeeze” (Enwright et al., 2016) where limited space will 
stop this vegetation expansion. 

A comprehensive PWS spatiotemporal assessment along the SRE 
requires consideration of the combined effects of freshwater inflow, sea 

level, and climatic factors. In particular, long-term (2001–2016) water 
column salinity changes were more evident as a result of changes in 
freshwater inflow and sea-level rise than from interannual variation in 
ET and precipitation, despite their covariation with elevated global 
temperature (Dessu et al., 2018). This outcome was observed in the 
RHYMAN combination scenario (S3; Fig. 7,Table S4) at SRS-6 site 
where, despite an increase of 6% in PWS compared to S1, PWS did 
decrease 20% in contrast with the value under S2. Certainly, this result 
suggests that high freshwater inflow can offset the relative impact of 
high SL on PWS values. In fact, Dessu et al. (2018) pointed out that 
freshwater inflow and water level above the SRS-4 site were critical 
variables in maintaining a “fresh-to-marine head difference”, which 
they considered the critical factor affecting marine-to-fresh water 
connectivity and transport of salinity and nutrients along the SRE. 

Overall, if reducing mangrove expansion into freshwater/brackish 
marshes is one of the CERP management priorities, then increasing 
freshwater inflow is needed as suggested by RHYMAN scenario simu-
lation (S2 vs. S3). On the contrary, freshwater reduction and SLR, re-
sulting in PWS increase, can facilitate mangrove survival and expansion 
landward, thus increasing mangrove area (S2) (Han et al., 2018). 
Specifically, our modeling results show that during a tropical storm 
(e.g. Hurricane Wilma, October 2005; Fig. 5) PWS can rapidly increase 
at upstream SRS-4, despite high precipitation induced by the storm, 
suggesting the dominant role of seawater intrusion associated with 
major storm surges (Castañeda-Moya et al., 2020; Lagomasino et al., 
2020; McKee et al., 2016). This instantaneous increase also reiterates 
that the PWS at the boundary site SRS-4 is sensitive to the seawater 
intrusion. Thus, the RHYMAN S3 simulation results highlight complex 
interactions among the hydrological components and the major impact 
of SLR on water and salt exchange, especially along the mangrove- 
marsh ecotone boundary (SRS-4). 

4.4. Mangrove forest structure and salinity gradients 

PWS and hydroperiod in the SRE, along with well-documented 
differences in soil total phosphorus (TP) concentrations regulated by 
hurricanes (Castañeda-Moya et al., 2020; Danielson et al., 2017), are 
key factors controlling mangrove species composition, tree height, and 
NPP patterns (Castañeda-Moya et al., 2013; Chen and Twilley, 1999;  
Danielson et al., 2017; Lagomasino et al., 2020; Rivera-Monroy et al., 
2019; Smith et al., 2009). But the lower PWS values at SRS-4 (~1–14 
ppt; Table S3), for instance, allows the presence of freshwater/brackish 
vegetation and the exclusion of the mangrove species A. germinans 
(Danielson et al., 2017). This species, present at SRS-5 and SRS-6, is 
physiologically more tolerant to higher salinities where tree growth 
rate and density increase even in seasonally hypersaline conditions 
(e.g., arid zones in the Caribbean and Pacific regions, Castañeda- 
Moya et al., 2006; Ochoa-Gómez et al., 2018) that are currently absent 
in the SRE. Indeed, during the last 6 years freshwater/brackish vege-
tation has expanded at SRS-4 as PWS remained low during this period 
(<10 ppt). This vegetation is now competing with mangrove species for 
space and other resources (e.g., nutrients and light) resulting in the 
replacement of dominant mangrove species (i.e., R. mangle, 61%) by 
other brackish tree species like Chrysobalanus icaco (coco plum), which 
is also found in tree islands upstream in the Everglades (van der Valk 
et al., 2008). Thus, if freshwater flow increases as part of the CERP 
restoration plans, it is expected that as the salinity regime changes 
along the SRE, the relative dominance and extension of mangrove 
forests might also change at the boundary between freshwater/brackish 
and saline gradients (Danielson et al., 2017; Dessu et al., 2018;  
Michot et al., 2017). 

Past and current hydrological assessments have proposed that the 
EMER might be already in a transient state, probably far from the pre- 
development hydrological conditions of the 1950s (Dessu et al., 2018;  
Rivera-Monroy et al., 2019). Thus, there is a need for a comprehensive 
assessment of the initial criteria to decide on the quantity, quality, 
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timing and distribution of freshwater (Sklar et al., 2005) along the 
Shark River Slough and other locations throughout the southern Ever-
glades, including the SRE (Flower et al., 2017). If one of the CERP goals 
is to re-establish freshwater vegetation, then any increase towards pre- 
development hydrologic conditions will result in slowing mangrove 
expansion into freshwater marshes due to salt intrusion (S3), but it may 
also alter species diversity at the upstream boundary. Management 
decisions are especially needed given the potential economic impacts in 
the case of mangrove wetlands spatial distribution. Further studies are 
needed to evaluate these potential vegetation spatiotemporal distribu-
tion outcomes based on a contemporary evaluation of desirable eco-
system services such as carbon sequestration (e.g., blue carbon in 
mangroves; Jerath et al., 2016) and habitat biodiversity associated to 
low PWS (e.g., Cladium jamaicense-dominated seagrass) in the Ever-
glades landscape. 

5. Conclusion 

A mass balance-based hydrological mangrove 
model—RHYMAN—was developed and implemented for riverine 
mangrove forests in the SRE that explicitly considers groundwater 
discharge associated with upstream freshwater input (FGD) and coastal 
groundwater discharge (CGD). RHYMAN simulated water and salt 
budgets at three sites along the estuary and matched observed daily and 
seasonal soil porewater salinity (PWS) associated with spatial differ-
ences. Although RHYMAN's daily water level simulations were con-
strained and variable, the model was able to evaluate the relative 
regulatory role and effect of freshwater inflow and SLR on PWS. 
Modeling results show that lower freshwater inflow volume and higher 
SLR lead to higher PWS values in mangrove forests along the SRE. Our 
model can serve as a tool to forecast PWS under future climate and sea- 
level scenarios while planning hydrological restoration measures. Site- 
specific hydrological and climatic scenarios indicate that freshwater 
inflow and SLR are dominant drivers controlling PWS. Increasing 
freshwater (Scenario 1) can reduce PWS causing the expansion of 
freshwater and brackish vegetation and reducing mangrove area at the 
ecotone boundary. Seawater intrusion associated with SLR (Scenario 2) 
increases coastal groundwater discharge and salt concentration sig-
nificantly, increasing PWS in all sites. Therefore, RHYMAN can help 
explore the hydrological and ecological outcomes (e.g., vegetation 
dominance) depending on the relative balance between net freshwater 
inflow and variable sea-level rise. Although RHYMAN simulations have 

provided evidence of the close balance between freshwater input and 
SLR, a landscape-level assessment is needed to understand if the man-
grove-marsh ecotone region will be resilient to proposed hydrological 
management decisions (Danielson et al., 2017; Lugo, 1980; Rivera- 
Monroy et al., 2019) or if it is currently beyond a tipping point as CERP 
undergoes full implementation (National Academies of Sciences, 2016). 
Because hydrological restoration implies restoring freshwater flows to 
promote freshwater vegetation expansion and avoid, for example, “peat 
collapse” (Chambers et al., 2019; Ellison and Stoddart, 1991;  
Servais et al., 2020; Snedaker, 1995) as a result of saltwater intrusion, 
key restoration decisions are needed to continue the adaptative im-
plementation and management of CERP (National Academies of 
Sciences, 2016). This includes the assessment of positive and negative 
environmental impacts and associated uncertainties of freshwater di-
versions in the context of climate change and mitigation plans in this 
unique oligotrophic karstic coastal region. 
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Appendix A. Model parameterization 

A.1. Forcing function parameters 

Precipitation was considered as the major source of upland water surface flow into the study area. Throughfall represents the actual precipitation 
volume reaching the forest floor (~95% of total precipitation; Twilley and Chen, 1998). Thus, surface water flow was equal to daily average 
throughfall multiplied by a runoff coefficient (90%). Daily seepage was also a site-specific constant for each simulation and determined by water 
level records obtained at each site. When the water level was below soil surface and no precipitation occurred in one day, then seepage was 
considered as the difference between ET and the change in water level on that particular day (Twilley and Chen, 1998). Specific magnitudes are 
listed in Table 2. 

A.2. Topographic and hydrological parameters 

Three topographic parameters (Table 2), including ground relative surface level, bankfull stage, and edge threshold, characterize the local 
relative elevation settings at each study site. Ground surface level and bankfull stage were determined via sensitivity analysis, while edge threshold 
was site-specific; this parameter should be directly measured or determined by linear regression between water levels in the channel and inland 
forest when channel water floods the mangrove floor (e.g., Tsai, 2008). Particularly, given the relatively long study period (2004–2016), the ground 
surface level changed over years due to the sediment deposition/transportation associated with tidal exchange and storms; especially at the local/ 
micro-scale. Additionally, the zero-marker of the channel water level data was changed in some years due to hurricane damage/re-installation. To 
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adjust these year-specific modifications, the ground surface level varied over the study period (Table 2). Hydrological parameters controlling water 
and salt exchange are site-specific or adapted from HYMAN and include specific yield for aboveground and underground water, salt content exported 
by channel water (tidal cycle) or surface flow, and precipitation canopy interception (Table 2). 

Appendix B. Model initialization 

RHYMAN includes the implementation of four main sub-routines given site differences in stages associated with channel and in situ water level 
and local topography (Fig. S1, Fig. S2).Before each simulation (one year), initial water level and PWS values were defined using December values 
from the previous year. Thus, RHYMAN first evaluates if the initial water level in the mangrove wetland is aboveground (“High Water”) or be-
lowground (“Low Water”) (Fig. S2). The model then compares the channel water level to the edge threshold to determine the “actual” water level in 
the channel relative to the forest ground. Based on the “actual” water level in the channel, the model then determines if the soil is flooded (“Tide”) or 
not (“NoTide”) each day. Therefore, RHYMAN executes one sub-routine in one day to calculate water level, salt content, and PWS sequentially as 
influenced by each hydrological component as stated in the model description. 

Appendix C. Sensitivity analysis 

Sensitivity (S) was defined by the following equation: 

=S X X P P[ / ]/[ / ]j j i (C1) 

where Pi is the best estimate of a given parameter i, ΔPi is the change in parameter i; Xj is the state variable j (i.e., PWS and water level), ΔXj is the 
change in the j state variable caused by a change in the parameter i values. The higher the S absolute value of a given parameter, the more sensitive 
the model is to such parameter. Negative S represents the negative relationship between parameter change and the change in the state variable. 
Because the specific yield aboveground and precipitation interception value range from 0 to 1 (Table 2), we only calculated the S value with −25% 
change of the best estimate (0.95). 

Appendix D. Statistical measures 

D.1. Bias 

The bias indicates the over- or under-estimate by comparing the simulated value to observations; it is the difference between the mean of 
simulated values and mean of observations: 

= =Bias
S O
n

( )i
n

i i1
(D1) 

where Si and Oi are the simulated and observed values of state variables (i.e., water level and PWS) at each time; n is the total number of ob-
servations. 

D.2. Coefficient of determination (R2) 

The coefficient of determination (R2) represents the proportion of the variance in the observed variables that can be predicted from the simulated 
variable; it measures the linear regression between the simulated and observed values as defined by the following equation: 
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= =
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D.3. Root mean square error (RMSE) 

The root mean square error (RMSE) measures how much error is between simulated and observed values. The smaller the RMSE value is, the 
closer the simulated value is to the observation. The RMSE is calculated using the following equation: 

= =RMSE
S O
n

( )i
n

i i1
2

(D3)  

D.4. Nash-Sutcliffe efficiency (NSE) 

Nash-Sutcliffe efficiency (NSE) is defined as: 

= =

=
NSE

O S
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i i
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1
2

1
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The NSE determines the relative magnitude of the residual variance compared to the observed value variance. This efficiency ranges from -∞ to 1 
and measure how well the regression between simulated and observed values is compared to 1:1 line. The negative value indicates that the mean of 
the observed values is a better predictor than the simulated value (Wang et al., 2012).  
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