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Abstract
The use of nutrients by diverse phytoplankton communities in estuarine systems, and their response to changes in physical and
biogeochemical processes in these natural systems, is a significant ongoing area of research. We used a whole ecosystem 15NO3

−

tracer experiment to determine the uptake of different nitrogen (N) forms in phytoplankton functional groups over a mid- to neap
tidal cycle in a salt marsh creek in Plum Island Estuary, Massachusetts, USA. We quantified the biomass and δ15N for three
groups corresponding to micro- (20–200 μm; microP), nano- (3–20 μm; nanoP), and picophytoplankton (< 3 μm; picoP). All
three size classes showed distinct use of recycled N sources throughout the 11-day sampling period and minimal direct assim-
ilation of the 15NO3

− tracer. MicroP consistently used high amounts of creek-derived 15NH4
+, even with a shift at neap tide from

diatom- to dinoflagellate-dominated communities (including members of the harmful genus Alexandrium). NanoP use of
recycled 15NH4

+ increased over the mid-neap tidal cycle, while picoP use decreased. Both biomass and NH4
+ use (as highest

δ15N values) of all size groups were maximized during neap tide. This study demonstrates partitioning of recycled N use among
size-based phytoplankton groups in the estuary, with distinct effects of tidal cycle on the nutrient uptake of each group, and with
important implications for the roles of diverse phytoplankton communities in estuarine nutrient cycling.
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Introduction

Estuarine ecosystems are characterized by significant tempo-
ral and spatial variability in the physical and biogeochemical
processes that affect phytoplankton distribution and growth
(Vallino and Hopkinson 1998; Cloern et al. 2014). Tidal forc-
ing causes physical mixing and advection, which drive chang-
es in phytoplankton biomass and composition, nutrient cy-
cling, and food web transfer over the flood-ebb (Wetz et al.
2006; Leles et al. 2014) and spring-neap tidal cycles (Balch
1981; Shanks and McCulloch 2003; Stauffer et al. 2020).
However, the effects of tidally-mediated nutrient and biomass
dynamics on diverse communities of phytoplankton require
further investigation. Such investigations are especially nec-
essary given the ability of different phytoplankton groups to
uniquely respond to changes in both physical forcing and the
concentrations and forms of nitrogen (N) that are available
(Margalef 1978; Glibert 2016; Moschonas et al. 2017) and
which contribute to coastal eutrophication and harmful algal
blooms (HABs; e.g., Howarth et al. 1996; Rabalais 2002).
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Various phytoplankton functional groups and species pref-
erentially use different forms of dissolved N, including nitrate
(NO3

−), ammonium (NH4
+), and dissolved organic N (DON;

e.g., Glibert et al. 2016). Several studies have found that
smaller phytoplankton generally take up higher proportions
of reduced N forms (NH4

+ and DON) than larger phytoplank-
ton (e.g., Probyn et al. 1990; Maguer et al. 2009; Glibert et al.
2016) and that DON, alone, can support phytoplankton pro-
duction throughout the year (Moschonas et al. 2017). Bronk
et al. (2007) showed that NO3

− supports the growth of larger
taxa, such as diatoms, increasing the amount of high-nutrient
food available for zooplankton, while NH4

+ and DON de-
crease food web efficiency by promoting the growth of small-
er groups, such as cyanobacteria that are generally less nutri-
tious to grazers. Moschonas et al. (2017) also showed that
reduced or organic forms of N strongly contributed to N up-
take in small (< 10 μm) phytoplankton throughout the year in
a Scottish fjord. In contrast, bottle bioassays performed by
Koch and Gobler (2009) found that enrichment with reduced
N forms stimulated the growth of larger (> 5 μm) diatoms and
dinoflagellates in Long Island, New York estuaries. It is also
well-documented that forms of N interact with each other.
Specifically, high concentrations of NH4

+ relative to NO3
−

can suppress phytoplankton NO3
− uptake (e.g., Carpenter

and Dunham 1985; Dortch 1990; Dugdale et al. 2007) and/
or increase toxin production by HAB dinoflagellates in the
genus Alexandrium (Leong et al. 2004; Hattenrath et al.
2010). DON can also be an important nutrient for a variety
of HAB species (as reviewed in Davidson et al. 2012). Taken
as a whole, this rich literature suggests highly variable N use
by different phytoplankton groups, including HABs, in bottle
bioassay experiments conducted throughout estuarine and
coastal ecosystems.

Such complex biogeochemical interactions are further com-
plicated by estuarine or coastal hydrodynamics, including tidal
forcing, which control physical mixing, advection, and biogeo-
chemistry across multiple spatiotemporal scales in these systems
but are not incorporated into typical bottle or microcosm-based
experiments. Diurnal and biweekly tidal cycles impact both con-
centrations and forms of N that are available, as well as the
biomass and community composition of phytoplankton in estu-
aries. The diurnal flood-ebb tidal cycle can facilitate seeping of
microbially-remineralized N from sediment porewater into the
water column in marsh creeks (Koch and Gobler 2009; Spivak
and Ossolinski 2016), providing a source of recycled N forms
for estuarine phytoplankton. Changes in total chlorophyll a
(Chl; Wetz et al. 2006) and abundance of specific taxa (e.g.,
pennate diatoms; Leles et al. 2014) have also been observed
over flood-ebb tidal cycles in estuaries. Spring tides that flood
marsh platforms result in lower water column dissolved inor-
ganic N (DIN) concentrations, relative to neap tides, in marsh
tidal creeks in macrotidal estuarine environments (e.g.,
Vörösmarty and Loder III 1994). A number of effects of the

spring-neap tidal cycle on phytoplankton biomass have been
noted, including increased water column Chl around times of
maximal current speed and vertical mixing during spring tide
(e.g., Shanks and McCulloch 2003; Blauw et al. 2012) or in-
creased Chl around periods of reduced vertical mixing and en-
hanced water column stability during neap tides (e.g., Cloern
1991; Stauffer et al. 2020). These spring-neap shifts in tidal
energy have also been associated with community succession
of dominant phytoplankton taxa (Balch 1981).While these stud-
ies demonstrate a variety of effects of tidal cycle on the concen-
trations and forms of N available to phytoplankton, and on phy-
toplankton themselves, the ability to examine these interrelated
variables in natural systems has been limited.

The current study seeks to investigate how phytoplankton
groups use different forms of N in a tidally-driven estuarine
ecosystem. Using a whole system 15N tracer approach in a salt
marsh tidal creek (Holmes et al. 2000; Hughes et al. 2000;
Tobias et al. 2003a), we quantified the relative uptake of N
by size-based functional groups of phytoplankton over the
mid to neap and flood-ebb time scales of the tidal cycle.
Advantages of this approach over bottle-based experiments
include incorporating the effects of natural environmental
conditions (including physical drivers) on nutrient and phyto-
plankton dynamics (Tobias et al. 2003a) and avoiding effects
associated with enclosure in bottles on both biomass and com-
munity composition of microbes (Zobell 1943; Holmboe et al.
1999). Previous in situ tracer studies have addressed only
whole phytoplankton biomass (Tobias et al. 2003a; Deegan
et al. 2007; York et al. 2007; Drake et al. 2009; Duernberger
et al. 2011), only microphytoplankton (> 20μm;Holmes et al.
2000), or only a few specific taxa (Hughes et al. 2000). The
current study resolves phytoplankton groups, including those
< 20 μm in size which play different roles in food webs and
nutrient cycling than larger sizes, while also resolving biomass
and major taxonomic groups in the larger size classes. By
elucidating the N cycling functions of distinct phytoplankton
groups in a tidally varying salt marsh ecosystem, we can better
understand how tidally-driven changes in nutrients and phy-
toplankton communities may impact recycling and fate of N,
composition and quality of primary production, and nutrient
transfer through the estuarine food web.

Methods

Experimental Design

The stable isotope tracer addition experiment was conducted
over a mid-neap tidal cycle from 10 to 19 July 2016 (Julian
day 192–201), in a primary tidal creek in Plum Island Estuary
(PIE), Massachusetts, USA (Fig. 1). “Mid” is defined as mid-
dle of the transition from spring to neap, i.e., the study com-
menced several days following the spring tide. Additional
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samples were collected on 20 July 2016 (Julian day 202),
following the end of tracer addition. PIE is a macrotidal
New England estuary, typical of the region, that experiences
semidiurnal tides. PIE is the site of long-term monitoring and
experimental research on estuarine ecosystem function (Plum
Island Ecosystems Long Term Ecological Research (PIE
LTER); pie-lter.ecosystems.mbl.edu 2018). The study site
was located at West Creek in the Rowley River watershed of
PIE (39 km2; Fig. 1), which serves as an unmodified reference
site for a long-term N enrichment experiment as part of the
TIDE project (Deegan et al. 2007). West Creek is in the mid-
dle salt marsh area of PIE, which has an average tidal range of
2.6 m (Spivak and Ossolinski 2016). A band of tall Spartina
alterniflora (TSA) along the creek edge is flooded to a depth
of approximately 10 cm during mid tides, while the entire
marsh platform can be flooded during spring tides. During
neap tides, water fills the creek channel but does not flood
the TSA. The study period encompassed transitions from
TSA-floodingmid tide (days 192–195) to creek-flooding neap
tide (days 196–201), and back to mid tide (day 202). These
periods are referred to as “TSA” versus “creek” flooding
throughout the rest of this paper.

We used a whole ecosystem 15NO3
− tracer addition into

West Creek to track the relative N uptake of different ecosys-
tem members using methods consistent with previous PIE
tracer experiments (Holmes et al. 2000; Tobias et al. 2003a;
Drake et al. 2009) and briefly summarized below. The 15N
addition pump was located at 42.74° N, 70.85° W in West
Creek, and the sampling site was located approximately 80 m
landward/upstream of the addition site (Fig. 1). The sampling
location was chosen because it represented where the water
column became well mixed, and it left approximately 200 m
of the creek upstream for N processing and removal. A 10 g

L−1 solution of 10% K15NO3
− was added into the surface

water at the pump site during flood tides beginning at 23:00
on day 191 and ending at 12:00 on day 201. The molar mass
of total NO3

− added represented < 1% of natural NO3
− in

flooding waters. The pump was turned on when the water
level of a flood tide reached 0.2 m above a sensor positioned
at the creek bottom (Onset water level logger), and it was shut
off at the start of ebb tide, a threshold defined as two consec-
utive negative changes in water height (measured every 10
min). The solution addition rate (155–500 mL min−1) was
adjusted every 10 min based on a water flux calibration curve,
derived from the relationship between water level and dis-
charge, to maintain a consistent concentration in the water
flowing past the addition site and to reach a target δ15N of
3000‰ at the sampling site. Therefore, any changes in water
column δ15N upstream of the addition site could be attributed
to N transformation and removal processes.

Water Column Nutrients and Hydrodynamics

Over the 10-day tracer addition, surface water samples for anal-
ysis of NO3

− and δ15NO3
−, NH4

+ and δ15NH4
+, PO4

3−, and total
suspended solids (TSS) were collected once per day at the ad-
dition and sampling sites during daylight hours andwithin 2 h of
high tide. Additional samples were collected every 3–4 h over
five diurnal cycles during TSA flooding (days 193, 194, and
202) and creek flooding periods (days 196 and 198). These
samples were collected at timepoints corresponding with flood,
high, and ebb points in the diurnal tidal cycle. Nutrient and TSS
samples were filtered through pre-combusted GF/F filters and
frozen until analysis at PIE. Concentrations of PO4

3− and NO3
−

were analyzed using colorimetry on an autoanalyzer (Lachat
Instruments) following standard methods (Johnson and Petty

Fig. 1 Left: aerial image of the study site at West Creek, Plum Island
Estuary, with black dots indicating the 15N addition site (A; 42.739° N,
70.848° W) and sampling site (B; 42.740° N, 70.848° W). Right: map of

Plum Island Sound, with black rectangle showing the study site and inset
showing its location (star) within Massachusetts, USA
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1982, 1983). Concentrations of NH4
+ were analyzed spectro-

photometrically using the indophenol method (Schneider
1976). Water column dissolved δ15NO3

− and δ15NH4
+ were

measured using modified ammonia diffusion methods
(Sigman et al. 1997; Holmes et al. 1998).

Water height and surface current speed were measured at
the addition site every 10 min with an Acoustic Doppler
Current Profiler (ADCP; Teledyne Streampro2). Water height
at the sampling site was calculated using the average differ-
ence in water level logger measurements between the sites of
addition and sampling (0.2 m). Dissolved oxygen concentra-
tion (DO), temperature, and salinity were measured every
5 min throughout the experiment using a multiparameter
sonde (YSI EXO2) positioned at the creek bottom approxi-
mately 20 m landward of the addition site.

Phytoplankton Sample Collection and Analysis

Water samples for phytoplankton were collected at the same
time as the nutrient samples, within 2 h of high tide every day
and every 3–4 h over five diurnal cycles, as described above.
For each sampling timepoint, 8 L of water was collected from
the surface in acid-washed (5%HCl) and DI water rinsed poly-
carbonate bottles. Bottles were transported back to the lab at
PIE and kept protected from light. Within 1–3 h, whole seawa-
ter (WSW) from each sample was sequentially filtered through
200μmNitexmesh (< 200μm), 20-μmNitexmesh (< 20μm),
and 3 μmmembrane filters (Whatman Nuclepore track etch; <
3 μm). Approximately 100–200 mL of filtrate from each size
fraction was gently vacuum-filtered onto duplicate 25-mm
glass fiber filters (Whatman GF/F), which were then stored in
plastic tissue processing capsules at − 20 °C until analysis.
Filters were analyzed for Chl biomass by fluorescence
(Turner Designs 10AU), with overnight extraction in 90% ac-
etone and acid-correction for phaeopigments (Strickland and
Parsons 1972). To calculate microphytoplankton (microP,
20–200 μm) biomass, the < 20-μm Chl measurements were
subtracted from the < 200-μmChl measurements. To calculate
nanophytoplankton (nanoP, 3–20 μm) biomass, the < 3-μm
Chl measurements were subtracted from the < 20-μmChl mea-
surements. The < 3-μmChl measurements directly represented
picophytoplankton (picoP, < 3 μm) biomass.

Additional water (generally 300–400 mL) from each size-
fractionated sample was vacuum-filtered onto duplicate, pre-
combusted (4 h at 500 °C), 25 mm GF/F filters. These filters
were placed in plastic Petri dishes and stored at − 20 °C.
Samples were then dried at 50 °C for 48 h and analyzed for
15N on a Europa ANCA-SL elemental analyzer gas chromato-
graph preparation system attached to a continuous-flow
Europa 20-20 gas source stable isotope ratio-mass spectrom-
eter (IR-MS) at the Marine Biological Laboratory (Woods
Hole, Massachusetts). The δ15N of each filter was determined
by standard calculations (Peterson and Fry 1987). These filter

δ15N measurements and the biomass proportions of each phy-
toplankton size class on the filters (as determined by Chl mea-
surements) were used to calculate size-specific δ15N. PicoP
δ15N was equal to δ15N measured on the < 3-μm filters.
NanoP δ15N was calculated as:

δ15Nnano ¼ δ15N20– δ15Npico � Fpico20
� �� �

=Fnano20

where δ15N20 is δ15N measured on the < 20-μm filters,
δ15Npico is picoP δ15N, Fnano20 is the fraction of nanoP Chl
on the < 20-μm filters, and Fpico20 is the fraction of picoP Chl
on the < 20-μm filters. MicroP δ15N was calculated as:

δ15Nmicro ¼
δ15N200– δ15Nnano � Fnano200

� �þ δ15Npico � Fpico200
� �� �� �

=Fmicro200

where δ15N200 is δ15N measured on the < 200-μm filters,
Fnano200 is the fraction of nanoP Chl on the < 200-μm filters,
Fpico200 is the fraction of picoP Chl on the < 200-μm filters,
and Fmicro200 is the fraction of microP Chl on the < 200-μm
filters. For two timepoints where microP Chl was zero, microP
δ15N could not be determined.

To analyze plankton taxonomic community composition,
WSW samples from each sampling timepoint were preserved
(5% Lugol’s iodine) for identification and enumeration via
microscopy. The bottles were stored at room temperature in
the dark until analysis. Volumes of 15–20 mL from each pre-
served sample were settled for approximately 24 h in settling
chambers (Utermöhl 1958) and counted in 20 fields of view
using the × 10 objective (× 100 total magnification) on an
inverted microscope (Nikon Diaphot-TMD). MicroP and
microzooplankton cells were identified to genus when possi-
ble or, otherwise, to taxonomically, morphologically, and/or
size-consistent groups.

Statistical Analyses

Percent use of the 15NO3
− tracer or recycled 15NH4

+ by each
phytoplankton size class was estimated using simple mixing
models. Separate calculations were performed for TSA and
creek flooding periods. Percent 15NO3

− tracer use was calcu-
lated using an approximate δ15N of newly fixed marine N (0.1
‰; Sigman et al. 2009) as the “oceanic” end-member,
representing N obtained outside the study creek, and mean
surface water δ15NO3

− at the sampling site during TSA or
creek flooding as the “creek” end-member, representing N
originating within the creek. Percent creek-derived 15NH4

+

use was calculated using mean δ15NH4
+ measured a few me-

ters seaward of the 15N addition site during flood tides at
salinities > 30 psu (4.87 ‰; n = 6) as the “oceanic” end-
member, and mean surface water δ15NH4

+ at the sampling site
during TSA or creek flooding as the “creek” end-member. The
mean estimate for “oceanic” δ15NH4

+ used may have been
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influenced by the tracer addition; however, it was the best
estimate that could be calculated from the available data.
These simple models assumed steady-state conditions and on-
ly 2 possible sources for each N form: external (i.e., imported
with flooding tide) or internal (i.e., the added tracer or creek-
generated NH4

+). It is important to note that due to the short
residence time of phytoplankton in the study creek, which
emptied completely with each ebb tide, phytoplankton δ15N
and nutrient uptake calculations could be complicated by dif-
ferences in time spent in waters with lower proportions of
tracer downstream of the study creek, versus in the creek with
direct tracer exposure.

Percent use of the external and creek-derived 15NO3
− or

15NH4
+ was estimated using a system of equations:

δ15Nphyto ¼ δ15Nexternal � Pexternal
� �

þ δ15Ninternal � Pinternal
� �

Pexternal þ Pinternal ¼ 1

where δ15Nphyto is the δ
15N value of each phytoplankton size

class, δ15Nexternal is the estimate of downstream “oceanic”
δ15NO3

− (0.1 ‰) or δ15NH4
+ (4.87 ‰), δ15Ninternal is the

mean δ15NO3
− or δ15NH4

+ value from the TSA or creek
flooding period, Pexternal is the percent use of external 15N,
and Pinternal is the percent use of creek-derived 15NO3

− or
15NH4

+. While these models do not include other potential
N sources, such as DON, they serve as a simple way to esti-
mate the degree to which phytoplankton were using N in the
creek versus N from downstream of the study site. Values of
percent 15NH4

+ use may be underestimated because the model
does not account for ammonification to uptake of 15NH4

+,
which was not measured.

Model II ordinary least squares regression was performed
using the R package “lmodel2” (Legendre 2018; R Core Team
2020) to compare size-specific plankton δ15N with water col-
umn NH4

+ concentration and with size-specific Chl over tidal
cycles. High tide measurements were defined as those mea-
sured at water heights within 0.2 m of the highest recorded
water height for each diurnal tidal cycle. All error terms re-
ported with means are standard error.

Results

Environmental Conditions

Over the duration of the study, West Creek emptied almost
completely at each low tide, and one rainstorm occurred on
day 200. The proximity of the sampling site to the landward
end of the creek reach meant that the upstream end of the study
site was relatively closed off, and the majority of water input
was from downstream. Surface water concentrations of NO3

−

were generally higher during creek flooding (mean 12.51 ±
1.57 μM) than TSA flooding periods (mean 8.19 ± 1.08 μM;
Table 1). Similarly, concentrations of NH4

+ were generally
higher during creek flooding (mean 11.15 ± 1.69 μM) than
TSA flooding periods (mean 9.36 ± 1.26 μM; Table 1).
Concentrations of NO3

− and NH4
+ were similar to each other

and changed relatively in-phase with each other during the first
half of the study (days 192–197), after which they showed an
inverse relationship to each other (days 198–202; Fig. 2a).
Concentrations of PO4

3−were generallymuch lower than either
form of N, ranging from 0.9-2.8 μMover the duration of tracer
addition (Fig. 2a, diamonds). The average ratio of DIN to DIP
was below the Redfield ratio of 16:1 (Redfield 1958) through-
out the experiment (Table 1). Overall, concentrations of Nwere
similar at the start and end of the experiment, suggesting that
tracer addition did not lead to general N enrichment in the
system during the study period.

Throughout the experiment, DO generally increased during
flood tides as water levels rose (Fig. 2b). During creek
flooding tides, DO was more variable, with lower minima
during ebb tide followed by higher maxima at early flood tide
(Fig. 2b, gray area). Salinity varied between 23 and 31 psu
during the experiment, though five brief decreases to 3–17
were observed at low tides, primarily during the period of
creek flooding (Fig. 2c). It is likely that these short periods
of low salinity were due to small freshwater inputs and/or
reduced conductivity sensor accuracy when creek water vol-
ume was negligible. Despite these decreases, mean salinity
measured during phytoplankton sampling timepoints (28.32
± 0.54 and 29.05 ± 0.34 during TSA and creek flooding pe-
riods, respectively) was within one unit of average salinity in

Table 1 Mean, standard error (S.E.), and sample number (n) for
environmental variables during TSA flooding (mid tide) and creek
flooding (neap tide) periods. Phosphate and DIN:DIP n values are
lower during TSA flooding because phosphate was not sampled on day
202. Total suspended solids and current speed were only measured on
days 193, 194, 196, 198, and 202. Mean current speed was calculated
from values measured by ADCP within 30 min preceding each sampling
timepoint during flood and ebb tides (i.e., excluding high tide samples)

TSA flooding Creek flooding

Mean S.E. n Mean S.E. n

Nitrate (μM) 8.19 1.08 10 12.51 1.57 9

Ammonium (μM) 9.36 1.26 10 11.15 1.69 10

Phosphate (μM) 1.34 0.11 6 2.10 0.12 10

DIN:DIP 13.72 1.84 6 11.21 0.79 9

Temperature (°C) 23.72 0.67 10 25.28 0.25 10

Salinity (psu) 28.32 0.54 10 29.05 0.34 10

Dissolved oxygen (mg L−1) 5.57 0.30 10 4.68 0.47 10

Total suspended solids (mg L−1) 46.73 6.80 8 38.26 5.31 5

Current speed (m s−1) 0.053 0.003 64 0.039 0.002 46
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the outer estuary of Plum Island Sound (29.1 ± 0.9; Deegan
et al. 2007). Mean water temperature measured during phyto-
plankton sampling timepoints was approximately 1.5 °C
higher during creek (25.28 ± 0.25 °C) than TSA flooding
periods (23.72 ± 0.67 °C; Table 1). In terms of physical
mixing, mean current speed measured within 30 min preced-
ing phytoplankton sampling timepoints during flood and ebb
tides (excluding high tides) was lower during creek (0.039 ±
0.002 m s−1) than TSA flooding tides (0.053 ± 0.003 m s−1;
Table 1). TSS was also lower during creek (38.26 ± 5.31 mg
L−1) than TSA flooding tides (46.73 ± 6.80 mg L−1; Table 1).

Phytoplankton Biomass and Community Composition

Throughout the study, Chl ranged between 0.3 and 2.7 μg L−1

for picoP; 0.1 and 28.9 μg L−1 for nanoP; and 0.2 and 11.5 μg

L−1 for microP (Fig. 3a). MicroP contributed more to overall
biomass during the TSA flooding period, while nanoP domi-
nated during the creek flooding period. PicoP biomass was
generally low by comparison (Fig. 3a). Mean total Chl in-
creased by approximately 3 times from TSA (3.9 ± 0.7 μg
L−1) to creek flooding (11.9 ± 3.3 μg L−1), driven by 2- to
4-fold increases in all size classes during creek flooding (Fig.
3a).

Within the microplankton, a shift in community composi-
tion occurred from TSA to creek flooding, with dinoflagel-
lates and dinoflagellate cysts increasing in relative abundance
in the latter (Fig. 4). This shift is attributable, in part, to dino-
flagellates in the genus Alexandrium, which were generally
dominant in the microP assemblage and nearly doubled in
mean relative abundance from TSA (25.2%) to creek flooding
(47.4%; Table 2). Alexandrium spp. also showed higher max-
imum relative abundances during ebb tides throughout the
experiment (Table 2). Pennate diatoms (dominated by
Navicula spp.) also contributed to the assemblage, with mean
relative abundance decreasing from TSA (31.6%) to creek
flooding (10.3%; Table 2, Fig. 4). Microzooplankton were
also enumerated, the majority of which (92%) belonged to
the genus of aloricate ciliates Strombidium. Relative abun-
dance of these ciliates decreased by approximately half
(20.5-11.5%) over the course of the study (Table 2, Fig. 4)
but showed little change over diurnal tidal cycles within each
flooding regime (Table 2). The dinoflagellate cysts that were
observed were primarily ecdysal (or pellicle) cysts. These
cysts comprised 13.6%, on average, of the microplankton
communities during creek flooding but contributed < 1% to
the total community during TSA flooding (Table 2).

N Use by Phytoplankton Size Classes

In addition to changes in biomass, size-based phytoplankton
groups showed distinct particulate δ15N values over the ex-
periment (Fig. 3b). PicoP showed the smallest range in δ15N
(5.9–15.2 ‰), while nanoP (− 2.5–29.5 ‰) and microP (−
1.7–27.8 ‰, excluding high outlier on day 201) had larger
ranges and considerably higher maxima (Fig. 3b). The nanoP
δ15N maximum on day 199 (29.5‰; Fig. 3b) coincided with
maximal nanoP biomass on that day (28.9 μg L−1; Fig. 3a).
Mean microP δ15N increased from TSA (11.6 ± 2.3 ‰) to
creek flooding (16.2 ± 1.8 ‰; excluding day 201). Mean
nanoP δ15N showed a greater increase than microP from
TSA (8.6 ± 1.4 ‰) to creek flooding (14.7 ± 2.4 ‰), while
mean picoP δ15N changed little from TSA (9.1 ± 0.7 ‰) to
creek flooding (8.9 ± 0.9 ‰). Unlike water column δ15N,
particulate δ15N did not decrease substantially in the 1 day
following the end of 15N addition (Fig. 3b, day 202).

Mean water column δ15NO3
− was 1021 ‰ during TSA

flooding (excluding day 202) and 792 ‰ during creek
flooding, while mean δ15NH4

+ was 10.6 ‰ during TSA

Fig. 2 Surface nutrient concentrations and environmental conditions over
the duration of the experiment. A: concentration of NO3

− (filled circles),
NH4

+ (open circles), and PO4
3− (crossed diamonds). B: dissolved oxygen

(solid line) and water height (dashed line). C: salinity (solid line) and
temperature (dashed line). Gray shading in all panels represents days
during neap tide when only the creek was flooded at high tide.
Rectangles in panel A represent periods when data were collected
throughout the diurnal tidal cycle
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flooding (excluding day 202) and 17.7 ‰ during creek
flooding (Table 3).Water column δ15NO3

− reached maximum
values of 3550 ‰ and 2448 ‰ during TSA and creek
flooding, respectively, and typically centered around high tide
(Fig. 3c) due to the continuous addition of tracer during flood
tide. After cessation of tracer addition at high tide, δ15NO3

−

decreased steadily due to a combination of biotic uptake, tidal
export, and other removal processes (e.g., Tobias et al. 2003a).
Water column δ15NH4

+ reached maximum values of 17.9 ‰
and 38.1‰ during TSA and creek flooding, respectively (Fig.
3c), and typically centered around low tide (i.e., during early
flood and late ebb stages of the diurnal cycle). In contrast with
δ15NO3

−, δ15NH4
+ was minimal around high tide (Fig. 3c).

On day 202 after the end of 15N addition, water column
δ15NO3

− maximum values decreased approximately an order
of magnitude, while maximum water column δ15NH4

+ only
decreased by half (Fig. 3c).

Percent use of the 15NO3
− tracer by each size class was

estimated using simple mixing models, with an approximate
δ15N value of newly fixed oceanic 15N (0.1 ‰) determined
from literature (Sigman et al. 2009) representing the “exter-
nal” end-member. Mean water column δ15NO3

− values from

a

b

c
δ15NO3-

δ15NH4+

Fig. 3 Chlorophyll (A) and δ15N
(B) over the duration of the
experiment for
microphytoplankton (microP;
filled squares/solid line),
nanophytoplankton (nanoP;
crossed circles/dashed line), and
picophytoplankton (picoP; open
triangles/dot-dash line). C:
surface water δ15NO3

− (filled
diamonds) and δ15NH4

+ (open
diamonds), as measured over five
diurnal tidal cycles. Gray shading
represents days during neap tide
when only the creek was flooded
at high tide

Fig. 4 Relative abundances of major taxonomic groups in the
microplankton at or near high tide for each day of the experiment. Bar
patterns represent taxonomic groups, including pennate diatoms, chain-
forming diatoms, dinoflagellates, dinoflagellate cysts, and ciliates
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TSA flooding or creek flooding were used to represent the
creek-derived end-members in the mixing models. Model re-
sults suggest that the phytoplankton groups used specific
forms of N, from different origins, and with only some chang-
es at different stages of the tidal cycle. During TSA flooding,
all three size classes obtained between 0.7% and 0.9%
(Table 3) of their 15N, on average, from the 15NO3

− tracer.
All three groups obtained slightly larger proportions (1.1–
2.0%; Table 3) of their 15N from the tracer during creek
flooding, but overall tracer uptake was low throughout the
experiment.

The same mixing model method was used to estimate size-
specific percent uptake of recycled 15NH4

+, using mean
δ15NH4

+ measured just seaward of the tracer addition site at
salinities > 30 psu (4.87 ‰) as the external end-member and
mean water column δ15NH4

+ during TSA or creek flooding as

the creek-derived end-member. During TSA flooding, picoP
obtained 63.8% of their 15N, on average, from creek-derived
15NH4

+ (Table 3), and picoP δ15N showed a significant pos-
itive linear relationship with NH4

+ concentration (n = 10, R2 =
0.42, 2-tailed p = 0.042; Fig. 5a, dashed line). During creek
flooding, picoP use of 15NH4

+ decreased by approximately
half (Table 3), and the linear relationship between NH4

+ and
picoP δ15N was not significant (2-tailed p > 0.05; Fig. 5b). In

Table 3 Mixing model estimates of mean percent contribution of 15N
tracer-labeled NO3

− and NH4
+ to the δ15N of microP, nanoP, and picoP

during TSA and creek flooding periods. Calculations for 15NO3
− contri-

bution were done using the approximate value of newly fixed marine N
(Sigman et al. 2009) as the “oceanic” end-member, and mean surface
water δ15NO3

− at the sampling site as the “creek” end-member.
Calculations for 15NH4

+ contribution were done using mean δ15NH4
+

measured just seaward of the 15N addition site at salinities > 30 psu as
the “oceanic” end-member, and mean surface water δ15NH4

+ at the sam-
pling site as the “creek” end-member. See “Methods” for more details.
Note: Creek flooding microP calculations exclude day 201 sample

15NO3
− 15NH4

+

TSA Creek TSA Creek

Estimated “oceanic” δ15N (‰) 0.1 0.1 4.87 4.87

Mean “creek” δ15N (‰) at sampling site 1021 792 10.6 17.7

MicroP use (%) 0.89 2.03 76.0 88.2

NanoP use (%) 0.71 1.85 43.0 76.9

PicoP use (%) 0.83 1.11 63.8 31.6

Fig. 5 Relationships between particulate δ15N and surface water NH4
+

concentration for microphytoplankton (microP; filled squares),
nanophytoplankton (nanoP; crossed circles), and picophytoplankton
(picoP; open triangles) during TSA flooding (A) and creek flooding
(B). Trendlines show significant linear regressions (p < 0.05) for
microP (solid line) and picoP (dashed line)

Table 2 Mean relative abundance (%) of dominant microphytoplankton
and microzooplankton taxa over the entire experiment, and range of
relative abundances (%) for those taxa at flood, high, and ebb tide during
TSA flooding (mid tide) and creek flooding (neap tide) periods. The taxa

given here represent those that contributed > 5% to overall community
composition. Number of samples for each period (n) is given in
parentheses in column headings

Taxon TSA flooding Creek flooding

Mean (9) Flood (5) High (2) Ebb (2) Mean (10) Flood (4) High (4) Ebb (2)

Alexandrium spp. (dinoflagellate) 25.2 16.7–26.3 28.6–35.9 0–70.3 47.7 51.4–79.7 0–62.5 51.8–92.0

Scrippsiella sp. (dinoflagellate) 7.1 0–16.7 5.4–35.7 0 10.8 0–20.0 0–37.0 0–12.5

Dinoflagellate ecdysal cyst 0.20 0–1.8 0 0 13.6 0–11.5 0–66.7 0–16.1

Navicula spp. (diatom) 12.0 0–36.4 5.4–7.1 0 3.7 0–5.7 0–12.5 3.6–4.0

Unid. pennate diatom 19.6 10.5–50.0 7.1–12.0 11.1–27.3 6.6 0–5.7 0–37.5 0–1.8

Strombidium spp. (ciliate) 20.5 1.8–45.8 21.4–23.9 11.1–36.4 11.5 2.9–27.8 5.6–25.0 0–5.4
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contrast, nanoP obtained a higher proportion of their 15N from
recycled 15NH4

+ during creek (76.9%) than TSA flooding
(43.0%; Table 3), though linear relationships between NH4

+

and nanoP δ15N were not significant during either time period
(2-tailed p > 0.05; Fig. 5). MicroP consistently obtained
higher proportions of 15N from creek-derived 15NH4

+ than
the smaller size classes did, and these contributions increased
slightly from TSA (76.0%) to creek flooding (88.2%;
Table 3). MicroP δ15N showed a positive linear relationship
with NH4

+ during only TSA flooding (n = 9, R2 = 0.50, 2-
tailed p = 0.033; Fig. 5a, solid line). This result appeared to be
driven by a single high NH4

+, high microP δ15N point in the
dataset, however, and the relationship was no longer signifi-
cant when that datapoint was removed (R2 = 0.084, 2-tailed p
= 0.485).

To determine the degree to which different phytoplankton
groups were using 15N and increasing biomass within the tidal
creek, size-specific δ15N and Chl were compared usingModel
II linear regression. Among samples collected at or near high
tide, nanoP δ15N and Chl were significantly and positively
correlated during creek flooding (n = 7, R2 = 0.89, 2-tailed p
= 0.001; Fig. 6b), but not during TSA flooding (2-tailed p >

0.05; Fig. 6a). While two high Chl, high δ15N datapoints in-
fluenced this nanoP relationship, the results were still signifi-
cant even with those datapoints excluded. Chl and δ15N were
not significantly correlated for microP or picoP during either
the TSA (Fig. 6a) or creek (Fig. 6b) flooding periods.

During the diurnal tidal cycles that were sampled (5 cycles
in total), overall Chl decreased from flood to ebb tide within
each cycle (Fig. 7, x-axis). NanoP Chl and δ15N were signif-
icantly and positively correlated during both flood (n = 8, R2 =
0.87, 2-tailed p = 0.0007; Fig. 7a) and high tide (n = 7, R2 =
0.93, 2-tailed p = 0.0005; Fig. 7b) stages of the diurnal tidal
cycle. PicoP Chl and δ15N were also significantly and posi-
tively correlated (n = 5, R2 = 0.88, 2-tailed p = 0.018) but
during ebb tide only (Fig. 7c). There were no significant linear
relationships between Chl and δ15N for microP during any of
the diurnal tidal stages. Bivariate Model II linear regressions
also revealed significant positive relationships between picoP

Fig. 6 Relationships between particulate δ15N and chlorophyll (Chl) for
microphytoplankton (microP; filled squares), nanophytoplankton (nanoP;
crossed circles), and picophytoplankton (picoP; open triangles) for sam-
ples collected at or near high tide during TSA flooding (A) and creek
flooding (B). Trendline shows significant linear regression (p < 0.05)
between nanoP δ15N and Chl. Note: One nanoP datapoint from creek
flooding (B) is not shown due to high Chl value that is off-scale, but
was still included in the regression analysis

Fig. 7 Relationships between particulate δ15N and chlorophyll for
microphytoplankton (microP; filled squares), nanophytoplankton
(nanoP; crossed circles), and picophytoplankton (picoP; open triangles)
during flood (A), high (B), and ebb (C) tides. Trendlines show significant
linear regressions (p < 0.05) for nanoP (solid lines) and picoP (dashed
line)
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δ15N and surface NH4
+ during flood (n = 8, R2 = 0.66, 2-tailed

p = 0.014) and ebb tides (n = 5, R2 = 0.94, 2-tailed p = 0.007),
but not at high tides (n = 7, 2-tailed p > 0.05), over the duration
of the experiment (Fig. 8). Relationships between NH4

+ and
particulate δ15N were not observed for nanoP or microP dur-
ing flood, high, or ebb tides (not shown).

Discussion

Environmental Drivers of Nutrient Dynamics

The middle estuary of PIE is typically characterized by NH4
+

concentrations of 5–20 μM, NO3
− concentrations of 1–10

μM, and low pelagic Chl (< 5 μg L−1) during the summer
months (Deegan and Garritt 1997). Nutrient and Chl concen-
trations during the current study reflect these general trends,
although NO3

− and Chl showed higher maximum peaks of
18.1 μM and 37.6 μg L−1, respectively. This site is generally
N-limited (Deegan et al. 2007), and mean N:P ratio (12.2)
during the current study supports this condition, suggesting
that changes in phytoplankton 15N uptake were not influenced
by P-limitation. Given the generally high concentrations of
nutrients overall, other controls (e.g., micronutrients, light,
grazing) not quantified in the current study likely had limiting
effects on phytoplankton growth in this system.

Surface DIN concentrations were also tidally mediated and
were generally lower when the TSA flooded than when only
the creek flooded (i.e., periods of neap tide; Fig. 2a). These
results fit with previous studies documenting the role of the
salt marsh platform as a nutrient sink when it is flooded by
high tides (Childers 1994; Vörösmarty and Loder III 1994),
though it is worth noting that full spring tide was not experi-
enced during this study. While increased water volumes

during TSA flooding may have diluted nutrient and plankton
concentrations compared to creek flooding (Wetz et al. 2006),
evidence suggests spring-neap changes in estuarine biogeo-
chemical processing have a greater effect on nutrient dynam-
ics in this system than dilution alone (Vörösmarty and Loder
III 1994). Other PIE studies have reported high rates of NH4

+

flux from sediments (3–10 mmol m−2 day−1; Tobias et al.
2003b; Weston et al. 2010), especially during summer
months, demonstrating rapid processing of NH4

+ by marsh
biota in this system. In the current study, the rise in water
column δ15NH4

+ at low water level during creek flooding also
indicates that aside from possible decreased dilution, more
15NO3

− was being recycled to 15NH4
+ during neap tide, likely

due to increased microbial remineralization (Tobias et al.
2003b; Spivak and Ossolinski 2016) and/or dissimilatory
NO3

− reduction to NH4
+ (Giblin et al. 2013).

Phytoplankton Use of Different N Sources

Based on the results of this study, phytoplankton took up very
little of the experimentally-added 15NO3

− tracer directly, de-
spite the tracer comprising 25–35% of 15NO3

− in the creek
(but < 1% of total NO3

−) over the course of the experiment.
All three size-based groups of phytoplankton obtained ap-
proximately 1–2% of 15NO3

− from the added tracer, as esti-
mated by simple mixing models (Table 3). These results indi-
cate minimal use of “new” N (i.e., NO3

−) from within the
creek system by any of the phytoplankton size classes, in
contrast to previous findings of rapid, direct 15NO3

− uptake
by phytoplankton in other estuarine isotope tracer experiments
(Holmes et al. 2000; Duernberger et al. 2011). These differ-
ences could havemultiple explanations. For one, both Holmes
et al. (2000) and Duernberger et al. (2011) found the highest
phytoplankton isotope enrichment in the upper oligohaline
zones of their study systems (Parker River, Plum Island,
Massachusetts, and Hewlett’s Creek, North Carolina, respec-
tively), while the current study focused on the euryhaline mid-
dle estuary. These previous studies were also conducted in
locations and during time periods with higher phytoplankton
biomass and production (Chl 20–100 μg L−1; Holmes et al.
2000) than the current study (Chl 1–38 μg L−1;). Duernberger
et al. (2011) did not report Chl values but stated that they
sampled during the summertime period of “high production.”
Our results more closely reflect those of Tobias et al. (2003a),
which were obtained from a 15NO3

− tracer experiment con-
ducted in the same middle estuary region of the PIE Rowley
River system, with low Chl biomass (2–8 μg L−1) generally
similar to our observations and to interannual Chl variability
in the Gulf of Maine (Thomas et al. 2003).

Other possible explanations for our observations of low
15NO3

− tracer uptake by phytoplankton include high phyto-
plankton turnover due to growth, grazing loss, and/or short time
periods spent in the creek. While Holmes et al. (2000) showed

Fig. 8 Relationships between picophytoplankton (picoP) δ15N and water
column NH4

+ concentration during flood (filled diamonds), high (plus
symbols), and ebb (open diamonds) tides. Trendlines show significant
linear regressions (p < 0.05) for flood (solid line) and ebb (dashed line)
tides
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that phytoplankton became substantially enriched in 15N (61
‰) within 54 h after the start of 15NO3

− tracer addition, even
with the effects of phytoplankton growth turnover (estimated
1–2 days), water residence time averaged 12 days during that
study’s tracer addition period. In contrast, summertime water
residence time in the middle estuary of the Rowley River sys-
tem where the current study was conducted is 1.2–1.4 days
(Tobias et al. 2003a). Therefore, short residence time in the
creek coupled with similar growth rates could contribute to
the minimal 15NO3

− tracer uptake by the phytoplankton com-
munity in this system. These results also demonstrate that even
within the single estuarine region of PIE, the distinct hydrologic
conditions between different river systems and salinity zones
may contribute to large differences in the community dynamics
and N processing roles of phytoplankton.

There was significantly more evidence for phytoplankton
use of recycled forms of N, specifically NH4

+, across phyto-
plankton size groups and over the study period (Table 3).
These results are consistent with known preferential uptake
of reduced N by many phytoplankton groups (Glibert et al.
2016) and possible inhibitory effects of NH4

+ on NO3
− uptake

that are well described in the phytoplankton literature (as
reviewed in Dortch 1990). The concentrations of NH4

+ (6–
24 μM) and NO3

− (5–15 μM) observed during the current
study fit within the range of values that previous studies have
associated with at least partial NO3

− uptake inhibition (NH4
+

> 2–5 μM, NO3
− < 10 μM; Carpenter and Dunham 1985; Xu

et al. 2012). This inhibitory phenomenon could explain, at
least in part, the low NO3

− uptake and high reliance on
recycled N by phytoplankton in the current study and previous
observations of low phytoplankton NO3

− processing in the
Rowley River system (Tobias et al. 2003a). In contrast, the
low NH4

+ concentrations (generally < 2 μM) relative to NO3
−

(4–16 μM) observed by Holmes et al. (2000), combined with
high Chl biomass and diatom abundance, indicate less poten-
tial for NH4

+ inhibition and may have driven high isotope
tracer uptake in that study.

Tidally Mediated N Use by Size-Specific
Phytoplankton Groups

Despite the expectation that microP preference for NO3
− (e.g.,

Probyn and Painting 1985; Glibert et al. 2016) would result in
enhanced 15NO3

− uptake in the experimental creek (and thus
higher δ15N), and despite frequent substantial peaks in microP
biomass during the experiment (Fig. 3a), microP did not ap-
pear to use NO3

− from within the creek during either TSA or
creek flooding. Rather, microP δ15N values indicated a pre-
dominant reliance on NH4

+, and potentially other forms of
recycled N, in the creek throughout the experiment. These
results reflect overall phytoplankton preference for NH4

+ over
NO3

− under nutrient-replete conditions (Glibert et al. 2016
and references therein) and the effects of NO3

− uptake

inhibition by NH4
+ (L’Helguen et al. 2008). The comparably

high use of NH4
+ between microP and the smaller phyto-

plankton size groups also fits with other studies that have
found either no relationship between NH4

+ uptake and cell
size (Stolte et al. 1994) or minimal difference in microP pref-
erence for NH4

+ versus NO3
− (Wafar et al. 2004). While we

did not measure DON in the current study, DON and other
forms of remineralized N generated in the creek could have
also contributed to microP N uptake, particularly by dinofla-
gellates in this size group (Bronk et al. 2007) and during creek
flooding when microP δ15N was not correlated with NH4

+

concentration (Fig. 5b). It is important to note that contamina-
tion of the < 200-μm filters with detritus, sediment, or
heterotrophic/mixotrophic cells could have affected microP
δ15N measurements. However, the substantial peaks in
microP Chl provide reasonable evidence to attribute the bulk
of δ15N signal to microP.

Despite the consistently low use of NO3
− and high use of

recycled N from within the creek by microP throughout the
experiment, we observed substantial changes in community
composition over the mid-neap tidal cycle. The observation of
relatively high diatom abundance during TSA flooding (Fig.
4), coupled with substantial use of creek-derived 15NH4

+

(76%; Table 3) by microP during TSA flooding, indicates that
diatoms in this system primarily used recycled N. While dia-
toms are generally thought to prefer NO3

− (Glibert 2016), our
results reflect other findings in temperate estuaries of en-
hanced diatom growth in response to increased concentrations
of regenerated N forms (e.g., Koch and Gobler 2009; Tada
et al. 2009). The dominance of Navicula spp. among diatoms
identified in the current study (Table 2) also reflects previous
evidence of someNavicula species growing well at high NH4

+

concentrations (Underwood and Provot 2000), and increased
abundance of this typically benthic genus during TSA
flooding, as compared with creek flooding, provides support
for greater mixing and benthic resuspension during TSA
flooding. Generally, diatom abundances decreased, and dino-
flagellate abundances increased from TSA to creek flooding
(Fig. 4), changes that are consistent with previous observa-
tions in the Gulf of Maine by Balch (1981) and the more
general “tidal stirring” concept (Cloern 1991; Teixeira et al.
2014). Cloern (1991) attributes enhanced biomass and in-
creased abundance of dinoflagellates, both of which we ob-
served (Fig. 3a; Fig. 4), to periods of increased water column
stability and clarity during neap tide. Decreased current speeds
and TSS during creek flooding (Table 1) in the current study,
indicative of these neap tide conditions, may have contributed
to the community changes we observed.

In addition to a general microP biomass increase, we ob-
served an approximate doubling of Alexandrium
spp. abundance from TSA to creek flooding (Table 2), even
though microP use of the 15NO3

− tracer remained low and use
of creek-derived 15NH4

+ increased by only 16% during this
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transition (Table 3). These results suggest that the growth of
these potentially toxic dinoflagellates in estuaries may not de-
pend solely on local DIN availability. DIN storage capacity in
multiple Alexandrium species (Collos et al. 2004; Fauchot et al.
2005; Maguer et al. 2007), consistent with the low 15NO3

− use
by microP that we observed, points to the need to consider
drivers of Alexandrium blooms—including nutrients (e.g.,
Fauchot et al. 2005; Ralston et al. 2015)—beyond the
hyperlocal coastal and estuarine systems in which they are
observed (Anderson et al. 2005). It is also possible that the
ability of this dinoflagellate genus (and other dinoflagellate
and ciliate genera observed) to use organic sources of carbon
and nitrogen for growth (i.e., mixotrophy; e.g., Jeong et al.
2010) contributed to changes in biomass and/or microP δ15N,
especially during creek flooding when these taxa were numer-
ically dominant. Mixotrophy or heterotrophy in the micro-
plankton could also explain the lack of significant correlation
between microP Chl and δ15N over the duration of the exper-
iment. While it was not possible to quantify the extent to which
the Alexandrium spp. observed were growing mixotrophically
within the scope of the current study, other studies have shown
that the use of organic N by mixotrophic plankton can have
significant effects on the isotopic signatures (e.g., Terrado et al.
2017) and should be considered in future studies.

Within the phytoplankton community, N use by nanoP and
picoP showed larger changes during the experiment compared
with microP, demonstrating the importance of phytoplankton
< 20 μm in size to variability in water column estuarine N
cycling. NanoP δ15N during TSA and creek flooding periods
suggested minimal use of the 15NO3

− tracer and at least partial
reliance on NH4

+, and possibly other recycled N sources,
within the study creek. The 79% increase in estimated creek-
derived 15NH4

+ use by nanoP from TSA to creek flooding
periods suggests a decrease in the use of downstream N
sources with lower δ15N during the experiment. While obser-
vations of nutrient storage in nanoP, specifically, are currently
limited in the literature, our mixing model results suggest that
nanoP may have relied partly on internally stored N during
TSA flooding (low δ15N; Stolte and Riegman 1995; Lomas
and Glibert 2003) and increased uptake of creek-derived
15NH4

+ during creek flooding (Table 3). This change in
nanoP N use may be partly explained by community turnover
and/or rapid depletion of internal N stores as growth rates
increased, leading to size-specific N-limitation (Pedersen
and Borum 1996). Given the generally higher concentrations
of NH4

+ during creek (mean 11.2 μM) than TSA flooding
(mean 9.4 μM; Table 1), a combination of increased NH4

+

availability, inhibition of NO3
− uptake (see discussion above),

and cell turnover could explain this change in N use by nanoP.
It is worth noting that many different taxa with different
growth rates were integrated into each size class, and this
diversity likely complicated the relationships between cell
turnover and 15N uptake in all three size classes.

The strong linear relationship between nanoP δ15N and Chl
during creek flooding (Fig. 6b) indicates that nanoP use of
recycled N was correlated with nanoP biomass in the creek
system during calmer neap tide periods (i.e., lower current
speeds and TSS; Table 1). These results are consistent with
the mechanism of tidal stirring (Cloern 1991) but add an im-
portant consideration. Namely, enhanced biomass during pe-
riods of reduced tidal mixing can be attributed to a combina-
tion of reduced turbulence and enhanced water clarity (the
main mechanisms described by Cloern 1991), but there is also
an important role played by higher concentrations of reduced
forms of N during neap tide periods, especially for smaller
cells that are capable of rapidly taking up those nutrients.
Considering that nanoP generally contributed the most to total
phytoplankton biomass throughout the study (mean 47%), this
temporally and tidally dynamic use of N sources represents an
important strategy of N acquisition within the estuarine phy-
toplankton community.

PicoP δ15N varied relatively consistently within the 4–12 ‰
range (Fig. 3b). These results suggest that picoP primarily usedN
that had been processed by other organisms in the estuary, such
as that excreted by marsh macrophytes (generally 4–8 ‰) or
consumers (generally 8–12 ‰) in the study creek (Deegan and
Garritt 1997; Nelson et al. 2015). The reliance of picoP on
recycled N sources is consistent with observations of
picoplankton (inclusive of auto- and heterotrophs) preference
for reduced and/or organic N sources (Harrison and Wood
1988; Probyn et al. 1990) and NO3

− uptake inhibition by NH4
+

in picoautotrophs (mainly picoeukaryotes and cyanobacteria;
L’Helguen et al. 2008). Based on mixing model results, the
contribution of recycled 15NH4

+ to picoP δ15N decreased by half
from TSA to creek flooding periods (Table 3) despite an approx-
imate doubling of picoP biomass during this period. Based on the
near doubling of nanoP use of creek-derived 15NH4

+ over this
same time period, it is possible that nanoP began to outcompete
picoP for NH4

+ during creek flooding, causing picoP to obtain
more N from alternative sources such as DON or internal stores.
The significant linear relationship betweenNH4

+ and picoP δ15N
during TSA (Fig. 5a) but not creek flooding (Fig. 5b) provides
additional evidence for a shift in picoP N sources during the
experiment.

PicoP δ15N was also positively correlated with NH4
+ during

both flood and ebb tides (Fig. 8) and with picoP Chl during ebb
tide (Fig. 7c). Together, these results suggest that picoP use of
recycled N forms was regulated, at least to some extent, by the
diurnal flood-ebb cycle of advection (i.e., into the creek from the
mid-estuary) and biogeochemical cycling (i.e., seepage of
reduced N from marsh sediment as during ebb tide; Koch and
Gobler 2009). Such results are consistent with observations of
highest abundances of Prochlorococcus, an important
picocyanobacteria genus, during high tides in a Brazilian estuary
(Affe et al. 2018) and detectable, yet minimal, effects of the
diurnal tidal cycle on phytoplankton biomass and diversity
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(which included picoplankton groups) predicted by a model-
based study of the macrotidal Iroise Sea in the North Atlantic
(Cadier et al. 2017).

One possibly confounding factor in our interpretation of
size-specific N use is the extent to which combined communi-
ties of auto- and heterotrophic groups, as well as detritus or
sediment, contributed to the size fractions. For example, GF/F
filters can retain substantial amounts of heterotrophic bacteria
(Probyn et al. 1990), which may obscure our ability to defini-
tively attribute the bulk of the 15N signal to autotrophic (versus
heterotrophic) members of the picoP (Fouilland et al. 2007) and
could explain the lack of correlation between picoP Chl and
δ15N during TSA and creek flooding periods. The Gulf of
Maine contains an abundance of heterotrophic bacteria <
0.8 μm in size (Li et al. 2011), and Hopkinson et al. (1998)
documented high growth rates of bacterioplankton using ben-
thic derived inorganic N in PIE. We also observed several
putative mixotrophic members of the microP community
(Alexandrium, Scrippsiella, and Strombidium spp.; Table 2)
that likely contributed substantially to the microP biomass
and δ15N, especially during creek flooding (Fig. 4). While we
could not definitively quantify the extent to which these organ-
isms were using inorganic versus organic sources of carbon in
the current study, this flexibility in nutritional mode is an im-
portant consideration in the interpretation of the results.
Similarly, heterotrophic members of the nanoplankton—
which were not enumerated in the current study but can exceed
103 cells ml−1 in temperate estuaries (Capriulo et al. 2002)—
likely contributed to the nanoP δ15N. Unfortunately, it was not
possible to separately quantify the contributions of mixo- and
heterotrophic members to the integrated δ15N in any of these
size classes. However, the significant positive correlation be-
tween overall phytoplankton δ15N (inclusive of all three size
fractions) and total Chl (n = 21, R2 = 0.59, 2-tailed p = 5 × 10−5)
suggests that much of what was measured was attributable to
pigment-containing autotrophs, as opposed to heterotrophs or
sediment/detritus. This correlation was also significant for
nanoP specifically, suggesting an insubstantial effect of hetero-
trophic nanoplankton on δ15N in this size class. Additionally,
Chl biomass (indicating autotrophic plankton) increased ap-
proximately two- to four-fold for all three size classes from
mid to neap tide, indicating active autotrophic assemblages in
PIE. The contributions of mixo- and heterotrophic members of
the plankton community to N cycling in estuaries—in addition
to autotrophs—thus represent an ongoing knowledge gap that
merits further investigation. Differences in the ratio of C to
cellular biovolume (e.g., Verity et al. 1992; Menden-Deuer
and Lessard 2000) and C:Chl (e.g., Hunter and Laws 1981;
Sathyendranath et al. 2009) among and within the phytoplank-
ton size groups could also limit the interpretation of size-
specific δ15N and N uptake from different sources in these
groups. However, without the ability to specifically probe in-
dividual cells or populations for the uptake of different forms of

N (e.g., as recently done by Berthelot et al. (2019) using cell
sorting coupled with nanoSIMs for picocyanobacteria popula-
tions), resolving N uptake in natural plankton communities
requires integration across different rates of growth and cellular
C content in these diverse populations.

Conclusions

The current study found that overall 15NO3
− tracer uptake by

phytoplankton within a tidal creek of PIE was low, consistent
with some previous 15N tracer studies in this system (Tobias
et al. 2003a; Drake et al. 2009), and that use of regenerated N
sources was more prevalent. By resolving the differences in
how the phytoplankton community obtained N from distinct
sources within or, putatively, outside of the estuary over the
study period, we show that these N uptake dynamics are high-
ly variable across the size-based community and between
dominant tidal cycle periods (i.e., spring-neap or flood-ebb).
The duration of this study only allowed for observation of
these trends over a single spring-neap cycle, and additional
studies covering multiple spring-neap cycles are needed to
determine if the phytoplankton community’s lack of NO3

−

uptake and reliance on reduced N remain consistent.
The changes we observed in nanoP and picoP N source

from mid to neap tide demonstrate that tidally-varying phys-
ical and biogeochemical drivers influence N uptake by these
size-specific phytoplankton groups. These results show the
important contributions of these < 20-μm groups, which are
missed in typical net sampling, to N cycling in the estuary. In
addition, the consistently high reliance of larger microplank-
ton on recycled N fromwithin the estuary, despite a shift from
a diatom- to dinoflagellate-dominance, highlights the ability
of different microplankton assemblages in this system to grow
using recycled N. Our findings suggest that recycled N forms
within the estuary and those from sources outside of the
estuary—more so than local NO3

− concentrations—are im-
portant drivers of phytoplankton N uptake dynamics over tidal
time scales. This has important implications for phytoplankton
bloom dynamics, estuarine and coastal food webs, and estua-
rine ecosystems experiencing inputs of a variety of N forms
from anthropogenic sources (Glibert et al. 2016).
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