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Abstract: Floods have the potential to resuspend polycyclic aromatic hydrocarbons (PAHs) laden sediments and potentially impact drinking
water intakes. This work identifies optimal operating conditions for the PAH removal from water using a combined permanganate (Mn(VII))/
bisulfite advanced oxidation process (AOP). PAHs in aqueous solutions containing humic acid (HA) were treated using a combination of
permanganate and bisulfite at different molar ratios. Results showed that the Mn(VII)/bisulfite AOP was an effective method to remove
priority PAHs, but the dosage needs to be carefully controlled to avoid excessive by-products and reduce treatment costs. The optimal reaction
conditions [C½16PAHs�∶C½KMnO4�∶C½NaHSO3� ¼ 1∶30∶60 (m½16PAHs�∶m½KMnO4�∶m½NaHSO3� ¼ 1∶22∶29) and 10 min <¼ reaction time < 30 min] were
identified within a wide pH range (5.0–8.0). High removal efficiencies (85%–100%) were achieved for typically refractory high molecular
weight PAHs, including pyrene (PYR), chrysene (CHRY), benzo[a]anthracene (B[a]A), benzo[b]fluoranthene (B[b]F), benzo[k]fluoranthene
(B[k]F), benzo[a]pyrene (B[a]P), and dibenzo[a,h]anthracene (D[ah]A). The concentration of B[a]P was reduced to below 0.2 μg=L from an
initial concentration of 0.8 μg=L in less than 30 min, and a 2 mg-OC=L concentration of HA had minimal effect on the effectiveness of AOP.
The maximum concentration level of B[a]P is specified as 0.2 μg=L, according to National Primary Drinking Water Regulations issued by
the EPA. Overall, the Mn(VII)/bisulfite AOP represents a promising technology for PAH removal to below minimum EPA drinking water
standards in emergency scenarios, although the control of the dosages of permanganate and bisulfite is required. DOI: 10.1061/(ASCE)
EE.1943-7870.0001845. © 2021 American Society of Civil Engineers.
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Introduction

Polycyclic aromatic hydrocarbons (PAHs) are well-known persis-
tent organic pollutants that resist degradation and exert toxic effects
on the environment (Qu et al. 2019). The United States EPA has
categorized 16 PAHs as priority contaminants based on their
potential risks for human exposure, toxicity, and frequency of oc-
currence at hazardous waste sites (Mojiri et al. 2019). Table 1
showed that the toxicity equivalency factors of LMW PAHs
(FLU, ACE, ACY, and PHEN) are 0.001, indicating that the

toxicities of LMW PAHs are three orders of magnitudes lower than
that of B[a]P. Soil is one of the most important reservoirs of PAHs,
whose half-lives in soils range from years to decades (Yurdakul
et al. 2019). PAHs are highly hydrophobic and, when dissolved,
tend to be adsorbed rapidly by suspended particulate matter in
water (Sun et al. 2009). Once PAHs are adsorbed, suspended par-
ticulate matter serves as a transportation medium for PAHs, distrib-
uting the pollutants over large areas via rivers and subsequently
depositing on sediments, which can be generally regarded as a sink
for PAHs (Li et al. 2019).
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Climate change is leading to an increased frequency of natural
disasters (Zoppini et al. 2019), including hurricanes. Temporary
hurricane flooding may drastically increase water column heights
and surface water migration, which may release and transport
hazardous materials present in sediments. One such example oc-
curred during Hurricane Harvey, which led to record rainfall in
Beaumont, Texas, from August 29 to 31, 2017. Because of the
unprecedented flooding, the primary pump station of Beaumont’s
water treatment plant (WTP) was taken offline on August 30th and
resumed on September 7th. During this 7-day window, a temporary
pump station upstream of the Brakes Bayou provided water to the
WTP (Amadeo 2019). Downstream about 800 m from the tempo-
rary water intake, the lower reaches of the Brakes Bayou are bound
to the west by a superfund site containing substantial PAH contami-
nation and an island (CB&I) to the east with significant industrial
activity, posting the potential for PAHs’ mobilization into a surface
water body serving as a temporary water source. However, very few
technologies to date have been identified or evaluated to mitigate
the negative water quality events caused by natural disasters.
Developing such techniques are necessary to provide safe water
for residents in emergencies.

To remove organic compounds from water, the effectiveness
of conventional oxidants, including chlorine (Deborde and von
Gunten 2008; Wang et al. 2011), chlorine dioxide (Hoigné and
Bader 1994; Huber et al. 2005), hydrogen peroxide (Liao et al.
2019), permanganate (Brown et al. 2003; Hu et al. 2010; Jiang
et al. 2012; Kao et al. 2008; Sun et al. 2013; Zhang et al. 2013),
and ozone (Ates and Argun 2018; Von Gunten 2003; Zimmermann
et al. 2011) were reviewed. Potassium permanganate (KMnO4)
has the advantages of easy handling, effectiveness, relatively low
cost, and comparative stability over a wide pH range, and it is a
promising technology for the oxidative removal of various phenolic
compounds [bisphenol A, triclosan, estrone, 17β-estradiol, estriol,
chlorophenols, and bromophenols (Anipsitakis et al. 2006; Kochany
and Lipczynska-Kochany 1992; Perez-Benito et al. 1996; Sun
et al. 2016c)] and trace organics that contain electron-rich moieties
[amino groups, thiols, and ethers (Zazo et al. 2005)].

The mechanisms of organics contaminant oxidation by KMnO4

varies with the pH. Acid-catalyzed reactions occur below a pH of
5.0, uncatalyzed reactions are dominant when the pH is between
6.0 and 9.0, and base-catalyzed reactions occur at pH higher than
10.0. These pH ranges correspond with the dominant species
of manganese present; species include permanganate (Hu et al.
2010; Thabaj et al. 2007), manganese dioxide (MnO2) (Perez-
Benito 2011), cryptomelane-type manganese(III/IV) (Xiao et al.
2013), and Mn3O4 (Chowdhury et al. 2009). Permanganate oxida-
tion is highly reactive under acidic conditions as acid-catalysis
generates electrophilic intermediate products, which are strongly
attracted to the electrons of organic compounds and promote
hydroxylation, hydrolysis, or ring cleavage reactions (Abdullah
et al. 2014).

Permanganate alone is an ineffective PAH oxidant because of its
inability to oxidize benzene rings (Waldemer and Tratnyek 2006),
the basic building block of all PAHs. However, Sun et al. (2015,
2016a, b, c, 2018) reported that a large amount of soluble aquo
and/or hydroxo Mn(III) (i.e., noncomplexed with ligands other
than H2O and ·OH) could be generated when permanganate is
combined with bisulfite (NaHSO3), a commonly used reductant.
This Mn(VII)/bisulfite system, a relatively new advanced oxida-
tion process (AOP), has been shown to oxidize phenol when
C½contaminants�∶C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼ 1∶50∶250. At these
concentrations, phenol was rapidly (<20 s) degraded by the pro-
duced hydroxo Mn(III) over a wide pH range.

This paper explores the potential of using an Mn(VII)/bisulfite
AOP for PAH removal under conditions pertinent to emergency
surface water treatment, specifically investigating the influence
of solution chemistry on the degradation of 13 PAHs. Parameters
investigated include humic acid (ubiquitous in natural water),
solution pH, the molar concentration ratio of reactants, and reac-
tion time (RT). Finally, this study identifies optimal operating con-
ditions to maximize PAH removal while minimizing the generation
of by-products and treatment costs.

Table 1. Properties and toxicity equivalency factors of 16 PAHs included in the USEPA priority pollutant list

PAHs Abbreviationa

Molecular
weight (MW)a

(g=mol)

Molecular
formula
(MF)a

Solubility in
H2O (25°C)a

(μg=L)
Vapor pressure (VP)a

(mm Hg 25°C) LogKow
a

Toxicity
equivalency factors

(TEF)b,c

Naphthalene NAP 128.17 C10H8 31,000 8.70 × 10−02 3.30 —
Acenaphthylened ACY 152.20 C12H8 3,930 2.10 × 10−04 4.07 0.001
Acenaphthene ACE 154.21 C12H10 3,900 1.50 × 10−04 3.98 0.001
Fluorene FLU 166.22 C13H10 1,690 3.20 × 10−04 4.18 0.001
Phenanthrene PHEN 178.23 C14H10 1,100 6.80 × 10−04 4.45 0.001
Anthracene ANTH 178.23 C14H10 43.4 1.50 × 10−06 4.45 0.01
Fluoranthene FLTH 202.26 C16H10 200 2.60 × 10−06 4.90 0.001
Pyrene PYR 202.26 C16H10 135 2.50 × 10−06 4.88 0.001
Benzo[a]anthracene B[a]A 228.29 C18H12 9.4 1.30 × 10−09 5.61 0.1
Chrysene CHRY 228.29 C18H12 2 1.30 × 10−09 5.16 0.01
Benzo[b]fluoranthene B[b]F 252.32 C20H12 1.5 2.80 × 10−12 6.04 0.1
Benzo[k]fluoranthene B[k]F 252.32 C20H12 0.8 7.00 × 10−11 6.06 0.1
Benzo[a]pyrene B[a]P 252.32 C20H12 1.62 2.80 × 10−12 6.06 1
Dibenzo[a,h]anthracene D[ah]A 278.35 C22H14 2.49 1.80 × 10−13 6.84 5
Benzo[g,h,i]perylened B[ghi]P 276.34 C22H12 0.26 1.60 × 10−12 6.50 0.01
Indeno[1,2,3-c,d]pyrened IND 276.34 C22H12 0.19 6.30 × 10−14 6.58 0.1
aData from the US National Center for Biotechnology Information (2019).
bData from Department of Health & Human Services, Public Health Service (DHHS 1999).
cThe cancer potency of Benzo[a]pyrene is 7.3 mg=kg=day. USEPA has developed TEF, and the cancer potency of the other carcinogenic PAHs can be
estimated (divide by TEF) based on it.
dACY, B[ghi]P, and IND cannot be individually evaluated in this study due to low detection and coelution in the analytical method.
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Materials and Methods

Materials

Humic acid sodium salt powder (HA) was obtained from Alfa
Aesar (Haverhill, Massachusetts). Aluminum oxide (basic,
Brockmann I, for chromatography, 50–200 μm, 60 Å, ACROS
Organics, Fair Lawn, New Jersey) was activated by heating (130°C
for 16 h) and deactivated with 10%–12% (w/w) water. Sodium
sulfate anhydrous (Granular/Certified ACS, Fisher Chemical,
Waltham, Massachusetts) was dried for 4 h at 400°C in a shallow
tray and stored in a sealed desiccator. Granular sodium bisulfite
was obtained from Macron Fine Chemicals (Italy). Potassium
permanganate was obtained from Fisher Chemical (Waltham,
Massachusetts). A PAH standard solution mix containing the 16
PAHs designated EPA priority pollutants was obtained from Accus-
tandard (New Haven, Connecticut). This mix contained 0.2 mg=mL
of each PAH compound in dichloromethane∶methanol (CH2Cl2∶
MeOH, 50∶50, v/v). All other reagents used in these experiments
were reagent grade and were used without further treatment.

Dichloromethane ðDCMÞ ≥ 99.8% stabilized, HiPerSolv
CHROMANORM for HPLC, acetonitrile (ACN) anhydrous
ðmax: 0.003%H2OÞ ≥ 99.9%, HiPerSolv CHROMANORM, super
gradient grade for HPLC, VWR Chemicals BDH (Denver,
Colorado), and acetone, Optima, for HPLC and GC, were obtained
from Fisher Scientific (Fair Lawn, New Jersey). Deionized (D.I.)
water was used in all the experiments (pH 6.5).

Glassware was purchased from VWR (Radnor, Pennsylvania).
The glassware was washed with detergent and D.I. water and then
rinsed three times with acetone and DCM, respectively. The glass-
ware was dried at 120°C for 4 h.

Preparation of Humic Acid Solution

A total of 2 g of dry HA powder was weighed and transferred into a
500 mL beaker containing D.I. water. The solution was stirred on a
magnetic plate overnight and then filtered through a PTFE syringe
filter (Waters Acrodisc, Milford, Massachusetts, 13 mm, 0.45 μm).
The pH of the HA solution was adjusted to 7.0 (the average pH
value of the Neches River over the last five years) (TCEQ
2017) using 1 M solutions of HCl and NaOH. The resulting sol-
ution was stored in the dark at 4°C and used for PAH experiments
and measurements of dissolved organic carbon (DOC) and total
organic carbon (TOC). Humic acid concentrations were reported
as milligrams of organic carbon per liter (mg-OC/L).

PAH Extraction Using Liquid-Liquid Extraction and
PAH Recovery

A total of 40 mL of an aqueous solution containing PAHs were
added into a 125 mL separatory funnel. The funnel was capped,
and the sample was shaken vigorously by hand for 1 min after
5 mL DCM was added and then left to stand for 15 min, and
the organic phase was collected. This process was repeated three
times, and sequential extracts were combined and evaporated via
Rocket evaporator (The Genevac Rocket Evaporation System,
Ipswich, England) at 30°C and a 190 mbar vacuum until only
1–2 mL DCM remained. Interfering compounds were removed
by the liquid-solid chromatography method using a 1∶3 (v/v) so-
dium sulfate anhydrous-aluminum oxide column before Rocket
evaporation. Evaporated extracts were transferred to 15 mL ACN
and concentrated to 1 mL in the Rocket evaporator (0°C and
32 mbar vacuum). Finally, sample volumes were further reduced
to 0.1–0.2 mL under a gentle stream of nitrogen.

To validate the recovery of PAHs by the LLE method, two iden-
tical concentrated solutions of 16 PAHs were prepared. One was
analyzed directly by HPLC. The second was added to 40 mL water,
shaken for 24 h at 20°C, extracted by LLE, and analyzed by HPLC.
All the experiments were conducted in triplicate.

AOP Batch Experiments

The PAH standard solution was diluted in ACN to a working stock
concentration of 40 μg=L and stored at −20°C in the dark. To en-
sure all except for two PAHs (B[ghi]P and IND) would dissolve in
water, most experiments were conducted using a 0.8 μg=L PAH
solution unless stated otherwise. The physicochemical properties
of 16 PAHs were shown in Table 1.

To perform an initial screening experiment, 40 μg=L PAH sol-
ution and HA solution were diluted by D.I.water to 0.8 μg=L PAH
solutions containing 0 and 2 mg-OC=L HA. The pH value of the
solution was gradually adjusted using 1 M HCl and NaOH. Potas-
sium permanganate and sodium bisulfite were added to the solu-
tions (molar concentration ratios of C½16PAHs�∶C½KMnO4�∶C½NaHSO3�
fixed at 1∶50∶250) gradually and stirred by the magnetic stirrer
for 5 min. Then, the mixture was filtered using glass fiber syringe
filters (Waters Acrodisc, Milford, Massachusetts, 25 mm, 1 μm)
and extracted by LLE. The top aqueous phase containing Mn(II)
and sulfate were analyzed, and the bottom extracted phase contain-
ing 16 PAHs was analyzed. The solution, containing 0.8 μg=L
PAH solutions and 2 mg-OC=L HA at pH ¼ 7.0 but no KMnO4

nor NaHSO3, was referred to as no oxidant. The solutions with
oxidants and the solutions of no oxidants were treated identically
to experimental systems. All the experiments were conducted in
triplicate.

The effects of pH, molar concentration ratios of PAHs and
KMnO4 (C½16PAHs�∶C½KMnO4�), molar concentration ratios of KMnO4

and NaHSO3 (C½KMnO4�∶C½NaHSO3�), and reaction time (RT) on PAH
oxidation were sequentially investigated in this study. Firstly, pH
values of 5.0, 6.0, 7.0, and 8.0 (target values) were investigated
when C½16PAHs�∶C½KMnO4�∶C½NaHSO3� ¼ 1∶50∶250 and RT ¼ 5 min.
Secondly, molar concentration ratios of 1∶40, 1∶30, 1∶20, and 1∶10
(C½16PAHs�∶C½KMnO4�) were investigated at optimum pH, C½KMnO4�∶
C½NaHSO3� ¼ 1∶5, and RT ¼ 5 min. Thirdly, molar concentration ra-
tios of 1∶4, 1∶3, 1∶2, and 1∶1 (C½KMnO4�∶C½NaHSO3�) were investigated
at an optimum pH and C½16PAHs�∶C½KMnO4� ratio, and RT ¼ 5 min.
Finally, the reaction time ¼ 0.5, 1.0, 2.0, 5.0, 15.0, and 30.0 min
were investigated at the optimum and C½16PAHs�∶C½KMnO4�∶C½NaHSO3�
ratio. All the experiments were conducted in triplicate.

PAH Quantification

PAH concentrations were measured by HPLC with fluores-
cence detection (EPA 1986). Analyses were performed with an
Agilent Technologies 1260 Infinity (Santa Clara, California)
high-performance liquid chromatography (HPLC) equipped with
a fluorescence detector (1260 FLD spectra). Eight different cali-
bration standards (1.0, 2.0, 5.0, 10.0, 20.0, 50.0, 100.0, and
200.0 ng=mL in ACN) were used for quantification. Analytes were
separated using a Phenomenex (Torrance, California) Luna 5 μm
C18 column (250 × 4.6 mm) maintained at 40°C and a flow rate
of 1 mL=min. The isocratic mobile phase consisted of ACN and
Milli-Q high purity water (70∶30, v/v). The injection volume
was 10 μL, and sample runs were 42 min. This method can quantify
only 13 of the 16 PAHs because ACY does not fluoresce and
cannot be detected, and the peaks of B[ghi]P and IND overlap.
The FLD periods and the excitation/emission wavelength pairs
(nm=nm) for each PAH compound were shown in Table 2.

© ASCE 04021002-3 J. Environ. Eng.
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ICP-MS and IC Procedures

The oxidation reaction of Mn(VII)/bisulfite generated some
by-products, and the main by-products were Mn(II) and sulfate.

After the oxidation reaction, MnO2 was filtered out, and the
filtered solution was divided into two parts for Mn(II) and SO2−

4

analyses. Mn(II) was analyzed using an ELAN 9000 ICP-MS
(PerkinElmer, Shelton, Connecticut) following EPA Method 220.8
(EPA 1994). SO2−

4 was analyzed by ion chromatography (Thermo ion
chromatography, Thermo Fisher Scientific, Waltham, Massachusetts)
using a CD25 conductivity detector equipped with a Dionex
Ionpac AS14A column, following EPA Method 300.0 (Pfaff
1993).

Data Analysis

The removal efficiency of each PAH compound via Mn(VII)/
bisulfite AOP was calculated

RE ¼
�
Cno oxidant − Ce

Cno oxidant

�
ð1Þ

where Cno oxidant (μg=L) = concentration of each PAH compound
without oxidant; and Ce (μg=L) = residual concentration of each
PAH compound. The Cno oxidant (μg=L) was calculated using the
following equation:

Cno oxidant ¼ C0 × CF2mg−OC=L ð2Þ

where C0 (μg=L) = initial concentration of each PAH compound
(0.8 μg=L in this study); and CF2mg−OC=L = LLE extraction
efficiency of each PAH compound from solutions containing
2 mg-OC=L HA. The values of CF2mg−OC=L for each PAH com-
pound were listed in Table 3.

The residual concentration of each PAH compound (μg=L) was
calculated using the following equation:

Ce ¼
�MassResidual PAH

V

�
CF0mg−OC=L

ð3Þ

where Massresidual PAH (μg) was calculated for each PAH compound
from the HPLC calibration curve; V (L) = solution volume; and
CF0mg−OC=L = LLE extraction efficiency of each PAH compound
from solutions without HA. The values of CF0mg−OC=L for each
PAH compound are listed in Table 3.

The Mn(II) concentration (mg=L) generated in theory was
calculated

CTMnðIIÞ ¼ Ctotal PAHs × R ×MWMn ð4Þ

where Ctotal PAHs (mmol=L) = total molar concentration of the 16
PAH compounds; R = molar concentration ratio of KMnO4 and
total PAHs (C½KMnO4�∶C½PAHs�); and MWMn = molecular weight
of Mn (mg=mmol). The total concentration of PAHs (mmol=L)
can be calculated using the following equation:

Ctotal PAHs ¼
X C0PAHs

MWi¼16

ð5Þ

where MWi¼16 = molecular weight of the 16 PAH com-
pounds (mg=mmol).

The sulfate concentration (mg=L) generated in theory was
calculated

CT SO2−
4
¼ CTMnðIIÞ × R ×MWsulfate ð6Þ

where R = molar concentration ratio of NaHSO3 and KMnO4

(C½NaHSO3�∶C½KMnO4�); and MWsulfate = molecular weight of sulfate
(mg=mmol).

Results and Discussion

Low molecular weight (LMW) PAHs (two or three aromatic
rings) and high molecular weight (HMW) PAHs (more than three
aromatic rings) showed different behavior in oxidation experi-
ments. Anthracene (ANTH) also behaved differently than other
small PAHs. The National Primary Drinking Water Regulations
(NPDWRs) 40 CFR § 141.61 (EPA 2012) specifies the federal
regulation for the maximum contaminant levels (MCL) of organic
contaminants in community water systems and nontransient, non-
community water systems. Among the PAHs investigated, only
MCL of B[a]P is specified as 0.2 μg=L; therefore, the Ce of B
[a]P is legally enforceable as a primary standard and can serve
as a benchmark for the effectiveness of the Mn(VII)/bisulfite
AOP in the experiments. Besides, the National Secondary Drinking
Water Regulations (NPSWRs) also specifies that Mn(II) secondary
maximum contaminant level (SMCL) is 0.050 mg=L, and the sul-
fate SMLC is 250.0 mg=L for drinking water (USEPA 2009). Note
that the SMCL recommended in the NPSWRs are set for esthetic
reasons and are not enforceable by EPA (Abernathy et al. 2003) but
are intended as guides to the US states.

Table 3. LLE extraction efficiencies of each PAH compound from aqueous
solutions with different concentrations of HA

PAHs
0 mg-OC=L HA
solution (%)

2 mg-OC=L HA
solution (%)

Naphthalene 69 62
Acenaphthene 73 66
Fluorene 73 68
Phenanthrene 72 67
Anthracene 71 63
Fluoranthene 77 68
Pyrene 79 68
Benzo[a]anthracene 88 72
Chrysene 89 74
Benzo[b]fluoranthene 91 72
Benzo[k]fluoranthene 92 71
Benzo[a]pyrene 83 71
Dibenzo[a,h]anthracene 97 60

Note: PAHs containing 0 and 2 mg-OC=L HA solutions were shaken for
continuously 24 h and extracted by the LLE method.

Table 2. Fluorescence detector periods and detection wavelength program
for HPLC measurement of PAHs

Time
(min)

Excitation
wavelength

(nm)

Emission
wavelength

(nm) Detected compounds

0.00–8.90 280 340 NAP
8.90–12.12 260 352 FLU, ACE, and PHEN
12.12–13.25 260 420 ANTH
13.25–15.10 260 440 FLTH
15.10–30.00 260 420 PYR, CHRY, B[a]A, B[b]F,

B[k]F, and B[a]P
30.00–42.00 305 430 D[ah]A and B[ghi]P+IND
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Effects of the Molar Ratios of KMnO4 and NaHSO3

The effect of the ratio of KMnO4 to NaHSO3 on the oxidation
of PAHs in an aqueous solution was examined; the data are plotted
in Fig. 1. In these experiments, KMnO4 concentration is fixed,
NaHSO3 concentration decreases, and Mn(III) will be generated
in a complex series of chemical reactions (Sun et al. 2015,
2016a). To clearly describe the key role of NaHSO3 in AOP, three
main chemical reactions were evaluated to interpret experimental
observations. Depending on the NaHSO3 concentration, ranging

from excess to shortage, permanganate can be reduced to manga-
nese intermediates through one of the following reaction routes, as
illustrated in Eqs. (7)–(9)

2MnO−
4 þ 5HSO−

3 → 2Mn2þ þ 5SO2−
4 þ OH− þ H2O ð7Þ

2MnO−
4 þ 4HSO−

3 → Mn2þ þ 4SO2−
4 þMnO2 þ 2H2O ð8Þ

2MnO−
4 þ 3HSO−

3 þ H2O → MnO2 þ 3SO2−
4 þ 2OH− ð9Þ

Fig. 1. Final concentrations (bars, left axis) and removal efficiencies (symbols, right axis) of 12 PAHs at varying ratios of KMnO4 and NaHSO3

following KMnO4=NaHSO3 oxidation in initial C½16PAHs� ¼ 0.8 μg=L (0.064 μmol=L) solutions containing 2 mg-OC=L humic acid, pH ¼ 6.5,
C½16PAHs�∶C½KMnO4� ðμmol=LÞ ¼ 1∶30, and RT ¼ 5 min. Error bars represent one standard deviation.
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AOP Behavior and PAH Oxidation at Excess Bisulfite
Concentrations [C�KMnO4�∶C�NaHSO3� �μmol=L� � 1∶4 and 1∶5]
The Ce values of HMW PAHs, excluding D[ah]A, decreased
at high bisulfite concentrations (Fig. 1), and the removal efficien-
cies of these molecules, excluding FLTH, increased to more than
70%. In contrast, the Ce values of LMW PAHs, excluding NAP,
decreased, and the removal efficiencies of these molecules in-
creased. During the experiments, no precipitation was observed
after adding NaHSO3 into the solution, and the colorless solution
indicated that KMnO4 was completely consumed. It indicated
that PAHs only were oxidized by Mn(III) generated in the
Mn(VII)/bisulfite AOP, and no flocculation-precipitation occurred.
Table 4 shows the concentration of Mn(II) as 99.33� 4.7 μg=L
in the case of C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼ 1∶4 and 101.09 �
7.3 μg=L in the case of C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼ 1∶5;
it indicated that all Mn(VII) reacted to Mn(II). Thus, it is hypoth-
esized that the reaction described in Eq. (7) dominates at
C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼ 1∶4 and 1∶5.
AOP Behavior and PAH Oxidation at Midrange Bisulfite
Concentrations [C�KMnO4�∶C�NaHSO3� �μmol=L� � 1∶2 and 1∶3]
At midrange concentrations of KMnO4, the Ce values for HMW
PAHs decreased, and the removal efficiencies of these molecules
increased, but the Ce values for LMW PAHs, excluding ACE, in-
creased, and the removal efficiencies of these molecules decreased.
Under these conditions, the solution was colorless after adding
NaHSO3 into the solution, indicating that KMnO4 was completely
reacted. While the ratios of NaHSO3 concentration increased,
MnO2 solid was generated rapidly, but the quantities of MnO2 de-
creased. Table 4 shows the concentration of Mn(II) as 16.72�
1.1 μg=L in the case of C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼ 1∶2 and
71.50� 9.2 μg=L in the case of C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼
1∶3, indicating that the increase in Mn(II) corresponds with a de-
crease in MnO2. Thus, it is hypothesized that the reaction described
in Eq. (8) dominates at C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼ 1∶2 and 1∶3.

Prior research (Sun et al. 2016b) explained the mechanisms of
AOP in the removal of phenol from aqueous solution. Firstly, the
KMnO4=NaHSO3 reactions occurred in the process of organic con-
taminants degradation in the aqueous solution and generated Hþ.
The reactions include

2HSO−
3 þMnO−

4 → MnðIIIÞ þ 2OH− þ 2SO2−
4 ð10Þ

HSO−
3 þ 2MnðIIIÞ þ H2O → 2Mn2þ þ 2SO2−

4 þ 3Hþ ð11Þ

2MnðIIIÞ þ 2H2O → Mn2þ þMnO2 þ 4Hþ ð12Þ

MnðIIIÞ þ target compounds → 2Mn2þ þ products ð13Þ

In total, 7Hþ and 2OH− were generated. Obviously, the quan-
tities of Hþ is more than those of OH−. The higher concentration of
NaHSO3 could promote reaction efficiency (Sun et al. 2016a).
Secondly, MnO−

4 and a small amount of nonoxidizing colloidal
MnO2 were reduced to Mn(II) and manganese intermediates with
a sufficient amount of NaHSO3. The main reactive intermediate
was Mn(III) in the AOP process. The stabilization time of Mn
(III) is very short (i.e., ∼10 ms) in the acidic solution (Sun et al.
2016a). The high oxidative chemical activity of Mn(III) can oxi-
dize organic contaminants and generate Mn(II). It was found out
that benzene, which could not be oxidized by permanganate even
at high temperatures (Waldemer and Tratnyek 2006), could be rap-
idly transformed to phenol in the AOP process (Sun et al. 2016a).
The excessive Mn(III) could be the generation of Mn(II) and
MnO2 because of Mn(III) disproportionation, which is a side
effect of the Mn(III) oxidation reaction, as reported in the previous
study (Sun et al. 2015). Meanwhile, the nonoxidizing colloidal
MnO2 could be transformed to the in situ formed MnO2, a strong
oxidizing agent, under acidic conditions, and this phenomenon was
reported in the previous study (Sun et al. 2016b). Under neutral or
alkaline conditions, nonoxidizing colloidal MnO2 potentially ad-
sorbed contaminants and precipitated together. It is hypothesized
that flocculation-precipitation is a potential PAH removal factor
when a lot of MnO2 exists. Even though these studies were per-
formed on single-ringed aromatic structures, these principles might
also apply to the treatment of PAHs.

AOP Behavior and PAH Oxidation at Insufficient Bisulfite
Concentrations [C�KMnO4�∶C�NaHSO3� �μmol=L� � 1∶1]
At concentration ratios C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼ 1∶1, Ce
values for some of HMW PAH (including PYR, B[a]A, B[a]P,
and D[ah]A) were low, and the removal efficiencies of these
molecules were high. However, Ce values for other HMW PAHs
(FLTH, CHRY, B[b]F, and B[K]F) and LMW PAHs were high
(and the removal efficiencies were low). During the experiments,
it was observed that the color of aqueous solutions remained purple
even after the NaHSO3 addition, which indicated that KMnO4

was excessive, and MnO2 solids were generated rapidly during
the reaction. A small quantity of Mn(III) must be generated in the
Mn(VII)/bisulfite AOP while KMnO4 and NaHSO3 react, but the
excessive KMnO4 cannot further oxidize PAHs. In addition, prior
research has reported that a large amount of nonoxidizing colloidal
MnO2 can be generated when the amount of NaHSO3 is insuffi-
cient, and these colloidal MnO2 molecules promoted contaminant
adsorption (Sun et al. 2016b). This indicates that the Mn(VII)/
bisulfite AOP generated insufficient Mn(III) to oxidize PAHs at this
ratio, and some PAHs were potentially adsorbed on colloidal MnO2

to remove via a process mimicking flocculation-precipitation

Table 4. Concentrations of MnO−
4 , Mn(II), and SO2−

4 at different molar ratios of KMnO4 and NaHSO3

Parameters
C½KMnO4 �∶C½NaHSO3 �
ðμmol=LÞ ¼ 1∶1a

C½KMnO4 �∶C½NaHSO3 �
ðμmol=LÞ ¼ 1∶2

C½KMnO4 �∶C½NaHSO3 �
ðμmol=LÞ ¼ 1∶3

C½KMnO4 �∶C½NaHSO3 �
ðμmol=LÞ ¼ 1∶4

C½KMnO4 �∶C½NaHSO3 �
ðμmol=LÞ ¼ 1∶5

CMnO−
4
(μg=L) 226.95 226.95 226.95 226.95 226.95

Forms of Mn MnO−
4 , Mn(II), and MnxOy Mn(II) and MnxOy Mn(II) and MnxOy Mn(II) Mn(II)

Solution charactersb Purple with solids Colorless with solids Colorless with solids Colorless and no solid Colorless and no solid
CMn (II) (μg=L) 9.16� 2.06c 16.72� 1.07 71.50� 9.16 99.33� 4.73 101.09� 7.27
Theoretical CMn (II) (μg=L) 0 52.47 104.94 104.94 104.94
CSO2−

4
(μg=L) — 376.19� 6.90 583.83� 53.30 717.10� 49.67 840.95� 4.43

Theoretical CSO2−
4

(μg=L) — 366.34 549.50 732.67 915.84
aThe experiments were conducted at the condition of C½16PAHs�∶C½KMnO4 � ðμmol=LÞ ¼ 1∶30.
bThe initial color of PAHs solutions containing 2 mg-OC=L HA is yellowish.
cThe number after the “±” represents the standard deviation.
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simultaneously, but Fig. 1 does not distinguish between different
removal mechanisms. Thus, it is hypothesized that the reaction de-
scribed in Eq. (9) dominates at C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼ 1∶1.
Table 4 shows the concentration of Mn(II) as 9.16� 2.0 μg=L.

For C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼ 1∶5 to 1∶1, the Ce of B[a]P
was slightly increased from 0.02 to 0.08 μg=L, and the SO2−

4 con-
centrations ranged from 840.95� 4.43 to 376.19� 6.90 μg=L at
C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼ 1∶5 to 1∶2, as shown in Table 4.
All MnO−

4 was reduced to Mn(II) by the excessive HSO−
3 , and

the residual HSO−
3 was oxidized to sulfate by O2 under these

conditions. Because C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼ 1∶4 and 1∶2,
different reaction mechanisms occurred at the reactant ratio, and the
effects of the reaction time at both ratios were investigated in the
effect of RT experiments.

Effects of the Molar Ratios of PAHs and KMnO4

Fig. 2 shows that the removal efficiencies for HMW PAHs gen-
erally increased as concentrations of the oxidant KMnO4 in-
creased relative to the concentration of PAHs, and the greatest
removal efficiency was at the molar ratio ðC½16PAHs�∶C½KMnO4�Þ¼1∶50.
The Ce values of CHRY, B[b]F, B[k]F, and D[ah]Awere most nota-
bly decreased under this condition. The Ce values of LMW PAHs
fluctuated inconsistently as the molar ratio C½16PAHs�∶C½KMnO4�
increased.

For C½16PAHs�∶C½KMnO4� ðμmol=LÞ ¼ 1∶50 to 1∶10 and the pres-
ence of excess sulfite, the Ce of B[a]P slightly increased from
ND to 0.06 μg=L and was still lower than 0.2 μg=L. The removal
efficiency of B[a]P was consistent with a previous study, which
showed that a relative reactivity order of oxidized PAHs: B½a�P >
PYR > FLTH > CHRY (Brown et al. 2003). Brown et al. (2003)
studied KMnO4 oxidation of PAHs but used bisulfite as a reaction
quencher, which may have inadvertently promoted the AOP pro-
cess described in this study.

One particular concern with manganese oxidation in surface
water systems is the residual Mn(II). As shown in Table 4, Mn(II)
concentrations ranged from 101.09� 7.3 to 9.16� 2.0 μg=L
at C½16PAHs�∶C½KMnO4� ¼ ðμmol=LÞ 1∶50 to 1∶10. Subsequent ex-
periments utilized C½16PAHs�∶C½KMnO4� ðμmol=LÞ ¼ 1∶30, which pro-
vides a sufficient removal rate efficiency while ensuring residual
Mn(II) concentrations remain below the SMCL.

Control of Mn(II) and Sulfate Concentrations

Theoretically, Mn(II) [assuming the Mn(II) produced is entirely
soluble] and sulfate concentrations would be 0.107 mg=L
and 732.3 μg=L in the case of the initial C½16PAHs� ¼ 0.8 μg=L
(0.064 μmol=L) and C½16PAHs�∶C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼
1∶30∶120. The Mn(II) concentrations are difficult to predict
when MnO2 precipitation is expected, such as the case of the
initial C½16PAHs� ¼ 0.8 μg=L and C½16PAHs�∶C½KMnO4�∶C½NaHSO3�
ðμmol=LÞ ¼ 1∶30∶60, but the sulfate concentration under these
conditions would be approximately 366.3 μg=L.

Our experiments results showed 0.099� 0.004 mg=L Mn(II)
and 717.10� 49.67 μg=L sulfate in the case of initial C½16PAHs� ¼
0.8 μg=L and C½16PAHs�∶C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼ 1∶30∶120.
All MnO−

4 was reduced to Mn(II) by the excessive HSO−
3

and the residual HSO−
3 was oxidized to sulfate by O2 under these

conditions. Thus, the actual Mn(II) and sulfate concentrations were
consistent with the theoretical values of Mn(II) and sulfate concen-
trations. Mn(II) was twice higher than Mn(II) SMLC, and the
sulfate was below the proposed value in NSDWRs.

For the case of initial C½16PAHs� ¼ 0.8 μg=L and C½16PAHs�∶
C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼ 1∶30∶60, the final Mn(II) and
sulfate concentrations were 0.016� 0.001 mg=L and 376.19�
6.90 μg=L, respectively. A large amount of MnO−

4 was reduced to
the precipitation, and only a small amount of MnO−

4 was converted
to Mn(II) from HSO−

3 , but the sulfate was conserved. In this sce-
nario, detected Mn(II) was significantly lower than SMCL in
NSDWRs. If sufficient time is available, the case of C½16PAHs�∶
C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼ 1∶30∶60 [m½16PAHs�∶m½KMnO4�∶
m½NaHSO3� ðμg=LÞ ¼ 1∶22∶29] and RT ¼ 30 min is recommended,
as these conditions minimize residual Mn(II) and sulfate in the
aqueous solution. For time-critical or an emergency scenario,
C½16PAHs�∶C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼ 1∶30∶120 [m½16PAHs�∶
m½KMnO4�∶m½NaHSO3� ðμg=LÞ ¼ 1∶22∶58] and RT ¼ 5 min is recom-
mended, but Mn(II) concentration will exceed the SMCL.

Effect of Reaction Time

Results from reaction time experiments are shown in Fig. 3. As
shown in Fig. 3, although RTs were extended from 0.5 to 30 min
at C½16PAHs�∶C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼ 1∶30∶120, the Ce val-
ues of HMW PAHs were mostly stable across the reaction times
assessed, and the removal efficiencies of these molecules, exclud-
ing CHRY and D[ah]A, exceeded 90%. In contrast, Ce values and
the removal efficiencies of LMW PAHs, excluding NAP, fluctuated
inconsistently. A prior study showed that benzene, aniline, and
bisphenol A oxidation using Mn(VII)/bisulfite at C½contaminants�∶
C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼ 1∶20∶200 was completed in 1 s
(Sun et al. 2016a). In this study, HMW PAHs were also oxidized
rapidly in 5 min. Also, no MnO2 was retained during filtration.
For RTs ¼ 0.5–30 min at C½16PAHs�∶C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼
1∶30∶120, Ce of B[a]P was changed slightly from ND to 0.02 μg=L.

Results differ slightly for the case of C½16PAHs�∶C½KMnO4�∶
C½NaHSO3� ðμmol=LÞ ¼ 1∶30∶60 (Fig. 4) compared to the case of
C½16PAHs�∶C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼ 1∶30∶120 (Fig. 3). Fig. 4
showed that the Ce values of LMW PAHs (FLU, ACE, and PHEN)
were low at 1 and 5 min and increased at 10 min, but there was no
obvious change in Ce values after 10 min. In contrast, Ce values of
HMW PAHs (CHRY, B[b]F, B[k]F, and D[ah]A) gradually de-
creased from 1 to 10 min and remained at low concentrations after
10 min. The trends of Ce values of PYR, B[a]A, and B[b]F were
below detection limits after 1 min. Mn(III) oxidation proceeds rap-
idly and can completely react in a very short time; however, PAH
removal was most completed when the reaction time exceeds
10min or more. This suggests a secondary removal mechanism, such
as the adsorption and precipitation processes hypothesized in the sec-
tion “Effects of the Molar Ratios of KMnO4 and NaHSO3.” The re-
moval efficiencies of PAHs at 10 min were better than the 5 min
experiments described in the section “Effects of the Molar Ratios
of KMnO4 and NaHSO3.” This time dependency proves strong evi-
dence in support of the adsorption and precipitation hypothesis, but
further experiments are needed to justify the hypotheses fully. In ad-
dition, when C½16PAHs�∶C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼ 1∶30∶60, the
Ce of B[a]P was still less than 0.02 μg=L.

Effect of the pH

The extent of PAH oxidation as a function of the pH was investi-
gated using pH values ranging from 5.0 to 8.0, which is loosely
based on pH values observed in the Neches River (Beaumont,
Texas) between 2014 and 2016 (TCEQ 2017). The Ce and removal
efficiencies of the PAH compounds investigated are shown in
Fig. 5.
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In general, the removal efficiencies decreased with an increasing
pH, with the lowest removal efficiencies obtained at pH 7.95. The
results correspond to those of previous studies (Xiao et al. 2013)
that acid-catalysis of KMnO4=NaHSO3 oxidation promoted the
generation of highly active Mn(III) to remove over 99% ciproflox-
acin at a pH of 4.5, while the removal of ciprofloxacin dropped
progressively as the pH increased from 7.0 to 9.0. However,
for HMW PAHs, such as B[b]F, B[a]P, and B[k]F, PAH REs

approached 100%; for instance, for all pH values assessed, the
Ce of B[a]P was very close to ND μg=L.

The effect of the pH was most pronounced for HMW PAHs.
In general, the Ce of LMW PAHs were high, and the removal
efficiencies of these molecules were insignificant. However, like
the screening experiment, the removal efficiencies of all HMW
PAHs exceeded 80% (excluding FLTH, whose was closer to 70%)
for all pH conditions tested, much higher than those obtained for

Fig. 2. Final concentrations (bars, left axis) and removal efficiencies (symbols, right axis) of 12 PAHs at varying ratios of 16PAHs and KMnO4

following KMnO4=NaHSO3 oxidation in initial C½16PAHs� ¼ 0.8 μg=L (0.064 μmol=L) solutions containing 2 mg-OC=L humic acid, pH ¼ 6.5,
C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼ 1∶5, and RT ¼ 5 min. Error bars represent one standard deviation.
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LMW PAHs. This suggests that Mn(VII)/bisulfite AOP primarily
oxidizes HMW PAHs in a wide range of pH. The reason may be
that HMW PAHs could be converted into small organic molecules
by permanganate when Hþ exists. As pH did not significantly
affect the extent of oxidation for most PAH compounds, the pH ¼
6.5 (pH of D.I. water and consistent with many surface water
bodies) was used in the subsequent optimal experiments.

As observed in the screening experiment, removal efficiencies
of ANTH were always 100%, regardless of the pH and other

AOP parameters, as shown in Fig. 6. Cavalieri and Rogan (1990)
reported that one-electron oxidation produced PAH radical cations
and PAH (anthracene) with ionization potentials below ca. 7.35 eV,
which can be activated by one-electron oxidation. In addition, Lee
et al. (1998) reported that about 80% of 9,10-anthraquinone was
generated when 97% of ANTH was oxidized using the Fenton
treatment. The oxidation performance of Mn(VII)/bisulfite AOP
is stronger than the Fenton, which suggests that ANTH can be com-
pletely oxidized using this AOP, as our data suggest. However, the

Fig. 3. Final concentrations (bars, left axis) and removal efficiencies (symbols, right axis) of 12 PAHs at varying reaction times following
KMnO4=NaHSO3 oxidation in initial C½16PAHs� ¼ 0.8 μg=L (0.064 μmol=L) solutions containing 2 mg-OC=L humic acid, pH ¼ 6.5, and
C½16PAHs�∶C½KMnO4�∶C½NaHSO3 � ðμmol=LÞ ¼ 1∶30∶120. Error bars represent one standard deviation.
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mechanism of the degradation of ANTH needs more data and ex-
periments to interpret.

Effect of HA

Results from the initial screening experiment were shown in Fig. 7.
The HA appeared to have a minimal effect on the extent of the PAH
oxidation. The differences in residual concentration of each PAH
compound in experiments with and without HAwere less than 5%

and determined to be negligible. Sun et al. (2013) reported that the
reductive properties of HA promote the oxidation of phenol by per-
manganate along at pH < 7.0 but are less reactive at pH > 7.0,
which was very different from the results we obtained with HA.
During our experiments, experimental solutions containing HA
and PAHs were initially yellowish in color but became colorless
after amendment with Mn(VII)/bisulfite, indicating that HA mol-
ecules were oxidized. This suggests that PAH molecules originally
adsorbed on HAmolecules reentered the water phase and then were

Fig. 4. Final concentrations (bars, left axis) and removal efficiencies (symbols, right axis) of 12 PAHs at varying reaction times following
KMnO4=NaHSO3 oxidation in initial C½16PAHs� ¼ 0.8 μg=L (0.064 μmol=L) solutions containing 2 mg-OC=L humic acid, pH ¼ 6.5, and
C½16PAHs�∶C½KMnO4�∶C½NaHSO3 � ðμmol=LÞ ¼ 1∶30∶60. Error bars represent one standard deviation.
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oxidized or were directly oxidized in the organic phase by
Mn(VII)/bisulfite. Overall, our data indicated that the proposed
Mn(VII)/bisulfite AOP was highly effective for HMW PAHs
at the conditions tested [pH ¼ 7.0, C½16PAHs�∶C½KMnO4�∶C½NaHSO3�ðμmol=LÞ ¼ 1∶50∶250, and RT ¼ 5 min] with and without HA.
Based on these data, all subsequent optimal experiments were con-
ducted with 2 mg-OC=L, as this is a representative organic carbon
content for surface water.

The results also showed that the residual fractions (Ce=C0) of
LMW PAHs postoxidation were high, and the removal efficiencies
of these molecules were insignificant. However, the removal effi-
ciencies of HMW PAHs were greater than 80% (excluding FLTH),
which is much higher than the removal efficiencies obtained for
LMW PAHs in solutions containing either 0 or 2 mg-OC=L HA.
This is consistent with the observations of Brown et al. (2003) and
Forsey et al. (2010), who also showed that HMW PAHs were

Fig. 5. Final concentrations (bars, left axis) and removal efficiencies (symbols, right axis) of 12 PAHs at varying initial pH values following
KMnO4=NaHSO3 oxidation in initial C½16PAHs� ¼ 0.8 μg=L (0.064 μmol=L) solutions containing 2 mg-OC=L humic acid, C½16PAHs�∶
C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼ 1∶50∶250, and RT ¼ 5 min. Error bars represent one standard deviation.
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subject to much greater degrees of oxidation by permanganate than
LMW PAHs.

Conclusions

Advanced oxidation using permanganate and bisulfite is an effec-
tive method to remove HMW PAHs, but it is unable to remove
LMW PAHs completely. The dosage ratio of permanganate
and bisulfite needs to be carefully controlled to avoid the

generation of by-products and minimize treatment costs. Optimal
operational conditions identified in this study using D.I. water and
2 mg-OC=L HA were C½16PAHs�∶C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼
1∶30∶60 [m½16PAHs�∶m½KMnO4�∶m½NaHSO3� ðμg=LÞ ¼ 1∶22∶29] and
RT ¼ 30 min, which effectively oxidized HMW PAHs over a
wide pH range (5.0–8.0). After being treated by Mn(VII)/
bisulfite for 30 min, the B[a]P concentration was below MCL of
0.2 μg=L. This demonstrated that AOP treatment is much faster
than GAC adsorption (which can take up to 24 h). Under these
conditions, final Mn(II) concentration in water was less than

Fig. 7.Residual fraction (bars, left axis) and removal efficiencies (symbols, right axis) of 13 PAHs following KMnO4=NaHSO3 oxidation in solutions
containing 0 and 2 mg-OC=L of humic acid. Error bars represent one standard deviation.

Fig. 6. Final concentrations (bars, left axis) and removal efficiencies (symbols, right axis) of ANTH at the optimized KMnO4=NaHSO3 oxida-
tion of (a–e). Error bars represent one standard deviation: (a) ratios of KMnO4 and NaHSO3 of experimental system in the initial C½16PAHs� ¼
0.8 μg=L (0.064 μmol=L) solutions containing 2 mg-OC=L humic acid, pH ¼ 6.5, C½16PAHs�∶C½KMnO4� ðμmol=LÞ ¼ 1∶30, and reaction
time ¼ 5 min; (b) ratios of 16PAHs and KMnO4 of experimental system in initial C½16PAHs� ¼ 0.8 μg=L (0.064 μmol=L) solutions containing
2 mg-OC=L humic acid, pH ¼ 6.5, C½KMnO4�∶C½NaHSO3� ðμmol=LÞ ¼ 1∶5, and reaction time ¼ 5 min; (c) reaction times of experimental system in
initial C½16PAHs� ¼ 0.8 μg=L (0.064 μmol=L) solutions containing 2 mg-OC=L humic acid, pH ¼ 6.5, and C½16PAHs�∶C½KMnO4 �∶C½NaHSO3�
ðμmol=LÞ ¼ 1∶30∶120; (d) reaction times of experimental system in initial C½16PAHs� ¼ 0.8 μg=L (0.064 μmol=L) solutions containing
2 mg-OC=L humic acid, pH ¼ 6.5, and C½16PAHs�∶C½KMnO4 �∶C½NaHSO3 � ðμmol=LÞ ¼ 1∶30∶60; and (e) pH of experimental system in initial C½16PAHs� ¼
0.8 μg=L (0.064 μmol=L) solutions containing 2 mg-OC=L humic acid, C½16PAHs�∶C½KMnO4 �∶C½NaHSO3� ðμmol=LÞ ¼ 1∶50∶250, and reaction
time ¼ 5 min.
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0.05 mg=L, while sulfate concentrations were much less than
250 mg=L. If the dosages of KMnO4 and NaHSO3 are controlled
well, Mn(VII)/bisulfite AOP has the potential to be a relatively
safe technology for remediating PAH in water.
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