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Salt marsh estuaries serve as sources and sinks for nutrients and elements to and from estuarine water, which
enhances and alleviates watershed fluxes to the coastal ocean. We assessed sources and sinks of mercury in the
intertidal Plum Island Sound estuary in Massachusetts, the largest salt marsh estuary of New England, using 25-
km spatial water sampling transects. Across all seasons, dissolved (FHg) and total (THg) mercury concentrations
in estuarine water were highest and strongly enhanced in upper marshes (1.31 + 0.20 ng L' and 6.56 + 3.70 ng
L, respectively), compared to riverine Hg concentrations (0.86 + 0.17 ng L' and 0.88 + 0.34 ng L%,
respectively). Mercury concentrations declined from upper to lower marshes and were lowest in ocean water
(0.38 + 0.10 ng L™ ! and 0.56 + 0.25 ng L}, respectively). Conservative mixing models using river and ocean
water as endmembers indicated that internal estuarine Hg sources strongly enhanced estuarine water Hg con-
centrations. For FHg, internal estuarine Hg contributions were estimated at 26 g yr—* which enhanced Hg loads
from riverine sources to the ocean by 44%. For THg, internal sources amounted to 251 g yr~! and exceeded
riverine sources six-fold. Proposed sources for internal estuarine mercury contributions include atmospheric
deposition to the large estuarine surface area and sediment re-mobilization, although sediment Hg concentra-
tions were low (average 23 + 2 pg kg™!) typical of uncontaminated sediments. Soil mercury concentrations
under vegetation, however, were ten times higher (average 200 -+ 225 pg kg™ 1) than in intertidal sediments
suggesting that high soil Hg accumulation might drive lateral export of Hg to the ocean. Spatial transects of
methylated Hg (MeHg) showed no concentration enhancements in estuarine water and no indication of internal
MeHg sources or formation. Initial mass balance considerations suggest that atmospheric deposition may either
be in similar magnitude, or possibly exceed lateral tidal export which would be consistent with strong Hg
accumulation observed in salt marsh soils sequestering Hg from current and past atmospheric deposition.

1. Introduction

population pressures, salt marshes have been declining worldwide by
25%-50% between 1980 and 2005 (Crooks et al., 2011) and face

Coastal areas account for about 4% of the total global land surface
and are home to about 40% of the global population (UNEP, 2006).
Among coastal wetlands, salt marshes are found in temperate and high
latitudes (Mcowen et al., 2017) and represent one of the most productive
and sensitive aquatic ecosystems with high species biodiversity (Gedan
et al., 2009; Mcowen et al., 2017). Located between terrestrial and
oceanic ecosystems, salt marshes provide many ecosystem services
including preservation of water quality via filtration of storm water
pollution, prevention of storm damage, and source and sink activity for
nutrients and contaminants (Das et al., 2013; Lockfield et al., 2013;
Marques et al., 2011; Pennings and Bertness, 2001). Due to increasing

* This paper has been recommended for acceptance by Bernd Nowack.
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numerous challenges such as negative impacts by urban sewage, in-
dustrial discharges, and agricultural and nutrient runoff (Mcowen et al.,
2017).

The Plum Island Sound estuary in Massachusetts, USA is the largest
salt marsh estuary in New England with a total surface area of 60 km?, of
which tidal wetland area account for 40 km? and open water area ac-
counts for the remaining 20 km? (Hopkinson et al., 2018; Raymond and
Hopkinson, 2003). Prior research shows that this salt marsh may be a
hot spot of mercury (Hg) contamination — a neurotoxic global pollutant —
as evident by enhanced Hg levels observed in blood of salt marsh
sparrows, an important bird species endemic to salt marshes (Evers
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etal., 2007; Lane et al., 2011). Blood Hg levels in salt marsh sparrows of
the Plum Island Sound estuary exceeded a threshold limit of 1.2 ppm, a
level shown to reduce nest success in wild songbird populations (Jack-
son et al., 2011), in 62% of sampled birds and were highest in com-
parison to levels found across other east coast estuaries (Lane et al.,
2020). Proposed reasons for high biological Hg exposures in the Plum
Island Sound salt marsh estuary include external sources such as riverine
runoff and atmospheric deposition to the watershed (Lane et al., 2011;
Evers et al., 2007; Driscoll et al., 2013). In addition to external sources,
contents of Hg in salt marshes can be derived from internal sources such
as sediment remobilization, channel erosion, and lateral tidal exchange
between salt marshes and estuarine water during twice-daily tidal
flooding, some of which may derive from legacy contamination sources
(Seelen et al., 2020). In addition, Hg partitioning between filterable and
solid phase Hg can result in deposition and accumulation in sediments,
or alternatively mobilization of Hg from resuspension of sediments
(Gilmour et al., 2018).

Salt marshes serve are inherent depositional environments for sedi-
ments which ultimately form the mineral component of soils and allow
salt marshes to adapt dynamically to sea level fluctuations (Nixon,
1980). However, salt marshes also serve as sources for elements via
lateral transfer from salt marshes to estuarine water and the nearby
ocean (Schiebel et al., 2018; Tobias and Neubauer, 2009). In particular,
salt marsh vegetation assimilates an excess of autochthonous carbon,
which subsequently is mobilized via tidal exchanges to the coastal
ocean, where, along with nutrients, it enhances ocean primary produc-
tivity (also termed “outwelling hypothesis™) (Odum, 1980). Most salt
marshes are considered net exporters of dissolved organic carbon (DOC)
(Howes and Goehringer, 1994; Mitchell et al., 2012; Tzortziou et al.,
2008). For Hg, only a few studies have provided insights on lateral
transfer of Hg in salt marsh estuaries, and results indicate that they may
serve both as sources and sinks of Hg depending on seasons and chemical
species of Hg (Cesario et al., 2018, 2017b; 2016; Hung and Chmura,
2006; Mitchell et al., 2012; Weis and Weis, 2004).

A fraction of inorganic Hg is methylated to highly toxic mono-
methylmercury (MeHg) (Fitzgerald et al., 2007), which is the critical
species leading to exposures to human and wildlife through consump-
tion of fish and other aquatic organisms. In contrast to freshwater eco-
systems where sediment production dominates as MeHg sources to
water columns, MeHg in coastal wetlands may stem largely from
watershed export or from MeHg formed in the offshore ocean where
methylation occurs in sediments and the water column (Chen et al.,
2014). Tidal marshes, however, also have been shown to be important
locations for in situ MeHg production and accumulation (Canario et al.,
2007; Cesario et al., 2017a; Gilmour et al., 2018; Lamborg et al., 2019)
suggesting they contribute additional MeHg inputs to adjacent marine
ecosystems (Langer et al., 2001; Fitzgerald et al., 2007; Mitchell et al.,
2012; Zhang et al., 2014).

The objectives of this study were to quantify the spatial and temporal
distribution of inorganic and methylated Hg in estuarine water across
large transects in the Plum Island Sound salt marsh estuary and assess
internal sources and sinks of Hg in comparison to external (i.e., water-
shed or ocean) sources and sinks. Sampling was performed along 25 km
transects from the ocean through the salt marsh-dominated intertidal
estuary to the main freshwater inlet of the Parker River. Water samples
were collected across ten sampling locations during all four major sea-
sons, and included both flood and ebb tidal cycle sampling. Additional
seasonal sampling was conducted at four of the sampling locations to
increase time resolution and extend sampling across two years (section
2.2). Water samples were analyzed for unfiltered total Hg (THg), filtered
inorganic Hg (FHg), and filtered MeHg (FMeHg), along with auxiliary
biogeochemical parameters such as total and dissolved organic carbon
(TOC and DOC), sulfate (SO42’), nitrate (NO3™), chloride (Cl7), and
sodium (Na™). To assess internal estuarine Hg sinks and sources, we
applied two-endmember mixing models using freshwater and ocean
water endmembers with salinity as a conservatively mixed measure,
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whereby Hg concentrations in estuarine water that fall above the con-
servative mixing line indicates internal estuarine Hg sources while
concentrations below the mixing line is indicative of estuarine Hg sinks
(section 2.4).

2. Methods
2.1. Site description

The investigation was performed in the Plum Island Sound estuary
on the northeastern coast of Massachusetts, USA at a latitude and
longitude of 42°45'10” and 70°56'46" (Fig. 1). The climate is northern
temperate with an annual average precipitation of 1269 mm and mean
monthly air temperatures of —4.4 °C in winter (January) to 21.8 °C in
summer (July) based on the long-term records (1981-2010) at the
nearest weather station (NOAA, Haverhill, MA, USA, USC00193505).
River discharge of the Parker River watershed, which is the dominant
tributary (Weinstein and Connors, 2001), averages from 2381 L s lin
spring to a low of 500 L s 1 in fall (1946-2020) (USGS Water Data for
the Nation, 2020) and is controlled by snow melt and higher precipi-
tation in spring and low precipitation and high evapotranspiration and
municipal water use in summer. The mean tidal amplitude at the Plum
Island Sound estuary is 2.7 m (NOAA Tide Predictions, 2020). Salt
marshes cover about 40 km? and account for 67% of the total estuary
area (Hopkinson et al., 2018; Weinstein and Connors, 2001) and the rest
of the area are open water surfaces (about 20 km?) (Raymond and
Hopkinson, 2003). Ratios of salt marsh to open water areas are as high as
>10:1 in the upper marsh and about 1:1 in the lower marsh adjacent to
the ocean (Hopkinson et al., 2018). In this study, we use the term upper
marsh for sampling points dominated by river flow, lower marsh for sites
located near the Plum Island Sound, and term sites in-between as middle
marsh (Fig. 1). The dominant land covers of the Parker River watershed
include forests (64.4%), urban areas (15.2%), wetlands (12.4%), agri-
cultural land (4.7%), shrubs and grasslands (0.2%), and others (3.1%)
(Scudder et al., 2009). Vegetation in the salt marsh is dominated by
Spartina patens, S. alterniflora, Distichlis spicata, and Juncus gerardii, with
S. patens dominating in high marshes and S. alterniflora dominating in
low marshes. Salt marsh soils show a wide range of ages from 220 to
1614 years based on carbon dating of suspended particulate organic
carbon and from 1800 to 3000 years based on organic carbon in the
subsurface sediments (Hopkinson et al., 2018).

2.2. Water sampling

Water samples were collected by boat across 25-km transects with 10
sampling locations from the ocean (OW1 and OW2) through the inter-
tidal area (TW1 to TW?7) to the freshwater stream (denotes as PR for
Parker River) four times between August 2019 and September 2020. At
four sampling locations, additional water samples were collected
bimonthly between October 2018 and July 2019 to delineate seasonal
trends. We replicated sample collections at fresh water (PR) and ocean
water sites (OW1 and OW2), but no replicate samples were taken in the
estuary where we instead sampled twice during each sampling
campaign to represent both ebb and flow tides. Water samples were
collected using 125 mL and 500 mL acid-cleaned (10% hot hydrochloric
acid [HCI]) Teflon bottles for Hg samples (THg, FHg, and FMeHg).
Bottles were double bagged and preserved with 0.5% HCI before sam-
pling. All samples were stored at 4 °C until analysis. For other water
quality measures (e.g., TOC and DOC, 5042’, NO;3~, Cl7, Na™), samples
were taken in 50 mL polypropylene Falcon® tubes (Corning, New York,
USA). We used “clean hands/dirty hands” methods for water sampling
based on the EPA method (USEPA, 2002), and sampling containers were
rinsed three times with water samples before taking the final samples.
Water samples were double bagged and kept in coolers on ice immedi-
ately after sample collection and were transported to the laboratory at
UMass Lowell within 8 h. Half of the water samples were filtered (after
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Fig. 1. Map of the Parker River watershed (brown colors) with an approximate size of 212 km?, and the salt marsh estuary with about 20 km? of water surface and
40 km? of salt marsh cover (shown in green). Seven sampling sites for estuarine water samples are located in the tidal estuary (red pins). The green pin shows the
location of the freshwater site (Parker River above the marsh) and blue pins are ocean water sampling sites. (For interpretation of the references to color in this figure

legend, the reader is referred to the Web version of this article.)

thorough mixing) within 48 h of sample collection using 0.45 pm filters
(Acrodisc 32 mm Syringe Filter with 0.45 pm Supor Membrane, Becton
Dickinson, New Jersey, USA) and preserved with 0.5% HCI for dissolved
Hg and MeHg analysis. Unfiltered samples were preserved with 0.5%
HCl for THg analysis. All samples were stored at 4 °C until analysis.
Laboratory blank tests were below the method detection limit and
showed no detectable contamination from filtration and sampling
containers.

2.3. Analytical methods

Total and dissolved Hg concentrations in water samples were
measured in duplicates using a Tekran water analysis system (Model
2600 Water Analyzer, Tekran Inc., Toronto, Canada) using oxidation,
purge, trap, desorption, and cold-vapor atomic fluorescence spectrom-
etry (CVAFS) based on EPA method 1631, revision E (USEPA, 2002). 25
mL samples were digested with addition of 0.125 mL full-strength
bromine mono-chloride (BrCl) overnight prior analysis. Prior to anal-
ysis, 0.03 mL of hydroxylamine hydrochloride (HH) was added to
neutralize free halogens and 0.06 mL stannous chloride (SnCly) to
reduce Hg species contained in water to gaseous Hg. Six-point calibra-
tion curves (concentrations of 0.0, 0.5, 1.0, 5.0 10, and 25 ng LY were
performed before every day of analysis. Quality control steps included at
least three calibration blanks, ongoing precision recoveries (OPR) with
concentrations of 5 ng L’l, and matrix spike duplicates (MSD) with
concentrations of 10 ng L™! added after every ten samples. The analyzer
detection limit, based on 3 times of the standard deviation of calibration
blank samples, were estimated to be 0.03 & 0.02 ng L™'. Recoveries of
OPR standards averaged 101.8 + 6.5% and were always within
85-115%. Spike recoveries averaged 93.8 + 14.7% and always were

within a range of 77-111%. Laboratory blank tests were below the
method detection limit and showed no detectable contamination from
filtration and sampling containers.

Aqueous MeHg concentrations were measured in duplicates using a
Tekran MeHg system (Model 2700, Tekran Inc.) with a fully-integrated
gas chromatograph separation and cold vapor atomic fluorescence
spectrometry (GC-CVAFS) following the technique described by Munson
et al. (2014) modified based on EPA Method 1630 (USEPA, 2001). 28
mL samples were digested with 1% sulfuric acid (H2SO4) overnight to
ensure the reaction time was at least 12 h prior to analysis. Potassium
hydroxide (KOH), 0.75% acetate buffer (mixed with sodium acetate and
glacial acetic acid in reagent water), 2.5% L-ascorbic acid (AA) and 0.1%
sodium tetraethylborate were added to samples before analysis.
Seven-point calibration curves (concentrations of 0.0, 0.02, 0.05, 0.1,
0.5, 1.0 and 2.0 ng L) were done before every daily analysis. Quality
control steps included three calibration blanks, ongoing precision re-
coveries (OPR) with concentration of 0.5 ng L_l, and matrix spike and
matrix spike duplicate (MSD) with concentration of 1.0 ng L™! every ten
samples. The analyzer detection limit, based on 3 times of the standard
deviation of the reagent blanks, were estimated to be 0.013 + 0.007 ng
L~L. Recoveries of standards averaged 95.7 + 9.3% and spike recoveries
averaged 96.8 + 33.8%. Additionally, the high variability of spike re-
coveries is mainly due to large variability for the MeHg at very low
concentrations in water samples.

Samples for the DOC analysis were filtered by 0.45 pm syringe filters
and unfiltered water samples were used to measure TOC concentrations.
Measurement were conducted using a Total Organic Carbon Analyzer
(Model TOC-L¢py/cpn, Shimadzu, Marlborough, Massachusetts, USA).
Major element analyses on filtered samples included analysis of sodium
(Na), calcium (Ca), magnesium (Mg) and potassium (K) measured with
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inductively coupled plasma - optical emission spectrometry (ICP-OES)
(Model 5100, Agilent, Santa Clara, California, USA) using 5-point cali-
bration curves (concentrations of 0.0, 0.01, 0.1, 1.0 and 10 mg L.
Filtered water samples also were analyzed for major anions using an
external laboratory (Soil, Water and Forage Analysis Laboratory at
Oklahoma State University) whereby aqueous S was analyzed using a
Spectro Arcos II ICP-OES and converted to SO4-S as anion. NO3~ was
analyzed using a Lachat flow injection analyzer with the method of 10-
107-04-1-A (Wendt, 2001), and Cl~ was analyzed with the same
analyzer with NO3™ but with different method, 10-117-07-1-B (Pruefer,
2007).

2.4. Data analysis

A two end-member mixing model was used to calculate conservative
mixing of constituents between river inputs and ocean water and to
quantify internal sources and sinks in comparison with external sources
(Officer, 1979; Boyle et al., 1974). The approach has been applied in the
Plum Island Sound salt marsh estuary for the study of particulate organic
carbon (POC) dynamics (Hopkinson et al., 2018) and the Neponset River
estuary nearby Boston for the study of DOC dynamics (Schiebel et al.,
2018), and assumes steady state conditions. In short, Hg concentrations
are plotted against salinity (e.g., chloride concentrations) with linear
regressions showing conservative mixing between riverine (i.e., Parker
River) and ocean water end-members. Data points in estuarine water
samples that fall above or below conservative mixing lines are indicative
of internal estuarine sources or sinks. Zero y-axis intercepts of the con-
servative regression lines denominate Freshwater Endmember (FEM)
points, which in our case are equivalent to measured riverine water
concentrations (Table 2). The y-axes intercepts of tangential fits of
curvilinear curves in intertidal samples denote Apparent Endmember
(AEM) concentrations indicative of internal sinks or sources. In our case,
data of estuarine water samples best fit linear curves, which may be due
to non-steady conditions or uneven source/sink distributions (see dis-
cussion). To be consistent, we consistently used linear fits to data which
overall best fit measurements. We used linear regression models to test
for statistical significances between conservative mixing lines (ocean
and river water) and tidal water regression lines. Differences between
FEM and AEM are used as estimates to quantify relative enhancement or
decrease of concentrations due to internal sources or sinks in the salt
marsh estuary. Note that salinity of ocean water samples were quite
variable during some sampling periods indicating some dilution of
ocean water samples with freshwater; however, the effect on the mixing
lines were relatively minor so that we decided to keep all ocean samples
in the dataset.

For other statistical tests, data were transformed by Johnson Trans-
formation to achieve normal distributions. Statistical differences be-
tween flood and ebb tide samples were assessed by paired Student t-tests
using both concentrations and Hg:chloride ratios. Statistical differences
between river, ocean, and different estuarine sampling locations (i.e.,
upper, middle, and lower marsh) were tested via unpaired t-tests. Cor-
relation matrices were used to assess relationships among Hg concen-
trations and major geochemical variables. All statistical tests were
conducted using STATA (Version 16.0, Statacorps, College Station,
Texas). All regressions and statistical tests presented in text, tables, and
figures denote statistical differences at p < 0.05, unless noted otherwise.

3. Results
3.1. Transect patterns of inorganic total and filtered Hg

Across the four sampling dates, inorganic filtered Hg concentrations
(FHg: 0.45 pm pore size filtering) showed highest concentrations (1.31
4+ 0.20 ng L) in estuarine water of the upper marsh (locations TW1 and
TW2, 17 and 15 km upstream from the ocean, respectively). These
concentrations were statistically higher than concentrations at all other
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locations, including those of the Parker river water (PR) which averaged
0.86 + 0.17 ng L 1. Concentrations were statistically lower in the middle
marsh (locations TW3 to TW4, 12 and 10 km distances from ocean,
respectively) where concentrations averaged 0.84 =+ 0.20 ng L™!. Con-
centrations further were statistically significantly lower in the lower
tidal water closest to the ocean (locations TW5, TW6 and TW7, 7, 4, and
1 km distances from the ocean, respectively), where concentrations
averaged 0.45 + 0.17 ng LL. Concentrations were lowest in ocean water
collected 1 and 2 km off the coast in open ocean water averaging 0.38 +
0.10 ng L™! (Table 1, Fig. 2). These patterns were similar across all four
seasons (see section 3.3 for seasonal patterns). Differences in FHg be-
tween flood and ebb tides were not statistically significant overall and
somewhat variable and inconsistent across the sampling seasons. For
example, in August 2019 and February 2020, higher aqueous FHg
concentrations were observed during flood tides compared to ebb tides,
and reversed patterns were observed in May 2020 (Fig. 2). When Hg
concentrations were standardizing for salinity, concentration differ-
ences between flood and ebb tide samples largely disappeared (Fig. 3)
suggesting that differences in concentrations likely were related to
sampling at different points of the tidal curve (see discussion 4.1).

Concentrations of unfiltered inorganic Hg (THg) were much higher
compared to FHg due to contributions of particulate Hg. Patterns of THg
(Fig. 2) generally were similar as FHg but showed much stronger Hg
concentrations enhancements in the salt marsh estuary compared to
both freshwater (average of 0.88 + 0.34 ng L1 and ocean water
(average of 0.56 + 0.25 ng L™h. Highest THg concentrations were
measured in the upper marsh (average of 6.56 =+ 3.70 ng L™!) followed
by the middle marsh (average of 4.08 & 2.10 ng L™!) and were lowest in
the lower marsh (1.04 + 0.74 ng L~Y (Table 1), and all differences were
statistically significant. THg concentrations were more variable than
FHg concentrations, however, likely due to variable sediment and par-
ticulate organic carbon loads of samples (see below). In Parker River
freshwater samples, more than 95% of aqueous Hg was in dissolved
form, but only averaged 20% in the upper and middle marsh estuary.
Filtered Hg contributions increased again to 44% in the lower marsh and
to 68% in ocean water (Table 1). For THg, differences between flood and
ebb tides also varied and concentrations in flood tide samples were
statistically higher compared to ebb tide samples in two of the four
sampling dates (i.e., August and May; Figs. 2 and 3).

Chloride is a conservative element that has no specific sources or
sinks in the tidal estuary so that its concentration is determined by
conservative mixing between river and ocean water (Officer, 1979).
Fig. 3 shows FHg and THg concentrations graphed against chloride
concentrations with blue regression lines representing conservative
mixing lines between Parker River freshwater and ocean water
end-members. Aqueous FHg concentrations in estuarine water were
consistently above conservative mixing lines in all seasons, indicative of
internal sources of Hg that cannot be explained by mixing of river and
ocean water (Officer, 1979; Boyle et al., 1974). Such internal sources
and sinks have been observed for iron in salt marsh estuaries (sinks;
Boyle et al., 1974) and DOC (sources; Raymond and Hopkinson, 2003)
and generally show curvilinear behaviors (e.g., convex patterns). In our
study, estuarine Hg concentrations were best explained by linear fits
(Fig. 3). With the exception of September 2020 (Fig. 3d), regression lines
for estuarine water samples were statistically different from conserva-
tive mixing lines, with coefficients of determination, r?, ranging from
69% to 98% for FHg (Fig. 3a to d). Similar regressions were observed
between estuarine water THg and chloride concentrations, with statis-
tically significant differences to the conservative mixing lines during the
same three sampling dates. In agreement with generally higher vari-
ability of THg concentrations, coefficients of determinations, 2, were
lower for THg (ranging from 39% to 83%, Fig. 3e to h) than for FHg.

Tangential fits of the curvilinear patterns and respective y-axis in-
tercepts (i.e., extrapolating data to zero salinity) are used to determine
Apparent Endmember (AEM) concentrations, which are quantitative
measures of estuarine internal source or sink strengths (Schiebel et al.,
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Table 1
Summary of analytical results of averaged Hg and auxiliary parameters across various sampling locations in estuarine water of the Plum Island Sound salt marsh
estuary.
Location THg std FHg std %FHg" MeHg std %MeHg"
ng Lt ng Lt ng Lt
Fresh Water 0.88 0.34 0.86 0.17 97 0.200 0.137 23.3
Upper Marsh 6.56 3.70 1.31 0.20 20 0.102 0.042 7.7
Middle Marsh 4.08 2.10 0.84 0.20 21 0.068 0.040 8.0
Lower Marsh 1.04 0.74 0.45 0.17 44 0.045 0.038 9.8
Ocean Water 0.56 0.25 0.38 0.10 68 0.039 0.033 10.4
Location DOC std TOC std Cl std S04-S std NO5-N Std
mg Lt mg Lt mg Lt mg Lt mg L™
Fresh Water 6.7 1.3 6.3 1.9 303 307 23 24 0.16 0.10
Upper Marsh 5.4 1.6 6.8 2.8 6507 5513 1030 815 0.12 0.11
Middle Marsh 3.7 0.9 3.8 0.9 11288 4235 1720 578 0.07 0.08
Lower Marsh 2.2 0.9 2.2 0.9 15382 2204 2206 236 0.10 0.09
Ocean Water 1.8 0.2 1.9 0.7 16180 2267 2196 231 0.07 0.07
4 9%FHg indicates ratioes between FHg and THg.
b o,MeHg indicates the ratioes between MeHg and FHg.
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Fig. 2. FHg concentrations of water samples collected in a) Aug-2019, b) Feb-2020, ¢) May-2020, and d) Sep-2020. Total Hg (THg) concentrations of water samples
collected in e) Aug-2019, f) Feb-2019, g) May-2020, and h) Sep-2020. PR (green bars) represents the fresh water site; OW2 and OW1 are ocean water sites (blue bars);
all other sites are estuarine water sites, with black bars representing ebb tides and open bars representing flood tides. No statistic difference between flood and ebb
tides (paired Student t-test, p > 0.1). Error bars indicate analytical replicates. Different letters in the table below indicate significant differences. (For interpretation of
the references to color in this figure legend, the reader is referred to the Web version of this article.)

2018). Following this concept, we calculated y-axis intercepts of linear
regression fits of estuarine water samples to estimate AEM for Hg
(Table 2). Compared to conservative mixing line intercepts (which
denote Freshwater Endmember: FEM), AEM concentrations of FHg in
estuarine samples were enhanced by 1.2ng L™}, 0.5ng L™}, 0.6 ng L™},
and 0.6 ng L ™! in August, February, May, and September, respectively.
This corresponds to enhancements of 128%, 52%, 86%, and 81% of AEM
concentrations relative to FEM concentrations (i.e., AEM/FEM x 100%;
Table 2). Slopes and intercepts of THg were more strongly enhanced in

estuarine water compared to the freshwater-ocean water mixing lines
with relative concentration enhancements of AEM relative to FEM of
244 t0 1929% (Table 2). These results support strong internal sources of
THg within the salt marsh estuary, although uncertainty ranges of AEM
were larger for THg due to higher variability.

3.2. Transect patterns of filtered organic MeHg

In contrast to FHg and THg, filtered methylmercury (FMeHg)
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Fig. 3. FHg concentrations plotted against salinity (Cl concentrations) of samples collected in a) Aug-2019, b) Feb-2020, c) May-2020, and d) Sep-2020. Stan-
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version of this article.)
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concentrations were highest in river water (average of 0.200 & 0.137 ng
L™, followed by statistically significantly lower concentrations in the
upper marsh (average of 0.102 + 0.042 ng L) and middle marsh
(average of 0.068 + 0.040 ng L™ 1). Lowest concentrations were observed
in the lower marsh (average 0.045 + 0.038 ng L) which was not sta-
tistically different to ocean water concentrations (average 0.039 +
0.033 ng LY (Table 1, Fig. 4). FMeHg concentrations, however, were
highly variable. Seasonally, concentrations were similar in February and
May and lowest in September (Fig. 4). No statistical differences of
FMeHg were observed between flood and ebb tide water samples across
any of the sampling dates. Percent FMeHg (%MeHg) of total FHg was
highest in river water (23.3%) and was statistically different to an
average of 10.0% in the ocean and lower marsh, 7.7% in the upper
marsh water, and 8.0% in the middle marsh (Table 1). These patterns
were largely driven by respective inorganic FHg enhancements in
estuarine water, as opposed to concentrations variations of FMeHg. In
February and May, FMeHg concentrations of nearly all estuarine water
samples fell below conservative mixing lines of river and ocean water
samples while patterns were highly variable in September (Fig. 5).
Similar to inorganic Hg, FMeHg concentrations in estuarine water best
fit linear regression lines (as opposed curvilinear fits). Statistical test of
regression lines showed estuarine water samples followed statistically
lower regression slopes compared to conservative mixing lines in
February and May 2020 (Table S1), indicative of FMeHg sinks, although
the latter showed a very poor linear fit (Fig. 5).

3.3. Transect patterns of auxiliary biogeochemical parameters

In Figs. S1, §2, S3, S4 and Table 1, we show auxiliary biogeochemical
parameters including DOC, TOC, Cl™, 5042’ concentrations, and their
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respective patterns along the sampling transects. Spatial patterns of DOC
showed highest average concentrations in Parker River freshwater (6.7
+ 1.3 mg L™1), which were significantly higher than the average con-
centrations of other sites in upper, middle, and lower marshes (Fig. S1).
Concentrations gradually and statistically significantly decreased from
the upper marsh (average of 5.4 + 1.6 mg L™1) to the middle marsh (3.7
+ 0.9 mg L) and the lower marsh (2.2 £ 0.9 mg LY. DOC concen-
trations were lowest in ocean water (average of 1.8 + 0.2 mg L’l)
(Table 1). Similar transect patterns were observed for TOC concentra-
tions (Table 1, Fig. S2), with the exception that TOC concentrations in
the upper marsh estuarine water were not statistically significantly
different to river water.

A correlation matrix of estuarine water samples (excluding ocean
water and freshwater samples) showed strongest correlations among sea
salt cations and anions (Cl. SO42‘, K, Ca, K, Mg, and Na) with correlation
coefficients (r) generally above 0.95 (Table S3). FHg was most strongly
correlated with THg (0.77), PHg (0.71), TOC (0.76), and DOC (0.68),
and significant negative correlations were observed between FHg and
dominant sea water cations and anions (—0.64 to —0.67). THg also
showed strong correlations with TOC (0.63) and DOC (0.47), along with
negative correlations to salinity parameters, although r values generally
were lower (—0.39 to —0.44). For FMeHg, we found significant positive
correlations with FHg (0.44), DOC (0.51), and TOC (0.47), and negative
correlations with sea salts (—0.61 to —0.67). Assessing correlations be-
tween FHg and DOC more closely, significant linear correlations were
observed across all estuarine water samples and sampling dates with
coefficients of determination (r2) ranging from 56% to 86% (Fig. S5).
Using conservative mixing models as described above, we found that
DOC-FHg correlations of estuarine water samples follow different slopes
compared to that of freshwater and ocean samples and showed
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consistently enhanced FHg to DOC ratios in estuarine water. Statistical
tests showed that slopes of DOC concentrations in estuarine water were
statistically enhanced in May and September 2020 compared to con-
servative freshwater-ocean water mixing lines, while no significant
differences in slopes or intercepts were found for the two other dates in
spite of some DOC enhancements (Fig. S5, Table S2). Furthermore, no
statistical differences in correlations between FHg and DOC were
observed between flood and ebb tide samples (Fig. S5). Linear re-
gressions between TOC and THg in estuarine water showed patterns
similar to those between DOC and FHg, but with lower coefficients of
determination (from 40% to 74%) (Fig. S6, Table S2). Finally, FMeHg
concentrations in estuarine water samples showed positive regressions
with DOC in February and September, with coefficients of determination
(r?) of 65% and 69%, respectively, but no linear regression were bound
for May 2020 when data were highly variable (2%) (Fig. S7). Statistical
test showed slope in estuarine water were statistically different in May
2020, but not in other two sampling dates (Table S2).

3.4. Seasonal variation of FHg concentrations

We collected additional samples between October 2018 and July
2019 at four sites within the salt marsh estuary (TW1, TW4, and TW7)
and the Parker river freshwater site (PR) to assess seasonality during the
whole sample period from October 2018 to September 2020 (Figs. S8
and S9). Seasonal patterns at the fresh water site (PR) showed a high
degree of variability both of FHg and THg with no distinct seasonal
patterns and no statistically significant correlations to river discharge.
Ocean water samples (OW1) showed little temporal variation for FHg.
All three locations within the salt marsh estuary (TW1, 4 and 7) showed
seasonal patterns of FHg with generally highest concentrations in sum-
mer (July) and lowest concentrations in winter (December to February).

Spring and fall months generally were transition months with FHg
concentrations in spring gradually increasing towards the summer
maxima and concentrations in fall declining towards the winter minima.
However, these patterns were not fully consistent across the sampling
sites, with exceptions including low May concentration at TW1, high
concentrations in October at TW4, and high concentration in October at
TW?7. Another notable pattern is that seasonal amplitude of FHg was by
far strongest in the upper marsh estuary (e.g., from 0.28 ng L™! to 2.25
ng L~! at site TW1) compared to a smaller amplitude in the middle/
lower marsh (e.g., 0.45 ng L™! to 1.30 ng L' at site TW4). THg con-
centration showed generally more variability and among the highest
concentrations in July and August, although exceptions to these patterns
occurred such as high concentrations also observed in February. In
summary, seasonal patterns show higher FHg during the warm season
which is consistent with Fig. 2 showing strongest concentration en-
hancements in estuarine water of the upper marsh.

3.5. Annual and seasonal mass balance estimation

Annual riverine Hg mass fluxes can be quantified by multiplying
riverine Hg concentrations (i.e., FEM) with observed seasonal river
discharges. Similarly, multiplication of Hg concentration enhancements
in estuarine water (i.e., AEM - FEM) provides quantification of addi-
tional internal estuarine Hg sources (Schiebel et al., 2018). Monthly
river water flows from the Parker River from 1946 to 2020 (USGS Water
Data for the Nation, 2020) were used and separated into river discharge
for the four meteorological seasons. In Table 2, we show calculated
seasonal Hg mass fluxes for FHg and THg by multiplying concentrations
with approximate season river discharge, including riverine exports,
internal estuary sources, and combined export to the ocean. Note that
we did not include analogue mass balance estimates for FMeHg, DOC,
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Table 2
Estimated seasonal and annual FHg and THg mass fluxes based on river dis-
charges and calculated FEM and AEM Hg concentration estimates.

Category Aug-19 Feb-20 May-20 Sep-20
Summer Winter Spring Fall

Hg Species FHg

Riverine Discharge (L 844 1266 2381 500
sec’l)

Hg Conc. Of AEM (ng 2.1 1.6 1.3 1.3
L~! - mean and 95% (1.5-2.6) (1.5-1.6) (1.1-1.4) (0.1-2.4)
confidence interval

Hg Conc. Of FEM (ng 0.9 1.0 0.7 0.7
LY

Diff Hg Conc.: AEM — 1.2 0.5 0.6 0.6
FEM (ng L)

Hg Conc. Of River (ng 1.0 1.0 0.7 0.7
LY

Seasonal” Riverine Hg 6.8 9.9 13.2 2.8
mass flow (g
season” 1)

Seasonal internal Hg 7.7 5.3 11.0 2.3
mass mobilization (g
season” ')

Annual riverine Hg 33
mass flow (g yr 1)

Annual internal mass 26
Hg mass mobilization
(gyr™H

Combined annual mass 59
flow (ocean export)

(gyr™H

Hg Species THg

Riverine Discharge (L 844 1266 2381 500
sec™h)

Hg Conc. Of AEM (ng 11.5 10.7 4.8 (3.3. 4.8
L~ — mean and 95% (5.4-17.6) (8.8-12.6) to 6.3) (2.4-11.9)
confidence interval)

Hg Conc. Of FEM (ng 0.85 0.77 1.39 0.53
LY

Diff Hg Conc.: AEM — 10.66 9.94 3.40 4.23
FEM (ng L™1)

Hg Conc. Of River (ng 0.86 0.76 1.38 0.52
LY

Seasonal Riverine Hg 5.7 7.6 25.9 2.0
mass flow (g
season’l)

Seasonal internal Hg 70.9 99.2 63.8 16.7
mass mobilization (g
season ')

Annual riverine Hg 41
mass flow (g yr 1)

Annual internal mass 251
Hg mass mobilization
@gyr™H

Combined annual mass 292
flow (ocean export)
gyr™h

@ Northern meteorological seasons: Spring - March 1st to May 31st, Summer -
Jun 1st to August 31st, Fall - September 1st to November 30th, and Winter -
December 1st to February 28th.

and TOC since linear regression analyses generally showed no signifi-
cant differences between FEM and AEM for these species. For FHg,
riverine export of FHg is estimated at 33 g yr ! and an additional 26 g
yr ! (range of 18-44 g yr™!) is mobilized from within the salt marsh
estuary, for a total annual FHg export to the ocean of about 59 g yr 1.
Approximately 44% of the total annual FHg ocean export is attributable
to a source within the estuary. Calculated annual riverine export of THg
is estimated at 41 g yr ! and an additional 251 g yr ™! (range of 125-377
g yr 1) was mobilized from within the salt marsh estuary, for a total
annual watershed export of THg of 292 g yr ! (Table 2). For THg,
approximately 86% of the total annual export to the ocean is attributable
to internal THg sources within the estuary. Seasonally, lowest riverine
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FHg and THg fluxes occurred in fall while highest riverine FHg and THg
occurred in spring, largely driven by respective seasonal river discharge
flows.

4. Discussion

4.1. Transect patterns of inorganic total and filtered Hg across the tidal
salt marsh

Our results show a range of Hg concentrations in estuarine water of
this salt marsh from 0.22 to 1.56 ng L™! for FHg and 0.29 to 14.07 ng L™
for THg. Tidal marsh aqueous THg concentrations were at the low end of
a wide range of THg concentrations reported from other salt marshes,
while FHg concentrations were in similar magnitude (Table S4). For
example, across eight salt marsh estuaries from Connecticut to the Gulf
of Maine along the U.S. east coast, FHg concentrations were between
0.24 and 0.71 ng L™! and THg concentrations were between 0.85 and
46.2ng L1 (Chen et al., 2014). Another study reported Hg data from six
un-contaminated U.S. east coast salt marsh estuaries with a range of 0.25
and 3.95 ng L™! for FHg and 2.22 and 366.2 ng L™ for THg concen-
trations, and concentrations from three contaminated estuaries were
substantially higher (up to 3443 ng L™! for THg and up to 11.9 ng ™! for
FHg) (Seelen et al., 2020). Further studies also reported FHg concen-
trations from 0.75 to 29.7 ng L ™! in a salt marsh estuary of northeastern
US and THg from 1.18 to 31.1 ng L' (Balcom et al., 2015) and FHg
between 0.18 and 0.77 ng L™! in a Seine River salt marsh estuary in
France (Laurier et al., 2003) (Table S4).

Concentrations of FHg and THg in estuarine water of the upper
marsh were statistically enhanced compared to upstream riverine Hg
concentrations in the Parker River (Fig. 2). Within the estuary, both FHg
and THg consistently decreased from the upper marsh to the middle
marshes and were lowest in the lower marsh estuary, with statistically
significant differences between the three sections. Near-coastal ocean
water showed lowest Hg concentrations, similar to low ocean Hg con-
centrations reported by others (Gworek et al., 2016; Mason et al., 2012;
Lamborg et al., 2002). The observation that upper marsh samples were
consistently higher in Hg concentrations than freshwater and ocean
water is indicative of internal sources of FHg and THg within the salt
marsh estuary. In fact, two-endmember mixing models as described by
Officer (1979) consistently showed FHg and THg to be enhanced
compared to conservative ocean—freshwater mixing lines across the
entire salt marsh estuary, with strongest enrichments observed in the
upper marsh. Internal sinks and sources of elements in estuaries nor-
mally manifest themselves by curvilinear patterns of concentrations
versus salinity, and highest enhancements (or drawdowns) would be
expected in middle marshes (i.e., convex distribution patterns) (Schiebel
et al., 2018; Officer, 1979; Boyle et al., 1974). Hg concentrations in our
study, however, did not follow curvilinear patterns but instead increased
linearly from the lower to the upper marsh. Such linear behaviors have
previously been reported for POC and conductivity in this salt marsh
estuary also (Hopkinson et al., 2018). Possible reasons for these patterns
include that sources are unevenly distributed across the estuary or that
slow turnover and mixing times of estuarine water resulting in
non-equilibrium mixing conditions. Also, groundwater Hg inputs could
be another possible and uneven source of Hg to estuarine water, which
was not accounted for in this study.

Previous studies provide indications of both sources and sinks of Hg
present in salt marshes depending on the system, season, and chemical
Hg species (Mitchell et al., 2012; Hung and Chmura, 2006). In the
Chesapeake Bay in Maryland, USA, a study measured detailed concen-
tration dynamics over ebb and flow tidal cycles in salt marsh channels
and showed higher concentrations of PHg and THg in flood tides
compared to ebb tides, suggesting Hg import (i.e., sinks) into the salt
marsh (Mitchell et al., 2012). Patterns were reversed for FHg indicating
export of FHg from the salt marsh to the estuarine water. However,
because the PHg sink exceeded the FHg source, the Chesapeake salt



T. Wang and D. Obrist

marsh overall served as a net Hg sink dominated by particulate Hg
trapping. Reasons that may explain differences to our observations
include that the Chesapeake study represented a small salt marsh of 3 ha
with a small tidal range (about 0.3 m), while our study occurred at large
scales covering 4000 ha of salt marshes with a large tidal amplitudes of
2.5 m (Hopkinson et al., 2018), so that differences may be related to
spatial heterogeneity, tidal range, different source/sink footprints, and
possibly different sediment dynamics (see below). A study in the Bay of
Fundy in Canada estimated salt marsh Hg sinks or sources by temporally
constraining accumulation rates of Hg within sediments (Hung and
Chmura, 2006). Over a 5-year period, the study estimated strong Hg
accumulation rates in surface sediments between 0.1 and 1.1 mg Hg m ™2
and the authors concluded that part of this accumulation may have been
related to Hg sinks via sediment accumulation from watershed imports
(Hung and Chmura, 2006).

4.2. Potential internal sources of Hg enhancements in estuarine water

Terrestrial runoff via riverine export often is regarded as the main
source of Hg to estuaries, with Hg subsequently being exported to the
coastal oceans (Cesario et al., 2018; Mason et al., 2012; Pan and Wang,
2012). Rivers include watershed Hg from atmospheric deposition, geo-
genic sources and anthropogenic industrial and domestic inputs (Koc-
man et al., 2017; Pan and Wang, 2012). River discharge of Hg, which
globally has been estimated at 27 & 13 Mmol yr~! (Amos et al., 2014), is
strongly bound to particles with lesser amounts transported via dis-
solved organic carbon (DOC) (Chen et al., 2014; Amos et al., 2014).
Across 10 salt marsh estuaries in the northeastern U.S., Seelen et al.
(2020) concluded that the dominant sources both of THg and FHg are
upstream watershed export as indicated by strong correlations with DOC
concentrations (Pearson’s correlation coefficients, r, of 0.7 between FHg
and DOC across non-contaminated estuaries), similar to observations by
others (Stoken et al., 2016; Bergamaschi et al., 2012). As discussed
above, in our study, aqueous concentrations of the Parker River could
not explain estuarine water Hg concentrations, while other tributaries
(e.g., Ipswich, Little, and Mull rivers) are much smaller or drain only
into the low lower marsh (Fig. 1). Although we also observed linear
correlations between FHg and DOC (r value of 0.75) across samples,
detailed analysis of Hg to DOC ratios showed ratios in estuarine water
samples to be significantly enhanced compared to that of
freshwater-ocean water mixing line, and we found highest Hg to DOC
ratios in the upper marshes indicative of internal Hg enrichments in the
intertidal marsh (Fig. S5). Mass balance estimates (section 4.4) suggest
internal Hg sources to dominate over import from upstream watershed
in our study.

A potential internal source of Hg in this estuary includes mobiliza-
tion from sediments. Seelen et al. (2020) showed that correlations be-
tween sediment and water column Hg concentrations (r = 0.72) across
10 salt marsh estuaries (including three highly contaminated sites) are
indicative of substantial sediment remobilization and release of legacy
Hg from contaminated sediments to the water column, a correlation
which was largely lost when considering only uncontaminated sites (r =
0.28). Contaminated estuaries in the study of Seelen et al. (2020) had
known industrial point sources and showed very high sediment Hg
concentrations (average 5235 pg kg~ !, median: 796 pg kg, compared
to uncontaminated sediments averaging 82 pg kg ! [median: 44 pg
kg~ '1). Other studies also reported high Hg concentrations in contami-
nated coastal sediments (e.g., Minamata Bay in Japan, 86-3460 pg kg !,
Li et al., 2009; Northeastern coast of U.S., 221-2962 pg kg™!, Kwon
et al., 2014; California Coast, 87-3870 pg kg’l, Davydov et al., 2018;
Tagus Estuary in Portugal, 0.30-126 pg g~!, Cesario et al., 2017b).
Preliminary sediment Hg concentrations measured in our study, how-
ever, showed low Hg concentrations (average of 23 pg kg™') and no
evidence of legacy sediment contamination. However, a previous sedi-
ment mass balance study (Hopkinson et al., 2018) reported that sedi-
ments in this salt marsh may in parts derive from ocean import and
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suggested potential origin from the nearby Merrimack River, a major
New England river that drains 5 km north of the Plum Island sound and
may recirculate sediments into the Plum Island Sound during flood tides
(Zhao et al., 2010). It is possible that Merrimack River sediment sources
possibly contain some level of industrial Hg pollution from a legacy of
industrial activity along the nearby Merrimack river (Evers et al., 2007;
Ceasar et al., 1976) and may have contribute legacy Hg to this estuary as
has been hypothesized earlier (Lane et al., 2011; Evers et al., 2007).
However, we did not systematically sample sediments across the entire
transect and more detailed sediments studies are needed to clarify the
influence of sediments Hg contributions.

Another potential internal Hg source is lateral transport of Hg from
salt marsh soils to the water column. Origins of Hg to salt marsh soils
would include a combination of atmospheric wet and dry deposition
processes (Zhang et al., 2019; Zhou et al., 2021). Wet deposition is
estimated around 5.2 pg m~2 yr ! in the region based on National At-
mospheric Deposition Program mercury network maps of interpolated
wet deposition (NADP, 2017). A nearby coastal study on the
south-western tip of Cape Cod by Engle et al. (2010) reported much
lower wet deposition of 2.9 pg m 2 yr !, along with dry estimates of 1.2
pg m~2 yr! based on multiple resistance models, which included
reactive gaseous Hg (RGM) of 1.0 pg m 2 yr! and fine particulate Hg of
0.14 pg m 2 yr~!. Atmospheric deposition directly to the estuary, hence,
may be an important source of Hg given the high ratio of estuary to total
watershed surface area (60 kmz; or 28% of the total watershed area of
212 km?) (Hopkinson et al., 2018). A further deposition process includes
assimilation of atmospheric Hg by vegetation, which subsequently is
transferred to soils and often dominates as a source in upland ecosystems
(Obrist et al., 2016; Obrist et al., 2011). Atmospheric gaseous Hg(0)
uptake by plants and subsequent litterfall, throughfall, and plant die-off
generally serves as the most important source of Hg in upland sites ac-
counting for 70-90% of total ecosystem Hg deposition (Wang et al.,
2016; Obrist et al., 2017; Jiskra et al., 2015; Demers et al., 2013; Butcher
et al., 1992). Salt marsh vegetation, however, may also emit Hg (0) to
the atmosphere, as reported in contaminated marshes (Canario et al.,
2017; Cesario et al., 2021). Also, a study by Lamborg et al. (2019) were
able to explain salt marsh Hg accumulation rates with current wet add
dry deposition loadings without a need for an additional sources such as
from plant uptake. Hence, the potential role of wetland plants may be
more complex than in upland ecosystems and we suggest to clarify the
potential contributions of Hg by salt marsh vegetation, which cover an
estimated two thirds of the estuarine surface area (Hopkinson et al.,
2018; Raymond and Hopkinson, 2003). Salt marsh ecosystems show
high annual aboveground productivity averaging 1.05 kg biomass m 2
yr~t (Morris and Sundberg, 2020), thereby matching the productivity of
upland ecosystems (De Oliveira et al., 2019).

If plants indeed take up substantial amount of atmospheric Hg, it is
possible that they drive high salt marsh soil Hg concentrations and
subsequent transfer to estuarine water, similar to the “outwelling” hy-
pothesis known to occur for organic carbon (Kalber, 1959). Many
studies have shown that salt marshes laterally export organic carbon
that is assimilated by plants, driven by salt marshes excess production of
autochthonous carbon (i.e., produced via photosynthesis) over what is
degraded and stored within the system, resulting in net carbon export to
the coastal ocean. A review of salt marsh studies (Tobias and Neubauer,
2009) showed that most salt marshes are considered net exporters of
DOC (e.g., in 11 of 13 studies) with export rates ranging from 15 to 328
¢ m~2 year™!. For particulate organic carbon (POC), data are more
variable with some salt marshes showing net import (e.g., in five of eight
studies, range of 3-140 g Cm ™2 year!) while others show net export (in
three other studies; export rates ranging of 11-128 g C m™2 year )
(Tobias and Neubauer, 2009). We measured Hg concentrations in soils
under salt marshes vegetation and found particularly high Hg concen-
trations of 200 + 225 pg kg~! (median 141 pg kg™?) in salt marsh soils,
with a high degree of variability due to strong depth patterns. On
average, soil Hg concentrations were about an order of magnitude larger



T. Wang and D. Obrist

than those of tidal flat sediments (23 + 2 pg kg™!). Hence, a potential
origin of Hg to estuarine water may stem from salt marsh soils enriched
in Hg. Raymond and Hopkinson (2003) showed that half of DOC
exported from the Plum Island Sound to the ocean originated from salt
marsh soils and that based A'*C values, internal DOC sources (i.e., from
salt marshes) were of modern origin which was preferentially mobilized
over older carbon sequestered deeper in soils. Lateral transfer of Hg from
salt marsh soils to estuarine water also could explain that largest Hg
enrichment are observed in the upper marsh which has the highest salt
marsh to water surface area ratios (e.g., >10:1, as opposed to 1:1 in the
lower marsh) (Hopkinson et al., 2018) and upper marshes may dominate
Hg mobilization in this estuary.

4.3. Transect patterns of filtered MeHg

Our estuarine water analyses showed filtered MeHg concentrations
(FMeHg) in estuarine water (range of 0.010-0.160 ng L’l) similar to
results from previous salt marsh studies (Table S4). For example, FMeHg
concentrations in the Chesapeake Bay estuary showed a range of
0.001-0.640 ng L~! (Mitchell et al., 2012), and Chen el al. (2014)
showed FMeHg concentrations across eight salt marsh estuaries along
the U.S. East Coast between 0.001 and 0.009 ng L~1. Balcom et al.
(2015) reported generally lower concentrations (range from 0.002 to
0.090 ng L™Y) as did Laurier et al. (2003) (from 0.008 to 0.020 ng L™1). A
wider range, and in parts higher concentrations, of FMeHg was reported
across six non-contaminated salt marsh estuaries along the U.S. East
Coast by Seelen et al. (2020) with concentrations from 0.002 to 1.148
ng L. Seelen also reported much higher estuarine water concentrations
in sites affected by known point-source contaminations (range of
0.024-1.491 ng L_l), and the study from Cesario et al. (2018) measured
even higher FMeHg concentrations, up to 6.419 ng L™}, in the water
column of Tagus estuary, Portugal, near an Hg contaminated salt marsh
area. The Hg methylation process, adding a methyl-group to inorganic
Hg" species (Fitzgerald et al., 2007), is favored under reducing condi-
tions such as in wetlands and sediments (Chen et al., 2012; Driscoll et al.,
2013; Wang et al., 2020) and is driven by anaerobic microbes that
contain methylating hgcAB genes (Fitzgerald et al., 2007; Hsu-Kim et al.,
2018). Cesario et al. (2018) found MeHg remobilization from sediments
to the water column in the Tagus estuary in Portugal leading to strong
correlations between sediment biogeochemistry and water column
MeHg concentrations.

Unlike FHg and THg, FMeHg concentrations were statistically
highest in fresh water and decreased statistically from the upper to the
lower marshes with lowest concentrations observed in the near-coastal
ocean. The patterns suggest that fresh watershed inputs of MeHg
dominate as a source of MeHg in this estuary, similar to studies that
show MeHg sources in coastal ecosystems to be largely derived from
watershed transport (Chen et al., 2014; Fitzgerald et al., 2007). About
5% of total riverine Hg discharged to open ocean is generally found in
MeHg form (Mason et al., 2012) and strong correlations between MeHg
and DOC are generally indicative of watershed-driven sources in estu-
aries (Seelen et al., 2020). Such correlations were also found in our study
for two of our three sampling dates (r-value between FMeHg and DOC of
0.81 in February and 0.83 in September 2020). Others also proposed
estuarine MeHg sources to partially derive from ocean import of MeHg
formed in the offshore ocean (Chen et al., 2014; Fitzgerald et al., 2007).

A two-endmember mixing model of FMeHg showed that FMeHg
concentrations in salt marsh estuarine water were lower than the con-
servative linear mixing line both in February and May 2020 (Fig. 5a and
b), but high variability of concentrations in September 2020 data pre-
cluded detection of clear trends at that date (Fig. 5¢). Our data hence
suggest no observable internal MeHg sources and even potential losses
of MeHg in the estuarine water of this estuary. In contrast, Mitchell et al.
(2012) and Gilmour et al. (2018) previously showed salt marsh soils to
be potential hotspots of methylation and subsequent MeHg export to
estuarine water upon ebb tides. Seelen et al. (2020), however, reported
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water column MeHg to be poorly correlated to sediment concentrations
and suggested that water column MeHg were not driven by underlying
sediment inorganic Hg or MeHg concentrations. Preliminary analyses of
MeHg concentrations of both intertidal sediments and soils under salt
marsh vegetation in our estuary showed generally low MeHg concen-
trations (sediment concentrations of 0.9 + 0.6 pg kg~'; soil concentra-
tions of 1.2 + 2.1 pg kg™ 1) indicating that salt marsh soils were not
enriched in MeHg compared to sediments.

High rates of MeHg demethylation may be a potential reason for
MeHg losses in the estuarine water column. Factors influencing both
methylation and demethylation include temperature, organic matter,
amount of available Hg, redox potential, microbial activities, and others
(Bravo et al., 2017; Cesario et al., 2017a; Chen et al., 2018), and their
respective controls in estuaries are complex. Hg methylation rates
generally are stimulated by warmer temperature (Benoit et al., 2003)
while demethylation shows lower temperature dependency (Hudelson
et al., 2020). We did not address the temporal or spatial patterns of
MeHg production and demethylation patterns in this system to be able to
explain potential MeHg losses in estuarine water further.

4.4. Mass balance considerations

Based on mass balance estimate across the four sampling dates, we
suggest that total Hg in estuarine water of the salt marsh estuary was
dominated by internal Hg sources and exceeded riverine sources by a
factor of 2 to almost 15. Filtered Hg generally was dominated by riverine
sources in three of the four sampling dates, while internal estuarine
sources dominated in August. Extrapolated on an annual basis, we es-
timate internal estuarine sources of total Hg are around six times larger
than riverine sources, while internal sources of filtered Hg account for
81% of riverine inputs. An implication of these mass balance estimates is
that riverine export of Hg to the ocean is enhanced by internal salt marsh
sources of Hg (THg: from 41 g yr™ to 292 g yr™!; FHg: from 33 to 59 g
yr‘l) and that internal sources account for 86% and 44% of annual
export, respectively, albeit with considerable uncertainty ranges
(Table 2). We attribute a strong impact of the tidal estuary on aqueous
Hg concentrations to a high ratio of estuary to total watershed area ratio,
along with low river water flow (Hopkinson et al., 2018; Raymond and
Hopkinson, 2003; Weinstein and Connors, 2001). Possible sources
include direct atmospheric deposition of Hg along with potential vege-
tation uptake of Hg in an estuary where vegetation covers two thirds of
the estuary surface area. Additionally, groundwater input not accounted
for could be an additional source of Hg (Lamborg et al., 2019). For
filtered Hg, mass contributions of internal sources (about 44% of total)
are higher than the estuarine surface area to total watershed area (about
28%), suggesting a higher yield of Hg in estuarine areas compared to the
wateshed. For THg, a six times larger internal source in the estuary
compared to riverine contributions greatly exceed the respective surface
area representations.

While water mass balance calculations indicate the estuary to serve
as a net source of Hg to the coastal ocean, back-of-the envelope calcu-
lations of atmospheric deposition show that it is much leass clear to what
degree these marshes currently act as sinks for atmospheric Hg deposi-
tion. A study at a nearby site on Cape Cod (Engle et al., 2010) estimated
atmospheric Hg deposition in this coastal region of 4.1 pg m~2 yr~! (wet
deposition: 2.9 pg m 2 yr~!; GOM depositon: 1.0 pg m 2 yr!; PHg
depositon 0.14 pg m~2 yr1). Scaling this deposition to a salt marsh area
of 60 km? would yield an estimated depositon of 246 g yr '. Using
higher estimated of wet deposition based on interpolated data by the
NADP program in the region (about ~5.2 pg m~2 yr™!) (NADP, 2017)
along with Engle et al.’s dry deposition estimates would yield a higher
atmopsheric flux of about 384 g yr*, which is possibly further enhanced
by elemental Hg(0) uptake by vegetation not accounted for. In com-
parison, we estimate annual estuarine export of THg of 292 g yr~! and
much smaller export of FHg (26 g yr1). It hence seems that salt marshes
currently have relatively similar atmopsheric depositon in comparison
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to tidal export, or alternatively act as sinks sequestering atmospheric Hg
in excess of tidal export. A net sequestration of Hg would be in support of
high Hg accumulation in salt marsh soils which suggest they have acted
as substantial ecosystem Hg sinks sequestering Hg either from the at-
mosphere or watershed inputs. A concern is that disturbances and sea
level rise may lead to deteriation of salt marsh ecosystems and increased
bank and soil losses with associated mobilization of carbon, sediments,
and nutrients (Deegan et al., 2012; Hopkinson et al., 2018), potentially
also leading to strong mobilization of Hg currently stored in salt marsh
soils.

5. Conclusions

This transect study investigating estuarine Hg dynamics in a large
salt marsh estuary in New England indicated strong internal sources of
FHg and THg in an estuary. Estuarine water Hg concentrations were
consistently highest in upper marsh tidal water and strongly enhanced
across estuarine water compared to upstream freshwater and ocean
water. Two-endmember mixing models showed concentrations of FHg
and THg to be enhanced to conservative mixing lines of river and ocean
waters. Patterns of Hg to DOC ratios and seasonal patterns were
consistent with Hg enhancements in estuarine water samples. Mass
balance calculation indicate that internal sources of FHg and THg ac-
count for 44% and 86% of combined annual Hg riverine export,
respectively. Unlike FHg and THg, our data show no corresponding
enhancement, and even some seasonal losses, of FMeHg in the estuarine
water of this estuary. FMeHg concentrations were dominated by fresh
water concentrations and decreased gradually from the upper to the
lower marshes tidal water, with lowest concentrations observed in the
near-coastal ocean.

Possible reasons for internal estuarine sources of inorganic Hg
include mobilization and remobilization of Hg from tidal sediments and
soils under salt marsh vegetation. Salt marsh soils in particular showed
high Hg concentrations an order of magnitude higher than concentra-
tions in tidal flat sediments, and may in parts originate from Hg assu-
miliation by vegetation. Ongoing research is focusing on the spatial and
depth distributions of Hg in sediments and salt marshes of this estuary
and a more comprehensive understanding of atmospheric deposition
processes including the role of salt marsh vegetation to further constrain
the origins of inorganic Hg sources in this tidal salt marsh system.
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