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A B S T R A C T   

Effective forest carbon (C) management requires an understanding of how stand-replacing disturbances affect C 
pools and fluxes over successional timescales, and how the growth of secondary forests compares with that of 
undisturbed forests. In the upper Great Lakes region, fires that followed clear-cut harvesting shaped a century-old 
cohort of secondary forests, but the long-term effects of fire on C cycling in this relatively fire-averse landscape 
remain poorly understood. We examined how two different stand-replacing disturbances – one with and the 
other without fire – influenced C pools and fluxes through a century of stand development, comparing secondary 
aspen-dominated (Populus) forests with legacy late successional stands encompassing the ages and species 
compositions that would be prevalent today in the absence of stand replacement. Our work at the University of 
Michigan Biological Station (UMBS) used experimental forest chronosequences established following clear-cut 
harvesting or clear-cut harvesting followed by fire, along with three > 130-yr-old late successional deciduous 
broadleaf (DBF), evergreen needleleaf (ENF), and mixed (MIX) forest functional types. The successional trajec
tories and values of total (above- and belowground) ecosystem C mass, net primary production (NPP), and net 
ecosystem production (NEP) were similar regardless of whether fires occurred following clear-cut harvesting. 
Moreover, 80 + year old secondary forests’ C pools and fluxes were comparable to late successional ENF and 
MIX, but were at times lower than DBF. While the century-old secondary forests and legacy stands served as 
consistent C sinks over the last century, more extreme temperatures in recent years may be eroding NEP by 
accelerating C losses from soils. We conclude that the compounding effects of fire and clear-cut harvesting were 
similar to those from clear-cut harvesting alone, possibly because of the disturbance-adapted properties of 
pioneer species, most notably aspen; however, our results also suggest that changing climate rather than prior 
disturbance may jeopardize the future of this long-term terrestrial C sink.   

1. Introduction 

North America’s secondary temperate forests have been a stable 
terrestrial carbon (C) sink for over a century (Birdsey et al. 2006), but 
the interacting effects of disturbance history and successional dynamics 
may affect the long-term trajectory of this critical ecosystem service 
(Pan et al. 2013, Williams et al. 2021). Most Populus-dominated 
maturing secondary forests of the upper Great Lakes region were 
established after early 20th century clear-cut harvesting that was often 

followed by detritus-fueled fires (Kilburn 1960). This era of stand- 
replacing disturbances reset succession, abruptly changing the compo
sition and structure of the region’s late successional forests and 
depleting large reservoirs of C stored in biomass and soils (Curtis and 
Gough 2018). Now, as many unmanaged forests in the region approach a 
century of regrowth, the degree to which C pools and fluxes have 
recovered remains unclear. This lack of understanding stems from 
challenges associated with studying century-long C cycling processes, 
and a general deficiency of observations from late successional reference 
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forests (Lorimer and Halpin 2014). Yet, such knowledge is fundamental 
to understanding the timing and extent of forest C recovery following 
stand-replacing disturbance (Amiro et al. 2010), honing predictions of 
future C cycling (Ma et al 2019), and managing and maintaining the 
terrestrial C sink (Birdsey et al. 2006). 

Long-term temporal dynamics (i.e., succession trajectories) of forest 
C pools and fluxes depend on several factors, including the type and 
frequency of stand-replacing disturbance and the disturbance-adaptive 
strategies of impacted species. For example, the type or origin of 
disturbance influences the availability of growth-limiting factors, 
including nutrient capital, seedlings and seeds, and soil organic matter 
(Nave et al. 2010, Janssens et al. 2010, Cai et al. 2018). Specifically, 
clear-cut harvesting inherently reduces the number of seed trees sup
porting natural regeneration, and has been shown to suppress long-term 
soil nutrient recovery (Hendrickson et al. 2011). When detritus-fueled 
fire occurs after clear-cut harvesting, additional nutrients may be lost 
through leaching or volatilization (Certini 2005), and the seed bank size 
and seedling density may decline even more (Seidl et al. 2016, Cai et al. 
2018). Consequently, relative to clear-cut harvesting only, the addition 
of fire could further lower the trajectory of ecosystem-wide C pool and 
flux recovery. Alternatively, fire-adapted species may display greater 
reproduction and growth following fire, supporting the rapid stand-level 
recovery of C pools and fluxes. For example, aspen populations, once 
established, reproduce clonally after severe fire and their fast-growing, 
shade intolerance may support relatively rapid and complete stand- 
scale recovery (Smith et al. 2011). However, while fire-C cycling 
studies are numerous (Thom and Seidl 2016), few provide comprehen
sive accounting of major C pools and fluxes over successional timescales 
in relation to legacy stands that avoided stand-replacing disturbance, 
which provide a critical benchmark for assessing the extent of recovery 
(sensu Hillebrand et al. 2018). Such C accounting is particularly rare for 
forests that, under natural fire regimes, experience long fire-return in
tervals (Malamud et al. 2005), such as much of the upper Great Lakes 
forested landscape (Whitney 1987). 

With the goal of understanding how historical disturbances in the 
Great Lakes region affect contemporary C cycling, we documented 
century-long trends in the recovery of major forest C pools and fluxes, 
including total above- and belowground C stocks, bulk and heterotro
phic soil respiration (Rs, Rsh), net primary production (NPP), and net 
ecosystem production (NEP) following clear-cut harvesting with and 
without fire. We utilized two experimental forest chronosequences, one 
cut-only and the other cut-and-burned at stand establishment, and 
compared C pools and fluxes in these secondary forests with three late 
successional plant functional types representing forest legacies that 
would be prominent on the landscape today in the absence of the large 
scale, historical stand-replacing disturbances of the early 20th century 
(Scheuermann et al. 2018, Wales et al. 2020). Our objectives were to: 1) 
identify whether successional changes in C pools and fluxes differ as a 
function of clear-cut harvesting with or without subsequent fire; and 2) 
quantify and compare the primary C pools and fluxes of secondary and 
legacy late successional forests. A related, secondary objective was to 
provide comparative C pool and flux data for late successional forests, 
providing important baseline and reference data for understudied 
century-old forests in the region (Tang et al. 2008, Tang et al. 2009). 
Because fire at our site may reduce soil nitrogen (N) availability over the 
long-term (White et al. 2004, Nave et al. 2019), and N availability is 
tightly coupled with plant growth and belowground C cycling processes 
at our site (Nave et al. 2009), we hypothesized that: 1) fire would further 
lower the successional trajectory (i.e., decrease the slope over time, 
sensu Ueyema et al. 2019) of C pools and fluxes, including total 
ecosystem C mass, NPP, NEP, and Rsh; and 2) as a result, forests estab
lished following clear-cut harvesting without fire would recover C pools 
and fluxes more rapidly and more closely approach levels observed in 
late successional forests. 

2. Methods 

2.1. Study site 

Our study location is the University of Michigan Biological Station 
(UMBS), a ~ 4,000 ha mostly forested landscape near Pellston, Michigan 
(MI), in the northern Lower Peninsula (Fig. 1). The forests of this region 
experienced near universal stand-replacing clear-cut and fire initiated 
by European and Anglo-American settlers from the late 1800 s to the 
early 1900 s, with most severe large-scale forest disturbances termi
nating in the region in 1911. Forest composition varies depending on 
disturbance history, time since disturbance, and, in the case of late- 
successional stands, landform and soils (Lapin and Barnes 1995). Site- 
wide, dominant tree species include bigtooth aspen (Populus grandi
dentata), paper birch (Betula papyrifera), white pine (Pinus strobus), red 
pine (Pinus resinosa), American beech (Fagus grandifolia), red maple 
(Acer rubrum), northern red oak (Quercus rubra), trembling aspen (Pop
ulus tremuloides), balsam fir (Abies balsamea) and sugar maple (Acer 
saccharum). Soils at our study sites are generally excessively well- 
drained, coarse-textured Spodosols (>90% sand). The mean annual 
temperature is 5.5 ◦C and the mean annual precipitation is 817 mm. The 
growing season (i.e from green-up to leaf-off) typically spans late May 
through early October (Curtis et al. 2005). 

Our study sites encompass 11 forest stands that are representative, 
but not fully comprehensive, of the region’s diverse forest types, ages, 
and disturbance histories (Nave et al. 2017, Table 1): two forest chro
nosequences initiated following either clear-cutting (hereafter the “Cut 
Only” chronosequence) or clearcutting and fire (hereafter the “Cut and 
Burn” chronosequence), and three late successional stands representa
tive of vegetation communities and structures that would presently 
occupy the region in the absence of stand-replacing disturbance. The 
“Cut Only” chronosequence consists of four, 0.4 to 1 ha stands that were 
clear cut in 1911, 1952, 1972, or 1987. The “Cut and Burn” chronose
quence consists of four ~ 1 ha stands that were experimentally clear-cut 
harvested and burned in 1936, 1954, 1980, or 1998 (Gough et al. 2007). 
Prior to experimental clear-cutting and/or fire, chronosequence stand 
were mainly secondary aspen-dominated communities at various stages 
of recovery following region-wide disturbance in the early 20th century. 
Within each of these 11 stands, C pool and flux measurements were 
conducted in 2 to 3 circular or rectangular 0.1 ha plots, with total 
sampling plots number 29 study-wide. In the 1998 stand, one rectan
gular 0.06 ha plot and one rectangular 0.14 ha plot were sampled 
because other manipulations prevented circular plot arrangements. The 
three late successional legacy (hereafter “LS”) stands include: 1) a red 
pine dominated stand (hereafter “ENF”, for Evergreen Needle-Leaf) 
established c. 1890; 2) a deciduous broadleaf dominated stand (“DBF” 
for Deciduous Broadleaf) established c. 1833; and 3) a mixed conifer- 
deciduous forest (“MIX”) established c. 1891. Since experiment initia
tion in 2014, American beech, a previously dominant canopy species, 
has dramatically declined in the DBF stand (Atkins et al. 2020) due to 
the spread of beech bark disease. We consider LS stands useful refer
ences, particularly given the paucity of observations for century-old 
forests in the region (Gough et al. 2016), but not precursors or end- 
members of chronosequence stands, noting differences in soils and 
landform among LS and chronosequence stands (Nave et al. 2018). 

2.2. Wood mass and net primary production 

We estimated above- and belowground wood mass (Maw, Mbw) and 
above- and belowground wood NPP (NPPaw, NPPbw) from repeated 
measurements of stem diameter and used allometric equations relating 
wood mass to diameter (Gough et al. 2007). Censuses of all trees larger 
than 8 cm diameter at breast height (dbh) were conducted in 2014 and 
2019 in each plot. Biomass was estimated for live trees in 2014 and 2019 
using species-specific allometries generated on site or in Midwestern and 
Eastern United States forests (Wiant 1977, Ker 1980, Young et al. 1980, 
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Schmitt and Grigal 1981, Crow and Erdmann 1983, Hocker and Early 
1983, Perala and Alban 1993, Ter-Michaelian and Korzukhin, 1997, 
Supplement S3). Annual aboveground wood net primary production 
(NPPaw) was generated for each plot by calculating the difference be
tween an individual tree’s biomass in 2019 and 2014 and dividing by 5 
to produce an annual average. If the observed dbh of an individual 
decreased by less than 10% across the 5-yr interval, the tree was 
assumed not to have grown at all (8% of all trees, 218 of 2852); for live 
trees with dbh values declining by > 10% between census dates, we 
assumed a measurement or entry error and dbh increment was inferred 
from plot- and species-specific relative growth rate (i.e., percent dbh 
increase per unit time) averages (0.4% of all trees, 10 of 2852). Values 
were scaled to the hectare and multiplied by the site-specific mean 
tissue-weighted C fraction of live wood mass of 0.49 to convert from dry 
mass to C mass (Gough et al. 2013). Belowground wood pools (Mbw) and 
belowground wood NPP (NPPbw) were calculated by multiplying 

corresponding plot-level aboveground Maw and NPPaw, respectively, by 
0.20 (Cairns et al. 1997). We report above- and belowground wood mass 
values derived from 2019 census data. 

2.3. Fine root net primary production 

We used root ingrowth cores to estimate annual fine root production 
(NPPfr) from 2016 through 2019. Cores were 5.35 cm in diameter, 35 cm 
long, and constructed from PVC mesh tubing. Within each plot, cores 
were installed at 5, 10, and 15 m along transects at 0◦, 120◦ and 240◦, 
respectively, from the plot center. Cores could not be installed in the 
ENF stand due to a high seasonal water table and, thus, root primary 
production was (and, consequently total NPP and NEP were) not esti
mated for this stand. Prior to installation, A-horizon (averaging 2–3 cm 
thickness), 0–15 cm and 15–30 cm depth increments were excavated in 
each plot, sieved using a 4 mm mesh screen within 2 days to remove 

Fig. 1. Map of the study sites, located at the northern tip of the Lower Peninsula of Michigan, United States. Diamonds indicate center points for stands, and circles 
indicate plot centers for zoomed in plots. Map fully designed by Laura Hickey. (For interpretation of the references to colour in this figure legend, the reader is 
referred to the web version of this article.) 

Table 1 
Characteristics of the 11 1-ha forest stands, across the two chronosequence treatments and the three late successional stands. .  

Name Disturbance History Year Established # of plots Landform Soils Dominant tree taxa 

Cut and Burn Twice cut, twice burned 1936 2 high-level plain sandy Haplorthod POGR, PIST, ACRU 
1954 2   POGR, QURU, PIST 
1980 3   POGR, QURU, ACRU 
1998 2   POGR, QURU 

Cut Only Twice cut, once burned 1911 3 high-level plain sandy Haplorthod POGR, QURU, PIST 
1952 2   QURU, PIST, POGR 
1972 3   POGR, QURU, ACRU 
1987 3   POGR, QURU, ACRU 

DBF Late succession 1850 3 gently sloping moraine sandy over loamy Haplorthod TSCA, QURU, ACRU, FAGR 
ENF Late succession 1885 3 low-level plain sandy over gravelly Haplorthod PIRE, POGR, BEPA 
MIX Late succession 1885 3 high-level plain sandy Haplorthod PIRE, POGR, PIST 

Adapted from Wales et al. (2020) 
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coarse fragments and roots, and re-packed into cores within 4 days of 
initial soil collection. Temporarily removed O-horizon material was 
placed on top of root-free mineral soil and cores were incubated in the 
ground from late April/early May to late September/mid-October. 
Following incubation, ingrowth cores were removed and stored frozen 
until processed. Fine roots were separated from soil using a 2-mm sieve, 
dried in an oven at ~ 60 ◦C, massed, and analyzed for percent C using a 
Costech Analytical CHN Analyzer in 2016 and 2017 and loss-on-ignition 
in 2018 and 2019. Samples were adjusted for mineral contamination by 
the use of percent C analyses in 2016 and 2017, and by the use of a loss 
on ignition method for 2018 and 2019. Specifically, fine root biomass 
values were adjusted assuming an average C concentration of 47%, such 
that each plot-level fine root mass value was scaled down in proportion 
to its amount of mineral contamination relative to the 47 % C ‘clean’ 
criterion. For loss on ignition, mass losses were multiplied by 0.5, 
assuming half the lost mass was C, to determine % C for each sample. 
Each plot was scaled to Mg C ha−1 based on the surface area sampled and 
core sample size. 

2.4. Leaf litter and fine debris mass and production 

We estimated leaf litter (Ml) and fine debris (Mfd) mass production 
and flux (NPPl and NPPfd) from litter traps sampled annually from 2012 
to 2020. One-meter tall litter traps constructed of window screen ma
terial and supported by heavy gauge wire were 1-m deep with a circular 
surface area of 0.264 m2. Three traps were randomly distributed in each 
plot, although the number periodically varied because of damage. The 
content of litter traps was collected ~ weekly every autumn until lit
terfall ceased, combined within a plot, then sorted into fine debris and 
leaves. Leaf and fine debris mass was scaled to the stand and converted 
to C mass using a site-specific value of 48% C mass per dry mass (Gough 
et al. 2007). To estimate the mass of evergreen needles retained by live 
trees (rather than shed annually), we multiplied litter trap mass by a 
site-calibrated value of 2.5. We estimated NPPl and NPPfd, from scaled 
litter trap values, presenting stand averages across years. 

2.5. Coarse woody debris mass and heterotrophic flux 

To calculate coarse woody debris mass (Mcwd), a census of downed 
coarse woody debris (CWD) > 20 cm in length and > 5 cm in diameter 
was conducted in 2014 and 2020. CWD was sampled in three, 6 m × 6 m 
permanent subplots within each plot, which were located at 0◦, 120◦ and 
240◦ azimuths located 6 m from plot center. For each CWD sample, 
length, as well as diameter at both ends and the midpoint, were recorded 
and a decay class from 1 (recently fallen, intact bark and wood) to 5 
(fully decayed and without structure) was assigned (Marra and Edmonds 
1994). Coarse woody debris mass (Mcwd) values were calculated using 
the 2020 census, assuming a cylindrical shape and using species-specific 
decay class wood densities (Gough et al. 2007). The annual heterotro
phic flux from coarse woody debris was calculated by subtracting each 
plot level 2014 from 2020 values, and dividing by six. Coarse woody 
debris fluxes counted toward primary production when positive 
(NPPcwd) and the total heterotrophic flux when negative (Rcwd) (Gough 
et al. 2007). Dry mass was converted to C mass using a site-specific 
fraction of 0.5 (Gough et al. 2007). 

2.6. Soil carbon mass 

We estimated total soil C mass (Ms) from 2 to 3 soil profiles excavated 
from each plot over the course of two days in July 2014. O- and A-ho
rizons were removed as a 225 cm2 monolith. Next, the mineral soil was 
removed using a 5.2 cm internal diameter steel pipe, in depth in
crements of 0–15, 15–30, 30–60, and 60–100 cm. The O- and A-horizon 
monoliths were immediately frozen, and processed within 4 months. 
Mineral soil increments were air dried at 25 ◦C for 1 week, then sieved to 
separate into pebbles/gravel (minerals > 2 mm), coarse root (roots > 2 

mm diameter), fine root (roots < 2 mm diameter) and fine earth com
ponents. All fractions were then oven dried and weighed. The same 
process was followed in the O- and A- horizon monolith after fibrous 
organic material was removed from the surface. After drying, fine root 
samples, fibrous organic material and fine earth were ball milled sepa
rately to a powder texture. 

O- and A-horizons were analyzed for total C concentrations using a 
Costech Analytical CHN Analyzer in the UMBS Analytical Laboratory. 
Mineral soil C concentrations for the four depth increments were 
determined using a Costech Analytical CHN Analyzer or a PerkinElmer 
Series II CHNS/O Elemental Analyzer. Total C concentrations for a 
random subset of n = 10 samples (0.1–0.4 %C) analyzed on both in
struments differed by 0.02 – 0.07 %C and were strongly related (r2 =

0.98). 
For each plot, Moa was calculated as the product of the soil mass per 

unit area, C concentration, and an expansion factor to convert to Mg C 
ha−1. Mmin was calculated as the product of fine earth total C concen
tration, soil increment thickness, and bulk density (fine earth divided by 
core increment volume). Ms is the sum of Moa and Mmin. 

2.7. Bulk and heterotrophic soil respiration 

To estimate the annual C flux from bulk soils and from soil hetero
trophs only, we collected point measurements of total soil respiration 
(Rs) and heterotrophic soil respiration (Rsh), estimated continuous (i.e., 
gap-filled) fluxes from temperature-response models, and integrated and 
scaled to the whole stand to derive annual fluxes. For Rs measurements, 
PVC soil collars were installed in 2014 to a depth of 3 cm measurements 
at azimuths of 0◦, 72◦, 144◦, 216◦, and 288◦ and 3, 6, 9, 12, 15 m from 
the plot center, respectively. For Rsh, we installed 80-cm deep trench 
collars in early July 2020 constructed of schedule 40 PVC tube placed 1 
m away from the 0◦, 144◦ and 288◦ shallow respiration collars within 
each subplot. Cores were driven vertically into the earth using sledge
hammers until the PVC tube cleared the surface of the soil by ~ 3 cm. 
This method, also known as deep collar trenching, severs roots within 
the soil column, gradually eliminating autotrophic respiration (Bond- 
Lamberty et al. 2011). To ensure the attenuation of autotrophic respi
ration and isolation of Rsh, we measured paired surface and trench 
collars every two days after installation of the latter, until trench collar 
fluxes were statistically asymptotic (i.e., did not significantly differ be
tween measurement dates), the approximate point at which autotrophic 
respiration is zero (Fig. S1). 

In situ paired Rsh and Rs were repeatedly measured during four 
climatologically distinct periods between: July 28th and August 11th, 
2020 (growing season); October 8th and 9th 2020 (beginning of leaf 
off); November 3rd and 4th (end of leaf-off); and November 16th and 
November 20th (dormant season). Two measurements were recorded at 
each collar using a LI-COR LI-6400 paired with a LI-6400–09 soil CO2 
flux chamber (LI-COR Inc.). If the sequentially measured fluxes differed 
by > 10%, measurements were repeated until the values fell within 10% 
of each other. Concurrent with respiration, soil temperature and mois
ture measurements were taken 2 cm from the edge of each collar at a 
depth of 7.5 cm and 2.0 cm below the soil surface (Curtis et al. 2005). Rs 
measurements were also recorded periodically between 2014 and 2021 
at the same sites, and these measurements were incorporated into the 
overall Rs data collection. 

To scale instantaneous point measurements of Rs and Rsh to annual C 
fluxes, we developed temperature-response functions for Rs for each 
individual plot, utilizing the full 2014–2021 span of Rs data. Separate 
warm and cold soil temperature models were developed to predict the 
relationship between temperature and soil respiration. For “cold” tem
perature measurements (below 9◦ C), a linear model with zero as the 
origin was produced for each plot using soil temperature as a predictor 
of Rs, reflecting the low metabolic rates at freezing (Curtis et al. 2005, 
Fig. S2). For “warm” soil temperature measurements (above 9◦ C), a 
model of the form efflux = a * e(b * temperature), where a and b are plot 
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specific parameters, was developed for each plot (Fig. S2). Soil moisture 
was not a significant predictor of Rs and Rsh, and thus was omitted from 
our predictive models. 

Next, we generated 30-minute, plot-specific soil temperatures from 
regression models relating point soil temperature measurements to 
nearby (<15 km distance) continuous measurements from a fixed 
location, the US-UMB Ameriflux tower (Pastorello et al. 2020). Using 30 
min soil temperature estimates, mean annual estimates of soil CO2 efflux 
were generated by driving models with plot-specific temperatures from 
2014 through 2020 to obtain an average encompassing of climatic 
variation during the study period. 

To derive annual estimates of Rsh, we employed multiple indepen
dent approaches, acknowledging the high uncertainty associated with 
this flux at our site (Gough et al. 2007) and elsewhere (Bond-Lamberty 
et al. 2018). Our first approach (“Method 1”, Rsh1 in Table 3) estimated 
Rsh using paired Rs:Rsh values. Generating plot-specific trench collar to 
shallow collar respiration ratios, with different ratios separately gener
ated from the “growing season” collections (July and August 2020 
measurements) and the “dormant season” measurements (October and 
November 2020 measurements), we multiplied our 30-minute interval 
estimates of Rs by these field calculated respiration ratios to generate 
annual estimates of Rsh. All 30 min intervals that occurred before day 
130 and after day 281 were multiplied by the Dormant Season (D) ratio, 
and all 30 min intervals occurring in the intervening days were multi
plied by the Growing Season (G) ratio. Our second method (“Method 2”, 
Rsh2 in Table 3) partitioned plot-specific scaled annual Rs fluxes using a 
global Rsh:Rs relationship (Bond Lamberty et al. 2004). Our final method 
(“Method 3”, Rsh3 in Table 3) applied the mass balance approach of 
Giardina and Ryan (2002), which assumes a steady-state balance be
tween labile C inputs from leaf and root litter and soil heterotrophic C 
efflux. 

2.8. Carbon pool and flux calculations 

For the derivation of carbon pools, fluxes, and their uncertainty, we 
followed standard approaches for our site that have been cross-validated 
using independent C flux meteorological towers (Gough et al. 2007, 
Gough et al. 2008, Gough et al. 2013, Gough et al. 2021). Recognizing 
the high degree of uncertainty in annual Rsh and the sensitivity of the 
annual net C balance to this large flux, we estimated NEP separately 
from each of the three Rsh estimates. In addition, we inferred the long- 
term net C balance of chronosequence stands using the C increment 
(ΔC) approach, which estimates ecosystem net C accumulation or loss 
from interpolated (between-stand) changes in soil and wood C pool sizes 
and, over the long-term, is theoretically equivalent to NEP (Gough et al. 
2008). 

Total soil C (Ms) is the sum of mineral (Mmin) and organic (Moa) soil 
mass: 

Ms = Mmin + Moa 

Total ecosystem C mass (Mtotal) is the sum of all above- and below
ground (soil and live mass) C pools: 

Mtotal = Maw + Mbw + Ml + Mfr + Mcwd + Mmin + Moa 

Total net primary production (NPP) is: 

NPP = NPPw + NPPcwd + NPPfr + NPPl 

Where NPPcwd is included only when the CWD flux is positive. 
Total heterotrophic respiration (Rh) is the sum of Rsh estimated using 

the three approaches described above and negative CWD mass changes: 

Rh = Rsh + |Rcwd|

Where Rcwd is included when the CWD flux is negative. 
Net ecosystem production (NEP) is: 

NEP = NPP − Rh 

with each of the three Rh estimates used to derive separate estimates 
of NEP (NEP1, NEP2 and NEP3, respectively). 

The mean annual C increment (ΔC) is: 

ΔC = ΔMaw + ΔMbw + ΔMs 

where ΔMaw, ΔMbw and ΔMs are interpolated from differences in 
total wood and soil carbon mass between two sequential chronose
quence stands. 

2.9. Statistical analysis 

Standard errors for stand means were generated and analyses were 
conducted treating the plot as the experimental unit. For model gener
ated estimates of Rs and Rsh, we generated values on the upper and lower 
bounds of the 95% confidence band around our model estimates (Curtis 
et al. 2005). While acknowledging the pseudo-replicated nature of our 
experimental design and analysis, such an approach is common and 
remains useful to ecosystem-scale studies for which true replication (e. 
g., of chronosequences) is not practical (Walker et al. 2010). Com
pounding standard errors of C pools and fluxes containing multiple 
terms were estimated as the quadratic sum of component errors (Gough 
et al. 2007). All analyzes were conducted using R and R Studio software 
(R Core Team 2021). 

Our statistical analysis was intended to address core objectives. For 
our first objective of assessing the successional trajectories of C pools 
and fluxes in clear-cut stands established with and without fire, we 
statistically compared the linear slopes of Cut Only and Cut and Burn 
age-C pool and -C flux relationships. While acknowledging the potential 
non-linearity of age-C cycling relationships, we applied more parsimo
nious linear models because of our limited sample size. When the slope 
estimates were significant (α = 0.05), but not statistically different be
tween chronosequences (α = 0.05), we applied a common linear model 
to data from both chronosequences. For our second objective, we 
compared the mean values of each of the oldest chronosequence stands 
to those of the late successional reference stands using ANOVA followed 
by post-hoc pairwise comparisons via Tukey’s HSD (α = 0.05). To 
compare ΔC values, we generated 95% confidence intervals for each 
measurement period and considered values different from one another 
when confidence intervals were non-overlapping. 

3. Results 

3.1. Carbon pools 

We observed quantiatively small differences in the successional 
trajectories of C pools in chronosequence stands with and without fire, 
with the oldest chronosequence stands storing as much C above- and 
below-ground as two of three late successional stands (Fig. 2). Total 
ecosystem C mass accumulated differently in the two chronosequences, 
increasing by 1.4 Mg C ha−1 yr−1 in the Cut and Burn and 0.8 Mg C ha−1 

yr−1 in the Cut Only chronosequence across the 89 years of the chro
nosequence examined; however, the oldest stands in both chro
nosequences reached an average of ~ 180 Mg C ha−1 at roughly the 
same time because the y-intercept of the Cut and Burn stands was greater 
than that of the Cut Only, offsetting differences in slope. The total 
ecosystem C mass of the two oldest chronosequence stands was similar 
to that of late successional ENF and MIX, which averaged 273 Mg C 
ha−1, but considerably less than DBF’s 355 Mg C ha−1. 

When individual rather than summed C pools were considered, some 
differences emerged among chronosequences and late successional 
stands. For example, wood C mass accumulated 55% faster in the Cut 
and Burn chronosequence than in the Cut Only chronosequence 
(Table 2). The oldest chronosequence stands and ENF and MIX late 
successional stands stored similar amounts of wood C, averaging 123 Mg 
C ha−1, while greater wood C storage in the DBF stand of 241 Mg C ha−1 

accounted for differences in total ecosystem C mass. Other differences 

C. Clay et al.                                                                                                                                                                                                                                     



Forest Ecology and Management 519 (2022) 120301

6

included fine root C mass, which varied more than two-fold, from ~ 4 to 
8 Mg C ha−1, and was lowest in DBF and MIX stands and highest in the 
Cut Only chronosequence stands. The CWD-C mass was consistently a 
small fraction of ecosystem C mass, averaging 1.73 Mg C ha−1 (an 
average of 2% of total ecosystem C mass) across stands, except for the 
late successional DBF stand, where the CWD pool of 25 Mg C ha−1 was 
nearly ten-fold larger. 

In contrast to more variable aboveground C pools, we found total soil 
C mass was more comparable among chronosequence and late succes
sional stands (Fig. 2). Total soil C mass ranged from 56 in the 1998 Cut 
and Burn stand to a high of 82 Mg C ha−1 in the DBF LS stand, averaging 
68 Mg C ha−1 across all stands. The mineral soil was consistently the 
largest belowground C pool, averaging 46 Mg C ha−1 across all stands. 
O-horizon C mass was more variable, averaging 27 Mg C ha−1 in the ENF 
and DBF late successional stands, which was greater than the mean of 
18 Mg C ha−1 in the chronosequence and MIX stands. 

3.2. Carbon fluxes 

3.2.1. Net primary production 
We did not find a significant linear relationship between total NPP 

and stand age in either the Cut Only or Cut and Burn chronosequences, 
and chronosequence stands’ total NPP was within the range of the two 
late successional stands (DBF, MIX) for which production was calculated 
(Fig. 3). Total NPP averaged 5.11 Mg C ha−1 yr−1 in the chronosequence 
stands. Mean differences among stands in total NPP were driven largely 
by wood NPP, which averaged 1.98 Mg C ha−1 yr−1 in the chronose
quence stands, 3.62 Mg C ha−1 yr−1 in DBF, and 0.94 Mg C ha−1 yr−1 in 
ENF and MIX late successional stands. Fine root NPP exhibited no 

significant increase over time or among chronosequence and late suc
cessional stands, averaging 1.68 Mg C ha−1 yr−1 (Table 2). NPPlf and 
NPPfd did not change significantly over time, as the single point sample 
sizes at each stand age prevented any type of temporal or pairwise 
comparisons. 

3.2.2. Coarse woody debris fluxes 
The net C flux of coarse woody debris was consistent among chro

nosequence and late successional stands, with the exception of emerald 
ash borer- and beech bark disease-infested DBF. Mean CWD fluxes in 
chronosequence stands were negative and thus applied to heterotrophic 
respiration estimates, averaging −0.015 Mg C ha−1 yr−1. In contrast, 
CWD fluxes in DBF were positive, with NPPcwd averaging 3.11 Mg C 
ha−1 yr−1, indicating a large influx of coarse woody debris. 

3.2.3. Bulk and heterotrophic soil respiration 
We did not observe significant changes over time in chronosequence 

Rs values, nor were differences apparent between the oldest chronose
quence stands and the late successional stands. Instead, scaled estimates 
were variable, averaging 9.7 Mg C ha−1 yr−1 study-wide, but with pre
diction intervals up to ~ 300% of mean. Rsh estimates varied substantial 
among methods. Method 1 yielded values that increased over time in the 
Cut and Burn Chronosequence by 0.04 Mg C ha−1 yr−1 per year, but did 
not change over time in the Cut Only chronosequence (Table 3). Rsh 
average values did not differ between chronosequences and late suc
cessional stands, averaging −5.5 Mg C ha−1 yr−1 across both the sec
ondary and late successional stands (Fig. 4). According to Method 2, 
annual Rsh did not change with stand age in the chronosequence stands 
and values were comparable to those derived from late successional 
reference stands, averaging 5.1 Mg C ha−1 yr−1 study-wide. Method 3 
did not produce temporal or chronosequence-late successional differ
ences either, generating a relatively low study-wide mean at 4.4 Mg C 
ha−1 yr−1. 

The estimated fraction of Rsh contributing to Rs was variable among 
stands and seasonally, ranging from a low of 35% in the 1952 Cut Only 
stand to a high of 76% in the late successional DBF stand during the 
growing season, and 47% in the late successional ENF and an implau
sible 109% of Rs in the 1952 stand during the dormant season. 

3.3. Net carbon balance: Net ecosystem production and carbon increment 

Although estimates of net C balance differed depending on the 
method used, successional trajectories were similar in chronosequences 
with and without fire, and their NEP values fell within the range of late 
successional stands. The differences between the three approaches to 
estimating Rsh drove variation in stand-scale NEP, producing estimates 
of net C balance that ranged from negative (i.e., a C source) to positive (i. 
e., a C sink) for the same stands (Fig. 5). Our first approach yielded 
relatively low and often negative NEP and values, while the other two 
methods produced higher and more similar estimates. Carbon 
increment-based estimates were made with high uncertainty, but 
consistently suggest that stands in both chronosequences were 
comparatively weak C sinks, averaging 1.16 Mg C ha−1 yr -1. Given the 
high uncertainty associated with these estimates and differences among 
methods, our net C balance data provide little concrete evidence for 
different successional patterns in net C balance between Cut Only and 
Cut and Burn chronosequences, or differences in NEP among the oldest 
secondary forests and late successional forests (Fig. 5). However, our 
results show that chronosequence-based successional changes in net C 
balance are comparable among methods, and they suggest large vari
ability among late successional stands. 

3.4. Temporal changes in soil temperatures and fluxes 

With Rsh values higher and, consequently, NEP values lower than 
prior site observations (Gough et al. 2008), we compared the soil 

Fig. 2. Total biomass carbon (C, +/- 1 S.E.) (a), soil C mass (b), and total 
ecosystem (biomass + soil) C mass (c) in Cut Only and Cut and Burn chro
nosequence and late successional stands. Linear trendlines for each chronose
quence are presented when significant, and letters denote significant pairwise 
differences among late successional stands and the oldest representative chro
nosequence stands (α = 0.05). Dotted lines highlight stand connectivity within 
each chronosequence when no statistical trend is found. “ns”– not significant (in 
either temporal or pairwise comparisons), LS– Late successional stands, DBF– 
Deciduous broadleaf forest, ENF–Evergreen needle-leaf forest, and MIX–Mixed 
deciduous-evergreen forest. 
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temperatures from a prior assessment in 2004 (Gough et al. 2007) with 
those used to model Rsh in the present study, asking whether such dif
ferences account for lower apparent NEP. Soil temperature means 
generated using the same methods were similar but statistically different 
between current and prior study periods, averaging 7.7 and 8.0 ◦C in the 
Gough et al. 2007 and this manuscript, respectively; however, temper
ature extremes were more abundant during our recent study period, 
with a larger fraction of half-hourly (this study) or hourly (Gough et al. 
2007) temperatures below 0 ◦C and higher than 15 ◦C in our current 
analysis (Fig. 6). Because of the exponential relationship between soil 
temperature and Rs, the higher number of + 15 ◦C temperature obser
vations during our study period resulted in annual Rs estimates that were 
72% or 2.56 Mg C ha−1 higher than those reported for 2004. 

4. Discussion 

We did not find support for the hypothesis that fire after clear-cut 
harvesting lowers the successional trajectory of C pools and fluxes in 
Great Lakes aspen-dominated forests. Instead, stands that were clear-cut 
harvested only vs. those that were clear-cut and burned exhibited similar 
successional changes in most individual pools and total C mass, and in 
major fluxes, including total NPP and heterotrophic soil respiration, 
and, thus, net C balance or NEP. Even though different approaches 
produced quantitatively different net C balance values, they yielded 
similar temporal patterns. While we hypothesized that fire-associated N 
losses (White et al. 2004) would depress the successional trajectory of C 

pools and fluxes, biome and global meta-analyses show that C pools 
depleted by fire can rebound rapidly, particularly in deciduous forests 
subjected to slash- rather than crown-fueled fires (Nave et al. 2011, Li 
et al. 2021). Moreover, C pool and flux trajectories following fire are 
highly variable among forest types (Amiro et al. 2010) and ecoregions 
(Amiro et al. 2001), and aspen-dominated forests such as ours may 
recover C pools (Alexander and Mack 2016) and fluxes (Peters et al. 
2013) more rapidly after fire than evergreen needleleaf forests. In 
established aspen stands, a clonal network of carbohydrate-rich roots 
may fuel prolific resprouting following fire (Smith et al. 2011), a 
disturbance-adapted response that may have supported comparable re
covery in chronosequences with or without fire. Importantly, this 
interpretation reinforces findings that ecosystems containing fire- 
adapted species may be more functionally resilient to fire (Johnstone 
et al. 2016), and suggests that non-fire adapted forests in the upper Great 
Lakes and elsewhere might respond with less resilience to the addition of 
fire. 

We also found limited evidence for the hypothesis that fire following 
clear-cut harvesting limits the recovery of C pools and fluxes to levels 
below those of our reference late successional forests. Although C pools 
and fluxes were variable among late successional forests, both the Cut 
Only and Cut and Burn stands generally possessed values that were 
within or approaching the range of older legacy stands, suggesting that 
stand-replacement had a limited effect or, when it did, the recovery of C 
cycling processes had already occurred or was underway prior to our 
data collection. For example, total soil C mass was comparable among 

Table 2 
Mean (+/- 1 S.E.) stand-level carbon pools and fluxes. Maw = above ground wood pool, Mbw = below ground wood pool, Mlf = leaf pool, Mfd = fine debris pool, Mfr =

fine root pool, Mcwd = coarse woody debris pool, Moa = soil organic layer pool, Mmin = soil mineral layer pool, NPPaw = NPP of aboveground wood, NPPbw = NPP of 
belowground wood, NPPlf = NPP of leaves, NPPfd = NPP of fine debris, NPPfr = NPP of fine roots, NPPcwd/Rcwd = NPP of coarse woody debris/Respiration of coarse 
woody debris (NPP when positive, Respiration when negative). Error presented parenthetically when available.   

Cut and Burn Cut Only LS stands 

Stand age (years) 

22 40 66 84 33 48 68 109 DBF ENF MIX 

C Pools 
Maw 12.84 

(4.36) 
42.47 
(4.56) 

59.85 
(1.44) 

80.5 
(2.45) 

34.13 (2.5) 55.63 
(1.41) 

67.05 
(3.62) 

88.28 
(4.06) 

201.07 
(24.12) 

123.83 
(5.89) 

120.34 
(14.37) 

Mbw 2.57 
(0.87) 

8.49 (0.91) 11.97 
(0.29) 

16.1 
(0.49) 

6.83 (0.5) 11.13 
(0.28) 

13.41 
(0.72) 

17.66 
(0.81) 

40.21 
(4.82) 

24.77 
(1.18) 

24.07 
(2.87) 

Mlf 0.77 0.98 1.19 1.45 1.18 1.45 1.34 1.61 2.13 3.75 3.06 
Mfd 0.12 0.21 0.32 0.39 0.16 0.27 0.27 0.58 0.56 0.38 0.41 
Mfr 4.2 (0.52) 6.3 (0.93) 6.75 (0.74) 6.84 

(0.46) 
8.35 (0.16) 7.88 (1) 9.58 (0.66) 7.94 (0.34) 4.16 (0.79) 7.23 (1.68) 4.61 (0.78) 

Mcwd 1.27 
(0.86) 

0.8 (0.31) 2.55 (1.36) 0.97 
(0.56) 

1.14 (0.21) 2.45 (0.48) 1.39 (1.1) 1.81 (1.08) 25.14 
(3.01) 

1.67 (0.97) 3.24 (2.67) 

Moa 16.94 
(8.51) 

16.62 
(1.26) 

17.15 
(3.86) 

15.05 
(2.32) 

18.51 
(3.78) 

19.21 
(4.14) 

20.29 
(5.35) 

20.78 
(1.86) 

34.1 (3.51) 37.22 (7.6) 19.61 
(2.85) 

Mmin 39.28 
(0.79) 

45.94 (6) 44.01 
(1.39) 

44.3 
(1.59) 

54.66 
(6.72) 

47.16 
(1.92) 

48.1 (3.38) 45.79 
(3.67) 

48.06 
(2.66) 

38.54 
(7.88) 

51.77 
(2.31) 

C Pool Totals 
Biomass C 21.78 

(4.56) 
59.26 
(4.75) 

82.63 
(2.14) 

106.25 
(2.6) 

51.79 
(2.56) 

78.8 (1.82) 93.05 
(3.91) 

117.88 
(4.29) 

273.28 
(24.79) 

161.63 
(6.31) 

155.73 
(14.92) 

Soil C Mass 56.22 
(7.72) 

62.56 
(5.61) 

61.16 
(5.26) 

59.35 
(3.91) 

73.17 
(7.21) 

66.37 
(3.37) 

68.39 
(8.73) 

66.57 
(5.51) 

82.16 
(4.66) 

75.76 
(15.4) 

71.38 
(2.38) 

Total C 
Mass 

78 (8.97) 121.81 
(7.36) 

143.79 
(5.67) 

165.6 
(4.7) 

124.95 
(7.65) 

145.17 
(3.83) 

161.44 
(9.57) 

184.45 
(6.99) 

355.44 
(25.22) 

237.39 
(16.64) 

227.11 
(15.11) 

C Fluxes 
NPPaw 0.96 

(0.34) 
1.79 (0.27) 1.76 (0.15) 1.79 

(0.14) 
1.73 (0.14) 1.84 (0.14) 1.81 (0.27) 1.5 (0.18) 3.01 (0.42) 0.64 (0.11) 0.92 (0.26) 

NPPbw 0.19 
(0.07) 

0.36 (0.05) 0.35 (0.03) 0.36 
(0.03) 

0.35 (0.03) 0.37 (0.03) 0.36 (0.05) 0.3 (0.04) 0.6 (0.08) 0.13 (0.02) 0.18 (0.05) 

NPPlf 0.77 0.96 1.02 1.12 1.06 1.15 1.14 1.12 1.43 1.51 1.41 
NPPfd 0.12 0.21 0.32 0.39 0.16 0.27 0.27 0.58 0.56 0.38 0.41 
NPPfr 1.81 

(0.25) 
1.77 (0.11) 1.87 (0.25) 1.3 (0.1) 1.92 (0.06) 1.07 (0.06) 2.45 (0.55) 2.18 (0.14) 0.92 (0.18) – 1.48 (0.15) 

NPPcwd/ 
Rcwd 

−0.29 
(0.01) 

−0.13 
(0.13) 

0.3 (0.31) −0.25 
(0.13) 

0.01 (0.1) 0.22 (0.13) 0.03 (0.17) 0 (0.23) 3.11 (0.11) 0.04 (0.26) 0.48 (0.44) 

C Flux Totals 
NPP 3.86 

(0.43) 
5.1 (0.3) 5.33 (0.29) 4.96 

(0.17) 
5.23 (0.15) 4.7 (0.16) 6.04 (0.62) 5.69 (0.23) 6.53 (0.46) – 4.4 (0.3)  
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the oldest chronosequence stands and late successional stands, with the 
exception of the more C-rich DBF stand. Additionally, C stored in the 
wood mass of clear-cut only and clear-cut and burned stands was on a 
sharp upward trajectory over time; these successional patterns suggest 
sustained high rates of wood production in secondary forests could 
support continued recovery of wood C mass pools into the future. Such 
findings should be interpreted with caution, however, because late 
successional and chronosequence stands were sometimes positioned on 
different landforms and soils, and therefore, the former should not be 
considered developmental end-members of the latter. Instead, our 
findings highlight the comparably high C storage of older secondary and 
late successional forest stands, despite different disturbance histories, 
landforms, soils, and vegetation. Comparable C pool and flux profiles in 
ecologically different forests has been noted for other forested land
scapes, but is not universal (Birdsey 1992). 

A lower C cycling successional trajectory and recovery was antici
pated following fire because aspen-dominated secondary forests at our 
site are N-limited (Nave et al. 2009) and fire in the Cut and Burn stands 
diminished long-term N availability (White et al. 2004, Nave et al. 
2019). Fire in the Cut and Burn stands reduced soil ammonium-N by half 
(Nave et al. 2019), but our study shows this decline was not enough to 
limit the rate and magnitude of regrowth. Although not expected, this 
finding is consistent with that of a global meta-analysis concluding that 
deciduous broadleaf forests subjected to low fire frequencies recover to 
pre-disturbance production rates quickly, particularly when N losses are 
not severe (Li et al. 2021). However, a number of additional factors that 
we did not characterize in our analysis could determine C cycling re
sponses to fire. These include: the plant functional type(s) affected by 
disturbance (Peters et al. 2013), fire severity (Li et al. 2021), the degree 
of fire adaptation of resident species (Cai et al. 2018), and the quantity 
and type of biotic and abiotic material legacies remaining after fire 
(Johnstone et al. 2016). At our site, vigorous aspen resprouting after fire 
may have supported rapid recovery (Gough et al. 2007) despite these N 
losses, while the recruitment of mid-late successional tree species (Fahey 

et al. 2016, Shiklomanov et al. 2020), and accumulation of biodiversity 
(Gough et al. 2010) and canopy complexity (Hardiman et al. 2013, 
Scheuermann et al. 2018) – with or without fire – may sustain forest 
production into mid-late stages of secondary succession. 

A notable finding outside of our core objectives was that late- 
successional forests can serve as considerable long-term stores of car
bon, retaining large quantities of C in biomass and soil. Although such 
side-by-side comparisons are rare because late successional commu
nities often do not co-exist on cutover landscapes, our findings reaffirm 
synthesis studies showing that late successional forests can be large 
reservoirs of stored C and, in some cases, may persist as C sinks (Luys
saert et al. 2008, Curtis and Gough 2018, Besnard et al. 2018). Of 
particular note is the deciduous broadleaf forest positioned on a 
nutrient-rich mesic site, which stored > 40% more C in biomass and soils 
than other late successional stands and was the strongest net C sink 
among all (secondary and late successional) stands. In contrast, the 
mixed and pine-dominated late successional stands’ NPP was compa
rable to or lower than that of secondary stands, suggesting that their 
production is plateauing or past peak. This finding can inform the role of 
forestry in promoting C benefits across the region’s managed forest 
landscapes, e.g., by indicating that longer rotation lengths or harvest 
reserves may be more appropriate in mesic deciduous than xeric conif
erous forests (Nave et al., 2017, Ontl et al., 2020). 

Whether the late successional deciduous broadleaf forest continues 
to take up and store large amounts of C will likely depend on the longer- 
term effects of ongoing emerald ash borer and beech bark disease 
(Flower et al. 2013, Morin et al. 2007). Within the past decade, insect 
pests have increased tree mortality and transferred a large fraction of 
trees from live to dead C pools. This is evidenced in the order-of- 
magnitude greater woody debris pool size, which could signal a pro
gressive reduction in live vegetation available to fix carbon (Clark et al. 
2018) and increase respiratory-C from decomposition (Harmon et al. 
2011). Observations in nearby secondary forests suggest compensatory 
C uptake and growth by healthy, live vegetation together with slower- 

Table 3 
Total annual soil respiration (Rs) and total heterotrophic respiration values generated via three different methods: the exponential model method (Rh1), a method 
utilizing a global relationship between total and heterotrophic soil respiration (Rh2), and the Labile carbon method (Rh3), outlined in Giardina and Ryan (2002) and 
described above. The corresponding NEP values generated from these three different methods are displayed as NEP1, NEP2 and NEP3, respectively. Values are divided 
into Dormant Season (D), Growing Season (GS) and Annual (A) values when possible. All metrics are given in units of Mg C ha−1 yr−1, and the 95% upper and lower 
bounds of the models used to generate these metrics are displayed in parentheses.  

Cut and Burn Cut Only 

Stand age (years) 

22 40 66 84 33 

Season D GS A D GS A D GS A D GS A D GS A 
Rs −1.18 −8.9 −10.08 (-35.93, 

0) 
−1.28 −8.03 −9.31 (-21.45, 

−1.65) 
−1.56 −8.23 −9.8 (-25.64, 

0) 
−1.48 −7.88 −9.35 (-21.29, 

−1.39) 
−1.48 −8.15 −9.63 (-24.66, 

−0.54)  

Rh1 −0.9 −3.91 −4.81 (-20, 0) −1.15 −3.79 −4.94 (-12.17, 
−0.14) 

−0.87 −4.36 −5.23 
(-13.75, 0) 

−1.17 −5.78 −6.95 (-15.81, 
−1.01) 

−1.09 −4.03 −5.12 (-13.79, 
−0.03)  

Rh2 −1.1 −4.82 −5.27 (-8.64, 0) −1.17 −4.47 −4.97 (-6.05, 
−0.2) 

−1.35 −4.55 −5.16 (-6.6, 
0) 

−1.3 −4.41 −4.99 (-7.33, 
−0.97) 

−1.3 −4.52 −5.1 (-6.62, 
−0.05)  

Rh3 – – −4.18 (0.5) – – −4.33 (0.32) – – −4.5 (0.38) – – −4.25 (0.2) – – −4.45 (0.16)  

NPP – – 3.86 (0.43) – – 5.1 (0.3) – – 5.33 (0.29) – – 4.96 (0.17) – – 5.23 (0.15)  

NEP1 – – −1.24 (-20.43, 
0.43) 

– – 0.03 (-12.5, 
0.19) 

– – 0.1 (-14.18, 
0.43) 

– – −2.25 (-16.03, 
−0.79) 

– – 0.05 (-13.97, 
0.15)  

NEP2 – – −1.7 (-9.07, 
0.43) 

– – −0.01 (-6.38, 
0.13) 

– – 0.17 (-7.03, 
0.43) 

– – −0.29 (-7.55, 
−0.75)  

– – 0.08 (-6.8, 0.13) 

NEP3 – – −0.62 (0.5) – – 0.63 (0.32) – – 0.83 (0.38) – – 0.45 (0.2) – – 0.72 (0.16)  

Delta C – – – – – 2.3 (5.34) – – 0.82 (3.54) – – 1.19 (3.38) – – –  
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than-expected rates of woody debris decomposition could sustain or 
minimize declines in C uptake and storage (Stuart-Haentjens et al. 2015, 
Schmid et al., 2016, Gough et al. 2021). However, whether similar 
stabilizing mechanisms apply to late successional forests containing 
different and older tree species assemblages and canopy structures is not 
known, and is a focus of ongoing investigation. 

In addition to uncertainty imposed by biotic disturbances, we found 
preliminary evidence that an increase in temperature extremes rather 
than in mean temperature may be gradually eroding the C sink long- 
supplied by forests at our site. Prior meteorological and inventory- 
based estimates of NEP for our secondary aspen forests (Gough et al. 
2007, 2008ab, 2013, 2021) suggest these ecosystems have been modest 
but continuous net C sinks for over a century. The lower, including 
negative, NEP values that we report could be an artifact, associated with 
sensitivity of a highly uncertain flux to the method of derivation (Philips 
et al. 2016). However, our comparison of Rsh derived from half-hourly 
soil temperature distributions in 2004 (Gough et al. 2007) and 
2014–2020 illustrates that relatively small changes in soil microclimate 
can have disproportionately greater effects on respiratory C fluxes, 
which increase exponentially at higher temperatures. In our example, 
soil temperature means were the same between study periods, but a 
greater number of high temperature observations forced an increase in 
Rsh, which, in some cases, sufficiently tipped NEP estimates from C sink 
to source. This subtle but ecologically significant signal of climate 
change is consistent with predictions of greater temperature extremes 
(Seneviratne et al. 2012) and globally rising heterotrophic soil respira
tion (Bond-Lamberty et al. 2018). Whether forests at our site are on the 
cusp of transitioning to stronger C sources, however, remains unclear 
given the uncertainty of our net C balance estimates. What’s more, a 
study published in 2017 at the same sites found significantly lower soil 
temperatures and total soil respiration within the late successional 
reference stands, indicating that continued and consistent examination 
of how these forests may be following different carbon storage trajec
tories is critical in understanding what role they play in the carbon cycle 

(Liebman et al. 2017). This highlights the value of continuous long-term 
observations from multiple independent observational platforms and 
spatial scales (Franklin 1989, Lindenmayer et al. 2012, Lepistӧ et al. 
2014, Giron-Nava et al. 2017). 

Higher than expected in-situ Rsh rates, discrepancies among net C 
balance values (i.e. NEP vs. C increment), and large uncertainties in C 
pools and fluxes underscore several known limitations associated with 
inventory-based C accounting. Elevated, and sometimes impossibly high 
(Rsh > Rs) in situ heterotrophic respiration values resulted in NEP values 
that are much lower than those observed in nearby stands using in
ventory and meteorological tower-based approaches (Gough et al. 2007, 
2008, 2013). With estimated heterotrophic respiration unrealistically 
exceeding total soil respiration in some instances, and overall annual Rh 
values higher than expected given the carbon inputs in this system, it is 
evident that some component of the C cycle is being over- or under
estimated by the methods used. In contrast, mean C increment values of 
1.16 Mg C ha−1 yr−1 in the chronosequence stands are comparable to 
independent estimates of NEP from our site and others in the region 
(Gough et al. 2007, 2008, 2013, Bond-Lamberty et al. 2004). In situ 
estimates of Rsh and Rs, particularly when modeled and scaled, are 
sensitive to anomalous climate, statistical outliers, and over
simplification of a relatively complex ecosystem dynamic. Soil C and 
efflux are highly spatially variable across multiple ecosystem types 
including forests (Conant et al. 2003), and thus high certainty estima
tions of both these features via in situ measurements can be difficult, 
especially when taken over the course of only one calendar year. 
Moreover, while chronosequences provide a uniquely powerful tool for 
examining long-term ecological change through space-for-time substi
tution, caution must be taken when drawing inferences because of the 
lack of true treatment replication, the limited area of manipulation, 
changing environmental and atmospheric conditions over time, and 
potentially co-varying and thus confounding site and treatment factors 
(Bond-Lamberty et al. 2004). For example, our relatively small treat
ment areas (~1 ha) did not replicate the large spatial extent of the 

Cut Only LS stands 

Stand age (years) 

48 68 109 DBF ENF MIX 

D GS A D GS A D GS A D GS A D GS A D GS A 
−1.43 −8.09 −9.51 

(–23.3, 
−0.95) 

−1.33 −9.2211 −10.55 
(–23.41, 
−2.36) 

−1.18 −8.46 −9.64 
(-27.13, 
−0.43) 

−1.52 −7.08 −8.6 
(-28.69, 0) 

−2.35 −8.16 −10.52 
(-26.75, 
−0.55) 

−1.79 −7.73 −9.52 
(-28.38, 0) 

−1.33 −4.18 −5.5 
(-14.3, 0) 

−0.78 −3.80834 −4.59 
(-10.54, 
−0.65) 

−0.89 −4.13 −5.02 
(-14.74, 0) 

−1.31 −4.99 −6.3 
(–22.42, 0) 

−1.27 −4.43 −5.7 
(-14.42, 
−0.24) 

−1.56 −4.77 −6.33 
(-19.68, 0) 

−1.27 −4.49 −5.04 
(-6.81, 0) 

−1.2 −4.94459 −5.46 
(-5.45, 
−0.62) 

−1.1 −4.64 −5.1 
(-6.96, 0) 

−1.33 −4.08 −4.68 
(-9.28, 0) 

−1.83 −4.52 −5.44 
(-6.85, 
−0.3) 

−1.5 −4.35 −5.06 
(-8.6, 0) 

– – −4.06 
(0.17) 

– – −4.9 (0.83) – – −4.9 
(0.27) 

– – −4.31 
(0.49) 

– – – – – −4.55 
(0.34) 

– – 4.7 (0.16) – – 6.04 (0.62) – – 5.69 (0.23) – – 6.53 (0.46) – – – – – 4.4 (0.3)  

– – −0.8 
(-14.5, 
0.2) 

– – 1.38 
(-11.18, 
−0.01) 

– – 0.53 
(-15.07, 
0.33) 

– – 0.23 
(–22.89, 
0.47) 

– – −3.18 (NA, 
NA) 

– – −1.93 
(-20.22, 
0.54) 

– – −0.34 
(-7.01, 
0.2) 

– – 0.51 (-6.09, 
0.02) 

– – 0.44 
(-7.29, 
0.33) 

– – 1.85 
(-9.75, 
0.47) 

– – −2.91 (NA, 
NA) 

– – −0.66 
(-9.14, 
0.54) 

– – 0.65 
(0.17) 

– – 1.07 (0.83) – – 0.64 (0.27) – – 2.22 (0.49) – – – – – −0.15 
(0.34) 

– – 1.35 (4.3) – – 0.73 (4.49) – – 0.59 (3.62) – – – – – – – – –  
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region-wide clear-cut harvesting and fires that occurred in the early 20th 
century and, therefore, our stands were more likely influenced by 
microclimatic and seed-tree edge effects than larger contiguous distur
bances. Our in situ Rsh estimates, derived from deep collar trenching, 
may have underrepresented the effects of root exudates and mycorrhizal 
production (Bond-Lamberty et al. 2011). Given our anomalously high in 
situ Rsh values, future work will incorporate alternate estimates of this 
highly uncertain flux, derived from continuous soil C flux measurements 
and further constrained by independent meteorological-tower based 
estimates of ecosystem respiration. 

5. Conclusion 

We conclude that that the successional dynamics and extent of re
covery of C pools and fluxes are similar for clear-cut, and clear-cut and 
burned aspen-dominated forests included in our study, a forest type that 
is broadly represented in the upper Great Lakes region (Nave et al. 
2017). Moreover, these regrown forests are approaching or have already 
reached the C cycling status of late-successional forests on the same 
landscape. Our findings provide a useful data point for an underrepre
sented ecosystem in which fire extent peaked over a century ago, rather 
than in recent years. Our results have important management implica
tions for the region’s forests, demonstrating that fire on aspen-dense 
Great Lakes landscapes impose few lasting effects on C pools and 
fluxes. If such biogeochemical effects of disturbance are short-lived 
(White et al. 2004, Gough et al. 2007, Nave et al. 2019), increased fire 
frequency in the region (Moritz et al. 2012) may not be detrimental to 
the future C storage of aspen-dominated forests, but whether such fire 
tolerance extends to the region’s forests with few fire-adapted species is 
not guaranteed and, in fact, may be unlikely (Johnstone et al. 2016). 
However, our findings also provide a glimpse into a potential future in 
which elevated soil C emissions resulting from more abundant temper
ature extremes overrides the beneficial effects of sustained high NPP, 
thereby diminishing the C sink status of the region’s forests. While 
model analysis from our site suggests C cycling recovery is highly 
dependent upon climate (Dorheim et al. 2022), continued field obser
vations are necessary to evaluate and interpret interactions between 

climate, disturbance, and succession, and to develop informed adaptive 
C management strategies. 

Data and code availability: Data and code available at https://portal. 
edirepository.org/nis/mapbrowse?scope=edi&identifier=243. 
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Fig. 3. Total net primary production (NPP) in the Cut Only and Cut and Burn 
chronosequences and the late successional stands. Linear trendlines for each 
chronosequence are presented when significant, and letters denote significant 
pairwise differences among late successional stands and the oldest representa
tive chronosequence stands (α = 0.05). “ns”– not significant (in either temporal 
or pairwise comparisons), DBF–Deciduous broadleaf forest and MIX–Mixed 
deciduous-evergreen forest. Dotted lines highlight stand connectivity within 
each chronosequence when no statistical trend is found. 

Fig. 4. Total (Rs) and Heterotrophic soil respiration (Rsh) in Cut Only and Cut 
and Burn chronosequences and late successional stands (Deciduous Broadleaf 
Forest, ENF = Evergreen Needle-Leaf Forest, MIX = Deciduous Broadleaf and 
Evergreen Needle-Leaf Forest), using the exponential method (3a), global total: 
heterotrophic soil respiration ratio (3b), and mass balance approach (3c). 
Linear trendlines are presented when significant (black = Cut and Burn 
trendline, gray = Cut Only trendline), and letters denote significant pairwise 
differences among late successional stands and the oldest representative chro
nosequence stands (α = 0.05). “ns” – not significant (in either temporal or 
pairwise comparisons. Dotted lines highlight stand connectivity within each 
chronosequence when no statistical trend is found. Error around points dis
played in Table 3. Line drawn at −5 to allow for cross Rh method comparison. 
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Fig. 6. The half-hourly soil temperature distribution for Gough et al. (2007, 
Year = 2004) and this paper manuscript (2014–2021) (a), along with their 
influence on scaled 5 ◦C Rs increments (b). (For interpretation of the references 
to colour in this figure legend, the reader is referred to the web version of 
this article.) 

Fig. 5. Net ecosystem production estimates generated via three different Rsh 
modeling approaches in the chronosequence (22 to 109 years old) and late 
successional plots (DBF = Deciduous Broadleaf Forest, MIX = Deciduous 
Broadleaf and Evergreen Needle-Leaf Forest). “ns” denotes non-significance in 
pairwise comparisons between old chronosequence stands and late successional 
stands, as well as non-significance in temporal trends in the chronosequence. 
NEP data are not reported for the ENF stand due to the lack of Fine Root data. 
“ns” denotes non-significance in pairwise comparisons between old chronose
quence stands and late successional stands, as well as non-significance in 
temporal trends in the chronosequence. For illustrative clarity, we omit error 
bars and refer readers to Table 2. 
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Grace, J., 2008. Old-growth forests as global carbon sinks. Nature 455 (7210), 
213–215. https://doi.org/10.1038/nature07276. 

Ma, W., Domke, G.M., Woodall, C.W., D’Amato, A.W., 2019. Land use changes, 
disturbances, and their interactions on future forest aboveground biomass dynamics 
in the Northern US. Forests 10 (7), 606. https://doi.org/10.3390/F10070606. 

Malamud, B.D., Millington, J.D.A., Perry, G.L.W., 2005. Characterizing wildfire regimes 
in the United States. Proc. Natl. Acad. Sci. 102 (13), 4694–4699. https://doi.org/ 
10.1073/PNAS.0500880102. 

Marra, J.L., Edmonds, R.L., 1994. Coarse woody debris and forest floor respiration in an 
old-growth coniferous forest on the Olympic Peninsula, Washington, USA. Can. J. 
For. Res. 24 (9), 1811–1817. https://doi.org/10.1139/x94-234. 

Morin, R.S., Liebhold, A.M., Tobin, P.C., Gottschalk, K.W., Luzader, E., 2007. Spread of 
beech bark disease in the eastern United States and its relationship to regional forest 
composition. Can. J. For. Res. 37 (4), 726–736. 

Moritz, M.A., Parisien, M.-A., Batllori, E., Krawchuk, M.A., van Dorn, J., Ganz, D.J., 
Hayhoe, K., Moritz, M.A., Parisien, M.-A., Batllori, E., Krawchuk, M.A., van Dorn, J., 
Ganz, D.J., Hayhoe, K., 2012. Climate change and disruptions to global fire activity. 
Ecosphere 3 (6), 1–22. https://doi.org/10.1890/ES11-00345.1. 

Nave, L.E., Vance, E.D., Swanston, C.W., Curtis, P.S., 2009. Impacts of elevated N inputs 
on north temperate forest soil C storage, C/N, and net N-mineralization. Geoderma 
153 (1–2), 231–240. https://doi.org/10.1016/j.geoderma.2009.08.012. 

Nave, L.E., Vance, E.D., Swanston, C.W., Curtis, P.S., 2010. Harvest impacts on soil 
carbon storage in temperate forests. For. Ecol. Manage. 259 (5), 857–866. https:// 
doi.org/10.1016/J.FORECO.2009.12.009. 

Nave, L.E., Gough, C.M., Maurer, K.D., Bohrer, G., Hardiman, B.S., Le Moine, J., 
Munoz, A.B., Nadelhoffer, K.J., Sparks, J.P., Strahm, B.D., Vogel, C.S., Curtis, P.S., 
2011. Disturbance and the resilience of coupled carbon and nitrogen cycling in a 
north temperate forest. J. Geophys. Res. Biogeosci. 116 (4), 4016. https://doi.org/ 
10.1029/2011JG001758. 

Nave, L.E., Gough, C.M., Perry, C.H., Hofmeister, K.L., le Moine, J.M., Domke, G.M., 
Swanston, C.W., Nadelhoffer, K.J., 2017. Physiographic factors underlie rates of 
biomass production during succession in Great Lakes forest landscapes. For. Ecol. 
Manage. 397, 157–173. https://doi.org/10.1016/J.FORECO.2017.04.040. 

Nave, L.E., le Moine, J.M., Gough, C.M., Nadelhoffer, K.J., 2019. Multidecadal 
trajectories of soil chemistry and nutrient availability following cutting vs. Burning 
disturbances in upper great lakes forests. Can. J. For. Res. 49 (7), 731–742. https:// 
doi.org/10.1139/CJFR-2018-0211/SUPPL_FILE/CJFR-2018-0211SUPPLA.DOCX. 

Ontl, T.A., Janowiak, M.K., Swanston, C.W., Daley, J., Handler, S., Cornett, M., 
Hagenbuch, S., Handrick, C., McCarthy, L., Patch, N., 2020. Forest Management for 
Carbon Sequestration and Climate Adaptation. J. Forest. 118 (1), 86–101. https:// 
doi.org/10.1093/JOFORE/FVZ062. 

Pan, Y., Birdsey, R.A., Phillips, O.L., Jackson, R.B., 2013. The Structure, Distribution, and 
Biomass of the World’s Forests. https://doi.org/10.1146/ANNUREV-ECOLSYS- 
110512-135914. 

Perala, D.A., Alban, D.H., 1993. Allometric biomass estimators for aspen-dominated 
ecosystems in the Upper Great Lakes. US Department of Agriculture Forest Service 
Research Paper, NC-134, 38. https://doi.org/10.2737/NC-RP-314. 

Pastorello, G., Trotta, C., Canfora, E., Chu, H., Christianson, D., Cheah, Y.-W., 
Poindexter, C., Chen, J., Elbashandy, A., Humphrey, M., Isaac, P., Polidori, D., 
Reichstein, M., Ribeca, A., van Ingen, C., Vuichard, N., Zhang, L., Amiro, B., 
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