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A B S T R A C T   

A significant portion of urban litter is plastic which contaminates the environment and threatens ecological 
safety. The conversion of plastic litter into small fragments called microplastics (MPs) intensifies their critical 
risks by facilitating their transport and altering their physicochemical features. This study focuses on low density 
polyethylene (LDPE) and polyethylene terephthalate (PET) as the main components of urban litter. The pho
todegradation of LDPE and PET MPs due to the accelerated weathering experiments is investigated through 
surface chemistry and morphology analysis. The influence of MPs’ photodegradation on their fragmentation 
behavior is evaluated through the innovative accelerated mechanical weathering experiments that simulated the 
abrasion of MPs with the road deposits. Furthermore, the role of MPs as the vehicles to transport the heavy 
metals from the urban environment to the water resources is evaluated by studying the kinetics of lead (Pb) 
uptake by new and weathered MPs in synthetic stormwater. The surface morphology investigation revealed the 
formation of crazes and the crack networks onto the MPs due to the weathering experiments. The surface 
chemistry analysis revealed the generation of several oxidized carbon surface functional groups onto the pho
todegraded MPs and their increased susceptibility to fragmentation due to the abrasion with the road deposits. 
The photodegradation increased the Pb accumulation onto the LDPE and PET MPs from 467 μg/m2 and 21 μg/m2 

to 2290 μg/m2 and 725 μg/m2, after five days of metal exposure. The fundamental knowledge developed in this 
research provides a better conceptual understanding of the mechanisms controlling MPs persistence and 
contaminant transport within the urban environment, which is crucial to estimate their negative impacts on the 
ecosystem.   

1. Introduction 

Littering within the urban area is a global problem with aesthetic, 
economical, and environmental impacts (Schultz et al., 2013). It was 
estimated to have around 50 billion of litter pieces around the roadways 
and water ways in the U.S., which counts as 152 pieces of litter per each 
U.S. resident (Scott et al., 2020). A significant portion of this litter is 
plastic, which unlike the food scrape and paper wraps dose not 
decompose readily and rapidly. This is alarming as plastic production 
has grown rapidly from 1.5 million tons annually in 1945 to 359 million 
tons in 2019 (Lundquist et al., 2000). Moreover, the COVID-19 
pandemic and the urgent need for disposable personal hygiene prod
ucts and disposable supplies has intensified the plastic pollution 

problem (Tesfaldet et al., 2022). Due to COVID-19 pandemic, the per
sonal protective equipment (PPE) demand increased worldwide (Shams 
et al., 2021; Abdolazimi et al., 2021). For instance, in the U.S., the 
estimated monthly demand for face masks has raised to 129 billion 
(Patrício Silva et al., 2021). Furthermore, the U.S., medical plastic waste 
increased by six-folds to 8.85 million tons at the end of 2020 (Shams 
et al., 2021). 

Plastic litter exposure to the external mechanical forces within the 
urban environment such as vehicles passing the litters, entanglement to 
the trees/plants or urban structures, and stresses caused by the wind 
action may result in their conversion to the small fragments called 
microplastics (MPs). The MPs smaller size compared to the original litter 
could facilitate their transport via wind or storm runoff. Thus, rather 
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than potential risk toward the terrestrial ecosystem, they can impact the 
aquatic systems or expose the human through inhalation and ingestion 
(Wright and Kelly, 2017). The literature suggests that stormwater from 
urban areas and highways is among the major routes conveying MPs 
from land sources to surface waters (Piñon-Colin et al., 2020). Storm
water retention ponds have been reported as hotspots for MPs accu
mulation and their critical role in transporting MPs to the aquatic 
environment (Liu et al., 2019). The presence of MPs in urban storm 
runoff threatens the aquatic environment and endangers human health 
(Dehghani et al., 2017). Rather than physical threats caused by the MPs, 
they can release toxic chemicals and accumulate other contaminants 
(Devriese et al., 2017). Having the water shortage crises growing 
worldwide, it’s critical to protect the safety of our freshwater resources 
(Salehi, 2022). 

The MPs exposure to solar radiation as they are left within the urban 
environment could alter their physiochemical characteristics and their 
subsequent fragmentation behavior. A growing number of studies have 
been conducted to quantify the MPs fragmentation under different 
environmental conditions (Chubarenko et al., 2020; Lambert and Wag
ner, 2016; Enfrin et al., 2020). Song et al. (2017) studied combined ef
fect of UV and mechanical degradation of low-density polyethylene 
(LDPE), polypropylene (PP), and expanded polystyrene (EPS) within the 
simulated beach environment (Song et al., 2017). Julienne et al., 2019 
studied fragmentation of LDPE film due to photodegradation in air and 
water (Julienne et al., 2019). Chubarenko et al. (2020) examined frag
mentation behavior of sinking polystyrene (PS), flexible LDPE, foamed 
PS, and buoyant PP simulating sea swash region with natural beach 
sediments (Chubarenko et al., 2020). Mechanical degradation is critical 
as it influences the fragmentations of MPs to smaller fractions and im
pacts their sinking and buoyancy behavior (Kowalski et al., 2016). 
Several studies have reported accumulation of MPs within the road 
deposits (Vogelsang et al., 2018; Su et al., 2020), however, the extent of 
MPs fragmentation due to the abrasion by the silt and sand particles 
present within the road deposit is still unknown. The MPs present within 
the road deposits around the roadways and water ways could be trans
ported via stormwater runoff to the water resources (Ballent et al., 
2016). MPs environmental degradation may impact the propensity of 
MPs to accumulate contaminants and transport them over long distances 
(Holmes et al., 2012). Our recent study revealed an increased Pb accu
mulation onto the low density polyethylene (LDPE) pellets that were 
aged by ozonation compared to the new LDPE pellets (Huang et al., 
2020; Salehi et al., 2018). The literature has reported elevated concen
tration of heavy metals such as Ni, Cu, Pb, Zn on parking lots and paved 
roads due to the vehicle emissions (Geronimo et al., 2014). On the other 
hand, lots of plastic fragments may also be found within this area due to 
the common plastic littering. The stormwater could wash off both these 
contaminant and transport them to the surrounding water resources 
(Salehi et al., 2020), despite a significant literature on marine environ
ment, a very limited understanding is available on the interaction of new 
and weathered MPs with heavy metals in stormwater. In this study lead 
(Pb) was selected as a model heavy metal due to its significant health 
impacts and toxicity toward the aquatic organisms (DeSimone et al., 
2020). 

This study aims to better understand the fate and contaminant 
transport behavior of plastic litter within the urban environment. The 
specific objectives are to (1) Investigate the degree of surface chemistry, 
and morphology changes of LDPE and PET MPs due to the photo
degradation, (2) Examine the influence of MPs’ photodegradation on 
their fragmentation behavior due to their simulated abrasion with the 
road deposits, and (3) Investigate the critical role of MPs weathering on 
their Pb uptake in stormwater. LDPE and PET were selected as they are 
two of the most common manufactured non-biodegradable thermo
plastics in the world, widely used as disposable plastic bags and 
beverage bottles (Martín et al., 2017; Aghilinasrollahabadi et al., 2020). 
This research particularly targets the plastic pollutants within the urban 
environment and customizes the fragmentation investigations to 

simulate the conditions where microplastics are abraded with the sedi
ments present within the road deposits. Linking the MPs’ photo
degradation to their heavy metals transport within the storm runoff is 
another innovative aspect of this research that underscores the potential 
environmental risks associated with plastic pollution within the urban 
environment. 

2. Experimental 

2.1. Materials 

The LDPE and PET films (thickness 0.01 cm) were purchased from 
McMaster-Carr, USA. The Lead (Pb) ICP-MS standard (1000 mg/L in 3% 
nitric acid) was purchased from RICCA Chemical Company (Arlington, 
TX, USA). Sodium Chloride (NaCl), Zinc Chloride (ZnCl2), and Nile Red 
were purchased from Fisher Scientific (Waltham, MA, USA). Whatman 
No. 1 filter paper of pore size 1.2 μm and 11 μm were purchased online 
from Cole-Parmer, USA. Ultrapure Milli-Q™ (18 MΩ*cm) treated water 
was used for conducting all the experiments. The particle size for the 
sand used for mechanical fragmentation varied between 425 μm and 
1000 μm. The sand was pretreated before the experiments, as described 
elsewhere (Aghilinasrollahabadi et al., 2020). 

2.2. Accelerated degradation experiments 

The QUV accelerated weathering tester (Model: QUV, Serial No.: 84- 
2132-27, Volts: 120, Hz: 60, Watts: 1200, The Q-Panel Company, Ohio, 
USA) was utilized for the accelerated photodegradation experiments. 
Ultraviolet B (UVB) radiation extends from around 280 nm–315 nm 
wavelength within the UV spectrum. The UVB bulbs with wavelength 
313 nm were used to accelerate the degradation of the plastic films as 
this radiation wavelength simulates the UVB radiation of the sunlight. 
More information is provided in SI-1. For accelerated mechanical 
degradation experiments, 10 g of sand was added to 250 mL of an amber 
glass bottle containing a single 0.5 cm × 0.5 cm square-sized LDPE or 
PET MPs sample. An Amber glass bottle was used to prevent further 
photo exposure to the MPs. Three replicates were used for each condi
tion. The bottles were shaken by a Lab-Line Orbital Shaker (Lab-line 
Instruments Inc.) for 28 days at 200 rpm at room temperature. 

2.3. Quantification of plastic fragments 

The plastic fragments generated by accelerated mechanical degra
dation of LDPE and PET samples were separated from the sand by 
floating in a NaCl solution (density of 1.2 g/cm3) (Song et al., 2017) and 
ZnCl2 solution (density of 1.5–1.7 g/cm3), respectively (Imhof et al., 
2012). Fragmented MPs were filtered using filter paper (pore size of 1.2 
μm) and stained with Nile Red solution (5 mg/L Nile Red in hexane) on 
the filter paper. The fluorescence microscope was a Nikon A1R laser 
confocal scanning fluorescence microscope with 488 nm excitation and 
568 nm solid-state lasers for emission and photomultiplier tubes (PMT) 
to collect emitted light. The images were analyzed with the ImageJ 
(version, 1.53a) software to count the number of fragmented MPs. The 
MPs quantification method utilized in this research was able to quantify 
the MPs with the size range of 10 μm–120 μm. More information 
regarding the quantification and control samples is provided in SI-2. 

2.4. Surface chemistry characterizations 

The surface chemistry characterization was conducted for photo
degraded MPs. The ATR-FTIR transmission spectra were recorded using 
a PerkinElmer Universal Attenuated Total Reflectance Fourier transform 
infrared spectroscopy (ATR-FTIR) spectrophotometer from 4000 to 650 
cm−1 with a 4 cm−1 resolution. The degree of photodegradation of LDPE 
films was evaluated by determining the presence of carbonyl (C––O) and 
vinyl (CH2––CH2) groups at the wavenumbers of 1715 cm−1 and 909 
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cm−1, respectively. On the other hand, photodegradation of PET was 
determined from the comparative spectra and carboxyl index (CXI). The 
carbonyl index (CI), vinyl index (VI) and CXI were calculated as 
described in SI-3. The X-ray photoelectron spectroscopy (XPS) mea
surements of photodegraded LDPE and PET were performed using a 
Thermo Scientific Spectrometer XPS equipped with a monochromatic Al 
Kα radiation (hʋ = 1486.6 eV) with an X-ray source operating power of 
75 W at 12 kV. More information is provided in SI-3. The surface 
wettability alterations of the MPs due to the photodegradation were 
characterized by the water contact angle measurements. The Biolin 
Scientific Attention Tetha attached with Vivitar lenses was used to 
measure the water contact angles. LDPE and PET MP samples were 
mounted on a glass slide with double-sided clear tape. The water was 
used as a sessile drop, and it was Millipore grade with pH 7.0. For all the 
measurements three replicates were used. 

2.5. Surface morphology characterizations 

The Field Emission Scanning Electron Microscopy (FE-SEM) imaging 
was employed to evaluate the surface morphology of MPs due to the 
photo and mechanical degradations. An FEI Nova NanoSEM 650 
attached with Oxford X-MaxN Silicon Drift detector was used at 10 kV 
with uniform 2500 × magnification. More information is provided in SI- 
4. The alterations of MPs’ surface roughness due to the photo
degradation were examined using an Atomic Force Microscopy (AFM 
Workshop, TT-AFM). The scanning rate was 0.5 Hz with tapping mode 
and a silicon probe was used with a constant force of 58 N/m on a scan 
area of 25 μm2 for a sample at room temperature. The average roughness 
(nm), Rav was calculated using Equation (1) (Aghilinasrollahabadi et al., 
2020) where N defines the number of observed heights (nm), Zi is the 
corresponding height (nm), and Z defines the average height (nm). 

Rav =
∑N

i=1

|Zi − Z|

N
(1)  

2.6. Lead exposure experiments and kinetics modeling 

The new and 48 d photodegraded LDPE and PET MPs were exposed 
to Pb solution at pH = 7.0, using synthetic stormwater in the 50 mL 
polytetrafluoroethylene (PTFE) bottles. The chemical composition of the 
synthetic stormwater is listed in Table SI-1 (Aghilinasrollahabadi et al., 
2020). Kinetic experiments were conducted exposing MPs to 300 μg/L 
Pb solution for six (2, 6, 12, 24, 48, and 120 h) time intervals at 21.6 ±

1 ◦C. Eight MPs were added to a 12 mL of Pb solution (surface/volume 
ratio of 1:3 cm2/mL) in a 50 mL PTFE bottle and three replicates were 
used for each sample (each time interval). The MPs were removed from 
the exposed solutions with tweezers at different time intervals and 
digested in 10 mL of 2% nitric acid for at least 24 h. Only for few of the 
bottles, the 48 d photodegraded LDPE MPs were broken into smaller 
pieces, in which they were separated using the 11 μm pore size filter 
paper. However, for reporting the metal accumulation data it was 
assumed that surface area was constant through the experiments. The 
kinetics of Pb adsorption onto the new and photodegraded LDPE and 
PET MPs were examined through pseudo 1st and 2nd order kinetics 
models. The pseudo 1st order kinetics model best describes the physical 
adsorption, however, the pseudo 2nd order kinetics model best describes 
the adsorption process where chemical association occurs between ad
sorbents and adsorbate species (Ahamed et al., 2020). Information 
regarding the Pb quantification and statistical analysis is provided in 
SI-6 and SI-7, respectively. 

3. Results and discussions 

3.1. Surface chemistry alterations of MPs due to the photodegradation 

(A) ATR-FTIR spectroscopy: The ATR-FTIR spectra of new LDPE 
MPs demonstrated the asymmetric and symmetric bands of C–H 
stretching at 2915 and 2845 cm−1, respectively. The asymmetric and 
symmetric bending vibrations of CH2 appeared at 1467 and 1462 cm−1. 
The peaks due to the bending vibrations of CH3 and rocking vibrations of 
CH2 appeared at 1377 cm−1 and 730 cm−1, respectively (Fig. 1) 
(Babaghayou et al., 2016). The new peaks appeared at 1715 cm−1 and 
909 cm−1, representing the carbonyl (C––O) and vinyl (CH––CH) 
groups, for LDPE MPs after UVB irradiation for 21 d and 48 d (Martí
nez-Romo et al., 2015). The carbonyl and vinyl indices for new LDPE 
MPs were increased from 0.0 to 1.9 and from 0.1 to 1.1, respectively, 
after 21 d of UVB radiation. The 48 d of UVB exposure has increased the 
carbonyl index to 2.91 and vinyl index to 1.92. Our results were 
confirmed by prior studies that reported increased carbonyl and vinyl 
indices with exposure time for LDPE films exposed to sunlight up to 21 
months (Babaghayou et al., 2016; Chabira et al., 2008). 

The photodegradation of LDPE initiates by absorbing the UV radia
tion due to the chromophoric defects present in the polymer structure. 
The UVB radiation (wavelength 360-280 nm with a peak at 313 nm) has 
sufficient energy (90.86–102.11 kcal/mol) to break down the chemical 
bonds in LDPE (e.g., C–C → 77–83 kcal/mol; C–H → 94–99 kcal/mol) 

Fig. 1. ATR-FTIR spectra of new, 21 d, and 48 d UVB exposed LDPE MPs.  
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(Rånby, 1989; Pickett et al., 2008). Thus, the hydrogen abstraction may 
occur following the UV absorbance, which leads to the formation of 
radicals, intermediate hydroperoxide products, and finally, the carbonyl 
groups (Krehula et al., 2014). Additional UV exposure causes the 
carbonyl functional groups to follow the Norrish type I and/or Norrish 
type II reactions which leads to the chain scission. In the Norrish type I 
reaction, the chain scission is caused by the cleavage of a C–C bond 
which results in the formation of two free radicals to be reacted and 
create the fragments of the polymer chain. The Norrish type II reaction 
also causes the chain scission by forming vinyl groups and diradical 
moiety within the chain (Singh and Sharma, 2008). 

The ATR-FTIR spectra of new and photodegraded PET MPs are 
shown in Fig. 2. The main peaks of the new PET MPs appeared at 1713 
cm−1 and 1370 cm−1, representing the carbonyl (C––O) and gauche 
wagging CH2, respectively. The trans wagging CH2 and aromatic ether 
(C–O) were found at 1340 cm−1 and 1241 cm−1. The bands that 
appeared at 1094 cm−1, 870 cm−1, and 720 cm−1 demonstrated the 
aliphatic ether (C–O), aromatic out of plane wagging C–H, and aromatic 
in-phase wagging C–H, respectively (Ioakeimidis et al., 2016). 
Decreasing the intensity of all characteristic peaks of PET MPs (except 
gauche wagging CH2) due to the UVB radiation indicates the possible 
photodegradation of this polymer (Lee et al., 2012). This result is 

confirmed by other studies which reported decreasing the peak intensity 
for carbonyl or ketone, aromatic ether, aliphatic ether, aromatic out of 
the plane, and in-phase wagging C–H, due to the photodegradation of 
PET bottles in the marine environment (Ioakeimidis et al., 2016). As 
reported in the literature, the carboxyl end groups are forming due to the 
photodegradation of PET (Blais et al., 1973), thus, further information 
regarding the extent of PET photodegradation can be inferred from the 
magnitude of the carboxyl index (CXI). The carboxyl end groups are 
expediting further degradation of PET (Fechine et al., 2002). The 21 
d UVB radiation of PET MPs increased the carboxyl index for the new 
PET MPs from 0.67 to 0.71. Additional exposure to UVB radiation (up to 
48 d) increased CXI to 0.78. The CXI value increased from 56.1% to 
73.2% after 21 and 48 days, respectively, of UVB exposed compared to 
the new PET. The broad peak appeared approximately from 3650 to 
2150 cm−1 on ATR-FTIR spectra of 48 d UVB irradiated PET MPs can be 
assigned to the –OH vibration of the –COOH functions in carboxylic acid 
end groups that were generated by further degradation and chain scis
sion of PET (Fechine et al., 2004; Rodriguez et al., 2020). The literature 
suggested the Norrish Type II pathway for photodegradation of PET in 
the air (Blais et al., 1973; Fechine et al., 2004). In this process, hydrogen 
abstraction occurs and results in the generation of initial radicals. Then 
hydroxyl and alkoxy radicals are being generated through photolysis of 

Fig. 2. ATR-FTIR spectra of new, 21 d, and 48 d photodegraded PET MPs.  

Fig. 3. Water contact angle analysis of new and UVB exposed LDPE and PET MPs.  
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hydroperoxides. These hydroxyl radicals substitute in the phenylene 
ring to generate the monohydroxy terephthalate groups in the polymeric 
chain (Day and Wiles, 1972). The schematics of photodegradation pro
cesses for LDPE and PET are shown in Schematic SI-1 and Schematic 
SI-2. 

(B) XPS analysis: The XPS survey spectra and high-resolution C 1s 
spectra for new and UVB exposed LDPE and PET MPs are shown in 
Figure SI-1 and Figure SI-2, respectively. For both polymers, the C1s 
peak at 284.6–284.7 eV was the dominant feature associated with the 
LDPE and PET chemical structures (Salehi et al., 2018). The O 1s peak 
for both new LDPE and PET samples was found at 532.1–534.1 eV 
binding energy (Herath et al., 2022). The O 1s peaks for the new LDPE 
and PET MPs could be due to their intrinsic surface oxidation (Salehi 
et al., 2018). As expected, the percentage of oxygen for photodegraded 
LDPE and PET samples was greater compared to the new samples, 
confirming their photooxidations due to the UVB exposure. The ratios of 
oxygen to carbon (O/C) and oxidized carbon to unoxidized carbon 
(Cox/Cunox) demonstrate an ascending trend of oxygen content with 
increasing the duration of UVB exposure for both LDPE and PET MPs 
(Table SI-2). Analyzing the C 1s spectra revealed four types of oxidation 
states for carbon including C–C, C–O, C––O, and O–C––O for both 21 
d and 48 d UVB exposed LDPE MPs. On the other hand, for the new, 21 
d and 48 d UVB exposed PET MPs, three types of oxidation states were 
found for carbon as C–C, C–O, and O–C––O (Nand et al., 2012). Car
boxylic (O–C––O) end groups could be generated on the PET surface 
through the Norrish Type II reactions where an intramolecular 
γ-hydrogen abstraction occurred creating a cyclic intermediate resulting 
from the polymer chain scission (Hurley and Leggett, 2009). The oxygen 
content on the surface of the PET MPs has increased with the increased 
duration of UVB exposure as the generated radicals reacted further with 
the surrounding atmospheric oxygen (Hurley and Leggett, 2009). 

(C) Water contact angle analysis: Significant reductions of water 
contact angles were found for both LDPE and PET MPs due to the pho
todegradation (Fig. 3). The water contact angle for new LDPE MPs was 
reduced by 31% (from 91◦ to 63◦) due to 48 d of UVB exposure. The 
water contact angle for new PET MPs was reduced by 44% (from 84◦ to 
47◦) due to 48 d of UVB exposure. The reduction in the water contact 
angles for LDPE MPs, compared to their new MPs, after 7 d, 14 d, and 21 
d of UVB exposure were 4%, 16%, and 29%, respectively. Similarly, the 
water contact angles were reduced by 11%, 36%, and 37% for the PET 
MPs, after the same UVB exposure durations. Thus, increased duration of 
photodegradation promoted hydrophilicity for the two studied MPs. 
Generally, the surface wettability increases with increasing the surface 
roughness and developing the polar surface functional groups. The AFM 
analysis conducted in this study revealed the greater surface roughness 
of MPs with an increased duration of UVB exposure. The increased po
larity of LDPE and PET MPs could be due to the formation of oxidized 
carbon and hydroxyl surface functional groups due to the UVB exposure 
as confirmed by ATR-FTIR spectroscopy (Holmes-Farley et al., 1988). 

3.2. Surface morphology alterations of MPs due to the degradation 
experiments 

(A) FE-SEM Imaging: The visual observations revealed opaque 
appearance for LDPE MPs and discoloration of clear PET MPs to 
yellowish as early as seven days of the UVB exposure. The FE-SEM im
ages demonstrated the alteration of the smooth, homogenous, and 
compact surfaces of new LDPE and PET MPs, to the nonhomogeneous 
and rough surfaces after 48 d of UVB exposure (Fig. 4). Wrinkles and 
flakes were identified on the surface of LDPE and PET MPs after the 48 
d of UVB exposure. This result of LDPE MPs is confirmed by Ranjan and 
Goel (2019) they reported an increased surface roughness and flakes 
formation on the LDPE surface after 30 d of UVB exposure (Ranjan and 
Goel, 2019). Other studies showed that the photodegradation of PET 
occurs by developing hydroperoxides, which produce free radicals to 
initiate degradation and contributes to surface roughnes (Feller, 1994; 

Ferreira et al., 2021). Subsequent exposure of our 48 d photodegraded 
LDPE and PET MPs to the mechanical forces applied for 28 d through 
abrasion with sand particles resulted in creating network of cracks and 
granular texture on the surface of both MPs, however, the cracks on 
LDPE surfaces were wider and deeper than those on the PET MPs. The 
granular texture was generated mainly through sand/silt accumulated 
onto the plastic surfaces after the subsequent mechanical abrasion. As 
discussed in our recent study, during the accelerated mechanical 
degradation experiments, the sharp edge of sand/silt particles could 
abrade the plastic surface and create the resting space for penetration 
and further accumulation of smaller silt particles onto the MPs surface 
(Aghilinasrollahabadi et al., 2020). However, the lower hardness and 
greater plasticity of LDPE MPs (41–46 D) compared to the PET MPs (84 
D) promoted its deformation by the sand/silt particles and enhanced the 
silt accumulation onto its surface (Aghilinasrollahabadi et al., 2020). 
The study conducted by Gewert et al. (2015) confirmed similar surface 
morphology alterations for LDPE and PET plastics those were degraded 
in natural solar radiation and under natural mechanical forces, where 
the LDPE plastics were found more brittle, degraded, and fragmented 
than PET samples (Gewert et al., 2015). Therefore, though both the 
polymer MPs were exposed to the similar duration of UVB exposure 
before subsequent mechanical abrasion, the LDPE MPs became more 
brittle than PET MPs, as reported by the previous studies (Iñiguez et al., 
2018; Miranda et al., 2021), thus, LDPE MPs showed greater morpho
logical changes than PET MPs after similar duration of subsequent me
chanical degradation. 

(B) Atomic Force Microscopy (AFM) analysis: The AFM analysis 
also confirmed the increases in surface roughness of LDPE and PET MPs 
with an increased duration of UVB exposure. Figure SI-3 shows the slight 
increases in surface roughness of photodegraded LDPE and PET MPs 
compared to their new MPs. After 21 d of UVB exposure, the surface 
roughness of new LDPE and PET MPs was increased from 30.3 to 35.6 
nm and from 1.9 to 2.1 nm, respectively. However, after 48 d of UVB 
exposure, the surface roughness of LDPE and PET MPs were increased to 
52.20 nm and 7.00 nm, respectively (Figure SI-3). The FE-SEM images 
confirmed this finding by demonstrating the generation of nonhomo
geneous and rough MPs surfaces after UVB exposure. This increased 
roughness could be due to photoinduced reactions that occurred during 
the UVB exposure (Ali et al., 2016). The FE-SEM images of UVB exposed 
and mechanically weathered MPs also clearly demonstrated significant 
changes of surface morphology, that could be mainly due to the silt/sand 
accumulation onto the MPs due to the mechanical weathering process. 
Our recent study also demonstrated an increased surface roughness for 
MPs that were mechanically weathered using a similar procedure 
(Aghilinasrollahabadi et al., 2020). 

3.3. MPs fragmentation due to the combined photo and mechanical 
degradations 

The mechanical disintegration of plastics into smaller segments is 
defined as fragmentation. In this study, the degree of fragmentation of 
new and 48 d photodegraded LDPE and PET MPs were examined by 
applying the abrasive wear forces as they were shaken with the sand 
particles to simulate their abrasion with the sediments present in the road 
deposits. Surface abrasion is reported by literature as one of the primary 
mechanisms contributing to the generation of many daughter fragments 
following the plastic weathering (Song et al., 2017; Sun et al., 2020). As 
we described in our recent study, the abrasion of plastics with the sharp 
edge of sand particles could generate grooves, scratches, and the network 
of microcracks onto the surface of the plastic (Aghilinasrollahabadi et al., 
2020). The repetitive process of plastics abrasion with sand particles 
resulted in penetration of these microcracks into the plastic structure and 
subsequently chipping of the small plastic fragments, as shown in Fig. 5. 
The results demonstrated that after 28 d of mechanical degradation ex
periments, a greater number of fragments were generated from a single 
21 d UVB exposed LDPE MPs (3986 ± 706) and PET (3179 ± 751) MPs 
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compared to a single new LDPE MPs (2250 ± 233) and PET MPs (1549 ±
171) (p-value < 0.05) (Fig. 6). Despite the significant increase in the 
number of fragments generated by 48 d UVB exposed LDPE MPs (8397 ±
2259) compared to the 21 d UVB exposed MPs (p-value < 0.05), the 
number of fragments released from 48 d UVB exposed PET MPs (4238 ±
1002) was not significantly increased compared to the 21 d UVB exposed 
PET MPs (p-value > 0.05) (Fig. 6). The order of LDPEuv48d > PETuv48d >

LDPEuv21d > PETuv21d > LDPEnew > PETnew in terms of fragments 
generated after 28 d of mechanical degradation was found. Loss of 
plastics’ mechanical properties due to the photodegradation in combi
nation with applied shear forces and tensile stresses have been suggested 
in the literature to result in plastic fragmentation (Ter Halle et al., 2016). 
The weakening, breakage, and shortening of the polymeric chain back
bone and leaching of plasticizers due to the UVB irradiation make the 
plastics more brittle, and subsequent exposure to mechanical forces 
accelerate the formation of cracks and surface defects to the plastics 
(Chubarenko et al., 2020; Song et al., 2017). Formation of a greater de
gree of surface cracks stimulates the generation of plastic fragments as 
these cracks connect and chip off the debris (Gerritse et al., 2020). Our 
visual observations showed that the erosion of MPs mainly occurred 
around their edges. The greater number of fragments generated by LDPE 
MPs compared to PET MPs can be explained by the physical and me
chanical properties of these polymers. The LDPE film (0.913 g/cm3) was 
less dense than the PET film (1.384 g/cm3). Therefore, LDPE was more 
susceptible to being torn apart when exposed to mechanical force as 
loosely packed material is more likely to fragmentation compared to the 
densely packed material (Song et al., 2017). In addition, LDPE’s lower 
hardness and tensile strength (41–46 D and 9.65–21.99 MPa) compared 
to the PET (84 D and 193.05 MPa) could be responsible for its more 
significant fragmentation. Despite the similar duration of UVB exposure, 
the LDPE MPs became more brittle than PET, as reported by the previous 
studies (Iñiguez et al., 2018; Miranda et al., 2021). Therefore, LDPE MPs 
generated a greater number of fragments due to the combined photo and 
mechanical degradations than PET MPs. 

The diameter of 84.8% of the fragments generated by mechanical 
degradation of new LDPE MPs varied between 10 μm and 30 μm 
(Fig. 7a). However, the diameter of 15.2% of these generated fragments 
was between 30 μm and 120 μm. This size distribution was slightly 
changed for the fragments generated from 21 d to 48 d UVB exposed 
LDPE MPs. The diameter of 79.6% and 75.8% of generated LDPE frag
ments was between 10 μm and 30 μm, respectively, for 21 d and 48 

d UVB exposed LDPE MPs (Fig. 7a). On the other hand, the diameter of 
80.5% of the fragments generated from new PET MPs varied from 10 μm 
to 30 μm, and only the diameter of 19.5% of the generated fragments 
varied from 30 μm to 120 μm (Fig. 7b). This size distribution was slightly 
changed for the fragments generated from 21 d to 48 d UVB exposed PET 
MPs. The diameter of 90.0% and 85.7% of generated PET fragments 
were between 10 μm and 30 μm, respectively, 21 d and 48 d UVB 
exposed PET MPs (Fig. 7b). As reported by the literature, the photo
degradation made the LDPE MPs more brittle than PET MPs (Iñiguez 
et al., 2018; Miranda et al., 2021); therefore, the implemented acceler
ated mechanical degradation resulted in the generation of the greater 
number of larger diameter fragmented particles from LDPE MPs than 
PET MPs. Future quantification of polymeric chain scissions, plasticizers 
leaching, and tensile strength variations due to the UVB radiation could 
promote understanding of photodegraded LDPE and PET MPs frag
mentation behavior. The size of generated MPs is very critical as it de
termines their transport mechanism within the environment, potential 
ecological hazards, and contaminant transport behavior. The larger 
surface of smaller MPs provides a greater number of adsorption sites for 
the contaminant accumulation. Furthermore, the greater degree of LDPE 
MPs fragmentation could be due to their lower density, hardness, and 
tensile strength compared to the PET MPs (Song et al., 2017). 

3.4. The kinetics of lead (Pb) uptake by new and photodegraded MPs 

In this study, the kinetics of Pb adsorption onto the new and 48 
d UVB exposed LDPE and PET MPs were investigated through the five- 
day metal exposure experiments. The results revealed a significantly 
greater (p-value < 0.05) level of Pb surface accumulation onto the 
photodegraded LDPE MPs compared to the new samples (Fig. 8a). 
During the first 2 h of Pb exposure, the photodegraded LDPE MPs 
accumulated 47.3% of their equilibrium Pb surface loadings, while the 
new LDPE MPs obtained 53.6%. However, the equilibrium Pb surface 
loading on photodegraded LDPE MPs (2264 μg/m2) was almost five 
folds greater than the new samples (464 μg/m2). The Pb accumulation 
onto the new LDPE MPs followed the pseudo 1st order kinetic model (r2 

= 0.98) as the adsorption of Pb occurred mostly through the mass 
transfer process with presumably no chemical association occurring 
(Salehi et al., 2018). However, the oxidized carbon functional groups 
(C–O, C––O, O–C––O) present on the 48 d photodegraded LDPE surface 
promoted the accumulation of the positively charged Pb species present 

Fig. 4. FE-SEM images of new, 48 d UVB exposed, and 48 d UVB exposed +28 d mechanically degraded MPs.  
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in the synthetic stormwater through surface complexation (Qu et al., 
2019), and/or electrostatic attractions (Gao et al., 2021). Therefore, the 
pseudo 2nd order kinetic model (r2 = 0.92) best described the Pb uptake 
by the photodegraded LDPE MPs. Increased accumulation of Pb species 
onto degraded polymeric surfaces has been reported previously, attrib
uting to the increased specific surface area (Gallowaya and Lewisa, 
2016), presence of polar functional groups, and increased hydrophilicity 
(Fotopoulou and Karapanagioti, 2012). The half-life (t1/2), from the 
pseudo 1st order kinetic model, for Pb species was longer for the pho
todegraded LDPE MPs (8.9 h) than the new LDPE MPs (7.1 h) 
(Table SI-3). The maximum Pb accumulation onto the photodegraded 
LDPE MPs was found as 25.5% and for new LDPE MPs was found as 5.2% 
of the total Pb present in the synthetic stormwater. The Pb surface 
loading onto the new PET MPs after 2 h of metal exposure was found as 
136 μg/m2 (1.51% of Pbt) and increased to the maximum of 265 μg/m2 

(2.94% of Pbt) after 6 h of the exposure. This Pb surface loading was 
gradually decreased to 21 μg/m2 after five-day of exposure (Fig. 8b). The 
maximum Pb adsorption onto the photodegraded PET MPs was found as 
1314 μg/m2 (14.60% of Pbt) after 24 h exposure. This Pb surface loading 
gradually decreased to 725 μg/m2 (8.05% of Pbt) after five-day exposure 
period (Fig. 8b). The greater level of Pb accumulation onto the photo
degraded PET MPs, compared to the new PET MPs, could be due to the 
presence of carboxyl (O–C––O) group on their surface, which promoted 
electrostatic interaction, surface complexation and/or surface coordi
nation with the Pb species present in the aqueous solution (Gallowaya 
and Lewisa, 2016). However, we were not able to fit neither the pseudo 
1st order nor the pseudo 2nd order kinetic model to the Pb adsorption 
data for both new and photodegraded PET MPs, similar to the study 
conducted by Coskun and Soykan (2006). Godoy et al. (2019) also 
showed a lower adsorption capacity of heavy metals onto PET compared 
to polyethylene (Godoy et al., 2019). Our further investigation demon
strated a significantly greater Pb surface loadings (p-value < 0.05) onto 
the 48 d UVB exposed LDPE (2237 ± 225 μg/m2) and PET MPs (1084 ±
108 μg/m2) compared to the 21 d UVB exposed LDPE (783 ± 140 
μg/m2) and PET MPs (834 ± 88 μg/m2), respectively (Figure SI-4). 
These greater Pb surface loadings could be explained by the presence of 
greater percentages of oxidized carbon functional groups onto the 48 
d UVB exposed LDPE MPs (14.3%) compared to the 21 d UVB exposed 
LDPE MPs (19.2%) as discussed in XPS analysis. Furthermore, the 
greater carboxyl index of 48 d UVB exposed PET (0.78) compared to the 
21 d UVB exposed PET MPs (0.71), also indicates the greater polarity of 
the plastic surface due to the longer UVB exposure, which promoted the 
electrostatic interaction and coordination with the Pb species. 

Fig. 7. The size distribution of plastic fragments generated by 28 d of mechanical degradation for (a) new (0 L), 21 d (21 L), and 48 d (48 L) photodegraded LDPE and 
(b) new (0 P), 21 d (21 P), and 48 d (48 P) photodegraded PET MPs. 

Fig. 6. The number of fragments generated by 28 d of mechanical degradation 
of new (0 L), 21 d (21 L) and 48 d (48 L) photodegraded LDPE, and new (0 P), 
21 d (21 P), and 48 d (48 P) photodegraded PET MPs. 

Fig. 5. The fluorescence microscopy image of the fragments generated by 28 
d of mechanical degradation of 48 d photodegraded LDPE. 
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4. Conclusion 

In this study, the fate and contaminant transport behavior of LDPE 
and PET MPs as the model urban litter were investigated. Calculation of 
carbonyl and carboxyl indices for the UVB exposed LDPE and PET MPs 
demonstrated an increased degree of photodegradation over longer UVB 
exposure periods. The photodegradation of both LDPE and PET MPs 
increased the degree of their fragmentation by making them more 
brittle. A greater number of fragments were released from the new and 
photodegraded LDPE MPs compared to new and photodegraded PET 
MPs. The kinetics study demonstrated a greater level of Pb accumulation 
onto the photodegraded LDPE and PET MPs compared to the new MPs. 
With the rapidly growing consumption of plastic products and an 
increasing number of intensive storm events, it is critical to develop 
effective municipal policies and initiatives to limit and control the extent 
of this plastic pollutant released to the urban environment, particularly 
in areas of low socioeconomic status and urban communities where 
there is little awareness of environmental pollution. This study will 
inform necessary changes in regulatory systems to address MPs release 
to storm runoff. Implementing plastic pollution control policies could be 
promoted through effective social engagements and motivations. 
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