
1.  Introduction
Subterranean estuaries (STEs) form at the coastline where groundwater and seawater mix forming steep geochem-
ical gradients (Moore, 1999). STEs, which are recognized as highly reactive zones for biogeochemical process-
ing, influence the fate and transport of nutrients, organic matter, and trace metals discharged to the coastal ocean 
via groundwater (Duque et al., 2020; Moore, 1999, 2009; Santos et al., 2009, 2021). Seawater entering the STE 
is sulfate rich, typically oxic, and can provide labile dissolved organic matter (Slomp & Cappellen, 2004). In 
contrast, groundwater is generally anoxic, accumulates high levels of dissolved inorganic nitrogen (DIN) and 
phosphorus (DIP) from anthropogenic and natural sources along its flow path, and typically has recalcitrant 
organic matter and high concentrations of dissolved inorganic carbon (DIC) (Santos et  al.,  2021; Slomp & 
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Plain Language Summary  At the coastline, groundwater is released to coastal waters and at this 
land-sea boundary, groundwater and seawater meet and mix in subterranean estuaries (STEs). Groundwater can 
be a source of nutrients, trace metals, and carbon to the overlying water. Within the STE, groundwater-borne 
nutrients may be consumed or changed, altering what is released to overlying water. In this study, we examined 
a STE located in the Chesapeake Bay to characterize groundwater constituents with depth, measure nitrogen 
removal rates, and estimate groundwater nutrient export to coastal waters. Groundwater salinity, dissolved 
oxygen, and nutrients varied across space and time. Nitrogen removal was measured in sediment incubation 
experiments, revealing that sedimentary microbes in STEs can reduce some or all the nitrogen accumulated in 
groundwater. Groundwater discharge exported <10% of the nutrients flowing downstream in surface water and 
microbial nitrogen removal within the STE lowers nitrogen transport by groundwater. Our results highlight the 
importance of nutrient cycling in STEs and how these zones influence the role of groundwater as a nutrient 
source and, therefore, coastal water quality.
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Cappellen, 2004; Valiela et al., 1990). DIN concentrations in groundwater can be up to five times higher than the 
concentrations in surface waters (Slomp & Cappellen, 2004; Valiela et al., 1990).

Nitrogen (N) and phosphorus (P) are both limiting nutrients in marine systems and many coastal estuaries are 
N-limited (Nixon, 1995). There are several sources of N to coastal zones including drainage from the surround-
ing watersheds, rivers, surface water runoff, anthropogenic sources, and submarine groundwater discharge 
(SGD); however, of these sources SGD is the most poorly constrained (Leote et al., 2008; McKenzie et al., 2021; 
Moore, 2009). SGD can consist of meteoric groundwater or a mixture of meteoric groundwater and recirculated 
seawater that is discharged to overlying water (Boehm et al., 2006; Burnett et al., 2006; Slomp & Cappellen, 2004). 
SGD is distinct from diffusive benthic fluxes, which transport solutes across the sediment-water interface 
(Percuoco et al., 2015). Nutrient budgets for coastal zones often overlook SGD (Santos et al., 2021), which may 
be a considerable oversight as Cho et al. (2018) estimated that SGD discharges 2.3 ± 0.6 Tmol DIN yr −1 and 
0.06 ± 0.02 Tmol DIP yr −1 to the global ocean, a flux on the same order of magnitude as that from rivers. SGD 
derived nutrients have also been shown to support primary production in a variety of coastal systems including 
oceanic islands (Kim et al., 2011), coastal embayments (Zhang et al., 2020), lagoons (Andrisoa et al., 2019), and 
estuaries (Guo et al., 2020). This is of particular concern for coastal regions already at risk for nutrient pollution 
and although measurements of groundwater nutrient inputs are becoming more common, they often remain unac-
counted for in many regional nutrient budgets (Lake & Brush, 2015; Santos et al., 2021).

Microbial processes in STEs are important for determining the concentration and speciation of N in SGD, which 
may support potential phytoplankton blooms and further microbial N cycling upon discharge to receiving waters 
(Ruiz-González et al., 2021). Transformations within STEs have implications for N mobility in the subsurface, 
the fate of N after discharge, and influence the assemblage of primary producers present in overlying water. It is 
common, with a few exceptions (Kroeger & Charette, 2008), to ignore biogeochemical transformations that may 
attenuate or alter the species of N associated with SGD. Fluxes are commonly calculated as the product of the 
endmember concentration and a water flux with no attenuation or transformation along the flow path, assum-
ing conservative transport of nutrients (Beck et al., 2016; Cho et al., 2018). This approach can result in biased 
estimations of nutrient export to coastal waters via SGD when nutrients are not transported conservatively. The 
effect of STE nutrient cycling and removal on SGD nutrient loading is not well characterized, but is critical to 
understanding the role of SGD derived nutrients in coastal biogeochemistry.

Processes including nitrification, denitrification, anaerobic ammonium oxidation (anammox), dissimilatory 
nitrate reduction to ammonia (DNRA), mineralization, and microbial N assimilation all influence the ground-
water N pool. When oxygen is available in STEs, nitrification may oxidize ammonium (NH4 +) to nitrate (NO3 −) 
(Santoro et al., 2008; Schutte et al., 2017). Nitrification acts as a gateway to N removal processes such as denitrifi-
cation and anammox (Brandes et al., 2007; Herbert, 1999), but also produces nitrous oxide (N2O) as a byproduct. 
Denitrification is the enzymatically mediated stepwise reduction of NO3 − to NO2 −, NO, N2O, and finally to N2 
gas. In anoxic STEs, denitrification has been reported, removing DIN that has accumulated in groundwater (Addy 
et al., 2002; Tobias et al., 2001; Wu et al., 2021). Anammox is the anaerobic oxidation of ammonium (NH4 +) 
coupled to the reduction of NO2 − to produce N2. This process has been observed in both marine and freshwater 
environments (Lisa et al., 2014; Nicholls & Trimmer, 2009; Oshiki et al., 2016) and is important to N removal 
in some groundwater systems (Sáenz et al., 2012; Smith et al., 2015; Wu et al., 2021). DNRA may also occur in 
STEs, reducing NO3 − to NH4 + and recycling DIN within the system (Wong et al., 2020). There are few rate meas-
urements of N cycling processes in STEs, but they determine N fluxes via SGD. DIP cycling in STEs is usually 
dominated by abiotic processes, such as sorption to iron or manganese oxides (Charette & Sholkovitz, 2002; 
Spiteri, Slomp, Tuncay, & Meile, 2008; Spiteri, Cappellen, & Regnier, 2008) or co-precipitation with calcium 
carbonate (Cable et al., 2002). Sorption and precipitation immobilize DIP within the sediment, limiting its release 
in SGD, and increasing the N:P ratio of SGD. This was shown in a recent review by Santos et al. (2021) reporting 
that DIN:DIP ratios were higher than Redfield (16:1) in 75% of the 239 SGD studies compared.

In the face of widespread eutrophication, it is important to constrain fluxes of N and P in coastal zones. The 
potential for discharge of nutrients transported via SGD to coastal waters will vary over space and time due to 
the variation in temperature, groundwater discharge, nutrient concentrations, and cycling rates. Determining how 
nutrient cycling in STEs may modify inputs of N along the land-ocean continuum will further our understand-
ing of coastal nutrient biogeochemistry. This is especially important in regions where excess nutrient inputs 
contribute to the formation of annual hypoxic zones and harmful algal blooms (HABs) (Anderson et al., 2002; 
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Mulholland et al., 2009; Reay, 2009). Often, nutrient inputs to coastal waters from river tributaries, runoff, and 
meteoric groundwater are estimated, but SGD (i.e., including fresh and saline groundwater) inputs remain largely 
unconstrained. Meteoric groundwater estimates only include the freshwater portion of groundwater that flows 
into the bay, whereas SGD is often a mixture of recirculated seawater and meteoric water formed in STEs. SGD 
has the potential to be a far larger source of nutrients than meteoric groundwater due to advection of porewater 
with high concentrations of DIN and DIP (Kroeger & Charette, 2008; Rodellas et al., 2018; Santos et al., 2021). 
The goal of this study was to examine the effects of variations in STE geochemistry and microbial N processing 
rates on potential nutrient discharge to the York River Estuary (YRE), a tributary of the Chesapeake Bay, and 
to determine the importance of SGD-derived nutrients when compared to other sources. We hypothesized that 
the STE is a significant source of nutrients to the overlying water compared to downriver and benthic fluxes. 
The specific objectives were to (a) characterize geochemical gradients in the STE with depth across location 
and time to determine the scales over which SGD should be quantified, (b) to measure potential N removal rates 
to assess the importance of microbial attenuation along the groundwater flowpath, and (c) to calculate potential 
fluxes  to  the overlying water and compare them to other sources of nutrients in the lower YRE.

2.  Materials and Methods
2.1.  Study Site Description

The Gloucester Point STE (GP-STE) is located near the mouth of the YRE in Virginia, USA (37.248884°N, 
76.505324°W) (Figure  1a). The YRE, a microtidal and partially mixed tributary of the Chesapeake Bay, is 
roughly 52 km long from West Point (the confluence of the Pamunkey and Mattaponi rivers, YRE tributaries) 
to its mouth at Goodwin Island (Reay, 2009). Land use surrounding the YRE is primarily forested (61%) but is 
suburban adjacent to our study site (Reay, 2009). The temperate region surrounding the YRE typically experi-
ences higher precipitation in the spring and summer months as compared to fall and winter. Precipitation data 
during the study period were retrieved from the NOAA National Estuarine Research Reserve System (NERRS) 
System-wide Monitoring Program meteorological site at Taskinas Creek along the YRE (2022, Figure S1 in 
Supporting Information S1). The Gloucester Point (GP) beach is a sandy sediment beach with a tidal range of 
∼0.8 m; it stretches about 20–30 m across and has man-made rock jetties at each end. A detailed site description 
of the GP-STE can be found in Beck et al. (2016).

2.2.  Experimental Design

A network of dedicated piezometers (Charette et al., 2006) consisting of 2 cm screens (AMS Gas Vapor Tip) 
attached to FEP tubing (VersilOn, Saint-Gobain), was constructed at the GP-STE with depths ranging from 0 
to 300 cm along the mid-tide line (MTL). Porewater and sediment were sampled to assess variability across 
location and time (Figure 1b). To examine seasonal variation in geochemical gradients and N process rates, STE 
porewater and sediment vibracores were collected in spring (9 April 2018), summer (9 July 2018), fall (2 October 
2018), and winter (15 January 2019). To assess the variation throughout tidal cycles, porewater was sampled 
during two spring tides in the spring (7 May 2020) and summer (5 June 2020) at three tidal stages (low, mid, and 
high). Spatial variability in geochemical gradients was examined in three profiles, each three m apart, which were 
sampled once at low tide in spring 2020 (16 March 2020).

2.3.  Seasonal Porewater Geochemical Monitoring

Porewater samples were collected at low tide during each season (spring, summer, fall, and winter) from piezom-
eters placed at depths from 0 to 300 cm. The 17 piezometers sampled were 10, 20, 30, 40, 50, 60, 70, 80, 90, 
100, 110, 120, 150, 175, 200, 250, and 300 cm deep and surface YRE water (denoted as 0 cm here) was also 
collected during seasonal sampling efforts. Masterflex C-Flex L/S Precision Pump tubing (Cole-Palmer) was 
attached to piezometer tubing and porewater slowly pumped from the ground with an Alexis V3.0 peristaltic 
pump (Proactive Environmental Products). Salinity, pH, and temperature were measured in a flow-through cell 
on a YSI sonde (600XL); during sample collection the flow-through cell was placed before the pump to reduce 
introduction of oxygen by pumping. Dissolved oxygen (DO) was measured with either a YSI (600XL) or a HACH 
(HQ40d meter with LDO101 Luminescent/Optical DO sensor). Samples for nutrient analyses were filtered with 
a 0.45 μm disposable groundwater filter capsule (Millipore Sigma), immediately placed on ice, transported to 

 21698961, 2023, 6, D
ow

nloaded from
 https://agupubs.onlinelibrary.w

iley.com
/doi/10.1029/2022JG

007132 by C
ollege O

f W
illiam

 A
nd M

ary, W
iley O

nline Library on [01/06/2023]. See the Term
s and C

onditions (https://onlinelibrary.w
iley.com

/term
s-and-conditions) on W

iley O
nline Library for rules of use; O

A
 articles are governed by the applicable C

reative C
om

m
ons License



Journal of Geophysical Research: Biogeosciences

WILSON ET AL.

10.1029/2022JG007132

4 of 19

the lab and frozen until analysis. Porewater analyses included: DIN, DIC, phosphate (PO4 3−), dissolved organic 
carbon (DOC), and sulfide (H2S). DIN (NO3 −, NO2 −, and NH4 +) and PO4 3− concentrations were determined on a 
Lachat autoanalyzer (Lachat Instruments, Lachat QuikChem FIA+ 8000). DIC samples were collected unfiltered 
in 12 mL exetainer vials (Labco) containing 1.2 μL of saturated HgCl2 solution and analyzed within 30 days of 
collection with an Apollo AS-C3 analyzer with a LiCor 7000 infrared CO2 analyzer. DOC samples were filtered 
into pre-combusted (500°C for 5 hr) scintillation vials, stored frozen, and analyzed on a Shimadzu TOC-Vcsn 
analyzer. Sulfide samples were collected, filtered with 0.45 μm Puradisc membrane syringe filters (GE Health-
care Life Sciences), into 0.1 M Zinc acetate preventing exposure to air. In the lab sulfide samples were quanti-
fied spectrophotometrically (Shimadzu UV-1800) as described by Hines et al.  (1989). Field instruments were 
calibrated the day prior to use in the field following manufacturer's instructions. All sample analyses included 
standard curves and check standards every 10–12 samples to assess and correct for instrument drift.

2.4.  Spatial and Tidal Porewater Geochemical Monitoring

To assess spatial variability, three porewater profiles were collected from five depths (20, 50, 70, 100, and 120 cm, 
15 piezometers total) and surface YRE water (0 cm) during low tide. Tidal variability samples were collected 
from one porewater profile (5 depths: 20, 50, 70, 100, and 120 cm) at the MTL and surface YRE water (0 cm), 
sampled at three tidal stages, during two tidal cycles (May and June 2020). Sample salinity, temperature, DO, 
NO3 −, NO2 −, NH4 +, PO4 3−, and DIC were collected and analyzed as previously described.

Figure 1.  Site map and experimental design. (a) Map of the east coast of the USA with box denoting location of the 
Chesapeake Bay, (b) map of Chesapeake Bay with a box around the York River Estuary (YRE), and (c) map of YRE with 
study site indicated (Gloucester Point STE [GP-STE], black dot) 37.248884°N, 76.505324°W; (ArcGIS online). (d) GP-STE 
Sampling Scheme: Piezometers (circles) were constructed at the mid-tide line (MTL) of the Gloucester Point-Beach. All 
piezometers shown were sampled once at low tide to determine spatial variability (0–120 cm). Piezometers were sampled 
across seasons (filled circles, depths: 0–300 cm) and over two tidal cycles (filled circles, depths: 0–120 cm). Three pressure 
transducer wells were placed at the MTL at three depths (100, 70, and 50 cm); one well was placed at the low-tide line at 
100 cm.
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2.5.  Potential N Removal Rate Incubations

A vibracore was used to collect sediment from the STE at the MTL adjacent to the dedicated piezometers. 
Cores were collected during seasonal sampling efforts (spring, summer, fall, winter) resulting in four cores, 
each 110 cm in length. Cores were sectioned at 10 cm intervals and homogenized. Approximately 1 g of the 
composited sediment from each 10 cm section was used in sediment slurry incubation experiments to measure 
denitrification and anammox rates. Samples were incubated for 6, 12, or 24 hr in sealed, helium flushed 12 mL 
exetainer vials (Labco) at the measured in situ temperature. Denitrification rate incubations were amended with 
100 nmoles  15NO3 − (99 atm%, Cambridge Isotope Laboratories, Inc.), and  29,30N2 products were measured using 
a gas bench isotope ratio mass spectrometer (IRMS, Delta V Plus, Thermo Fisher Scientific, Waltham, MA). 
To measure potential anammox rates, 500 nmoles of  15NH4 + (99 atm%, Cambridge Isotope Laboratories, Inc.) 
and 100 nmoles  14NO2 − were added to the sediment slurries; the production of  29N2 was measured by IRMS. N2 
production rates were calculated using the methods described by Song and Tobias (2011). All incubations were 
conducted in duplicate.

2.6.  Darcy Discharge Calculations

Three pressure transducer wells were constructed out of PVC with 10 cm of slotted PVC centered at 50, 70, and 
100 cm depths along the MTL and one at 100 cm depth along the low-tide line (Figure 1d). An additional pressure 
transducer was installed to measure barometric pressure in a dry well above the dune line. Pressure measurements 
were made with a HOBO water level logger (ONSET, U20L) and recorded a measurement every 15 min; well 
water level was calibrated with manual measurements at logger deployment and collection. Discharge rates were 
calculated from head measurements made at 15-min intervals and then averaged over each month sampled. Darcy 
discharge was calculated using Equation 1 shown below:

𝑞𝑞 = −𝑘𝑘ℎ,𝑣𝑣
𝑑𝑑𝑑

𝑑𝑑𝑑𝑑𝑑 𝑑𝑑
� (1)

Where q is the specific groundwater discharge (cm d −1), kh,v is the hydraulic conductivity (horizontal, kh, or verti-
cal, kv, cm/s), dh is the hydraulic head (m) determined by pressure transducer data, and (dx) is horizontal distance 
(m) between two wells positioned normal to the shoreline and (dz) is the vertical distance (m) between two wells 
at different depths at the same location. Hydraulic conductivity (kh) of GP-STE sediment was kh = 0.00094 cm/s, 
measured with a slug test in the 50 cm well and calculated using the Hvorslev  (1951) method (Figure S2 in 
Supporting Information S1). This is on the same order of magnitude as the value (kh = 0.0001 cm/s) reported 
by Reay (2009) and used by Beck et al. (2016) at this site. This measured hydraulic conductivity (kh) also falls 
within the range of values reported for medium to coarse grained sand (Domenico & Schwartz, 1990). To further 
assess the potential variability in hydraulic conductivity at this site, the grain size of sediment samples collected 
at the GP-STE was measured with a laser diffraction particle size analyzer (LDPSA, model: LS 13 320, Beckman 
Coulter; Table S1 in Supporting Information S1). The hydraulic conductivity was calculated from grain size 
using the Hazen (1917) method and ranged from 0.000010 to 0.067 cm/s; the average of all grain size estimates 
of kh was 0.026 ± 0.0069 cm/s (Table S2 in Supporting Information S1). Fluxes reported here are calculated with 
kh = 0.000105 ± 0.0000026 cm/s, which represents the first quartile of hydraulic conductivities measured at this 
site, and the ∼28% error inferred from all estimates of kh, which was propagated through the flux estimations. 
This k value represents the lower 25% of hydraulic conductivities measured which could limit flow in the STE, is 
on the same order of magnitude as the hydraulic conductivity measured via the slug test, and falls within the range 
of values measured at this site and nearby locations (Beck et al., 2016; Reay, 2009; Tobias et al., 2001). The verti-
cal hydraulic conductivity (kv) was assumed to be 0.1x the horizontal hydraulic conductivity (kh) to account for 
sediment anisotropy, resulting in a vertical hydraulic conductivity of kv = 0.0000105 cm/s (Tobias et al., 2001). 
To assess the effect of hydraulic conductivity on discharge estimates we conducted a sensitivity analysis and 
calculated horizontal groundwater discharges using the lowest kh estimated by grain size, the kh value estimated 
with the slug test in this study, the kh value used to estimate reported fluxes, and the highest kh value estimated by 
grain size (Figure S3 in Supporting Information S1).

Horizontal discharge was calculated using the hydraulic head differences between pressure transducers at 100 cm 
depth in the wells at the mid-tide and the low-tide lines. Vertical discharge was calculated using hydraulic head 
differences between 70 and 50 cm pressure transducer wells at the MTL. For each measurement within a sampled 
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month, the discharge in each direction was calculated (Equation 1). The total groundwater discharge was assumed 
to be the sum of the horizontal and vertical discharge (Tobias et al., 2001). As previously noted, discharge rates 
were calculated from head measurements made at 15-min intervals and were averaged for each month sampled 
resulting in an average total discharge for spring, summer, and fall of 2018, winter of 2019, and spring and 
summer of 2020. Discharge was compared to tidal height fluctuations collected by the Virginia Estuarine and 
Coastal Observing System (VECOS) from the GP Continuous Monitoring station (Anon, 2022).

2.7.  Potential Discharge of Nutrients in SGD to the Overlying Water

Potential net fluxes of DIN (NO3 − + NO2 − + NH4 +), and PO4 3− in SGD to the overlying water were calculated 
using the SGD rate determined by Equation 1 and the STE endmember nutrient concentration. Calculations were 
performed similarly to Beck et al. (2016) but account for nutrient concentrations in the overlying water using 
Equation 2:

𝐹𝐹 =

(

𝐶𝐶gw − 𝐶𝐶sw

)

∗ 𝑌𝑌� (2)

where F is the net nutrient flux (mmoles m −2 d −1) via SGD to the overlying water, Cgw is the shallow (50 cm) or 
deep (300 cm) groundwater endmember concentration (mmoles L −1), Csw is the surface water (0 cm) concentra-
tion (mmoles L −1), and Y is the total SGD rate (L m −2 d −1) measured in each season. Nutrient fluxes were calcu-
lated for each hydraulic gradient measurement (every 15 min) and averaged across the month sampled.

Two endmember concentrations (Cgw) were used to determine potential fluxes from the GP-STE including a deep, 
fresh groundwater endmember (300 cm) and a shallow groundwater endmember (50 cm). The deep endmem-
ber represents the DIN and PO4 3− concentrations in low salinity (salinity <5) groundwater that, if transported 
conservatively, would be exported to the overlying York River. The shallow endmember concentration (50 cm) 
represents the top of the STE mixing zone, and has a similar salinity to SGD collected in seepage meters at this 
site by Beck et al. (2016). A study conducted by Kroeger et al. (2007), along another tributary of the Chesapeake 
Bay, also used nutrient concentrations at 50 cm as the SGD endmember. The shallow endmember is meant to be 
representative of the solutes in SGD, which have already undergone biogeochemical transformations in the STE.

To account for N removal via denitrification in the GP-STE prior to discharge, two N removal scenarios were 
considered. The first scenario assumes denitrification occurred only in the anoxic zone of the STE; depths where 
DO < 5 mg/L (Anoxic DNF). The second scenario accounts for total potential N removal throughout the STE 
profile; potential N removal rates observed in both the oxic and anoxic zones, to account for denitrification that 
may be occurring in microsites or small anoxic patches throughout the STE profile (Total DNF). To apply these 
scenarios, the N removal rate was accounted for in Equation 3 as:

𝐹𝐹 =

((

𝐶𝐶gw −

(

𝐶𝐶gw ∗ 𝐷𝐷dnf

))

− 𝐶𝐶sw

)

∗ 𝑌𝑌� (3)

Where F is the net flux after accounting for denitrification (mmoles m −2 d −1), Cgw is the shallow (50 cm) ground-
water endmember concentration (mmoles L −1), Ddnf is the percent reduction by denitrification in either the anoxic 
portion of the STE (Anoxic DNF) or the top 1m of the STE (Total DNF), Csw is the surface water (0 cm) concen-
tration (mmoles L −1), and Y is the total SGD rate (L m −2 d −1) for the respective season. The percent reduction 
by denitrification is derived from the potential rate measurements in sediment slurry incubation experiments 
(Section 2.3) and estimated by calculating a percent of the N in the STE that could be reduced by denitrification 
using the measured DIN concentrations and N removal rates.

2.8.  Statistical Analyses

We assessed the effect of season, tidal stage, site, and depth on porewater geochemical parameters (salinity, DO, 
NO3 −, NH4 +, DIP, and DIC concentrations) using multiple analysis of variance (ANOVA). The ANOVA included 
fixed effects of season (spring, summer, fall, and winter), tidal stage (low tide, mid tide, high tide), location 
across the beach (profile A, B, and C), and depth. A post-hoc Tukey multiple comparisons of means was used 
to determine how geochemical parameters varied across these scales with 95% confidence intervals. The same 
statistical methodology was used to assess the fixed effect of season and month on total groundwater discharge 
as well as the effect of season on STE sediment denitrification and anammox rates. Pearson correlation was used 
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to assess relationships between geochemical analytes in the STE. All statistical analyses were conducted in R 
(version 3.2.2. Copyright 2015 The R Foundation for Statistical Computing) and the significance level for all 
statistical tests was α = 0.05.

3.  Results
3.1.  Seasonal Variation in STE Porewater Geochemical Profiles

Porewater salinity decreased with depth (p-value < 0.05, Table S3 in Supporting Information S1), but gradients 
in the STE varied across seasons (p-value < 0.05, Figure 2a). Overlying water (0 cm, YRE water) salinity ranged 
from 9.7 to 19 across all seasons; the lowest salinity in overlying water coincided with the high precipitation 
in the area during the summer of 2018 (Figure S1 in Supporting Information S1). Increased precipitation can 
freshen the overlying York River water and, therefore, influence porewater salinity observed in the STE. Salinity 
across seasons ranged from 9.0 to 19 at 50 cm and 2.5 to 2.8 at 300 cm (deepest piezometer), suggesting that deep 
groundwater salinity at this site is less affected by seasonality than surficial porewaters.

Porewater DO concentrations also decreased with depth (p-value < 0.05, Table S3 in Supporting Information S1) 
ranging from 0.0 to 400 μM in the STE (Figure 2b). The highest DO concentrations were observed in the top 
0–50 cm of the STE, followed by a decrease from 50 to 100 cm; below 100 cm porewater concentrations were 
consistently <160 μM (∼5.0 mg L −1). Lower DO concentrations were observed in summer and fall as compared 
to spring and winter in the top 100 cm of the STE (p-value < 0.05).

Concentrations of NH4 + increased with depth (p-value < 0.05) in the STE. From 0 to 100 cm, NH4 + concen-
trations were <20 μM, but increased with depth below 100 cm (Figure 2d) in all seasons. Concentrations of 
NO3 − ranged from 25 to 70  μM at depths from 40 to 100  cm; whereas below 110  cm concentrations were 
<5.0 μM (Figure 2c). Porewater NO3 − concentrations varied significantly with depth and season. This suggests 
that geochemical gradients observed and their temporal variation with depth influence NO3 − concentrations 
(p-value  <  0.05, Table S3 in Supporting Information  S1). NO2 − concentrations in the STE were lower than 
1.7 μM in all depths and seasons (Figure S4 in Supporting Information S1).

Figure 2.  Gloucester Point STE porewater profiles of (a) Salinity, (b) dissolved oxygen (μM), (c) Nitrate (μM), (d) Ammonium (μM), (e) Phosphate (μM), (f) Sulfide 
(μM), (g) dissolved inorganic carbon (mM), and (h) dissolved organic carbon (μM) measured in fall, spring, summer, and winter (seasonal survey).
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Porewater PO4 3− and DIC concentrations increased with depth in all seasons (p-value < 0.05, Figures 2e and 2g). 
PO4 3− concentrations ranged from 0.16 to 16 μM and DIC concentrations ranged from 2.0 to 6.0 mM. Porewa-
ter  PO4 3− and DIC concentrations were higher in fall and winter than spring and summer (p-value < 0.05). H2S 
concentrations increased with depth in every season (Figure 2f), varying from 0 to 3,500 μM. DOC concentra-
tions in STE porewater ranged from 250 to 1,500 μM (Figure 2h). There was a consistent pattern observed in each 
season sampled; elevated DOC concentrations (>400 μM) were observed from roughly 80–250 cm.

3.2.  Spatial and Tidal Variation in STE Porewater Geochemical Profiles

Spatial variability of porewater geochemical characteristics was evaluated by sampling three replicate profiles 
along the MTL of the beach (Figure 3, Figures S6 and S7 in Supporting Information S1). Profiles of salinity, DO, 
DIN, PO4 3−, and DIC showed similar trends to those observed during seasonal sampling and variations observed 
with site across the beach face were not statistically different (p-value > 0.05, Table S3 in Supporting Informa-
tion S1). Porewater geochemical variation was also examined throughout two tidal cycles for salinity, DO, DIN, 

Figure 3.  Mean observations of (a) Salinity, (b) dissolved oxygen (μM), (c) Nitrate (μM), (d) Ammonium (μM), (e) 
Phosphorus (μM), and (f) dissolved inorganic carbon (mM) collected at the mid-tide line across the beach face to assess 
spatial variability. Points represent the mean of three measurements at the specified depth across the beach and error bars 
represent one standard error in each direction.
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DIP, and DIC; profiles exhibited similar patterns as those observed during seasonal and spatial surveys (Figure 4, 
Figure S5 in Supporting Information S1). All analytes had similar concentrations and patterns with depth across 
tidal stages (p-value > 0.05, Table S3 in Supporting Information S1).

All porewater samples (seasonal, spatial, and tidal) were combined to assess correlations between geochemical 
analytes (Figure S8 and Table S4 in Supporting Information S1). There was a negative correlation between pore-
water salinity and NH4 + (p-value < 0.05) and a positive correlation between salinity and NO3 − (p-value < 0.05). 
NH4 + and NO3 − concentrations exhibited a negative correlation (p-value < 0.05). Porewater salinity had a positive 
correlation with DO; correlation coefficient = 0.78 (p-value < 0.05), but was negatively correlated with PO4 3− 
and DIC; (p-value < 0.05). Porewater DIC and DIP had a strong positive correlation (Pearson coefficient = 0.93, 
p-value < 0.05). DIC also had a positive correlation with porewater NH4 + concentrations (p-value < 0.05).

Figure 4.  Mean observations of (a) Salinity, (b) dissolved oxygen (μM), (c) Nitrate (μM), (d) Ammonium (μM), (e) 
Phosphorus (μM), and (f) dissolved inorganic carbon (mM) collected at the mid-tide line three times throughout a tidal cycle 
(spring tide; sampled at high, mid, and low tide) in the spring (black) and summer (gray) of 2020 to assess tidal variability 
within Subterranean estuarie profiles. Points represent the mean of three measurements throughout the tidal cycle and error 
bars represent one standard error in each direction.
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3.3.  Seasonal Potential N Removal Rates

In all seasons and depths, potential anammox rates were <0.064 mmol N m −2 d −1 and denitrification rates ranged 
from 0.0 to 7.9 mmol N m −2 d −1 (Table 1 and Table S5 in Supporting Information S1). The highest rates of 
denitrification were observed in the fall of 2018; lowest rates were observed in the spring of 2018 (Table S3 in 
Supporting Information S1, p-value > 0.05). In all seasons the highest rates of denitrification were observed in 
surficial sediment (0–50 cm).

3.4.  Darcy Discharge Calculations

Horizontal discharge averaged for each of the sampled months ranged from 15 to 24 L m −2 d −1 and the average 
vertical discharge ranged from −3.4 to 67 L m −2 d −1 (Table 2). Negative vertical discharge rates were observed 
periodically in winter 2019 and spring 2020, this is consistent with a change in the direction of the vertical hydrau-
lic gradient, indicative of recharge. The average total groundwater discharge ranged from 20 to 87 L m −2 d −1; 
highest discharge rates were observed during summer and the lowest in winter (p-value < 0.05). The magnitude 
of the vertical and horizontal gradients and, therefore, total groundwater discharge fluctuated with season and 
tide; lower discharge rates were observed at high tide and the highest discharge was observed in summer (Figures 
S9 and S10 in Supporting Information S1).

3.5.  SGD Nutrient Flux Calculations

Calculated fluxes of DIN and PO4 3− from the GP-STE to overlying water are shown in Table 3. The SGD DIN 
fluxes calculated using the deep, groundwater endmember ranged from 3.3 ± 0.92 to 17 ± 4.7 mmol m −2 d −1. 

Table 1 
Potential Denitrification Rates Measured Seasonally in Sediment Slurries Using the IPT Method (Song & Tobias, 2011) in 
mmol N m −2 d −1 and the Associated Standard Deviation

Depth (cm)

Spring 2018 Summer 2018 Fall 2018 Winter 2019

Rate
Standard 
deviation Rate

Standard 
deviation Rate

Standard 
deviation Rate

Standard 
deviation

0–10 0.0075 0.0090 3.6 0.49 7.9 0.57 1.8 0.11

10–20 0.022 0.025 4.3 × 10 −5 1.1 7.6 0.55 1.1 0.093

20–30 2.6 × 10 −5 5.2 × 10 −5 0.41 0.025 2.3 0.45 1.3 0.14

30–40 0.0028 0.0032 0.091 0.0082 2.7 0.49 0.88 0.030

40–50 0.0042 0.0053 0.053 0.0040 7.5 0.76 0.83 0.085

50–60 2.4 × 10 −5 2.8 × 10 −5 0.14 0.096 2.4 0.71 0.49 0.052

60–70 0.22 0.0068 0.078 0.021 1.5 0.51 0.10 0.44

70–80 6.0 × 10 −6 1.2 × 10 −5 0.55 0.18 0.64 0.20 0.45 0.11

80–90 0.0053 0.0062 0.11 0.044 0.34 0.040 0.11 0.068

90–100 0.018 0.021 0.017 0.020 3.6 0.35 0.0017 0.0095

100–110 2.4 × 10 −5 3.9 × 10 −5 0.042 0.029 0.65 0.16 0.0 0.0

Table 2 
Average Horizontal, Vertical, and Total Groundwater Discharge ± Standard Error in L m −2 d −1 for Each Season Sampled

Spring Summer Fall Winter

2018 2020 2018 2020 2018 2019

Horizontal discharge 24 ± 6.6 22 ± 6.0 20 ± 5.5 22 ± 6.3 15 ± 4.1 23 ± 6.5

Vertical discharge 14 ± 3.9 −1.5 ± 0.42 67 ± 18 0.85 ± 0.24 27 ± 7.4 −3.4 ± 0.96

Total discharge 38 ± 11 20 ± 5.6 87 ± 24 23 ± 6.5 41 ± 12 20 ± 5.5

Note. Average of all observations of total discharge = 38 ± 11 L m −2 d −1.
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PO4 3− fluxes estimated with the deep endmember ranged from 0.29 ± 0.082 and 1.3 ± 0.36 mmol m −2 d −1. The 
shallow endmember (50 cm) fluxes of DIN ranged from 0.065 ± 0.018 to 3.6 ± 0.97 mmol m −2 d −1. The lowest 
and highest DIN fluxes were observed in winter and summer respectively (Table S7 in Supporting Information S1, 
p-value  <  0.05). The groundwater PO4 3− flux calculated with the shallow endmember (50  cm) ranged from 
0.019 ± 0.0052 (winter) to 0.093 ± 0.025 (summer) mmol m −2 d −1 (Figure S13 in Supporting Information S1).

To account for potential N removal, the reduction of DIN by denitrification, as measured in sediment slurry 
incubations, was incorporated into flux estimations. Accounting for the N removal in the anoxic zone of the STE 
(Anoxic DNF), shallow endmember DIN fluxes are reduced 0.58%–∼80% depending on the season (Table 3). 
Using the total N removal observed in both oxic and anoxic zones of the STE (Total DNF) shallow endmember 
DIN fluxes are reduced 0.67% to >100%. Denitrification exceeded the SGD N flux in fall and winter, suggesting 
that the STE acts as a sink for DIN during these seasons.

4.  Discussion
4.1.  Spatial and Temporal Variability in STE Geochemical Profiles

Variations in STE porewater profiles may be driven by location, sampling depth, season, and tidal stage. This 
variation determines which C and N cycling processes will occur in STEs and at what rates. In the GP-STE, 
although season and depth had significant effects on porewater salinity, DO, DIN, PO4 3−, and DIC, location and 
tidal stage did not (Table S3 in Supporting Information S1). Steep geochemical gradients are common in STEs; 
thus, we expected to observe variation with depth. Tidal pumping has been reported as a major driver of variabil-
ity in other STEs (Robinson et al., 2018); however, this does not seem to be the case in the GP-STE. Stability in 
geochemical profiles was observed across varying stages of tidal amplitude in this study and previous work (Beck 
et al., 2016). The lack of tidal variation may be the result of low groundwater flow velocity, limited wave action, 
and the small tidal height at this site.

Porewater salinity and DO profiles observed in the STE were as expected when oxic seawater mixes with advected 
anoxic groundwater. Our observations align with previous measurements of salinity, DO, and nutrient profiles at 
this site (Beck et al., 2016; O’Connor et al., 2015), but porewater DO penetrated deeper than has been observed 
in other coastal sediments which are typically anoxic within millimeters to centimeters below the sediment-water 
interface (Cai & Sayles, 1996). The observed DO profile could result from the high permeability of the sandy 
sediment in the lower YRE and periodic, high wave action from passing ships in the nearby channel (Bilkovic 
et al., 2019).

Groundwater supplies high concentrations of NH4 + (∼200 μM) to the GP-STE, likely due to remineralization of 
organic matter during transport to the coast or contamination resulting from septic leakage (Mitchell et al., 2021). 
Schutte et al. (2017) reported similar NH4 + concentrations with depth on Sapelo Island, GA, USA, but other east 
coast sites such as Waquoit Bay, MA, USA observe NO3 − rich groundwater (Spiteri, Slomp, Charette et al., 2008; 
Talbot et al., 2003). The lack of NO3 − below 100 cm in the STE could be the result of low NO3 − in the source 
groundwater. In addition, any NO2 − or NO3 − produced by anaerobic ammonium oxidation in the anoxic zone of 

Table 3 
Net Nutrient Fluxes via Submarine Groundwater Discharge for Each Season Reported in mmol m −2 d −1 ± Standard Error

Flux Endmember scenario Spring Summer Fall Winter

DIN Deep 7.0 ± 2.0 17 ± 4.7 5.9 ± 1.7 3.3 ± 0.92

Shallow 0.31 ± 0.088 3.6 ± 0.97 0.35 ± 0.098 0.065 ± 0.018

Anoxic DNF 0.31 ± 0.088 3.5 ± 0.96 0.19 ± 0.052 0.013 ± 0.0037

Total DNF 0.31 ± 0.087 3.3 ± 0.89 −0.54 ± 0.15 −0.22 ± 0.062

PO4 3− Deep 0.58 ± 0.16 1.3 ± 0.36 0.58 ± 0.16 0.29 ± 0.082

Shallow 0.026 ± 0.0072 0.093 ± 0.025 0.089 ± 0.025 0.019 ± 0.0052

Note. Deep endmember represents the flux estimated using DIN and PO4 3− concentrations at the 300 cm depth in the STE. 
The shallow endmember fluxes represent those estimated using concentrations at the 50 cm depth. The anoxic zone and total 
DNF fluxes were calculated using the N removal scenarios described in Section 2.3.
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the STE may be consumed by nitrate reduction via denitrification or DNRA. However, as groundwater moves 
along its flow path and reaches the STE mixing zone, NH4 + concentrations decrease, coinciding with increasing 
NO3 − and DO concentrations. The STE profiles and the negative correlation observed between NH4 + and NO3 − 
concentrations suggest that the loss of NH4 + and production of NO3 − is the result of nitrification. Oxidation 
of NH4 + by nitrification is typical in sandy STEs (Santos et al., 2021) and deep oxygen penetration has been 
proposed as a driver of nitrification of groundwater-borne NH4 + in sandy systems (Schutte et al., 2017); our data 
suggest a similar dynamic.

The profiles of PO4 3−, DIC, NH4 +, and H2S concentrations increased with depth, which aligned with previous 
observations (O’Connor et al., 2018; Wu et al., 2021). The deepest groundwater samples were enriched with 
PO4 3-, DIC, and NH4 +. Porewater PO4 3−, DIC, and NH4 + were negatively correlated with salinity and DIC was 
positively correlated with PO4 3−, and NH4 + (Figure S8 in Supporting Information S1), suggesting these analytes 
are products of remineralization. H2S also increased with depth; deep oxygen penetration in the STE likely drives 
less energetically favorable redox reactions, such as sulfate reduction, deeper into the sediments.

4.2.  Potential N Removal Rates

Denitrification was the dominant microbial N removal pathway in the GP-STE; anammox rates were ubiquitously 
low. The observed denitrification rates were similar to those observed by Jiao et al. (2018) in a sandy STE in Daya 
Bay, China using a similar slurry incubation method, but were lower than N removal rates in some other coastal 
sediments (Cornwell et al., 1999; Hall et al., 2005). Denitrification has also been measured in STEs using in situ 
tracer (Addy et al., 2002; Tobias et al., 2001) and flow-through experiments (Wong et al., 2020), which resulted 
in higher rates than those observed in this study. Incubations were conducted at in situ STE temperature and the 
highest denitrification rates were observed in fall despite the highest temperatures being observed in summer. 
This does not align with a positive temperature effect on denitrification and suggests that another factor limits 
rates such as labile organic matter or substrate availability. GP-STE sediments have only ∼0.26% organic content 
(determined by combustion of dried sediment, unpublished data), so that the availability of organic matter may 
be a limiting factor. The organic matter that is available may also be recalcitrant; O’Connor et al. (2015) observed 
that 43% ± 18% of the total GP-STE DOC pool was comprised of humic material, indicative of low lability. Low 
concentrations of oxidized DIN, which is required for anammox and denitrification, in the anoxic zone of the 
GP-STE would also limit N removal in situ. The NO3 − profile (Figure 2c) showed no NO3 − below 100 cm where 
the anoxic zone begins and NH4 + concentrations begin to increase, which could be the result of denitrification of 
any available NO3 −, but the observed low potential rates suggest minimal N removal occurring deep in the STE.

Most calculations of SGD nutrient fluxes do not account for transformations or removal along the groundwater 
flow path (Beck et al., 2016; Charette & Buesseler, 2004; Correa et al., 2020). Despite the difficulty of accurately 
estimating STE transformations, unaccounting for these processes can lead to overestimations or underestima-
tions of nutrient fluxes via SGD as these transformations may remove (i.e., denitrification or sorption) or produce 
(i.e., remineralization) inorganic nutrients. Our slurry incubations were performed under anoxic conditions with 
excess NO3 − and, therefore, do not account for in situ oxygen and substrate concentrations. However, these 
observations do provide potential rates under optimal conditions for these processes. Potential rates are typically 
considered over-estimations, but can be useful to calculate a potential “maximum” N that could be removed in 
the STE. Since denitrification is an anoxic process and increased oxygen availability decreases denitrification 
rates (Bonin & Raymond, 1990; Seitzinger et al., 2006), it is likely that STE N removal would occur mainly at 
depths that exhibit low oxygen or anoxic conditions. If we assume that denitrification would not occur above 
60 cm, where >5 mg/L DO is observed (Oh & Silverstein, 1999), the maximum N removal in the top 1 m 3 
would be ∼1,500 μmol N m 2 d −1. This is approximately 20% of the available NO3 − pool in the top 1 m 3 of the 
STE (∼7,400 μmol N). Much of the N pool, therefore, would be available for discharge to the overlying water. 
However, the highest potential rates of denitrification and anammox at this site were observed in surficial sedi-
ments. The surficial STE sediments are oxic, which may inhibit denitrification, but the oxic region is closer to 
labile organic matter provided by overlying water and it is possible that N removal is occurring in anoxic micro-
sites or patches (Arango et al., 2007). Despite the low observed rates, the maximum N removal in both oxic and 
anoxic zones of the sediment profile, would attenuate the entirety of the STE DIN pool in fall and winter and 
result in a ∼80% DIN pool reduction in summer and spring. The true rate of N removal in the STE is likely some-
where between this 20% and 100% removal; a  15N labeled in situ tracer experiment conducted at the GP-STE 
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indicated denitrification in surficial sediments (50 cm) of less than 0.075 mmoles N m −2 d −1 suggesting that 
denitrification in the oxic zone is not a major contribution in situ (Wilson, 2022). Considering that high rates of 
attenuation by denitrification would require anoxic conditions and that NO3 − is observed in surficial porewaters, 
our data suggest that at least some NO3 − is released to the overlying water. However, N removal rates observed 
at our site have the potential to partially or fully attenuate DIN prior to discharge and this reduction should be 
considered in flux calculations so as to not overestimate DIN export via SGD.

4.3.  Groundwater Discharge

Hydraulic gradients in the GP-STE indicated groundwater discharge to the YRE. Variation following the tidal 
cycle observed in hydraulic gradients at the GP-STE was in contrast with our tidal survey of geochemical profiles, 
which suggested minimal effect of tidal cycles (Figures S9, S10, and Table S3 in Supporting Information S1). 
STEs are dynamic systems that, in addition to tidal and seasonal impacts, may also be influenced by landward and 
seaward forces (Slomp & Cappellen, 2004). Factors such as rainfall and wave action are likely to affect ground-
water flow in the GP-STE. The flow of groundwater will, in turn, impact STE geochemistry and nutrient cycling 
rates, and thus STE variability. As previously noted, discharge calculations can be highly sensitive to hydraulic 
conductivity (k) as shown by the sensitivity analysis (Figure S3 in Supporting Information S1), which highlights 
that discharge estimates are directly related to the magnitude of k. Spatial variation in hydraulic conductivity 
throughout the lower YRE would also influence groundwater discharge rates (Taniguchi et al., 2003).

We observed groundwater discharge to the overlying York River in all seasons. The calculated discharge rates are 
of the same order of magnitude as those previously estimated for the GP-STE by Beck et al. (2016; 3.9–6.2 cm d −1; 
i.e., 39–62 L m −2 d −1). Horizontal hydraulic gradients were observed consistently in the STE, indicating that 
water was moving outward from land, but vertical hydraulic gradients varied with season. Negative vertical 
gradients, indicating recharge or movement of the seepage face, were observed periodically in winter 2019 and 
spring 2020. These negative vertical gradients could result from lower rainfall during the winter months lead-
ing to lower groundwater flow. Higher tidal heights observed in winter may also increase the pressure from the 
overlying water, decreasing groundwater flow; the reversal of hydraulic gradients in the subsurface contributes to 
typically high variability in STE profiles (Moore, 1999). Changes in the direction of the hydraulic gradient may 
also indicate a shift in the location of the discharge zone along the beach face. The period of highest groundwater 
discharge, summer 2018, was also a period of high rainfall in the area suggesting that the magnitude of discharge 
may be dominantly controlled by seasonal watershed hydrology rather than shorter-term tidal drivers.

4.4.  Potential Nutrient Fluxes

Nutrient fluxes via groundwater were calculated in several ways including the use of a deep endmember, assum-
ing conservative transport of nutrients, and a shallow endmember (50 cm), to represent STE mixing zone concen-
trations, and two scenarios that account for potential microbial N removal prior to discharge (Table 3). The deep 
endmember DIN and PO4 3− fluxes were the largest as the deep groundwater is enriched with inorganic nutri-
ents. Using a groundwater endmember and assuming conservative transport has traditionally been the approach 
for groundwater flux studies; however, this may overestimate nutrient fluxes. This approach does not account 
for microbial processing, removal, or sorption in the STE where nutrients are often transformed, produced, or 
consumed. The shallow endmember (50 cm) represents the nutrient concentrations at the top of the STE mixing 
zone, likely these concentrations represent nutrient concentrations post-processing and may be a better estimate 
of SGD export, but there is still potential for N removal during discharge. In our analysis, accounting for potential 
denitrification in the STE significantly reduced DIN fluxes, underscoring the importance of N removal along the 
groundwater flow path.

Our estimated SGD nutrient fluxes for the GP-STE site fall within the range of those previously reported other 
coastal systems (Table S6 in Supporting Information S1). DIN and PO4 3− fluxes (Shallow Endmember) were 
of the same order of magnitude as those previously calculated for the GP-STE and the Elizabeth River, another 
tributary of the Chesapeake Bay (Beck et al., 2016; Charette & Buesseler, 2004). Reay et al. (1992) reported 
higher DIN discharge from groundwater to the Chesapeake Bay (∼260 mmoles DIN m shoreline −1 d −1, assuming 
a shoreline of 1.86 × 107 m); however, they used seepage meters to determine groundwater discharge, which 
can induce flow under certain conditions (Rosenberry et  al.,  2008). Nutrient fluxes at the GP-STE were of 
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similar magnitude to those observed at Point Judith Rhode Island, USA (Scott & Moran,  2001), Bangenden 
Beach, Indonesia (Adyasari et al., 2019), and Sydney Harbor, Australia (Correa et al., 2020) all of which are 
urban coastal areas as well as to estuaries including the North Inlet South Carolina, USA (Krest et al., 2000) and 
Tauranga Harbor in New Zealand (Stewart et al., 2018). However, the SGD-derived N and P fluxes observed in 
this study were lower than those observed in Sanggou and Sansha Bays in China (G. Wang et al., 2018; X. Wang 
et al., 2014), Gamak Bay in Korea (Hwang et al., 2010), and Nauset March Estuary, MA, USA. SGD (Portnoy 
et  al.,  1998). SGD derived nutrients are relevant in many regions across global coastlines (Cho et  al.,  2018; 
Santos et al., 2021) and, despite many local efforts to measure nutrient fluxes, they often remain overlooked in 
assessments of coastal biogeochemistry and nutrient budgets (Gruber & Galloway, 2008; Lake & Brush, 2015).

SGD commonly has higher N:P ratios than Redfield (Santos et al., 2021). In some cases the N:P ratio of SGD 
is >50, which far exceeds the stoichiometry found in the two tributaries draining into the YRE; the Pamunkey 
(average DIN:DIP ratio  =  13  ±  1.6) and the Mattaponi (average DIN:DIP ratio  =  16  ±  1.6) (CBNERR-VA 
VIMS, Virginia Estuarine and Coastal Observing System (VECOS), 2021). It has been hypothesized that the 
high N:P ratios found in SGD may cause systems to become P rather than N-limited (Santos et al., 2021; Slomp 
& Cappellen, 2004). The average inorganic DIN:DIP ratio of the YRE itself is 40 ± 12 and fluctuates season-
ally; exhibiting N limitation in the summer and fall and P limitation in winter (Killberg-Thoreson et al., 2013; 
Sin et al., 1999; Stanley, 2021). Our data suggest that the DIN:DIP ratio of groundwater, calculated using the 
shallow  endmember, varies with season. The summer and winter SGD exhibited DIN:DIP ratios exceeding the 
Redfield ratio, whereas in spring 2018 and fall 2019 SGD N:P ratios were closer to Redfield. Despite reported 
N limitation in the summer, the lower YRE exhibits annual algal blooms. High SGD rates coupled with the 
high porewater DIN concentrations observed in summer, result in higher fluxes of DIN via SGD, coincident 
with annual summer HAB events (Reay, 2009). It is important to account for SGD as a source of high DIN:DIP 
water that differs from other nutrient sources, as this will influence biogeochemistry and may stimulate primary 
production in the overlying water.

Along with SGD, estuaries receive N and P from their tributaries, watershed runoff, and diffusive benthic fluxes 
that release nutrients to the water column. To compare sources within the YRE, fluvial and benthic fluxes of 
DIN and DIP from previous work (Lake & Brush, 2015; Woods, 2021) were extrapolated to the area of the lower 
York River for comparison to SGD. The fluvial DIN and DIP fluxes, which represent nutrient loading flowing 
downstream, were outputs of a water quality model developed and described by Lake and Brush (2015) for the 
YRE (reported 5.4% error between modeled and measured chlorophyll-a concentrations). The model separates 
the YRE into several boxes and the fluvial flux used here represents the nutrients flowing in YRE surface water 
from Box 7 to Box 8 (Lake & Brush, 2015), this flux was extrapolated to the entire area of the lower YRE (Box 8, 
47.88 km 2, Figure S11 in Supporting Information S1). The diffusive benthic fluxes of DIN and DIP were deter-
mined experimentally with whole core incubations conducted seasonally in 2019 and 2020 (Woods, 2021). The 
diffusive benthic fluxes measured in the lower portion of the YRE, were extrapolated to the same area. The SGD 
fluxes determined in this study were extrapolated to a seepage zone defined as 40 m on either side of the river. 
This was based on seepage meter measurements by Beck et al. (2016) and includes discharge rates exponentially 
decreasing with distance from the shoreline. The width of the seepage zone was determined as the boundary of 
Box 8 from Lake and Brush (2015) with a 40 m buffer split into three zones 0–10, 10–20, and 20–40 m (Figure 
S12 in Supporting Information S1) and calculated in ArcGIS. SGD DIN and PO4 3− discharge rates were extrapo-
lated to the area of the seepage zone, accounting for exponential decline in SGD moving outward from shore, for 
comparison to the diffusive benthic and fluvial sources (Figures 5 and 6, Table S6 in Supporting Information S1).

The fluvial fluxes were the largest source of inorganic nutrients to the lower YRE in all seasons, this flux was an 
order of magnitude higher than both benthic and SGD fluxes (Figures 5 and 6). Our data, therefore, suggest that 
riverine transport downstream in the lower YRE is the dominant source of inorganic nutrients to this system. It 
is possible that a portion of these nutrients transported in YRE surface water may be the result of SGD upstream, 
as groundwater discharge has been observed along the length of the river (Luek & Beck, 2014). The highest 
estimate of potential SGD fluxes, calculated using the deep endmember approach, was roughly 4%–11% and 
1%–4% of the fluvial DIN and PO4 3− fluxes, respectively. Diffusive benthic fluxes represented net uptake of N 
in spring, fall, and winter in the YRE, which may be the result of benthic microalgae. This may also attenuate 
SGD derived nutrients as SGD flows through surficial sediments and, when combined with microbial N removal 
in the STE, SGD derived nutrients may be completely attenuated prior to discharge in spring, fall, and winter. In 
the summertime, DIN was released from the benthos and SGD derived DIN was not completely attenuated by 
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STE N removal, so SGD serves as additional source of DIN during the summer months. DIP diffusive benthic 
fluxes were negligible with no discernible uptake or release of P suggesting little or no uptake of SGD derived 
PO4 3− by the benthos. This extrapolation exemplifies the magnitude of SGD fluxes in this location but applies 
widely to other coastal systems (Table S8 in Supporting Information S1), where SGD may also be a source of 
inorganic nutrients. There is likely temporal and spatial variability in the rate of groundwater discharge along the 

Figure 5.  Comparison of fluvial (black), diffusive benthic flux (gray), submarine groundwater discharge (SGD) deep endmember flux (dark blue), and SGD shallow 
endmember flux (blue), SGD anoxic denitrification scenario flux (light blue), and SGD total denitrification scenario flux (periwinkle) of dissolved inorganic nitrogen 
in the lower York River Estuary. (a) shows all calculated fluxes and panel (b) shows all fluxes except the advective flux. Error bars represent one standard error in each 
direction.

Figure 6.  Comparison of advective (black), benthic flux (gray), submarine groundwater discharge (SGD) deep endmember flux (dark blue), and SGD shallow 
endmember flux (blue) of PO4 3− in the lower York River Estuary. (a) Shows all calculated fluxes and panel (b) shows all fluxes except the advective flux. Error bars 
represent one standard error in each direction.
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entire YRE, but our observations indicate that the GP-STE is a net source of nutrients to the overlying water in 
summer despite N removal and uptake.

STEs act as biogeochemical reactors for groundwater and surface water and are important transition zones along 
the land-ocean continuum. Our data reveal how biogeochemical cycling in STEs can significantly influence 
SGD nutrient loading. At this site, groundwater delivers high concentrations of dissolved inorganic nutrients to 
the STE where they may be transformed or attenuated, by both biotic and abiotic processes such as nitrification, 
denitrification, and sorption to sediments, prior to discharge to the overlying water. In the lower portion of the 
YRE, during the fall, and winter, nitrification and subsequent denitrification in the STE may protect the YRE 
from high nutrient groundwater discharge. Despite the maximum potential N removal by denitrification in the 
STE, SGD was a source of nutrients to the YRE in spring and summer. SGD has been reported as an appreciable 
source of nutrients to some estuaries and coasts, which may cause eutrophication and formation of HABs (Santos 
et al., 2021). In the lower YRE, SGD appears to be a small source as compared to riverine transport especially 
after accounting for N removal in the STE. As groundwater nutrient fluxes are further constrained, reactions in 
STEs altering SGD export should be considered to better estimate groundwater nutrient loading. This will deter-
mine whether groundwater should be included in future water quality models and when investigating drivers of 
coastal zone primary production and biogeochemistry.
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