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ABSTRACT

This study evaluated water quality, nitrogen (N), and phytoplankton assemblage linkages along the western Long
Island Sound (USA) shoreline (Nov. 2020-Dec. 2021) following COVID-19 stay-in-place (SIP) orders through
monthly surveys and N-addition bioassays. Ammonia-N (AmN; NH3+NH{) negatively correlated with total
chlorophyll-a (chl-a) at all sites; this was significant at Alley Creek, adjacent to urban wastewater inputs, and at
Calf Pasture, by the Norwalk River (Spearman rank correlation, p < 0.01 and 0.02). Diatoms were abundant
throughout the study, though dinoflagellates (Heterocapsa, Prorocentrum), euglenoids/cryptophytes, and both
nano- and picoplankton biomass increased during summer. In field and experimental assessments, high nitrite +
nitrate (N + N) and low AmN increased diatom abundances while AmN was positively linked to cryptophyte
concentrations. Likely N + N decreases with presumably minimal changes in AmN and organic N during COVID-
19 SIP resulted in phytoplankton assemblage shifts (decreased diatoms, increased euglenoids/cryptophytes),

highlighting the ecological impacts of N-form delivered by wastewater to urban estuaries.

1. Introduction

Long Island Sound (LIS), USA, is a large (average 160 km length x 20
km width x 21 m depth) nitrogen (N) enriched urban estuary (Gay et al.,
2004; Vaudrey 2017; Vlahos et al., 2020; Long Island Sound Study
2021). LIS exchanges tides diurnally with both the East River in New
York City (NYC, western boundary) and the Atlantic Ocean (eastern
boundary) while receiving 80% of freshwater inputs from rivers, pri-
marily the Thames, Housatonic, and Connecticut (CT) rivers (Gay et al.,
2004; O’Donnell et al., 2014). Riverine inputs (including the East River)
supply ~23.5 x 10° kg N y ! of total N (TN) to LIS, with atmospheric
deposition contributing ~2.8 x 10 kg N y~! (Vlahos et al., 2020). This
N load contributes to algal bloom formation in LIS and nearby embay-
ments, as well as LIS summer hypoxia from microbial respiration of
organic matter (e.g., sewage, phytoplankton) alongside environmental
forcings (Hattenrath et al., 2010; Hattenrath-Lehmann et al., 2015;
Whitney and Vlahos 2021).

Overall N levels decline along an urban-suburban transition (NYC-

CT) from the heavily developed Western Narrows to eastern LIS (Vau-
drey et al., 2016). In tandem, the sources of N inputs become a more
diverse mixture of sewage, atmospheric, and fertilizer origins (Vaudrey
et al., 2016; Vlahos et al., 2020). For example, 97% of the East River N
load to the Western Narrows comes from NYC sewage, namely waste-
water (WW) treatment effluent and combined sewage overflows (CSOs)
(Vaudrey et al., 2016). CT N inputs include sewage and septic (77%),
atmospheric deposition (12%), and fertilizers (10%) to Norwalk Harbor
compared to septic systems (41%), fertilizers (30%), and atmospheric
deposition (25%) moving east to the Saugatuck River (SR) estuary
(Vaudrey et al., 2016; Tetra Tech, 2018). This is partially due to differing
land uses; the Western Narrows’ watershed is 86% developed whereas
the SR watershed is 20% developed, reflecting lower human population
density along the CT coast (NYC 29,303 persons mi~2 [11,311 persons
km_z] versus Westport CT 1360 persons mi 2 [525 persons km_z])
(Tetra Tech, 2018; United States Census Bureau, 2020; 2022).

The concentration of WW effluent in the East River and Western
Narrows influences summer bottom water hypoxia in western LIS
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(WLIS), where the highest concentrations of chlorophyll a (chl-a) in the
estuary are also found (Li et al., 2018; Perreira, 2021; Whitney and
Vlahos 2021; Roldan-Ayala et al., 2023). To manage LIS hypoxia, a total
maximum daily load for point-source TN inputs was mandated by the
Environmental Protection Agency (EPA) in 2001 (EPA National Estuary
Program, 2022). Subsequent upgrades to WW treatment (WWT) plants
resulted in a 60% TN decrease by 2016 relative to the 1994 baseline and
a 50% reduction in total hypoxic area, though seasonal WLIS hypoxia
recurs (Vaudrey 2017; Vlahos et al., 2020; CT Department of Energy and
Environmental Protection (CT-DEEP, 2021; Whitney and Vlahos 2021).
Despite treatment methods, WW effluent contains significant amounts of
remaining ammonia and ammonium (NH3+NHJ, hereafter AmN), and
dissolved organic N (DON), due to difficulty in removal (Trygar 2009;
Mallick et al., 2022; NYC-DEP, 2022b). WWT upgrades resulted in lower
median dissolved inorganic N (DIN) concentrations, and decreased DIN:
DON within surface and bottom WLIS waters (2002-2021) that are
associated with reductions in nitrate and nitrite (NO3 + NOs, hereafter
N + N) (Suter et al., 2014; Yao et al., 2019; CT-DEEP 2021; Whitney and
Vlahos 2021).

Available chemical form and concentrations of N differentially in-
fluence phytoplankton growth and community structure in eutrophic
and developed waterways (Cira et al., 2016; Reed et al., 2016; Sitta
et al., 2018). Since WWT upgrades, there have been no consistent
long-term temporal trends in total chl-a when considering the whole LIS;
however, DIN:DON decreases were associated with transitions in the
dominant phytoplankton taxa (Suter et al., 2014; CT-DEEP 2021;
Whitney and Vlahos 2021). High performance liquid chromatography
(HPLC) pigment analysis of samples from stations routinely monitored
by CT-DEEP (2002-2014) in the WLIS mainstem (offshore) revealed the
proportion of diatoms decreased relative to mixotrophs, including di-
noflagellates (such as Prorocentrum species), cryptophytes, and eugle-
noids (Suter et al., 2014).

Compared to the number and frequency of WLIS offshore surveys (e.
g., by CT-DEEP), there have been few studies of nearshore phyto-
plankton communities. Characterizing these processes is important
because nearshore phytoplankton communities display variability in
their physiological responses to environmental cues (light availability,
salinity, and seasonality) and heterogeneous episodes of nutrient
loading (Romero et al., 2014; Lemley et al., 2019). Prior work noted
nearshore WLIS phytoplankton assemblages are variously composed of
diatoms, euglenoids, cryptophytes, and dinoflagellates, but few studies
have interrogated how N influences nearshore species composition in
this region (Greenfield et al., 2005; Gobler et al., 2006; Li et al., 2018;
Van Gulick 2020). Mechanisms driving site-specific assemblage differ-
ences related to N-form/concentration are consequently understudied.
Since N form and composition of WW effluent and raw sewage has been
linked to a smaller proportion of diatoms relative to other phyto-
plankton, as well as conditions favoring harmful algal bloom (HAB)
formation in LIS and other estuarine and freshwater systems (McCarthy
et al., 2009; Gobler et al., 2012; Hattenrath et al., 2010; Schweitzer
2019; Glibert et al., 2022), connecting N-form and levels at the
land-water interface with phytoplankton assemblages can inform LIS
water quality management.

Spatial transitions in terrestrial N inputs along the NYC-CT urban-
suburban gradient likely influence nearshore phytoplankton taxonomic
composition. However, these connections can be difficult to identify in
the temporal context of declining DIN:DON, seasonality, and climate
change (Vaudrey et al., 2016; Whitney and Vlahos 2021). Regional
perturbations in anthropogenic activity — either through acceleration or
deceleration - offer opportunities for mechanistic insight into how
human activity impacts coastal ecosystem responses.

Coined the “anthropause” (Rutz et al., 2020), the period spanning
COVID-19 stay in place (SIP) orders and subsequent phased re-entry
provides a unique window into how changes in human activity affects
ecosystem function. To date, few published works have examined re-
lationships between estuarine water quality, nutrients, chl-a, and
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phytoplankton assemblages during COVID-19 SIP, many of which
incorporated satellite data. As examples, remote sensing observations
off the coast of the Yellow Sea, Venice, and the Arabian coast of India
documented 30%, 100% and 30% decreases in chl-a (Apr. and May 2020
compared to baselines in 2015-2019, 2017-19, and 2018, respectively)
(Mishra et al., 2020; Braga et al., 2022; Yoon et al., 2022). During 2020,
in Blanes Bay on the Mediterranean coast, water samples revealed small
decreases in total chl-a and N + N (Sala et al., 2022), whereas Kuwait
Bay satellite observations of chl-a increases were associated with DIN
increases and a dinoflagellate bloom (Polikarpov et al., 2021). Lower
riverine AmN concentrations in China (Apr. and May 2020 versus
2018-2019) were attributed to sewage reductions (Liu et al., 2022).

During this study (Nov. 2020-Dec. 2021), a NY State disaster
emergency was in effect (07 Mar. 2020-24 June 2021) in response to the
COVID-19 pandemic (New York State Governor, 2021). Changes in
human mobility altered spatial patterns of N discharge to LIS, as N
discharged into the Eastern Narrows decreased by 10% during the
shutdown (Sherman et al., 2023b) likely due to less WW derived N.
Concomitant reductions in atmospheric NO; levels (21-36% decreases
in NY/CT from 2018, Tzortziou et al., 2022) during the spring-summer
2020 shutdown were attributed to fewer commuters: the number of
people working remotely in the NYC metropolitan region increased
500% compared to 2017-2019 (Sherman et al., 2023b). A second
decline in atmospheric NOy was measured late 2020-early 2021, coin-
cident with a resurgence in SIP measures during the second pandemic
wave in the NY metropolitan region (Tzortziou et al., 2022). Given these
short-term air quality improvements related to N, it is conceivable that
as remote work increased, patterns of WW effluent and other sources of
terrestrially derived N inputs from NYC/CT to WLIS shifted, impacting
phytoplankton community composition and biomass (chl-a); in WLIS,
there was a 40% decrease in remotely-sensed chl-a during Apr. 2020
relative to 2017-2019 (Sherman et al., 2023b), though precise causal
mechanisms remain unclear.

The goal of this study was to characterize nearshore phytoplankton
assemblages in WLIS, specifically along the NYC-CT commuting
corridor, during and following COVID-19 SIP as they relate to N-form/
concentration. This was achieved through the following objectives: 1)
assess the relationships between phytoplankton assemblages and N-
form/concentration at nearshore sites during and following COVID-19
SIP; 2) experimentally quantify phytoplankton assemblage responses
to N-form via in situ nutrient addition bioassays at western and eastern
ends of the study area by mimicking pre-COVID-19 N conditions. Study
results help disentangle the relationships between N-form and proximity
to point source N-inputs on phytoplankton assemblages while informing
water quality management strategies.

2. Materials and methods
2.1. Field surveys

Water sampling was conducted monthly ~2-3 h before low tide from
11 Nov. 2020-03 Dec. 2021 at WLIS shore sites spanning an urban-
suburban gradient along the NYC-CT commuting corridor.

2.1.1. Sampling sites

Shore sites, Alley Creek (AC), City Island (CI), Rye Playland (RP),
Calf Pasture (CP), and the Saugatuck River (SR) (Fig. 1), ranged 0.3
(AC)-3.0 m (RP) depth at low tide (NOAA 2023) and were selected to
capture N entering the estuary from rivers, wastewater outfalls, and
terrestrial sources. AC (40.7633, —73.7518) is adjacent to three CSOs
and the Alley Pond Golf Center near the East River-WLIS confluence. A
pollution control plan for AC was approved to create a CSO disinfection
system with United States Geological Survey measurements of sus-
pended solids, pharmaceuticals, and fecal bacterial markers (Aug.
2020-June 2021) (New York State Department of Environmental Con-
servation, 2017; Fisher et al., 2022). CI (40.8540, —73.7871) is located
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Fig. 1. Map of study region with insert denoting shore sampling and bioassay sites. Shore sites (squares) are Alley Creek (AC), City Island (CI), Rye Playland (RP),
Calf Pasture (CP), and Saugatuck River (SR). Bioassay sites (circles) Throggs Neck (TG) and SR are also shown. Note that SR is both a shore sampling and

bioassay site.

within the Eastern Narrows on an eastward facing dock ~1 km north of a
sewage outfall and near NYC-DEP monitoring station E8 (from which
available N + N, AmN, and total Kjeldahl N (TKN) data (Jan. 2010-June
2019) were leveraged to inform pre-COVID conditions) (NYDEP 2022a;
New York State, 2022; data.nyc.gov). RP (40.9624, —73.6726) is on a
southeastern facing dock adjacent to the Edith G. Read Natural Park and
Wildlife Sanctuary that spatially connects western (urban) and eastern
(suburban) locations (data.nyc.gov) and unique among sites because it is
neither adjacent to riverine inputs nor CSOs; as such, water was pre-
sumably of relatively greater marine origin. CP (41.0828, —73.3815) is
on a southern facing dock adjacent to the Norwalk River and the Nor-
walk shellfish biotoxin monitoring station (CT Department of Agricul-
ture, Bureau of Aquaculture, Town Code 103), with the Northport Water
Pollution Control Facility ~1 km upstream (Tetra Tech, 2018; Van
Gulick 2020). SR (41.1207, —73.3678) is a floating dock ~1 km north of
the Saugatuck River-LIS confluence and the Longshore Golf Course,
opposite the Westport Town Sewer Treatment Facility (Tetra Tech,
2018) and was surveyed (N + N, AmN, and TN) by the citizen science
group Norwalk Harbor Watch in 2020 (Norwalk Harbor Watch, un-
published data).

2.1.2. Sample collection and physical water quality

From each shore site, water samples (0.3-0.5 m depth) were
collected using a 2.2 L Niskin bottle. Samples were then dispensed into
previously acid washed (10% hydrochloric acid for >4 h, rinsed three
times with reverse osmosis water) 1 L opaque high-density polyethylene
Nalgene® bottles (n = 3), placed in a cooler on cold packs, and trans-
ported to the laboratory within 2 h of collection for processing of nu-
trients, chl-a, and phytoplankton community composition (Section 2.3).

At all sites, water quality (temperature (T), salinity (S), dissolved
oxygen (DO), pH, and turbidity) was measured using a YSI EXO2 sonde.
Daily precipitation data were obtained from National Oceanic and At-
mospheric Administration (NOAA) National Weather Service (NWS)
stations at (west to east) LaGuardia Airport, Larchmont NY (Larchmont
1.1 NE), and Norwalk CT (Norwalk 1.4 ENE) (NWS, 2022), converted
from inches to mm, then summed as cumulative precipitation 7 days
before each sampling.

2.2. In situ bioassays

To determine whether N-form and levels following COVID-19 SIP

affected phytoplankton biomass and species composition, nutrient
addition bioassays were conducted in situ (native light and temperature
conditions) by mimicking pre-COVID-19 N concentrations. These ex-
periments were located at the geographic ends of the survey range to
assess spatial influences of N on phytoplankton assemblages. In-
cubations took place in 2021 on floating docks at the State University of
NY Maritime College Olivet Pier at Throggs Neck (TG, 40.8055,
—73.7965, 7-10 Sept.) and SR (14-17 Sept.) (Fig. 1). TG is ~0.5 km east
of a CSO and adjacent to NYC-DEP sampling station E8. Measurements
from Norwalk Harbor Watch in Sept. 2020 (personal communication)
were used to determine SR baselines (Table S1). Based on these assess-
ments, N was added to a final concentration of +20 uM per atom N
(calculated for final volume) as NH4+ (as ammonium chloride, NH4Cl,
Sigma-Aldrich®, product#A9434), NO3 (as potassium nitrate, KNOg,
Fisher Chemical™, product #P2631000) or urea (CO(NHj),, Sigma
Aldrich®, product #U5378) to test reduced, oxidized, and organic N-
forms, respectively. PO3~ (dissolved inorganic phosphorus, DIP) (as
potassium phosphate monobasic, KHyPO4, Sigma Aldrich®, product
#57618) was added at ‘Redfield’ elemental ratios (16:1 N:P per atom;
Redfield 1958) to avoid co-limitation of phosphorus for phytoplankton
(Reed et al., 2016; Sitta et al., 2018). Each bioassay had six treatments
(three replicates per treatment): control with no additions (C), phos-
phate (P), nitrate + phosphate (NP), ammonium + phosphate (AP), urea
+ phosphate (UP), and all N-forms at equal atom levels + phosphate
(ALL). Surface water (0.2 m depth) collection and N-additions occurred
within 2 h after high tide.

Surface physical water quality (T, S, DO, pH, and turbidity) was
recorded at the experimental start (t (0)) and each timepoint using a YSI
ProSolo sonde and a handheld Mettler Toledo Seven 2Go pH meter. The
light extinction coefficient (k) was calculated from the Secchi depth
(Brown 1984). To determine t (0) nutrient and phytoplankton condi-
tions, surface water was collected and dispensed to previously
acid-washed (as above) 1 L Nalgene® bottles (n = 3). For all replicates,
surface water was collected using a 5 L plastic beaker then dispensed
into 2 L Thermo Scientific Nalgene® transparent polycarbonate bottles
(manufacturer #20152000) pre-rinsed 3x with surface water onsite.
After nutrient addition, bottles were closed and secured to the dock in a
large mesh bag (hand stitched from black polyethylene tarp, Harbor
Freight #60577) to achieve 30-40% surface irradiance and avoid
phytoplankton photoquenching (Reed et al., 2015; Sitta et al., 2018),
then incubated at the water surface for 72 h. This incubation time frame
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effectively assessed phytoplankton community composition changes
without risking nutrient depletion (Pinckney et al., 2020). Each bottle
was sub-sampled at t (24) (24 h, to capture short-term N-uptake and
allow gas exchange) and removed at t (72) (final, to capture assemblage
shifts). During sub-sampling, each bottle was gently inverted several
times to mix the incubation water, then 200 mL was decanted into a
graduated cylinder and allocated into 500 mL opaque high-density
polyethylene Nalgene® bottles. Treatment bottles were randomly
returned to the mesh bag and placed in situ for the remaining incubation.
All water samples were kept cool and in the dark, and immediately
transported to the laboratory where replicates were processed for sub-
sequent nutrient, chl-a, and phytoplankton (species abundances) anal-
ysis per timepoint (Section 2.3). DON was calculated as TDN - DIN, and
dissolved organic phosphorus (DOP) was calculated as TDP - DIP.
Phytoplankton instantaneous growth rates were calculated per replicate
using the following equation (Reed et al., 2016):

ll’lX,z - lnX“
At

Where X is the concentration of phytoplankton cells or chl-a at timepoint
t (days) for a particular cell size fraction and At is elapsed time. To assess
changes in nutrient concentrations relative to algal biomass, phyto-
plankton uptake rates (Vy 4+ n, Vamn, Vpip, and Vg;) were calculated per
replicate using the following equation (Conway et al., 1976):

SzZ — Stl

(An)(Y)

Where S is the nutrient concentration at timepoint t (days), and Y is
biomass at t.

2.3. Analytical methods

2.3.1. Nutrients

Upon return to the laboratory, aliquots of water (~17 mL) from each
replicate were passed through previously acid-washed 60 mL syringes
affixed with 0.7 pm, 25 mm diameter glass microfiber filters (GF/Fs)
(Whatman™ Cytiva, product #1825-025) into acid washed 20 mL glass
scintillation vials for analysis of AmN, N + N, TDN, DIP, and TDP.
Dissolved Si was similarly processed, but into plastic vials. All samples
were frozen (—20 °C) until colorimetric analysis using a Lachat Quick-
chem® 8500 autoanalyzer (Zimmerman and Keefe 1991; Grasshoff
et al., 1999; Hales et al., 2004).

2.3.2. Chl-a

Unfiltered water aliquots (40 mL) were used to determine total chl-a
concentrations, while samples filtered through <20 pm and <5 pm
Nitex® nylon mesh screens were used to determine relative contribu-
tions of micro-, nano-, and picophytoplankton to overall chl-a (Green-
field et al., 2005; Lonsdale et al., 2006). All samples were passed through
separate columns on a vacuum manifold to condense phytoplankton
biomass on GF/Fs. Pigment samples were stored (—20 °C) in plastic
scintillation vials until acetone extraction (with 90% HPLC grade
acetone) of chl-a concentrations (ug L™!) using a Turner Trilogy®
fluorometer (Welschmeyer 1994). For each sample, the >20 pm cell size
fraction was calculated by subtracting <20 pm chl-a concentrations
from total chl-a, and 5-20 pm was calculated by subtracting the >20
and < 5 pm concentrations from total chl-a.

2.3.3. Phytoplankton community composition

One replicate (chosen at random) per site or treatment was quali-
tatively analyzed for community composition using a 5 mL Lab-Tek™
Chamber Slide with all visible species identified to the lowest taxonomic
level (LTL) possible. Additionally, 20 mL aliquots per replicate were
dispensed into 20 mL glass amber vials, fixed with Lugol’s iodine solu-
tion (Sigma-Aldrich® product #1.00567) to a 1% final dilution, then
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refrigerated (4 °C) until analysis. To quantify phytoplankton community
composition, all preserved samples were evaluated using an Olympus
CKX53 inverted light microscope and a 1 mL Sedgewick-Rafter chamber.
Individual cells (nano- and microplankton) were identified to the LTL
possible then enumerated until 300 cells per species or the entire
chamber was counted, whichever occurred first. Cell concentrations
were calculated using the following equation (LeGresley and McDermott
2010):

counted cells, mL sample and Lugols iodine solution

1mL mL total sample
2.4. Statistical analysis

All data were tested for normality (Shapiro-Wilk) prior to analyses.
Chl-a and DIN concentrations did not satisfy parametric assumptions
and were subsequently analyzed using non-parametric tests. Bioassay
cell count growth rates met parametric assumptions and were analyzed
as below. R Studio (v1.4.1106) was used for all tests with a significance
level of a = 0.05.

For nearshore sampling, the relationship of chl-a to physical water
quality (T, S, DO, turbidity, and pH) and inorganic nutrient concentra-
tions (AmN, N + N, DIP, and Si) was tested using a Spearman rank
correlation per site. The relationships of AmN and N + N to physical
water quality and chl-a cell size fractions, as well as precipitation to
physical water quality, nutrient concentrations, and total chl-a, were
tested similarly. For bioassays, differences in chl-a (total and per cell size
fraction) between t (0) and each treatment at t (24) were compared
using Wilcoxon rank sum tests. Significant differences in mean chl-a
concentrations (total and cell size fractions), cell abundances, and chl-a
growth rates (between all timepoints) were determined among treat-
ments using a Kruskal-Wallis chi squared test followed by Dunn’s test of
multiple comparisons with a Bejamini-Hochberg adjustment. Phyto-
plankton cell growth rates were tested among treatments using a one-
way analysis of variance (ANOVA) followed by a Tukey-post hoc test.
Significant differences among nutrient uptake rates per treatment were
likewise assessed using a Kruskal-Wallis chi squared test.

3. Results
3.1. Field surveys

3.1.1. Physical water quality

At all shore sites, mean (+SE, and similar notation henceforth)
temperature (T, 12.20 + 0.91 °C) was similar between sites on a given
day but fluctuated seasonally with July 2021 the warmest month and
Feb. 2021 the coolest (Fig. 2a). Salinity (S) was comparable among CI,
RP, and CP for all dates (pooled mean 28.4 + 0.30 PSU), but more
variable at AC and SR (pooled mean 19.5 + 1.17 PSU; Fig. 2b). The
lowest value (3.77 PSU, 03 Sept. 2021) at SR followed intense rainfall
(7-day sum at Norwalk 88.9 mm; Table S2) and coincided with elevated
turbidity (14.78 FNU) and nitrate + nitrite (N + N, 12.50 + 0.23 pM;
Figs. 2 and 3). Dissolved oxygen (DO) across sites (pooled mean 8.95 +
0.29 mg L) was lowest during Aug. and Sept. 2021, reaching a 2.46
mg L™! minimum on 03 Sept. 2021 at AG, indicative of hypoxia (DO <
3.0 mg L™Y; CT-DEEP 2021, Fig. 2¢). The two sites closest to WW inputs,
AC and SR, were generally more turbid (pooled mean 12.13 + 2.94 FNU;
Fig. 2d) than CI, RP, or CP (pooled mean 1.97 + 0.82 FNU); however,
precipitation was only significantly associated with turbidity at RP
(Spearman rank coefficient, henceforth r, = 0.55, p = 0.04; Table S3)
and not significantly correlated with T, S, DO, pH, total chl-a,
ammonia-N (AmN), N + N, PO?{ (DIP), or SiO4 (Si) across sites.
Finally, waters at AC were more acidic (mean pH 7.48 + 0.09) than
other sites (pooled mean pH 7.88 + 0.03; Fig. 2e).
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Fig. 2. Time series (mm/yy) of physical water quality at shore sites during the
study period. Parameters include water a) temperature (T, °C), b) salinity (S,
PSU), ¢) dissolved oxygen (DO, mg LY, d turbidity (FNU), and e) pH. Site
abbreviations are as in Fig. 1.

3.1.2. Nutrients

Mean N + N concentrations at AC (24.29 + 3.93 pM) and SR (12.64
+ 3.21 pM) were higher than other sites (pooled mean 3.18 + 1.07 pM;
Fig. 3a—e). Lowest concentrations were recorded at CP (mean 1.89 pM +
0.50 pM: Fig. 3c), with minima and maxima not coincident across sites.
In 2021, N + N values were elevated at AC (60.93 + 1.42 uM on 07 Jan.)
and CI (43.16 + 0.27 pM on 21 Oct.). N + N was positively correlated
with Si at CL, RP, and CP (r = 0.76, 0.59, and 0.54, p < 0.01, 0.02, and
0.04, respectively) but not correlated with other variables across sites,
with the exception of AmN at RP (r = 0.66, p = 0.01).

Mean AmN concentrations at AC (10.33 + 2.15 pM; Fig. 3a) were
higher than other sites (pooled mean 2.12 + 0.37 pM), reaching 21.96
+ 0.70 pM on Nov. 05, 2021. Across sites, AmN concentrations rose
during late fall (20 Nov., Dec. 11, 2020, and Dec. 3, 2021) when chl-a
declined (Figs. 3 and 4). The lowest AmN values were at RP (mean 1.20
+ 0.42 pM; Fig. 3c) and during late winter across sites (Mar. 08, 2021),
but late winter AmN declines did not coincide with changes in chl-a
levels. AmN was negatively and significantly correlated with T at AC (r
—0.60, p = 0.02) but not with other parameters across sites.

Mean concentrations of DIP generally decreased along the urban-
suburban gradient such that AC (3.49 + 0.09 pM) had consistently
higher values than SR (1.31 + 0.22 pM) (Fig. 3f-j). The highest DIP
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value (6.69 + 0.53 pM) on Oct. 04, 2021 at AC coincided with a mixed
phytoplankton species bloom of Prorocentrum minimum (3087 + 250
cells mL’l), euglenoids (2590 + 43 cells mL’l), and Thalassiosira spp.
(1619 + 427 cells mLfl; Table S4). Minima were not coincident among
sites, but apart from AC all sites reached their maxima on Nov. 20, 2020.
DIP was not significantly correlated with chl-a or precipitation across
sites (Table 1, Table S3).

There were no distinct spatial gradients in Si (Fig. 3f—j). Temporally,
highest Si concentrations occurred late summer/fall 2021 at all sites
except AC, which reached 22.53 + 0.67 uM on Mar. 08, 2021, along
with elevated N + N but not chl-a. March 2021 Si decreases occurred
across sites, dropping to 0.01 + 0.00 uM on Mar. 08, 2021 at CI, when
the diatom Skeletonema spp. was abundant (3964 + 792, 2664 + 235,
1421 + 144, 6571 + 534, and 2451 =+ 736 cells mL ™! at AC, CI, RP, CP
and SR, respectively), indicating draw-down. Across sites, Si was posi-
tively, though not significantly, correlated with total chl-a (Table 1), had
no consistent associations with AmN, but negatively and significantly
correlated with DO (r = —0.75, p=<0.01) and pH (r = —0.85, p=<0.01)
at CL.

3.1.3. Chl-a

Across sites, total chl-a concentrations peaked during summer 2021
(July and Aug.) and were minimal during Nov. (2020 and 2021; Fig. 4).
Mean total chl-a was higher at AC (24.72 + 13.62 pg L™!) than other
sites (pooled mean 6.58 + 1.14 pg L™1) and negatively correlated with
AmN; this was significant at AC (r = —0.77,p < 0.01) and CP (r = —0.63,
p = 0.02; Table 1). Total chl-a positively correlated with turbidity and T
at all sites, and this was significant for turbidity at RP (r = 0.56, p =
0.04) and T at SR (r = 0.58, p = 0.03). Chl-a was negatively correlated
with N + N, pH, and DO, with the latter significant at SR (r = —0.55,p =
0.04). There were no clear associations between either DIP or Si and chl-
a.

The greatest proportion of microplankton (>20 pm) to overall
phytoplankton biomass occurred in winter 2021 at CI, RP, and CP
(Fig. 4) reaching 8.78 + 1.14 pg L~! (68% of total chl-a) and 12.61 =+
0.99 ug L1 (74%), at CI and RP, respectively, on Jan. 07, 2021 and 3.91
+0.21 pg L1 (74%) at CP on Mar. 08, 2021. These winter assemblages
were primarily composed of the chain forming diatoms Skeletonema spp.
and Thalassiosira spp. although other species likely contributed chl-a to
this size fraction. Microplankton biomass maxima occurred at AC on
Oct. 04, 2021 (26.47 + 5.66 pg L1, 34% of biomass) along with a mixed
diatom and flagellate bloom dominated by the HAB species P. minimum
at 3087 + 250 cells mL~! (Table S4) and at SR on Aug. 05, 2021 (12.25
+ 3.52 pg L%, 50% of biomass). Microplankton chl-a concentrations
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at RP iv) 08 July 21 at SR and v) Oct. 04, 2021 at SR. Blooms are detailed in
Table S4. Site abbreviations are as in Fig. 1.

negatively correlated with AmN across sites, and this was significant at
AC (r=-0.86,p =<0.01),CI (r= —0.61, p = 0.02) and SR (r = —0.63, p
= 0.02; Table S5).

Chl-a maxima of nanoplankton (5-20 pm cell size fraction) were
observed summer 2021 at CI (05 Aug., 10.03 + 0.80 pg L1, 51 % of
biomass), RP (05 Aug., 19.74 + 2.22 pg L~!, 51% of biomass), CP (08
July, 9.43 £+ 9.01 pg L71, 49% of biomass), and SR (07 June, 3.54 +
0.48 pg L1, 31% of biomass) but in fall 2021 at AC (04 Oct., 23.58 +
5.65 pg L7, 31% of biomass; Fig. 4). These events coincided with
flagellate blooms, including Prorocentrum triestinum (5257 + 81 cells
mL™") at RP on Aug. 05, 2021 (Table S4). Minima were observed across
sites on May 07, 2021 (Fig. 4). Nanoplankton chl-a concentrations were
negatively correlated with AmN at AC, CI, CP, and SR; this was signifi-
cant at CP (r = —0.64, p = 0.01; Table S5).

The greatest contributions of picoplankton and small nanoplankton
(<5 pm) to total phytoplankton biomass occurred during summer 2021
across sites (Fig. 4). On 08 July, chl-a was dominated by the <5 pm cell
size fraction, coinciding with peak T (21.3-24.0 °C). On this occasion,
picoplankton and small nanoplankton at AC contributed 175.88 + 9.35
pg L7 (93.5%) to total chl-a when Heterocapsa spp. (4131 + 913 cells
mL™1) and euglenoids (2485 + 217 cells mL 1) bloomed (Table S4).
Phytoplankton biomass (<5 pm) was higher at AC (mean 18.26 + 6.93
pg L1 than other sites (pooled mean 3.42 + 0.38 pg L) and nega-
tively correlated with AmN concentrations at AC, CI, CP, and SR; this
was significant at AC (r = —0.77, p < 0.01; Table S5).

3.1.4. Phytoplankton community composition

Diatoms, particularly Thalassiosira spp. and Skeletonema spp., were
the numerically dominant winter taxon at all sites. Blooms of

Table 1
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Thalassiosira spp. (2035 + 101 and 1411 + 104 cells mL~ 1Y) and Skel-
etonema spp. (11,250 + 4692 and 12,563 + 500 cells mL™") were
observed at RP and CI, respectively, on Jan. 07, 2021 when N + N
concentrations were 0.75 + 0.02 and 6.15 + 0.04 pM. Diatom pre-
dominance across sites continued into late winter and spring 2021, with
Heterocapsa sp. and cryptophytes the only regularly-observed flagellates.
For example, during the Mar. 08, 2021 Skeletonema spp. bloom,
numerous Thalassiosira spp. (426 + 57 cells mL ™), Heterocapsa sp. (177
+ 47 cells mL’l), and cryptophytes (70 + 19 cells mL’l) occurred with
elevated N + N concentrations (30.62 + 1.57 pM) at AC (Fig. 3). Pre-
cipitation was minimal before this date (4.05 mm 7-day sum; Table S2).

Summer 2021 phytoplankton assemblages were more taxonomically
diverse, with numerous dinoflagellates, cryptophytes, and euglenoids,
including HAB species (Table S4). On 08 July, the mixed flagellate and
picoplankton bloom at AC coincided with low AmN, the warmest study
T (Table S4), and a similar assemblage at SR (Heterocapsa spp. 1232 +
95 cells mL ™! and euglenoids 246 + 8 cells mL™1). On 05 Aug., a mixed
species dinoflagellate bloom at RP included P. triestinum (5257 + 81
cells rnL_l), P. minimum (1076 + 142 cells mL 1), and Gymnodinium spp.
(1005 =+ 135 cells mL™1) following a period of low rainfall (9.91 mm 7-
day sum; Table S2) with low DIN. Mixed assemblages continued into fall:
on Oct. 04, 2021, high concentrations of flagellates, including a dense
bloom of P. minimum (3087 + 250 cells mL™!) alongside euglenoids
(2590 + 43 cells mL ™) and Thalassiosira spp. (1619 + 427 cells mL™),
were observed at AC (Table S4).

3.2. In situ bioassays

Throughout experiments, T, pH and k were comparable across sites,
but TG had higher S and lower DO (Table 2). Initial (t0) DIN concen-
trations were lower than historical values at both sites (Table 3,
Table S1) with TG having lower N + N levels (4.43 + 0.08 uM on 07
Sept. 2021) than SR (5.18 & 0.19 pM on 14 Sept. 2021) but higher AmN
(7.16 + 0.28 compared to 6.70 + 0.15 pM) (Table 3, Table S1). Total t
(0) chl-a at TG and SR was 4.47 + 0.02 and 5.88 + 0.20 pg L_l,
respectively, with TG biomass including less of the <5 pum cell size
fraction (2.49 + 0.02 versus 4.87 + 0.21 pg L™! chl-g; Fig. 5).

At t (24), there were no significant differences in total biomass
among treatments at TG (Kruskal-Wallace H (5) = 5.23, p = 0.38) or SR

Table 2

Physical water quality for T (°C), Salinity (S), Turbidity (FNU), DO (mg LY, pH,
and Secchi depth (m) at each time point (t (0), t (24), t (72)) during the course of
each bioassay experiment. The light extinction coefficient (k) was calculated
from the Secchi depth (Brown 1984). Sites are abbreviated as Throggs Neck (TG)

and Saugatuck River (SR). “~” indicates that measurements were not available.

Date Site  Time T S DO pH Secchi k
(2021) Point Depth

07 Sep. TG t (0) 24.0 24.2 5.03 8.16 1.5 1.13
08 Sep. TG t(24) - - - - 1.5 1.13
10 Sep. TG t(72) 23.3 24.6 4.78 - 1.5 1.13
14 Sep. SR t (0) 23.0 17.8 5.70 8.14 1.6 1.06
15 Sep. SR t(24) 24.0 19.6 6.96 8.12 1.4 1.21
17 Sep. SR t(72) 23.7 23.8 6.36 8.30 1.4 1.21

Spearman’s rank correlation coefficients (r) for AmN, N + N, DIP, Si (all pM), T (°C), Salinity (S), Turbidity (FNU), DO (mg L™, and pH according to total chl-a
concentrations (ug L) throughout the study period. Sites are abbreviated as Fig. 1. Significance (95% confidence, o = 0.05) is expressed for each coefficient as bold =

0.05, (bold)* = 0.01, and (bold)** = 00.

Site AmN N+N DIP Si T S Turbidity DO pH

AC —0.78** —0.24 —0.08 0.32 0.45 —0.09 0.25 —0.09 —0.02
CI —0.51 —0.06 -0.27 0.19 0.34 —0.42 0.52 -0.25 —0.05
RP -0.13 —-0.03 0.05 0.21 0.45 —0.41 0.56 —-0.23 -0.13
CP —0.63* —0.27 —0.48 0.12 0.43 —0.09 0.10 —0.42 —0.29
SR —0.41 —0.11 0.13 0.21 0.58 0.24 0.16 —0.55 —0.30
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(Kruskal-Wallace H (5) = 8.84, p = 0.16; Fig. 5), and growth rates (t (0)-t
(24)) were also not significantly different between treatments in either
experiment. At t (72), there were no significant differences in total
biomass among treatments at TG (Kruskal-Wallace H (5) = 2.51, p =
0.77) or SR (Kruskal-Wallace H (5) = 7.89, p = 0.16). Growth rates were
not significantly different between treatments in either experiment for (t
(0)-t (72)) at TG. However, at SR growth rates (t (24)-t (72)) were
significantly different (Kruskal-Wallace H (5) = 11.27, p = 0.05) such
that phytoplankton in the ALL treatment grew more rapidly than NP or
UP (Dunn post-hoc, p < 0.01 and 0.01), and P phytoplankton grew faster
than NP (Dunn post-hoc, p = 0.03). There were no significant differences
at any timepoint for cell size fraction biomasses or growth rates between
treatments in either experiment.

In both experiments, N + N decreased dramatically compared to
AmN (Table 3), indicating N + N draw-down. DON was highest in NP at
both TG timepoints, while at SR DON was highest at t (24) in C and at t
(72) in UP. DIN:DIP was lowest across experiments and timepoints in P,
highest in AP at TG for both timepoints, and highest at SR t (24) in AP
and t (72) in C. At t (72), Si was lowest in UP at TG but in NP at SR,
though Si:DIN was lowest in AP at both sites. Vi + n (all rates t (24)-t
(72)) was not significantly different between treatments at TG
(Table S6), but was at SR (Kruskal-Wallace H (5) = 12.35, p = 0.03;
Table S6), with higher rates in ALL than C (p = 0.02, Dunn post-hoc).
Vamn differed significantly between treatments at TG (Kruskal-Wallace
H (5) = 11.25, p = 0.05), with lower uptake in ALL than C (p = 0.01
Dunn post-hoc), and it also differed significantly at SR (Kruskal-Wallace
H (5) =12.15, p = 0.03) with higher uptake in C than either AP (p < 0.01
Dunn post-hoc) or UP (p = 0.04 Dunn post-hoc). There were no signif-
icant differences in Vppp or Vg; (Table S6).

Similar to field surveys, diatoms were the most abundant phyto-
plankton taxa during experiments, with Thalassiosira spp. and Skel-
etonema spp. among the most common genera as well as Lithodesmium
sp. at TG and Leptocylindrus sp. at SR (Fig. 6). Diatom abundances rose in
all treatments during experiments, and although cell abundances be-
tween treatments were not significantly different at any given time
point, cell numbers increased in NP and AP at TG and ALL at SR. Growth
rates (t (24)-t (72)) at TG were fastest for Skeletonema spp., Thalassiosira
spp., and Lithodesmium spp. in NP, while at SR diatom growth was not
consistently elevated with any nutrient addition (Table S7).

Generally, flagellate counts were low during bioassays (Table S8). At
TG, there were few dinoflagellates and euglenoid abundances were
minimal (2 + 1 cells mL!). Cryptophytes, however, were abundant (249
+ 9 cells mL™1) and most numerous in the t (72) AP treatment (46 + 22
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cells mL’l), coincident with fastest growth ((t (24)-t (72); Table S7).
Across treatments, there were significant differences in t (24) TG cryp-
tophyte abundances (Kruskal-Wallace H (5) = 13.47, p = 0.02), with
fewer cells in ALL than UP (Dunn post-hoc p = 0.01), as well as growth
rates (t (0)-t (24), 1-way ANOVA, F (5,11 = [13.4], p < 0.01), though
ALL and UP growth rates were faster than C (p = 0.02, 95% Confidence
Interval, CI = [0.002-0.047]) and (p = 0.02, 95% CI = [0.003-0.048]),
respectively. At SR, few dinoflagellates were observed but euglenoids
were initially abundant (499 + 57 cells mL’l); by t (72) flagellate
abundances decreased most in NP, though this decline was not statisti-
cally significant. Positive euglenoid growth (t (24)-t (72)), was only
observed in AP (Table S7). Unlike TG, cryptophytes were not initially
abundant at SR (45 + 10 cells mL’l), and from t (24)-t (72) they only
exhibited positive growth in P and AP (Table S7). Differences in growth
rates were noted for certain diatoms at SR. As examples, across treat-
ments, Cerataulina sp. abundances were significantly different at t (72)
(Kruskal-Wallace H (5) = 12.86, p = 0.02), though a Dunn-post hoc was
not significant. Growth rates (t (0)-t (72)) were significantly different for
Chaetoceros spp. (1-way ANOVA, F (5,12 = [3.251], p = 0.04), though a
Tukey-post hoc was not significant and for Cylindrotheca closterium
betweewn treatments (t (0)-t (24), F (5,12 = [3.87], p = 0.03), with ALL
exhibiting faster growth than C (p = 0.05, 95% CI = [-1.038 to
—0.005]).

4. Discussion

This research showed that low N + N with minimal shifts in AmN and
DON following COVID-19 SIP likely impacted the relative abundances of
diatom and flagellate species within WLIS (and potentially other urban
estuaries). Throughout this study, and consistent with pre-COVID pat-
terns, overall DIN concentrations generally declined with distance from
the NYC metropolitan area with the exception of sites adjacent to WW
inputs. Phytoplankton assemblages were primarily composed of di-
atoms, though cryptophytes, euglenoids, and mixotrophic di-
noflagellates, such as Heterocapsa spp., were common, along with
summer Prorocentrum spp. blooms. Shore surveys and bioassays identi-
fied taxonomic responses to DIN-form, with N + N increasing diatom
concentrations relative to cryptophyte and euglenoid growth and AmN
having an inhibitory effect. Conversely, euglenoids and crytophytes
were more abundant when N + N was low, with cryptophytes exhibiting
a preference for AmN. These findings indicate that lower total DIN
concentrations during COVID-19 SIP may have modified phytoplankton
community composition, and potentially estuarine DIN:DON, despite

TG

o
-

I

Chl-a (ng L'Y)
PN
S 3

(on

o4
(=]
T

SR

1

et
—_—

C

(=]

t(0) & P NP AP

UP ALL ¢ P NP AP UpP

ALL

[
t(24)

t(72)

[ s um [7)520pm [ ]>20 pm

Fig. 5. Mean (n = 3) + SE chl-a concentrations per bioassay treatment at timepoints t (0), t (24) and t (72) at a) TG and b) SR. Chl-a cell size fractions (<5 pm, 5-20
pm, and >20 pm) are displayed as contributions to total chl-a. Error bars represent SE for mean total chl-a. Note differences in y-axes. Sites are abbreviated as in
Fig. 1. Addition treatments are noted as C=Control, P=Phosphate, NP=Nitrate and Phosphate, AP=Ammonium and Phosphate, UP=Urea and Phosphate, ALL = ALL

nutrient forms.



M. Brown et al. Marine Environmental Research 196 (2024) 106371

Table 3
Mean (n = 3) + SE inorganic nutrient concentrations (uM) in each bioassay experiment across all treatments. Nutrient addition and site abbreviations are as in Fig. 5.
“” indicates measurements were not available/applicable.

Site Timepoint Nutrient Initial Condition C P NP AP UP ALL

TG t(0) N+N 4.43 £ 0.08 - - - - - -
AmN 7.16 + 0.28 - - - - - -
DIN 11.58 + 0.29 - - - - - -
TDN 34.36 £ 1.27 - - - - - -
DON 22.77 £ 1.30 - - - - - -
Si 6.73 +£0.11 - - - - - -
DIP 4.88 + 0.26 - - - - - -
TDP 4.63 £ 0.16 - - - - - -
DOP 0.06 + 0.00 - - - - - -
DIN:DIP 2.39 £ 0.07 - - - - - -
DON:DOP 352.54 £ 0.27 - - - - - -
Si:DIN 0.58 + 0.02 - - - - - -

t(24) N+ N - 4.75 £ 0.04 4.87 £ 0.06 13.30 £ 0.17 3.94 + 0.46 4.45 +0.12 6.68 + 0.27
AmN - 4.53 +£0.10 4.26 + 0.26 5.17 £ 0.26 26.10 = 0.91 4.01 £0.16 10.49 £+ 0.27
DIN - 9.28 £ 0.29 9.13 +0.26 18.47 £ 0.31 30.05 + 1.02 8.46 + 0.20 17.17 +£ 0.38
TDN - 42.64 + 1.82 56.70 + 2.14 115.87 +1.32 87.32 +£1.45 80.89 + 2.11 83.99 + 3.96
DON - 33.36 + 1.70 47.56 + 2.04 97.40 + 1.59 57.27 £ 0.74 72.44 + 2.19 66.82 + 4.37
Si - 4.44 £ 0.09 5.92+0.15 4.53 £0.13 4.63+0.17 3.58 £0.14 5.05 £ 0.11
DIP - 4.14 £0.11 7.11 +£0.21 6.37 £ 0.18 6.07 + 0.07 5.76 + 0.25 5.52 + 0.32
TDP - 4.24 £ 0.05 6.13 + 0.20 6.39 £+ 0.10 5.95 + 0.21 6.00 + 0.08 6.00 +0.11
DOP - 0.14 £ 0.08 0.06 £ 0.00 0.22 £ 0.09 0.18 £ 0.12 0.31 £0.19 0.61 +0.28
DIN:DIP 2.24 + 0.06 1.29 + 0.07 2.9 +£0.14 4.95 + 0.32 1.48 £ 0.11 3.12 £ 0.12
DON:DOP - 369.52 + 0.36 736.28 + 0.30 746.79 + 0.26 630.93 + 0.29 525.50 + 0.42 363.87 + 0.64
Si:DIN - 0.48 £ 0.01 0.65 + 0.03 0.25 £ 0.01 0.14 £ 0.01 0.42 £ 0.02 0.29 +0.01

t(72) N+N - 2.41 £0.19 2.36 £0.21 5.95 +0.23 2.66 + 0.05 2.43 £0.14 2.56 + 0.15
AmN - 1.86 + 0.27 3.70 £ 0.33 2.51 + 0.04 25.27 £ 0.70 2.75 £ 0.20 10.18 £ 0.13
DIN - 4.27 £0.33 6.06 + 0.39 8.49 +0.23 27.93 £ 0.70 5.18 £ 0.25 12.73 £ 0.20
TDN - 33.64 +2.34 45.87 + 3.64 80.66 + 3.52 64.55 + 4.47 68.40 + 5.21 58.96 + 2.61
DON - 29.37 +2.33 39.81 + 3.57 72.17 + 3.24 36.62 + 4.79 63.22 £ 5.12 46.21 + 2.45
Si - 7.09 + 0.05 7.68 £ 0.65 7.60 + 0.06 7.11 £ 0.33 5.78 + 0.04 6.78 +0.18
DIP - 2.33 £0.05 5.56 + 0.37 4.78 £ 0.33 5.06 &+ 0.51 4.354+0.13 4.05 £+ 0.33
TDP - 3.98 +£0.14 5.23 £0.31 5.35 + 0.17 4.97 £0.15 5.44 £+ 0.17 4.75 + 0.15
DOP - 1.65 + 0.12 0.09 + 0.02 0.57 + 0.25 0.38 £ 0.31 1.09 +0.21 0.70 £+ 0.33
DIN:DIP 1.83 + 0.05 1.10 £ 0.11 1.79 + 0.08 5.67 £ 0.23 1.19 £ 0.05 3.19 £0.10
DON:DOP - 17.98 £+ 0.44 496.20 £ 0.57 311.57 £ 0.51 430.46 + 0.94 60.62 + 0.67 458.06 + 0.54
Si:DIN - 1.66 + 0.13 1.27 £ 0.14 0.90 + 0.03 0.25 + 0.01 1.12 £ 0.05 0.53 + 0.02

SR t(0) N+N 5.18 £0.19 - - - - - -
AmN 6.70 £ 0.15 - - - - - -
DIN 11.89 + 0.24 - - - - - -
TDN 94.46 + 5.22 - - - - - -
DON 82.57 + 0.01 - - - - - -
Si 5.61 £ 0.79 - - - - - -
DIP 3.25 +0.28 - - - - - -
TDP 2.71 £0.18 - - - - - -
DOP 0.09 £+ 0.02 - - - - - -
DIN:DIP 3.70 £0.31 - - - - - -
DON:DOP 1028.66 + 0.58 - - - - - -
Si:DIN 0.47 + 0.07 - - - - - -

t(24) N+ N - 3.37 £0.02 3.42 £0.01 9.37 £ 0.26 5.44 £ 0.27 4.40 + 0.12 8.71 £0.22
AmN - 3.62 + 0.63 5.46 + 0.26 4.73 £ 0.30 25.72 + 0.20 6.87 + 0.24 14.32 + 0.67
DIN - 6.99 + 0.63 8.88 £ 0.26 14.10 + 0.40 31.16 + 0.34 11.27 £ 0.27 23.03 £0.71
TDN - 66.95 + 0.93 41.76 + 4.51 68.78 + 1.76 62.65 + 2.90 68.07 + 3.82 64.88 £ 2.91
DON - 59.96 + 1.09 32.87 £ 4.76 54.68 + 1.97 31.49 + 2.94 56.80 + 3.56 41.85 + 3.76
Si - 14.74 £ 0.15 16.24 + 0.09 15.23 £ 0.12 14.26 + 0.14 13.92 + 0.57 13.95 + 1.10
DIP - 2.38 +0.03 4.41 £ 0.03 4.33 £0.02 411 +£0.11 4.03 £ 0.09 4.42 £0.10
TDP - 3.70 £ 0.49 3.63 £0.08 3.98 £0.11 3.67 £ 0.02 3.66 £ 0.23 3.75+£0.13
DOP - 1.33 + 0.52 0.06 + 0.00 0.06 + 0.00 0.06 + 0.00 0.05 + 0.01 0.06 =+ 0.00
DIN:DIP - 2.95 £ 0.04 2.02 £ 0.02 3.26 £ 0.03 7.59 + 004 2.80 £+ 0.04 5.21 £0.14
DON:DOP - 79.64 + 0.47 508.85 + 0.83 846.44 + 0.27 487.44 £+ 0.52 1172.36 + 0.48 647.85 £+ 0.58
Si:DIN - 2.14 £ 0.19 1.83 +0.05 1.08 + 0.03 0.46 + 0.01 1.24 + 0.06 0.60 + 0.05

t(72) N+ N - 2.15 £ 0.19 2.56 + 0.15 7.61 £ 0.14 3.46 £ 0.11 3.44 £ 0.02 5.04 + 0.04
AmN - 2.66 £ 0.27 4.21 +£0.28 3.72 £0.20 16.73 £ 0.48 3.61 = 0.24 13.31 £0.73
DIN - 4.81 £0.33 6.77 + 0.32 11.34 + 0.25 20.19 + 0.49 7.05 + 0.24 18.35 + 0.74
TDN - 5.40 + 0.29 35.50 + 2.39 60.15 + 4.41 62.76 + 3.14 56.94 + 1.76 60.03 + 0.71
DON - 0.73 £ 0.36 28.73 + 2.54 48.81 + 4.45 42.58 + 3.31 49.89 +£1.78 42.06 +1.81
Si - 13.15 £ 0.76 13.82 + 0.42 9.64 £ 1.57 11.40 £+ 0.90 14.09 £+ 0.20 12.61 + 0.41
DIP - 0.47 + 0.06 2.80 +0.10 3.18 £ 0.14 2.85 + 0.05 2.80 + 0.26 2.53 + 0.09
TDP - 1.24 £+ 0.04 2.45 £+ 0.11 3.49 £ 0.19 2.98 £0.16 2.71 £ 0.30 2.58 +£0.17
DOP - 0.77 £ 0.09 0.06 £+ 0.00 0.31 £0.13 0.17 £0.11 0.04 £ 0.02 0.19 £ 0.13
DIN:DIP - 10.51 + 0.13 2.43 £ 0.05 3.58 + 0.20 7.08 £ 0.15 2.56 =+ 0.09 7.25 + 0.08
DON:DOP - 0.89 + 0.44 444.75 + 0.47 202.19 + 0.68 471.15 + 0.57 5506.49 + 0.27 651.13 + 0.45
Si:DIN - 2.76 + 0.24 2.05 £ 0.11 0.85 + 0.14 0.57 £+ 0.05 2.00 £ 0.07 0.69 + 0.04
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Fig. 6. Mean (n = 3) + SE cell concentrations at t (72) for the most abundant diatom genera as well as euglenoids for each bioassay. Note difference in y-axis.

Nutrient additions and site abbreviations are as in Fig. 5.

transient influences on total phytoplankton biomass. LIS management
should therefore consider the ecological impact of N-form delivered by
wastewater in addition to the bulk N pool.

Physical water quality conditions among CI, RP, and CP were com-
parable to offshore in the WLIS mainstem (CT-DEEP 2021; Humphries
et al., 2023; Roldan-Ayala et al., 2023). T was consistent across sites
while DO concentrations increased moving away from the urbanized
Narrows. DO fluctuated seasonally with lower values during warmer
months, consistent with oxygen solubility declining as T rises. Hypoxic
conditions at AC were likely due to intensified microbial respiration of
CSO nutrients (Miskewitz and Uchrin 2013). The comparatively lower S
at AC and SR was presumably due to terrestrial and riverine inputs.
Elevated turbidity at AC may have been caused by tidal resuspension of
particulate and organic matter because it was not correlated with pre-
cipitation whereas at SR the positive correlation between turbidity and
precipitation suggested greater sediment loading in runoff vs. distance
from NYC; notably, SR precipitation was not correlated with DIN.

Unlike offshore (Suter et al., 2014; Roldan-Ayala et al., 2023), shore
N + N concentrations did not exhibit a decreasing urban-suburban
gradient as CP exhibited the lowest mean value while SR had the sec-
ond highest. N + N concentrations at AC and SR reached an order of
magnitude greater than offshore on several dates whereas CI and RP
concentrations were rarely high (Humphries et al., 2023). Since WW
effluent contains up to ~30 mg L' N + N (~2100 puM; EPA, 2012),
elevated N + N at AC and SR compared to other sites suggests they were
enriched by nearby WW inputs. Alternatively, since N + N can be
elevated in lakes and ponds near golf courses (Mallin et al., 2016; Reed
et al., 2016; Bock and Easton 2020), which both AC and SR are adjacent
to, some of this excess N + N could have originated from fertilizers. CI,
RP, and CP exhibited similar concentration ranges to Chesapeake Bay
(0.05-9 pM N + N; Egerton et al., 2014; Morse et al., 2014) and Buzzards
Bay (1-3 pM N + N; Turner et al., 2000), suggesting these locations were
comparatively less impacted by point sources. Temporal fluctuations in
N + N followed offshore seasonal trends (CT-DEEP 2021). The paucity of
significant correlations between N + N and chl-a concentrations may
have been due to AmN inhibiting N + N uptake, similar to other urban
estuaries, although photo-acclimation in turbid nearshore areas may
also explain the apparent lack of correlation (Parker et al., 2012; Glibert
et al., 2022).

AmN concentrations were greater at sites near riverine and point
source inputs (AC, CI, CP, SR) than RP, which lacks known input (Tetra
Tech, 2018; New York State, 2022), indicating that terrestrial discharges
influenced AmN shoreline delivery. While seasonal AmN trends
(elevated concentrations fall versus winter, spring, and summer) at CI,
RP, CP, and SR mirrored offshore (Humphries et al., 2023; Roldan-Ayala
etal., 2023), the lack of synchrony with AC as well as the offset between

AmN and N + N fluctuations, were further evidence of strong localized
inputs and/or biogeochemical cycling processes regulating DIN avail-
ability. AmN concentrations at RP, CP, and SR were comparable in
magnitude (0-7 pM) to offshore, with the more urbanized locations, CI
(<1-10 pM) and AC (<1-22 pM), having relatively wider ranges
(Humphries et al., 2023; Roldan-Ayala et al., 2023). Except for AC, AmN
levels were within range of other urban estuaries, such as Chesapeake
(<10 pM; Morse et al., 2014), Buzzards (3.3 pM; Turner et al., 2009),
and San Francisco (SF) Bay estuaries (<5 pM; Glibert et al., 2022), the
last value following WWT upgrades. Before upgrades, AmN reached
~90 pM near WWT plants in the SF Bay Delta, suppressing phyto-
plankton growth (most acutely diatoms) beginning at 10 pM (Glibert
et al., 2016, 2022). In this study, AmN at all sites negatively correlated
with chl-a across size fractions; similarly, N + N uptake rates were
lowest in TG bioassay treatments with added AmN. Since AmN
frequently exceeded 10 pM at AC, AmN-rich WW discharge likely
inhibited phytoplankton (primarily diatoms) growth at both AC (adja-
cent to CSOs) and CP (downstream of the Norwalk River, which contains
a WWT facility) (New York State, 2022; Tetra Tech, 2018). Although SR
was adjacent to a WWT facility (Tetra Tech, 2018), AmN concentrations
were <10 pM during surveys and thus unlikely to inhibit phytoplankton
growth as N + N uptake was comparable among SR bioassay treatments.
By comparison, RP, the site with no known freshwater or wastewater
inputs, exhibited low mean DIN concentrations and the highest mean
chl-a value among sites not directly adjacent to WW (CI, RP, and CP).

Concentrations of DIP fluctuated similarly across sites, with
maximum concentrations during fall as offshore (Suter et al., 2014;
Roldan-Ayala et al., 2023). Only AC had DIP concentrations above
offshore maxima (6 pM; Roldan-Ayala et al., 2023), presumably from
WW input. The lack of significant correlations between field DIP and
chl-a combined with the paucity of linkages between phytoplankton and
P additions during bioassays demonstrates that P did not limit phyto-
plankton in this study. AC and SR had the highest Si levels, suggesting
they receive more mineral inputs. The East and Housatonic rivers have
higher Si concentrations than the LIS mainstem (Gobler et al., 2006;
Klug 2006) because those waters are enriched with clay and weathered
rocks (Conley 1997), such that freshwater discharge of Si-rich water
seasonally limits WLIS diatom growth and biomass (Gobler et al., 2006).
Si concentrations at CI, RP, and CP fluctuated consistently, with
maximum values during late summer and lowest during spring. Marked
decreases in Si on March 08, 2021 following low precipitation coincided
with diatom blooms at CI, RP, and CP, indicating drawdown. The sim-
ilarity in seasonal fluctuations of Si and N + N concentrations at CI, RP,
and CP, combined with their positive correlations preceding diatom
blooms, showed that freshwater discharge of these nutrients co-limited
diatom growth.
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Shore chl-a concentration trends did not follow proximity to the
heavily urbanized NYC, as SR values more closely resembled AC than
other sites. This contrasts previous work showing chl-a concentrations
(with a predominant contribution from cyanobacteria) generally
increasing with urbanization across the LIS mainstem and indicates
localized areas of high nearshore chl-a (Lopez et al., 2014; Perreira
2021; Roldan-Ayala et al., 2023), including synoptic observations across
LIS from high spatial resolution satellite chl-a retrievals (Sherman et al.,
2023a). These data underscore the importance of terrestrial influences
on shore phytoplankton biomass and community composition. During
cooler months, shore sites closely reflected the offshore biomass
composition by cell size (Roldan-Ayala et al., 2023) as spring and fall
contained greater chl-a contributions from the >20 pum cell size fraction
(corresponding mostly but not exclusively to chain forming diatoms).
This is consistent with both pre-(Capriulo et al., 2002; Suter et al., 2014;
Li et al., 2018) and post-(Roldan-Ayala et al., 2023) COVID reports of
diatoms being the dominant LIS taxon during these seasons, as they can
contribute up to 61% of LIS mainstem phytoplankton species richness
(Lopez et al., 2014).

At all sites, elevated total chl-a during summer (July and Aug.)
coincided with low DIN, consistent with prior (pre-COVID) years (Rice
and Stewart 2013; Lopez et al., 2014). Summer phytoplankton biomass
was largely composed of nano- and picoplankton (<20 pm), with overall
magnitude greater than offshore. Summer blooms at AC included mix-
otrophic flagellate taxa such as Heterocapsa spp. and euglenoids, pre-
sumably consuming commonly-occurring cyanobacteria such as
Synechococcus spp. (Lopez et al., 2014). In the Chesapeake Bay, Syn-
echococcus spp. thrives on regenerated nutrients during warmer seasons,
as low DIN combined with high T favors growth of picoplankton over
larger phytoplankton (Paerl et al., 2006; Morse et al., 2014; Anderson
et al., 2022).

The summer assemblage contained a variety of dinoflagellates,
including HAB forming species at all sites. HAB species that were
observed but remained below bloom concentrations included the
saxitoxin-producing genus Alexandrium, previously associated with WW
effluent in Northport, NY (Hattenrath et al., 2010), Margalefidinium
polykrikoides, associated with high DON in the LIS (Gobler et al., 2012),
and Dinophysis acuminata, linked to high AmN in WLIS (Hattenrath--
Lehmann et al., 2015).

By comparison, P. triestinum and P. minimum abundances were
elevated during summer/fall, and Heterocapsa were observed year-
round. Prorocentrum is a commonly-occurring LIS dinoflagellate genus
(Lopez et al., 2014), and P. triestinum has been noted in urbanized areas
of the Adriatic coast (Buzancic et al., 2016). The mixed Prorocentrum
spp. bloom at RP on Aug. 05, 2021, which included bloom cell con-
centrations (>1 x 10° cells mL™!) of the okadaic acid-producing species
P. minimum, were likely due to favorable DIN:DON conditions for
dinoflagellate growth. P. minimum can bloom in response to anthropo-
genic DON (Glibert and Legrand 2006). P. triestinium responds to higher
T and elevated nutrient concentrations with smaller cell sizes (pheno-
typic plasticity) and rapid growth rates, suggesting that climate change
may promote this species in LIS (Flores-Moya et al., 2008). Heterocapsa
rotundata proliferates in the Chesapeake Bay during colder months by
consuming cyanobacteria in low light (Millette et al., 2016) and
late-winter AC conditions (Mar. 08, 2021) provided similar environ-
mental conditions. Heterocapsa was also frequently observed during
summer at turbid sites AC and SR, including the mixed dinoflagellate
species bloom (Heterocapsa and Gymnodinium) on Jul. 8, 2021 at AC,
indicating this genus has a broad temperature niche and a selective
advantage when light becomes limiting.

Euglenoids and mixotrophic cryptophytes were ubiquitous during
summer, especially at the most turbid site, AC. These taxa prevail in
eutrophic, low light estuarine systems, including the East River (Suter
et al., 2014; Millette et al., 2016; Li et al., 2018). Euglenoids like
E. gracilis can accelerate their growth rates with elevated T (Kitaya et al.,
2005), indicating that euglenoids can thrive during warm months in
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turbid areas, where picoplankton may be available for consumption. The
greater abundances of cryptophytes across shore sites compared to
offshore (Lopez et al., 2014) aligns with their tendency to be common
near N-rich, turbid freshwater (e.g., riverine) discharge (Suter et al.,
2014; Griffiths et al., 2016). Overall, while the major phytoplankton
taxa recorded in this study generally agree with pre-COVID LIS surveys
(at Execution Rock, Milford CT, Oyster Bay LI, and CT shellfish moni-
toring sites), with numerous chain forming diatoms and euglenoids,
cryptophytes, and dinoflagellates exhibiting seasonal blooms (Green-
field et al., 2005; Klug 2006; Van Gulick 2020), bioassay results suggest
that their relative proportional abundances likely shifted during
COVID-19 SIP.

During bioassays, the increase in total chl-a across treatments
(including controls) suggested that neither N nor P limited WLIS pro-
ductivity during the sampling period, in contrast with bioassays in
freshwater systems that have shown P-limitation (Nwankwegu et al.,
2020). Ubiquitous biomass growth also suggests a bottle effect, where
separation from tidal flushing allowed optimal uptake of ambient and
spiked nutrients (Gobler et al., 2006). The influence of N-form on
phytoplankton assemblages was evident, particularly within the >20 pm
cell size fraction. Increased abundances of chain-forming diatoms in
spikes containing nitrate (Thalassiosira spp., Skeletonema spp., Lith-
odesmium sp. in NP at TG coupled with Thalassiosira spp., Skeletonema
spp., Leptocylindrus sp., Chaetoceros sp. in ALL at SR) coincided with
reductions in concentrations of N + N but not AmN. Diatoms down-
regulate AmN transporters with increasing AmN concentrations and
upregulate N + N transporters with increasing N + N concentrations
(Rogato et al., 2015; Glibert et al., 2016; Gao et al., 2018; Olofsson et al.,
2019).

Previous bioassays found no phytoplankton assemblage linkages to N
in the East River but responses to N + N were found across taxa in WLIS
(Gobler et al., 2006), and diatom growth has been linked to N + N at the
mouth of the Housatonic River (Klug 2006). Results herein suggest that
during Sept. bioassays, diatom growth near the Narrows was primarily
limited by N + N whereas at SR, farther east, diatoms were compara-
tively less N + N limited. Diatom growth rates at TG consistently
demonstrated increased growth in NP. While the TG AP treatment
exhibited elevated diatom growth compared to C, AmN was
under-utilized, suggesting that phytoplankton growth may have been
enhanced by a replicate(s) receiving more sunlight (less shading from
nearby structures) despite randomization. At SR, elevated diatom
growth rates did not appear to be linked with N-form. Interpolation of N
+ N linkages and concentration changes during bioassays with AmN
inhibition during field surveys suggests there is an ideal DIN ratio (N +
N:AmN) for diatom growth (Glibert 2019).

Since Sept. bioassays were after the July/Aug. dinoflagellate blooms,
they presumably captured less N responses of these species. Flagellated
species abundances decreased during each experiment, likely from being
outcompeted by faster growing diatoms for nutrients and sunlight. In
both experiments, the highest cryptophyte concentrations were in AP at
t (72), with the highest growth rates also in AP, in agreement with rapid
AmN uptake by the genus Cryptomonas compared to other N-forms
(Cloern 1977; Egerton et al., 2014). At t (72), the presence of euglenoids
in all TG treatments except NP, as well as increased abundances in all SR
treatments except C and NP, shows this taxon does not compete well for
N + N. Although bioassays only captured phytoplankton responses
during Sept. 2021, they suggest that in the absence of elevated N + N,
cryptophytes and euglenoids were successful competitors for AmN and
presumably DON during shore sampling, particularly at sites with WW
inputs. Alternatively, since smaller celled phytoplankton utilize AmN
but have minimal capacity for N + N uptake in estuaries, increases in
cryptophytes and euglenoid abundance may have been from increased
heterotrophy of picoplankton, including cyanobacteria (Bradley et al.,
2010; Glibert et al., 2016).

In contrast to DIN additions, the absence of distinct phytoplankton
responses to urea demonstrates that DON levels did not limit
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phytoplankton production, unlike other developed coastal systems such
as Charleston, SC, where urea additions increased phytoplankton
biomass (Reed et al., 2016). In WLIS, biologically available DON is
elevated by WW effluent (Vaudrey et al., 2016). While WLIS DIN:DON
has decreased from 2000 to 2021 (Whitney and Vlahos 2021), effluent
contains substantial concentrations of AmN; therefore, N + N decreases
suggest nitrate was the most limiting N-form for phytoplankton during
this study.

Water sampling was not possible during spring 2020 due to
pandemic restrictions, and while there is no long-term monitoring re-
cord of nearshore phytoplankton communities at these study sites for
historical comparisons, bioassays mechanistically relate shore observa-
tions to N-form. Presumably low N + N throughout WLIS during COVID-
19 SIP likely resulted in the general paucity of N + N, at shore sites with
the exception of those that exhibited clear evidence of point source
loading (AC and SR). Bioassays suggest these conditions contributed to a
decline in diatom concentrations while providing favorable conditions
for euglenoids and cryptophytes. These taxonomic shifts are similar to
responses following WWT upgrades in the LIS region, where decreasing
DIN:DON in WLIS resulted in declines in diatom abundances and in-
creases in dinoflagellates, euglenoids, and cryptophytes (Suter et al.,
2014). It has been additionally postulated that overall LIS cyanobacte-
rial numbers have risen in tandem with decadal diatom declines (Gobler
et al., 2006; Bradley et al., 2010; Suter et al., 2014). SIP orders likely
produced similar shifts, as N + N concentrations measured here were
often lower post-COVID compared to pre-COVID periods, and AmN in-
hibition was evident in both field and bioassay results. This may have
explained the short-term 40% decrease in WLIS satellite-derived chl-a
during Apr. 2020 (relative to 2017-2019) (Sherman et al., 2023b).

Results herein will be valuable for informing comparisons to long-
term, pre-COVID water quality data and biogeochemical models that
incorporate spatial and temporal trends in LIS N and phytoplankton.
Given linkages between DIN-form and phytoplankton species composi-
tion, future work should continue to characterize the biogeochemical
mechanism(s) of AmN inhibition throughout the WLIS related to
phytoplankton assemblages. Future studies should also quantify
compositional differences between nearshore and offshore phyto-
plankton communities, and though sample frequency differs, this work
suggests nearshore concentrations of certain taxa (most strikingly eu-
glenoids) are comparatively greater. Broader trophic connections should
be explored as zooplankton exert top-down controls on phytoplankton
N-uptake (Sailley et al., 2015), impacting nutrient cycling. Shifts in N
form may also provide diazotrophs with a selective advantage (Berg
et al., 2003; Knapp 2012), though this has not been explored within LIS.
Finally, while this work suggests that while WW drives delivery of AmN
and that rivers deliver a more balanced mixture of DIN forms, the in-
fluence of groundwater on N inputs should be explored. Biogeochemical
models have shown the magnitude of subterraneous regenerated N + N
delivered to the LIS may be comparable to the annual N delivered by
WWT plants (Tamborski et al., 2020).

5. Management implications

While the response of the LIS phytoplankton community to WW
upgrades over decades have been explored (Suter et al., 2014), and
shorter term responses to upgrades have been identified in other systems
(Gilbert et al., 2022), few papers have identified taxa specific linkages of
nearshore phytoplankton communities to sudden shifts in available N
form within urban waterways. This work suggests that diatoms are
highly responsive to WLIS DIN form and concentration. Spring/summer
phytoplankton biomass is hypothesized to influence hypoxia severity
due to microbial respiration (decomposition) of organic matter
following blooms (Anderson and Taylor 2001; Gobler et al., 2006; Per-
reira 2021). WW management should therefore consider the ecological
consequences of limiting the diatom population via regulation of N + N
and AmN concentrations in effluent, considering that higher N + N:AmN
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favors diatoms over dinoflagellates, including HAB species (Gobler
et al., 2012). A “healthy” diatom assemblage may therefore help
augment HAB management strategies (Nwankwegu et al., 2019).

6. Conclusion

Through shore surveys and bioassays, linkages between phyto-
plankton communities and DIN-form (Nov. 2020-Dec. 2021) were
identified, capturing fall and winter COVID-19 waves. AmN was
inversely related to biomass across cell size fractions and inhibited
diatom growth, while N + N drove diatom growth throughout the WLIS.
Euglenoids and cryptophytes demonstrated a preference for reduced
(non-nitrate) N forms, especially AmN, and were frequently observed in
WW-impacted shore samples. Likely decreases in N + N during COVID-
19 SIP orders presumably reduced diatom concentrations; however, this
phenomenon is complicated by the negative relationship of AmN to
overall biomass. The duration and spatial extent of these assemblage
shifts need further exploration as pandemic-related travel restrictions
have eased and N-inputs to LIS have since risen. This work provides
evidence for managing estuarine N-enrichment based on how localized
differences in DIN-form and levels impact the phytoplankton commu-
nity along an urban-suburban gradient.
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