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GRAPHICAL ABSTRACT

How does chronic nitrogen exposure impact
carbon storage in salt marshes?

Experimental NOs™ enrichment shifted the active microbial community and
Salt marshes continue to face  increased microbial respiration across all sites, but the effect was lowest in the
nitrogen enrichment and it is 40-year enriched marsh.
unclear what this means for
their ability to store carbon.
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These results suggest that chronic exposure to elevated nitrogen may lead to
residual pools of organic matter that are less biologically available for
decomposition.

ABSTRACT

Blue carbon habitats, including salt marshes, can sequester carbon at rates that are an order of magnitude greater
than terrestrial forests. This ecosystem service may be under threat from nitrate (NO3) enrichment, which can
shift the microbial community and stimulate decomposition of organic matter. Despite efforts to mitigate ni-
trogen loading, salt marshes continue to experience chronic NO3 enrichment, however, the long-term conse-
quence of this enrichment on carbon storage remains unclear. To investigate the effect of chronic NO3 exposure
on salt marsh organic matter decomposition, we collected sediments from three sites across a range of prior NO3
exposure: a relatively pristine marsh, a marsh enriched to ~70 pmol L™! NO3 in the flooding seawater for 13
years, and a marsh enriched between 100 and 1000 pmol L' for 40 years from wastewater treatment effluent.
We collected sediments from 20 to 25 cm depth and determined that sediments from the most chronically
enriched site had less bioavailable organic matter and a distinct assemblage of active microbial taxa compared to
the other two sites. We also performed a controlled anaerobic decomposition experiment to test whether the
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legacy of NO3 exposure influenced the functional response to additional NO3. We found significant changes to
microbial community composition resulting from experimental NO3 addition. Experimental NO3 addition also
increased microbial respiration in sediments collected from all sites. However, sediments from the most
chronically enriched site exhibited the smallest increase, the lowest rates of total NO3 reduction by dissimilatory
nitrate reduction to ammonium (DNRA), and the highest DNF:DNRA ratios. Our results suggest that chronic
exposure to elevated NO3 may lead to residual pools of organic matter that are less biologically available for
decomposition. Thus, it is important to consider the legacy of nutrient exposure when examining the carbon

cycle of salt marsh sediments.

1. Introduction

Salt marshes store carbon at rates that are orders of magnitude
greater than terrestrial forests due to large inputs of organic matter (OM)
from primary production coupled with slow decomposition rates. The
extent to which salt marshes store carbon depends largely on the balance
between inputs from primary production and sedimentation and losses
from decomposition, with the latter ultimately determining how much
carbon is buried over long time-scales (Burdige, 2007; Spivak et al.,
2019). While several studies document decomposition rates in response
to shifting environmental conditions, such as temperature (Kirschbaum,
1995; Kirschbaum et al., 2011; Conant et al., 2011; Lehmann and Kleber,
2015; Smith et al., 2022) and sea level rise (Kirwan et al., 2013; Wang
etal., 2019), there is uncertainty about the effect added nitrogen (N) has
on the balance between primary production and decomposition and, in
particular, about the form of nitrogen in question (Bulseco et al., 2019;
Bowen et al., 2020).

Tremendous efforts to mitigate consequences of increased N loading
from sewage, urban and agricultural runoff, and atmospheric N depo-
sition (Galloway et al., 2008; Lloret and Valiela, 2016; Galloway et al.,
2017) decreased eutrophication in some regions (Zedler, 2000; Warren
et al., 2002); however, many salt marshes worldwide continue to
experience chronic nutrient enrichment (Bricker et al., 2008; Crosby
et al., 2021) with uncertain consequences for carbon storage. Increased
N loading can alleviate N limitation and promote primary production
(Valiela et al., 1975; Morris, 1991; Langley et al., 2013; Morris et al.,
2013). N in the form of nitrate (NO3), however, can also serve as an
electron acceptor in heterotrophic microbial metabolisms and thus lead
to increased respiration of OM (Wigand et al., 2009; Watson et al., 2014;
Martin et al., 2018; Bowen et al., 2020) and decreased sediment stability
(Turner, 2011; Deegan et al., 2012; Mueller et al., 2018). Further,
because NOj3 respiration yields more energy than other anaerobic me-
tabolisms, such as sulfate reduction, there is a “NOgz-accessible” pool of
OM that can be respired only under high NO3 availability (Bulseco et al.,
2019). What remains unclear, however, is whether a legacy of NO3
enrichment can diminish that NOs-accessible pool of OM, thereby
fundamentally increasing the stability of the long-term marsh carbon
pool.

Increased N concentrations may stimulate a microbial response,
causing a shift in overall metabolic capacity that affects the amount of
decomposed OM. Nutrient enrichment to salt marshes alters the active
microbial community (Kearns et al., 2016) though it does not seem to
increase bacterial production (Bowen et al., 2009). The community
structure of denitrifying microbes can also shift (Bowen et al., 2013;
Graves et al., 2016; Angell et al., 2018) and nutrient enrichment can
increase both the diversity and abundance of putative fungal denitrifiers
(Kearns et al., 2019), potentially translating to more OM oxidation
compared to systems without exogenous sources of NO3. Exogenous N
can select for N-adapted microbes that produce more extracellular en-
zymes to help oxidize complex OM (Treseder et al., 2011) and may in-
fluence the metabolic strategies used by the microbial community. For
example, increased N supply may shift the relative proportion of
dissimilatory nitrate reduction to ammonium (DNRA) to denitrification
(DNF) (Koop-Jakobsen and Giblin, 2010). The ratio of these two path-
ways is ecologically important because DNF results in N loss while

DNRA conserves N in the ecosystem (Burgin and Hamilton, 2007). High
NO3 conditions appear to favor DNF, whereas NO3 limitation concur-
rent with biologically available OM favors DNRA (Burgin and Hamilton,
2007; Algar and Vallino, 2014; Hardison et al., 2015) and both processes
appear to be mediated by plant species composition (Ledford et al.,
2020). Understanding how the microbial community changes in
response to increased N supply, whether chronic nutrient enrichment
leaves behind a legacy of effects, and how these legacies influence future
OM decomposition, is critical to better understand long term carbon
storage in salt marsh systems.

Our objective was to examine salt marsh sediments from sites
exposed to a range of NO3 concentrations, varying both in magnitude
(below detection to up to 1000 pmol L1 and duration (no exposure to
40 years of chronic enrichment), by characterizing OM quality and the
associated microbial community. We collected sediments from below
the rooting zone, so inputs of new organic matter from plant rhizode-
posits would be minimized. We hypothesized that sediments from sites
with greater NO3 enrichment would exhibit lower OM quality and
harbor microbes better adapted to a high N environment. To examine if
these site differences influenced the functional response to an additional
supply of NO3, we performed a controlled flow through experiment
under anoxic conditions, where we added 500 pmol L~! NO3 to each
sediment type and measured the metabolic response and changes to the
microbial community compared with unamended controls. We hy-
pothesized that 1) NO3 addition would stimulate sediment microbial
respiration due to the presence of an energetically favorable electron
acceptor, 2) this stimulation would be less pronounced in chronically
enriched sediments due to a less biologically available OM pool, and 3)
NOj3 addition would alter the active microbial community to a lesser
extent in sediments collected from chronically enriched sites due to the
presence of taxa already conditioned to survive in a high N environment.

2. Methods
2.1. Sample collection

We collected sediment cores (5 cm diameter, 30 cm deep) ~ 1 m
from the creek bank from the tall ecotype of Spartina alterniflora in three
salt marshes varying in time and intensity of prior NO3 exposure located
in the Great Marsh in Northeastern Massachusetts, USA, the study
location of the Plum Island Ecosystem Long-Term Ecological Research
(LTER) site (Fig. S1). Our study sites included (1) West Creek (hereby
“reference”), a relatively pristine reference marsh, (2) Sweeney Creek
(“13-year enriched”), which was experimentally enriched with 70 pM
NOs dissolved into flooding tide waters for 13 years as part of the TIDE
project (Deegan et al., 2007; Deegan et al., 2012), and (3) Greenwood
Creek (“40-year enriched”), which has received UV-sterilized waste-
water effluent from a nearby wastewater treatment plant for 40 years,
with NO3 and ammonium (NHJ) concentrations reaching 1000 pM and
100 pM, respectively (Graves et al., 2016). Prior to being experimentally
enriched, the 13-year enriched marsh was unaffected by nutrient
loading (Deegan et al., 2007). All sites are within 10 km of each other
with similar climate and are flooded twice daily with tidal ranges be-
tween 2.6 and 4 m (Deegan et al., 2007; Graves et al., 2016). We selected
these sites due to their close proximity and similarity in characteristics
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with the exception of nitrogen legacy, which would allow us to test our
hypotheses.

To focus on legacy effects that occur within deeper sediments where
C storage occurs (Chmura et al., 2003) and to minimize the influence of
plant rhizodeposits as much as possible, we sectioned and homogenized
four cores from each site at 20-25 cm depth. To characterize samples
collected in situ, we froze a subsample of sediment at —20 °C for OM
characterization, and immediately flash froze additional subsamples,
which were stored at —80 °C for nucleic acid extraction; we then used
the remaining sediment for the decomposition experiment (See Section
2.2). We define “site” as the location from which the sediments were
collected; in our decomposition experiment using these site-specific
sediments, we have two treatments — a NO3 addition and an un-
amended control.

2.2. Decomposition experiment

We conducted a flow through reactor (FTR) experiment using sedi-
ments collected from each site to assess how decomposition rates would
respond to further NO3 addition. Our FTR experimental system (Bulseco
et al.,, 2019) is a modified version of a previously described system
(Pallud and Van Cappellen, 2006; Pallud et al., 2007) that provides
biogeochemical rates under steady-state in isolation from other envi-
ronmental conditions that may obscure measurements in the field (e.g.,
the influence of plant communities or tidal flux). Each FTR consists of
two polyvinyl chloride, radially scored caps that ensure uniform flow
and are sealed with O-rings to prevent leakage. To assess flow charac-
teristics in the reactors, we performed breakthrough experiments using a
conservative tracer, bromide (Table S1).

Under anoxic conditions, maintained in an anerobic chamber and
monitored using a luminescent dissolved oxygen probe (Hach LDO101),
we loaded the FTRs with homogenized sediment collected from 20 to 25
cm at each site. Reactors were randomly assigned to a treatment, either
plus-NO3 (500 pmol L~ NO3 in 0.2 pm filtered seawater) or unamended
(0.2 pm filtered seawater only, representing natural marsh conditions).
Seawater for the reservoirs that flow into the FTR was collected from
Woods Hole, MA, filtered (0.2 pm pore size), and sparged with Ny gas
until reaching anoxia. We then spiked the plus-NO3 reservoir with
K'5No3 (Cambridge Isotope Laboratories, Andover, MA, USA). Reactors
from each site received water from their reservoir at a flow rate of 0.08
mL min~! under continuously anoxic conditions (n = 4 for each site x
treatment combination). After 10 days, the reactors reached steady state
and we collected water samples approximately every 10 days for 100
days, from both the reservoirs and effluents to measure total microbial
respiration (dissolved inorganic carbon; DIC), ammonium (NHZ) and
sulfide (HS™) production, and NO3 consumption. We also estimated
SO%~ reduction from measurements of dissolved HS™ loss and changes in
the total sulfur (S) pool of the sediment. To determine partitioning
among NO3 reduction pathways in the plus-NO3 treatment, we followed
the fate of the '°N tracer into various end products (29’30N2 and 15NHI ).
To assess changes in the bulk sediment and in the microbial community,
we homogenized sediment from each FTR at the end of the experiment
and immediately sub-sampled sediments for nucleic acid extraction and
organic matter analysis.

2.3. Biogeochemical analyses in the flow through water

We collected water samples approximately every 10 days from both
the plus-NO3 and unamended treatment effluent, as well as from each
reservoir, to quantify biogeochemical processes resulting from microbial
activity in the decomposition experiment. We measured DIC as an in-
dicator of total microbial respiration on an Apollo SciTech AS-C3 DIC
analyzer and NO3 on a Teledyne T200 NOx analyzer using chem-
iluminescence (Cox, 1980). We measured NH4 and HS™ colorimetrically
on a Shimadzu 1601 spectrophotometer following standard protocols
(Solorzano, 1969; Gilboa-Garber, 1971). To quantify analyte
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consumption or production rate over time, we used the following
equation (Pallud and Van Cappellen, 2006):

(Com - C[n) X Q
Vv

R= @
where R is the consumption or production rate of interest, Coyt and Ci,
are the effluent and reservoir analyte concentrations, respectively, Q is
the measured flow rate in L hour’l, and V is the FTR volume (31.81
cm™3). We calculated a cumulative flux for each analyte by integrating
between each measured point throughout the experiment. Since back-
ground SO3~ concentrations are typically high in seawater (~28 mmol
L’l), we determined SO?( reduction rates (SRR) by calculating the sum
of the total production of HS™ and total sulfur (S) at the end of the
experiment.

To determine the relative contribution of °NO3 reduction pathways,
we measured dissolved Ny using a membrane inlet mass spectrometer
(Kana et al., 1994) with a 500 °C inline furnace and copper column to
remove oxygen (Eyre et al., 2002; Lunstrum and Aoki, 2016). We
considered denitrification as the production of 2N, and N, from
added 15NO§ tracer and calculated rates as follows (Nielsen, 1992):

Dis = p29+2p30 ()]

where Dy5 is denitrification from '°NO3 and p29 and p30 is production
of 29N2 and 30N2, respectively. We only added NOj3 as 15NO§ , ambient
concentrations of 1*NO3 were below detection, and production of 14NO3
from nitrification should be negligible because our experiment was
conducted under anoxic conditions. As a result, we did not calculate D4
and we considered 2°Nj as indicative of anammox. We followed the OX/
MIMS method, which uses hypobromite to oxidize NHj to Nj, to mea-
sure DNRA (Yin et al., 2014) and calculated DNRA rates as:

where DNRA;5 is DNRA from '°NHZ and p29 and p30 represent pro-
duction of 29N2 and 30N2 from oxidized 15NH4+, respectively. We did not
make these measurements in the unamended treatment, as there was no
added °NO3. Isotope tracer measurements were completed at 8, 11, and
12-weeks after the start of the experiment, with no DNRA measurements
available on week 11 due to limited sample volume.

2.4. Sediment organic matter analyses

We performed elemental analysis (% organic C and % total N) on
sediments collected from each site both before, and at the end of the
decomposition experiment, using a Costech Elemental Analyzer 4010.
Sediments were dried at 65 °C and fumed with 12 N hydrochloric acid.
We used the same dried samples to measure % sulfur (S) by combusting
them at 1350 °C and measuring sulfur dioxide production on a LECO
S635 S Analyzer. We dried additional samples at 105 °C to calculate bulk
density and further combusted those samples at 550 °C for three hours to
obtain %0OM as loss-on-ignition (LOI).

We used Fourier Transform-Infrared Spectroscopy (FT-IR) to
examine differences in bulk OM across sites in more detail. This spec-
troscopic technique provides detailed information about the relative
abundance of chemical functional groups, thereby allowing for in-
ferences about OM properties, such as the degree of decomposability.
We ran finely ground sediment dried at 40 °C for 48 h on a Bruker Vertex
70 FT-IR with a Pike AutoDiff diffuse reflectance accessory. To obtain
data, we collected scans at a 2 cm™! resolution in the mid-IR range
(4000-400 cm™ 1) as pseudo-absorbance (log[1/reflectance]) in diffuse
reflectance mode. We used 60 co-added scans per spectrum using a
mirror for background correction. To baseline correct the data, we
transformed each raw spectrum using a calculated two-point linear
tangential baseline in Unscrambler X and assigned peaks (Table S2)
corresponding to aromatic carbon and carboxyl groups (Parikh et al.,
2014; Margenot et al., 2015). We calculated the ratio between these two
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groups to determine a ‘degradation index’, with higher ratios indicating
that the sediment OM was more resistant to degradation (Ding et al.,
2002; Veum et al., 2013).

2.5. Sediment nucleic acid extraction, amplification, and sequencing

To assess differences in the in situ active microbial communities
among our sites and as a result of our decomposition experiment, we
extracted RNA using a method modified from Mettel et al. (2010) ac-
cording to Kearns et al. (2016). While DNA provides information on the
total microbial community, it cannot distinguish among inactive and
actively metabolizing cells; therefore, we chose to focus on RNA, which
we can use to assess the portion of the microbial community contrib-
uting to measured ecosystem processes. We checked for DNA contami-
nation in the RNA using general bacterial primers 515F and 806R (Bates
et al.,, 2011), and removed contamination using DNase I (New England
BioLabs, Ipswich, MA, USA). Lastly, we reverse transcribed 2 pL. RNA to
cDNA using random hexamer primers and an Invitrogen Superscript III
cDNA synthesis kit for RT-PCR (Life Technologies, Carlsbad, CA, USA).

After confirming the presence of cDNA using SYBR Safe gel elec-
trophoresis (Thermo Fisher Scientific, Waltham, MA, USA), we ampli-
fied in triplicate the V4 region of the reverse transcribed 16S rRNA using
the general bacterial primers (Bates et al., 2011) (515F; 5-
GTGCCAGCMGCCGCGGTAA-3") and 806R (5-GACTACHVGGGTWTC-
TAAT-3') with Illumina adaptors (Caporaso et al., 2012) and individual
12-bp GoLay barcodes on the reverse primer, using 5-Prime Hot Master
Mix in a PCR reaction, with cycling conditions recommended by the
Earth Microbiome Project (Caporaso et al., 2011). We size selected by
gel excision, gel purified PCR products using a Qiagen® QIAquick gel
purification kit and quantified the products using a Qubit® 3.0 fluo-
rometer. After pooling to equimolar amounts, we performed sequencing
on an [llumina MiSeq platform using the paired-end 250 bp 500 cycle kit
with V2 chemistry at University of Massachusetts Boston. All reads are
deposited in the NCBI Sequence Read Archive under BioProject ID
PRJINA1014411.

We demultiplexed and analyzed 16S rRNA sequence data using
QIIME 2, version 2019.10 (Caporaso et al., 2010). Using the DADA2
plugin (Callahan et al., 2016), we inferred amplicon sequence variants
(ASVs) with a maxEE of 2 and the consensus chimera removal method.
We then assigned taxonomy against the SILVA 132 database (Quast
et al., 2012) and removed any sequences matching Archaea, Chloro-
plasts, and Mitochondria. Following quality filtering, we had a total of
1,040,754 sequences with an average of 28,909 sequences per sample.
The sequence data contained a total of 15,204 ASVs, corresponding to a
total of 7149 ASVs in the dataset from the in situ samples, and a total of
12,288 ASVs across samples from the decomposition experiment, all of
which we imported into the Phyloseq package for downstream statistical
analysis (McMurdie and Holmes, 2013; Callahan et al., 2016).

2.6. Statistical analyses

To assess differences in OM characteristics among sites, we per-
formed a one-way ANOVA for variables that met assumptions of
normality and equal variances (%N and C:N) and used a Tukey HSD test
for variables that were significantly different among sites. For variables
that did not meet assumptions of a one-way ANOVA (OM, %C, and %S),
we performed a non-parametric Kruskal-Wallis analysis among sites and
applied a Dunn test for multiple comparisons. To characterize the active
microbial community at each of the sites, we identified the 40 most
dominant ASVs across sites, and visualized their relative abundances at
the family level using a stacked bar plot.

Following the decomposition experiment, we examined differences
in DIC production across treatments and sites and performed repeated
measures ANOVA using days after start as a random factor. We
compared cumulative rates of DIC production, and NO3 and SOF~
reduction (HS™ production + S storage), across treatments and sites
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using a two-way ANOVA with a Tukey HSD test for multiple compari-
sons and calculated effect sizes to measure the magnitude of response to
NOj3 addition. To further explore the influence of initial bulk C supply on
DIC production, we calculated total C loss by taking the proportion of C
released as DIC divided by the total mass of C per reactor using sediment
bulk density and %C. We calculated the proportion of DIC generated
from SO~ and total NO3 reduction, and DNF and DNRA more specif-
ically in the plus-NO3 treatment, using stoichiometry. We also per-
formed a one-way ANOVA comparing DNF, DNRA, and anammox across
sites, and calculated the percentage of each process contributing to total
NRR. Finally, we determined DNF:DNRA ratios to assess the contribu-
tion of DNRA relative to DNF and compared this ratio across sites using a
one-way ANOVA.

To examine changes in OM characteristics (OM, %C, %N, C:N, and %
S) that occurred during the FTR experiment, we used a two-way ANOVA
with an interaction between ‘Treatment’ and ‘Site’ and proceeded with
an additive model with a Tukey HSD test if the interaction effect was
insignificant. We performed a principal coordinate analysis (PCoA)
across the mid-IR spectra (4000-400 cm™!) and tested for differences
among treatment and site using a PERMANOVA with 999 permutations
on a resemblance matrix constructed using Manhattan distance. To
better understand which spectral bands and associated functional
groups were responsible for observed patterns in the PCoA, we plotted
Pearson's correlation coefficients against wavenumber, with peaks
exhibiting the greatest absolute change that most influenced the PCoA.
We then performed a linear regression between DIC production and
degradation index values across all treatments and sites.

To assess shifts in the active community, we calculated Bray-Curtis
similarity values on the ASVs from the 16S rRNA sequences. We visu-
alized these differences using non-metric multidimensional scaling
using the ordinate command in Phyloseq. We tested for differences
across sites and by treatment using adonis and tested for the dispersion
of our centroids using betadisper. We used the DESeq2 negative bino-
mial Wald test with Benjamini-Hochberg false discovery rate control to
identify active microbial taxa that were differentially abundant between
the plus-NO3 and unamended treatments (Love et al., 2014). To account
for potential differences among sites, we ran the analysis for the refer-
ence, 13-year, and 40-year enriched sites separately and visualized all
ASVs that were significantly different (p-adj < 0.05) in a heatmap con-
structed with Anvi'o, version 6.1 (Eren et al., 2015) clustered by Bray-
Curtis dissimilarity.

3. Results
3.1. Initial site characterization

There were no significant differences in %0M, %C, % N or molar C:N
of initial sediments across sites (Table 1); however %S was greater in the
reference site compared to the 40-year enriched site (p = 0.01, X% =
8.14) and the degradation index (aromatic-to-carboxylic carbon) was
highest at the 40-year enriched site compared to both the reference and
13-year enriched sites (Fig. 1A; p < 0.001, Fp9 = 20.99). These differ-
ences were also evident in the baseline corrected spectra (Fig. 1B),
where the 40-year enriched sediments demonstrated polysaccharide
depletion (1080 and 1110 ecm ) and enrichment of aromatic com-
pounds (1650 cm’l).

Within the initial sediments, of the 40 active ASVs with the highest
relative abundance, the Campylobacteraceae dominated the active
communities, representing ~36.4, 28.0, and 18.5 % at the reference, 13-
year, and 40-year enriched sites, respectively, (Fig. 2). Twelve ASVs
within the Campylobacteraceae family were assigned to the Arcobacter
genus (Table S3). Oceanospirallilaceae was the second most dominant
active family across all sites, representing ~9.5 % at the reference site,
12.6 % at the 13-year, and 14.0 % at the 40-year enriched site. Two of
these ASVs were assigned to the genus Amphritea, and two others were
assigned to Marinobacterium and Marinomonas. The families
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Table 1
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Average + SD bulk density (BD), % organic matter (OM), % carbon, % nitrogen, molar C:N, and % sulfur (N = 4) prior to (in situ) and at the end of the decomposition
experiment for each treatment (“Unamended” versus “Plus-NO3”) in sediments from the three different sites (Reference, 13-year, and 40-year enriched). Different
letters indicate significant differences (a = 0.05). Salinity Data from Deegan et al. (2007)" and Giblin & Forbrich, Unpublished data®.

Salinity BD % OM % Carbon % Nitrogen Molar C:N % Sulfur
In situ
Reference 20.8 (0.8)" NA 20.01 (0.91) 5.09 (0.23) 0.54 (0.06) 11.12 (1.28) 1.42 (0.26)°
13-year 24.0 (0.8)" NA 21.39 (0.69) 5.51 (0.23) 0.61 (0.08) 10.50 (0.97) 0.84 (0.44)*
40-year 8.4-19.1% NA 26.80 (8.10) 6.90 (1.56) 0.60 (0.06) 11.90 (1.61) 0.48 (0.07)°
Decomp. Exp. Unamended
Reference NA 0.55 (0.01) 19.08 (0.92) 5.22 (0.04) 0.60 (0.06) 10.20 (1.05) 1.37 (0.19)
13-year NA 0.53 (0.02) 20.98 (0.72)* 5.65 (0.39) 0.61 (0.09)*® 10.86 (1.36)° 0.83 (0.32)°
40-year NA 0.51 (0.06) 26.41 (7.14)° 6.92 (1.56)° 0.71 (0.09)° 11.27 (2.04)° 0.58 (0.03)°
Plus-NO3
Reference NA 0.58 (0.01) 18.84 (0.49)° 4.89 (0.12) 0.52 (0.06) 11.00 (1.17) 1.46 (0.15)°
13-year NA 0.56 (0.02) 20.94 (1.40)% 5.85 (0.56) 0.64 (0.08)* 10.73 (1.48) 0.76 (0.34)"
40-year NA 0.52 (0.06) 27.09 (6.67)° 6.78 (1.48)° 0.60 (0.07)° 12.96 (1.45)° 0.50 (0.8)°
A .
1.001 Reference 5.
13-year enriched
X
[} . :
T 0.951 3 i
= b i .
- > 11 | '
c b = 1 '
o 2 . "
T 0.90 = ' '
g = o
2 a a 0 L
085 [— | I# o
: , , —11_, , , I .
Ref 13-year 40-year 4000 3000 2000 1000
Site Wavenumber

Fig. 1. Organic matter (OM) quality at each site before the start of the decomposition experiment as assessed with Fourier Transform-Infrared Spectroscopy (FT-IR).
(A) Boxplot of the degradation index, calculated as the ratio between aromatic carbon and carboxylic carbon, across sites. Black dots represent values for each
individual reactor (n = 4), and different letters indicate significant differences between groups according to a Tukey HSD test. (B) Baseline corrected mean mid-IR
spectra + SE of each site before the start of the experiment. Dashed vertical lines indicate wavenumbers for aromatic carbon (1650 cm ') and carboxyl groups (1270
cm 1) used to calculate the degradation index, as well as polysaccharides (1080, 1110 em ™).

Desulfobacteraceae (genus Desulfosarcina) and Helicobacteraceae
(genus Sulfurimonas), were relatively more important at the reference
site, with the latter being completely absent from the 40-year enriched
site, while Psychromonadaceae (genus Psychromonas), Desulfobulba-
ceae, and Vibrionaceae (genus Vibrio) were relatively more abundant at
the 13-year site. In contrast, Oceanospirallaceae, Pseudomonadaceae
(genus Pseudomonas), Rhodocyclaceae (genus Denitromonas), and She-
wanellaceae (genus Shewanella), and Geobacteraceae (genus geo-
psychrobacter) were all highest at the 40-year enriched site (Fig. 2;
Table S3).

3.2. Microbial respiration

During the decomposition experiment, DIC production was greater in
the plus-NO3 compared to the unamended treatment, regardless of site
(p = 0.002, Fy,50 = 12.25). NO3 stimulated the greatest average DIC
production in the reference sediments (26.48 + 5.51 in the plus-NOg3
treatment versus 21.67 + 2.55 nmol cm™> h™! in the unamended
treatment, Fig. 3A) compared to the 13-year (24.57 + 3.88 versus 19.41
+ 0.91 nmol cm 3 h’l, Fig. 3B) and 40-year enriched sediments (18.57

+ 3.70 versus 14.71 + 2.53 nmol cm > h™%, Fig. 3G; p < 0.001, F(s,36) =
18.75). Overall DIC production was lowest in the 40-year enriched
sediments, regardless of treatment (Fig. 3D; p < 0.001, F(3 14) = 48.33).
There was no significant interaction between treatment and site, how-
ever, the effect size (Cohen's d) in response to NO3 addition was 1.65
(reference), 1.90 (13-year), and 0.78 (40-year), corresponding to greater
similarity between the unamended and plus-NO3 treatment from the 40-
year enriched site than from the reference and 13-year enriched sites.
Similarly, NO3 addition stimulated the greatest proportion of total
organic carbon loss in the reference sediments and least in the 40-year
enriched sediments (p < 0.001, Fp13 = 30.61), with the plus-NO3
treatment demonstrating greater carbon loss when compared to the
unamended treatment overall (Fig. 3E; p < 0.001, F1,18 = 17.62). There
were no significant differences by treatment or site in NO3 reduction
rate (Fig. 4A) although the 40-year enriched site was consistently lower
over time until the final sampling timepoints. Similarly, the cumulative
NO3 reduction (Fig. 4B) was not significantly different by site but was
generally lower for the 40-year enriched site. The ratio of DIC produc-
tion to NO3 reduction was 0.52 + 0.05, 0.55 + 0.08, and 0.50 + 0.07 for
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C = Clostridia
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Fig. 2. Top 40 active taxonomic groups with the highest relative abundance in sediment collected at 25 cm from each site prior to the decomposition experiment.
Taxa are listed at the family level with letters indicating the relevant class. See Supplemental Table S3 for more taxonomic information and the relative abundances of

the individual amplicon sequence variants (ASVs).

the reference, 13-year enriched, and 40-year enriched sites, respec-
tively, which was considerably lower than the ratio of 1.25 (for DNF) or
2.0 (for DNRA) as predicted by stoichiometry. There were no significant
differences by treatment or site for sulfide production rate (Fig. 4C) and
cumulative sulfate reduction (Fig. 4D), but the reference site trended
toward high sulfate reduction overall.

The sum of DNF, DNRA, and anammox accounted for ~36.5, 34.0,
and 47.7 % of total NO3 reduction rate (NRR) on week 8 and ~ 82.8,
74.4, and 39.3 % of NRR on week 12 at the reference, 13-year, and 40-
year enriched sites, respectively (Table 3). Anammox was a minor
portion of measured NRR. DNF rates were significantly greater at the 13-
year enriched site when compared to the 40-year enriched site (p = 0.02,
X2 = 7.1; Table 2), while DNRA rates were significantly lower at the 40-
year enriched site (p = 0.005, X2 = 10.35; Table 2) compared to both the
reference and 13-year enriched sites. The DNF:DNRA ratios were 3.0 +
1.6 (Reference), 3.03 + 1.4 (13-year enriched), and 7.9 + 6.7 (40-year
enriched), indicating that DNF was always the dominant NO3 reduction
process. The 40-year enriched site, however, exhibited less than half the
amount of DNRA relative to DNF when compared to the reference and
13-year enriched site.

3.3. Organic matter characteristics resulting from the decomposition
experiment

At the end of the experiment, there were no significant differences in
bulk sediment properties by treatment (%OM, %C, %N, molar C:N, and
%S). A PCoA of the FT-IR spectra (Fig. 5A), however, showed a signif-
icant separation by site along the primary axis (explaining 84.5 % of the

variation (PERMANOVA, p = 0.001, pseudo-F» 57 = 48.78), but no effect
of treatment (p = 0.69). Site differences largely resulted from decreased
polysaccharides (C—O band at 1080 cm ™)) and increased aromatic
(C=C band at 1650 cm’l), aliphatic (asymmetric and symmetric
stretching vibration C—H bands at 2924 cm ™! and 2850 cm ™}, respec-
tively), and amide C (N—H and C=N bands at 1575 em! ; Fig. 5B) in the
40-year enriched site. DIC production significantly decreased with
increasing carbon complexity as indicated by the higher degradation
index values (Fig. 5C; p < 0.001, Fy 10 = 26.42, R? = 0.70).

3.4. Microbial community response to decomposition experiments

Differences in the active microbial community that were observed
across sites prior to the NO3 addition (Fig. 2) persisted at the end of the
NO3 addition experiment (Fig. S2). Visualization of Bray-Curtis
dissimilarity by nonmetric multidimensional scaling indicates strong
site differences in the active microbial community. This is supported by
adonis results, which indicate significant differences by site (F = 6.39, p
< 0.01) and treatment (F = 2.61, p < 0.01), but no significant interac-
tion. The dispersion of the data around centroids was significantly
different across sites (F = 14.35, p < 0.01), with much greater dispersion
in the 40-year enriched site, suggesting caution in interpreting adonis
results. There were, however, significant differences in relative abun-
dance of ASVs from the active microbial community, resulting in 46
ASVs identified as significantly different between plus-NO3 and un-
amended treatments across all three sites. The 40-year site had the
greatest number ASVs that were significantly different (N = 33), fol-
lowed by the reference site (N = 13), and the 13-year enriched site (N =
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Average + SD rates of denitrification (DNF), dissimilatory nitrate reduction to ammonium (DNRA), Anammox potential in nmol cm 2 h™! and the DNF:DNRA ratio
from the Plus-NO3 treatment. Different letters indicate significant differences (« = 0.05).

Site Week DNF (n) DNRA (n) DNF DNRA DNF:DNRA Anammox
Reference 8 3 4 9.84 (0.66)* 3.96 (2.19)° 3.8 (2.0) 0.53 (0.21)
13-year 3 4 10.35 (2.52)% 3.27 (0.88) 3.4 (1.4) 0.32 (0.05)
40-year 3 4 8.72 (1.99)™ 1.03 (0.55)° 10.7 (7.7) 0.22 (0.10)
Reference 11 3 NA 11.39 (2.89) NA NA 0.21 (0.17)
13-year 3 NA 15.03 (4.51)% NA NA 0.17 (0.05)
40-year 3 NA 8.28 (1.77)™ NA NA 0.11 (0.10)
Reference 12 4 4 9.81 (2.56)° 4.34 (0.78)° 2.4 (1.1) 0.14 (0.04)
13-year 4 4 13.29 (3.19)* 9.85 (12.62)° 2.8 (1.6) 0.15 (0.07)
40-year 3 3 10.02 (0.98)> 2.11 (1.51)° 3.6 (0.1) 0.40 (0.26)
Table 3

Average + SD nitrate reduction rate (NRR) in nmol cm 3 h! and the percentage (%) contribution of DNF, DNRA, and Anammox to total NRR. DNRA data were
unavailable for Week 11 and were not included in calculations of % NRR.

Site Week NRR % DNF of NRR % DNRA of NRR % Anammox of NRR % DNF + DNRA + Ana of NRR
Reference 8 37.75 (16.01) 33.05 (1.33) 10.32 (3.37) 1.81 (0.87) 36.47 (17.15)
13-year 32.45 (5.71) 30.55 (9.45) 10.43 (3.57) 0.94 (0.23) 34.04 (17.27)
40-year 19.90 (7.13) 54.43 (17.13) 5.82 (4.34) 1.42 (0.71) 47.71 (33.86)
Reference 11 22.39 (4.32) 50.62 (14.75) NA 0.94 (0.73) NA
13-year 28.57 (6.82) 47.64 (6.83) NA 0.53 (0.08) NA
40-year 21.20 (6.55) 47.26 (17.54) NA 0.58 (0.43) NA
Reference 12 20.17 (9.50) 57.35 (30.31) 24.79 (10.86) 0.80 (0.21) 82.84 (35.28)
13-year 21.54 (11.04) 58.42 (35.59) 15.34 (6.54) 0.60 (0.40) 74.36 (42.53)
40-year 28.53 (9.31) 41.98 (7.11) 8.59 (6.32) 1.77 (1.12) 39.25 (27.29)

3) (Fig. 6; Table S4s; S5). Three of these ASVs (ASVs 39, 44, and 45)
corresponding to the Alteromonadaceae family, and two ASVs belonging
to the Gammaproteobacterial genus Sedimenticola, were significantly
more abundant in the N addition treatment at more than one site
(Fig. 5). The resulting 46 unique ASVs ranged in relative abundance only
up to 4.4 % across the entire dataset.

At the reference site, in response to the NO3 treatment, the ASVs that
increased the most dramatically were all members of the Gammapro-
teobacteria. In particular, ASVs in the genus Sedimenticola (ASVs 38,
44-45) and the family Thiotrichacaeae (ASVs 4land 42) showed the
largest increases in response to the NO3 addition, followed by increases
in one ASV associated with the Alteromonadaceae (ASV 39). Other than
Gammaproteobacteria, there was also a strong positive response to NO3
by an ASV from the Alphaproteobacterial genus Rhobidium, which is a
member of the Rhizobiales order (ASV 37), and an ASV from the Beta-
proteobacterial family Nitrosomonadaceae (ASV 16). Three ASVs were

also inhibited by NO3 addition from the reference site, including ASVs
from two Deltaproteobacterial orders, the Desulfobacterales (ASV 35)
and the Myxcoccales (ASV 34) and one genus from the Firmicutes class
Clostridia (ASV 33). At the 13-year enriched site, only three ASVs were
significantly enhanced under the NO3 enrichment treatment, including
the same two Sedimenticola ASVs that were enriched in reference sedi-
ments (ASV 44 and 45) and an ASV from the Thiotrichaceae (ASV 43).
The addition of NO3 did not significantly inhibit any ASVs in the 13-year
enriched site. Lastly, at the 40-year enriched site, ASVs that increased as
a result of NO3 addition included ASV from the Deltaproteobacteiral
family Nannocystaceae (ASV 22), the Zetaproteobacterial genus Mar-
iprofundus (ASV 15), along with an unidentified Alphaproteobacterial
ASV (ASV20), and a Gammaproteobacterial ASV from the Nitrosoccocus
genus. Of the 25 ASVs in the 40-year enriched creek that responded
positively to NO3 addition, the majority were Proteobacteria, with 7
from Alphaproteobacteria, 5 from Gammaproteobacteria, 4 from
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Fig. 5. (A) principal coordinates analysis of Mid-IR (infrared) spectra; (B) Pearson's correlation coefficients plotted against wavenumber representing regions most
discriminating between the two axes shown in A; and (C) Total dissolved inorganic carbon (DIC) production per site as a function of the degradation index (aromatic

carbon (C):carboxyl groups). Dotted lines in (B) indicate functional group assignments as follows: 840-920 and 1650 cm
= carboxyl groups, and 2850-2924 cm

1080 cm™! = polysaccharides, 1270 cm™*

~! — aromatic C and lignin-type signatures,
~1 — aliphatic C.
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Fig. 6. Heatmaps clustered using bray-curtis dissimilarity calculated from log-transformed relative abundances of amplicon sequence variants (ASVs) found to be
significantly different between unamended and plus-NO3 treatments across reference (A), 13-year (B), and 40-year (C) enriched sites according to DESeq2. Relative
abundances range from 0 to ~4.4 %, indicating significant differences occurred primarily among lower abundance taxa. Color bars indicate class-level categorization.

See Supplemental Table S3 for taxonomy of individual ASVs.

Deltaproterobacteria, and 2 from Zetaproterobacteria (Fig. 6, Table S4).
The Deltaproteobacteria also had 8 of the 9 ASVs that were significantly
lower in abundance as a result of the NO3 addition, including ASVs
belonging to the families Desulfobacteraceae (ASV 26-27, 29), Desul-
fobulbaceae (ASVs 24-25, 31), Desulfarculaceae (ASV 30), and an un-
identified Bacteroidetes (ASV 28).

4. Discussion
Studies of marsh loss with N enrichment have produced contradic-

tory results with some findings that N additions enhances marsh ac-
cretion and stability, some findings suggesting it leads to marsh loss, and

others finding little effect at all (e.g. Morris et al., 2013; Deegan et al.,
2012; Bowen et al., 2020; Crosby et al., 2021). All these studies have
varied in the amount and form of the nitrogen additions and in the
duration of the study, in addition to climate and tidal range of the salt
marsh studied. Here, we used results from sites with different loading
histories from within the same salt marsh to examine the legacy effect
that the exposure to nutrient enrichment of varying intensities and du-
rations has on marsh carbon degradation and microbial community
structure and how that legacy might influence future ecosystem capacity
to decompose organic matter under conditions of high NO3 exposure.
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4.1. Nutrient-enriched sites contain more degraded OM and altered
microbial community structure

We observed no significant differences in bulk %0M, %C, %N, and C:
N ratio among the three sites exposed to different durations and con-
centrations of NO3 enrichment (Table 1), however the sediments from
the 40-year enriched site were characterized by significantly higher
degradation index values compared to the 13-year enriched and refer-
ence sites (Fig. 1B). This degradation index, calculated as the ratio be-
tween carbon-rich aromatic compounds and oxygen-rich carboxylic
compounds, is a commonly used metric to evaluate organic matter
complexity, with more complex organic material having a greater
accumulation of C relative to O-containing functional groups (Ding
et al., 2002; Veum et al., 2013; Parikh et al., 2014; Margenot et al.,
2015). One explanation for the enhanced complexity at the 40-year
enriched site is that the legacy of NO3 enrichment may have acceler-
ated decomposition of organic matter, leaving the remaining organic
material more resistant to degradation. This is supported by evidence for
a NOgz-accessible pool of OM in salt marshes that is reactive under
conditions of high NO3 but not in the presence of anoxic seawater alone
(Bulseco et al., 2019). Sites experiencing chronic NO3 enrichment may
therefore demonstrate higher rates of decomposition during initial OM
deposition, thereby resulting in the accumulation of less biologically
available OM over time.

Differences in OM quality among our sites may be due to differences
in their respective microbial communities or vice versa. We observed
significant site-specific differences in the community structure of the
active microbes (Fig. 2). All three sites were dominated by two families
of active bacterial taxa — the Campylobacteraceae and the Ocean-
ospirillaceae. However, the Campylobacteraceae family decreased in
relative abundance with chronic NO3 exposure while the Ocean-
ospirillaceae increased slightly. In this study, all ASVs associated with
Campylobacteraceae belonged to the genus Arcobacter, previously
identified to contain N-fixing taxa associated with the roots of the salt
marsh grass Spartina alterniflora (Pati et al., 2010). No-fixation rates in
salt marshes can decrease with increasing N supply (Howarth et al.,
1988), consistent with this difference in Arcobacter relative abundance
we observed. The reference and 13-year enriched site also had a higher
proportion of Desulfobacteraceae, Psychromonadaceae, and Vibriona-
ceae than the 40-year enriched site. Desulfobacteraceae contain a wide
array of taxa known to reduce S0%~ (Klepac-Ceraj et al., 2004; Bahr
et al., 2005), thus their low abundance in the 40-year enriched site may
indicate a shift toward greater use of NOs, rather than SO%_, as an
electron acceptor at the chronically NO3 enriched site. Both Psycho-
monadaceae and Vibrionaceae can proliferate in areas with large
amounts of organic carbon (Thingstad et al., 2022), a mechanism that
might explain their lower relative abundance in the 40-year enriched
site where the residual organic matter is more degraded than the other
sites (Fig. 2). By contrast, the 40-year enriched site had higher relative
proportions of Pseudomonadaceae and Rhodocyclaceae compared to the
reference and 13-year enriched site (Fig. 2). Both families are associated
with degradation of complex aromatic carbon structures including
petroleum-derived contaminants (Sun et al., 2022), polycyclic aromatic
hydrocarbons (Corteselli et al., 2017), and toluene (Tancsics et al.,
2018). This degradation of complex carbon is frequently coupled with
nitrate reduction (Mikes et al., 2021; Shen et al., 2022; Sun et al., 2022).
Thus, these taxa may be able to use high NO3 concentrations to facilitate
further degradation of the residual organic material at the 40-year
enriched site.

Differences in the microbial community could also be due to salinity
differences among our sites (Table 1), however, the most significant
salinity-induced changes to typical estuarine microbial communities
typically occur at low salinities (below ~5 ppt). This is where dramatic
shifts in ammonium adsorption can occur (Weston et al., 2010) and
where anaerobic metabolisms can shift from methanogenesis to SOy
reduction (Chambers et al., 2011; Poffenbarger et al., 2011; Vizza et al.,
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2017). Salinity was lower and more variable at the 40-year enriched site,
compared to the reference and 13-year enriched sites. However, the
same taxa associated with SO reduction decreased in both the 13-year,
which had the highest salinity, and the 40-year enriched site with the
lowest salinity, suggesting that salinity was less important than nutrient
enrichment in driving this pattern (Fig. 2). Further, the reference site,
where ASVs associated with SOz reduction were highest, had interme-
diate salinity (Table 1), suggesting salinity differences likely play only a
minor role in structuring the microbial communities in these three sites.
Lastly, differences in the degree of degradation of the organic matter at
the 40-year enriched site could also be a result of differences due to
other material released in the water from the upstream wastewater
treatment plant and variability of salinity at the 40-year enriched site.
Graves et al. (2016) found evidence in the metagenomic profiles that
genes related to osmotic stress and phage resistance were influenced by
exposure to sewage effluent. However, taken together, the microbial
communities at these sites reflect expectations, with a higher proportion
of SO reducing and N-fixing taxa in the reference site and communities
specialized in nitrate reduction and complex aromatic carbon degrada-
tion in the 40-year enriched site.

4.2. The nitrate-accessible pool of OM is smaller at nutrient enriched sites

We hypothesized that if chronically enriched sites contained taxa
more adapted to high N conditions and more chemically complex OM, as
suggested by our taxonomic analysis (Fig. 2), then these communities
would not respond as strongly to further NO3 addition when compared
to the reference site. Although the addition of NO3 resulted in signifi-
cantly greater DIC production compared to the unamended treatment at
all sites (Fig. 3), the effect size was lowest at the 40-year enriched site,
supporting our hypothesis. Lower microbial respiration rates suggest
that the NO3-accessible pool of OM is smaller at the 40-year enriched
site, presumably because a larger fraction of OM was already oxidized.
In the reference site, where more of the NO3 -accessible OM pool was still
intact, there was greater DIC production from these sediments when
NO3 was experimentally provided (Fig. 3), which resulted in the
greatest cumulative loss of total C (Fig. 3E), and a significant decrease in
%C between untreated and plus-NO3 sediments at the end of the
experiment (Table 1). Despite increases in respiration across all our
sites, the FT-IR spectral data (Fig. 5) support the idea that the legacy of
nutrient enrichment was more important to the structure of the organic
matter pool than the short-term NOs addition in our flow through
reactor experiment, as indicated by the lack of differentiation between
the unamended and plus- NO3 treatments (Fig. 5).

Under anaerobic conditions when there is ample NO3 two competing
dissimilatory NO3 reduction pathways, denitrification (DNF) and
dissimilatory nitrate reduction to ammonium (DNRA), can be used by
microbes to facilitate respiration, and the composition of the organic
matter can play an important role in determining the balance between
DNF and DNRA. Theoretical models predict that under conditions of low
organic matter to NO3 ratios, DNF will predominate because it provides
more free energy per mole of C oxidized than DNRA (Giblin et al., 2013;
Algar and Vallino, 2014). Additionally, Koop-Jakobsen and Giblin
(2010) showed that in creek sediments from the same 13-year enriched
site used here, nutrient enrichment increased DNF by 16 fold when
compared to the reference site, whereas DNRA only increased 10-fold,
indicating a preference for DNF under high NO3 conditions.

In our experiment, we held NO3 concentrations constant across all
three sites to assess whether the increased degradation of organic matter
as a result of chronic NO3 exposure would shift the relative proportion
of DNF and DNRA. We found that DNRA was lower at the 40-year
enriched site than both the reference and 13-year enriched sites,
resulting in DNF:DNRA ratios that were highest at the 40-year marsh
(Table 2) where the degradation index was the highest (Fig. 1). These
results indicate that under constant NO3 supply and a range of organic
matter qualities, DNF is strongly preferred over DNRA in systems with
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low quality organic matter. This distinction is important because DNF
reduces NO3 to Nj gas where it escapes from the environment whereas
DNRA reduces NO3 to NHY, retaining it in the system where it can
continue to promote primary production (Giblin et al., 2013).

Although both DNF and DNRA can be used to promote decomposi-
tion of organic matter under high NO3 conditions, they can also both be
used for autotrophic growth when coupled with oxidation of reduced
compounds (Burgin and Hamilton, 2007), though measuring DNF and
DNRA alone cannot differentiate between autotrophic and heterotrophic
processes. However, stoichiometric ratios can provide insight. We
calculated the mass balance between DIC production and NO3 + SO3~
reduction in the plus-NO3 treatment and the ratios were considerably
lower than the predicted stoichiometry. This indicates that either 1)
NOj3 is being consumed by assimilation or 2) chemoautotrophic mi-
crobes are fixing DIC, potentially using NO3 as an electron acceptor, or
both. Although a small amount of NO3 assimilation could be occurring,
the energetic requirements for microbes to assimilate NHJ is lower than
for NO3 assimilation when there is sufficient NH4 present. Our reactor
experiments produced small amounts of NHZ across all sites in both the
plus NO3 and unamended treatments (Fig. S3), suggesting that the N
demand for microbial assimilation was likely already being met, and
reducing the likelihood that microbes would assimilate NO3. Further,
anaerobic microbes are seldom nutrient-limited because their growth-
per-unit substrate-intake is much lower than for aerobic microbes
(Canfield et al., 2005). Chemoautotrophic processes, on the other hand,
could include NOj3 reduction coupled to the oxidation of reduced S and/
or iron (Burgin and Hamilton, 2007; Giblin et al., 2013) and both sub-
strates are abundant in these marsh sediments. Both processes fix DIC
and would result in lower DIC production relative to NO3 consumption
than expected by heterotrophic, dissimilatory nitrate reduction stoi-
chiometry. Metagenomic data from previous NO3 enrichment experi-
ments support this hypothesis, demonstrating a significant increase in
genes associated with CO; fixation in a different NO3 addition experi-
ment (Bulseco et al., 2020). Reconstruction of microbial genomes from
metagenomic data in that same study indicated that the full biochemical
pathways for carbon fixation through both the Wood Ljungdahl and
Calvin Benson Bassham pathways (Vineis et al., 2023) were present,
providing additional support for the role of chemoautotrophic DNF and
DNRA in this system.

4.3. NO3 addition shifts microbial community structure and activity
regardless of prior exposure

Initial sediments from the 13-year and 40-year enriched sites con-
tained taxa that may have been selected for because of the legacy of N
enrichment (Fig. 2), so we hypothesized that further NO3 addition
would not alter the active microbial community structure compared to
the unamended treatment. Whereas the microbial community at the
reference site, having no chronic prior exposure to high NO3 concen-
trations, would display a greater shift in microbial community structure
in response to experimental NO3 addition. Our results indicate that the
site-specific differences in the active community persisted through our
NO3 addition experiment and there was a significant treatment effect
across all sites. But the dispersion in the active microbial community at
the 40-enriched site was considerably higher than in the other two sites,
making site specific treatment effects difficult to discern (Fig. S2).
However, significant differences in the relative abundances of taxa be-
tween the NO3 addition and unamended cores within each site suggest
that many taxa showed significant strong positive or negative responses
to the experimental NO3 addition (Fig. 6).

Three ASVs were significantly enriched in more than one site,
including one unidentified member of the Alteromonadales and two
ASVs belonging to the typically chemoautotrophic Gammaproteo-
bacterial genus Sedimenticola, which were also previously identified in
NOj3 enriched bioreactors (Vineis et al., 2023). Genomes of Sedimenticola
derived from shotgun metagenomic data indicate the capacity for
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complete denitrification coupled with sulfur oxidation, along with genes
for both autotrophic and heterotrophic metabolisms (Vineis et al.,
2023), suggesting they have versatile metabolisms that allow them to
thrive under high NO3 conditions. Sedimenticola were previously iso-
lated from salt marsh (Flood et al., 2015) and estuarine (Narasingarao
and Haggblom, 2006) sediments, further supporting their ubiquity and
potential importance in coastal sediments.

Most taxa that were significantly different between the NO3 addition
and unamended reactors were found in sediments collected from the 40-
year enriched site, in contrast to our expectation that these sediments
would diverge the least as a result of our treatment. Active taxa that
increased their relative abundance in the NO3 addition from the 40-year
enriched habitats included taxa with members involved in biogeo-
chemical cycling of nitrogen. Surprisingly, several ASVs that were
relatively more abundant in the NOj3 addition treatment from the
chronically enriched site belonged to clades with the capacity for
ammonia oxidation, including ASVs from the Chromatiales genus
Nitrosococcus and from the Betaprotoeobacterial family Nitro-
somonadaceae. Ammonia oxidation rates can be high in salt marshes,
particularly in the tall ecotype of Spartina alterniflora (Dollhopf et al.,
2005) where these samples were collected. Compared to the other sites,
in the 40-year enriched sites we observed lower rates of DNRA and lower
incremental increases in DIC production, both of which would suggest
lower supplies of NHJ that could be used to fuel ammonia oxidation.
Indeed, NHj production rates were lowest in the 40-year enriched plus-
NO3 treatment (Fig. S3), though measurable quantities of NHj persisted
throughout the experiment in all treatments. The decomposition
experiment was carried out under anaerobic conditions, which should
also inhibit ammonium oxidation, making it perplexing that multiple
ASVs across two distinct clades of ammonia oxidizers were enriched in
the NO3 addition treatment, although we did detect low rates of
anammox throughout the experiment (Table 2). Additionally, the pres-
ence of the iron oxidizing Zetaproteobacteria Mariprofundus, also
thought to be an obligate microaerophile (Singer et al., 2011), further
suggests that there must be a supply of O, available in these reactors.
Oxygen concentrations in our experiment were maintained below the
limit of detection of the oxygen sensor used to monitor concentrations,
raising the possibility of some non-photosynthetic source of Oy supply,
as was recently demonstrated by the ammonia oxidizing archaea
Nitrosopumulis maritimus (Kraft et al., 2022) or through nitric oxide
dismutation (Ettwig et al., 2012)..

In sediments from the reference site, we also observed several taxa
that responded positively to the NO3 addition. However, there was little
overlap between the ASVs that were significantly enhanced due to NO3
addition in the reference sediments compared to the 40-year enriched
sediments, except Sedimenticola, which was enriched at both sites. The
taxa enriched from the reference site largely belonged to the orders
Thiotrichales and Rhizobiales. The Thiotrichales contain the genera
Thioploca and Beggiatoa both of which can undergo anaerobic sulfide
oxidation using vacuole-stored NO3 as an electron acceptor (Kamp et al.,
2006; Callbeck et al., 2021) and are known to dominate salt marsh sulfur
oxidation (Thomas et al., 2014). The Rhizobiales are a polyphyletic
group of Alphaproteobacteria often found in salt marsh rhizospheres
(Dini-Andreote et al., 2016; Kearns et al., 2016; Lynum et al., 2020). By
contrast, the active taxa that were most abundant in the unamended
treatment, where no NO3 was added, were largely all members of the
Desulfobacterales, which are widespread SO3  reducers that are also
commonly found in salt marsh sediments (Bahr et al., 2005; Bulseco
et al., 2019; Bulseco et al., 2020).

5. Conclusions

We show that reference and 13-year enriched marshes exhibited
similar OM composition and microbial community structure, and that
the 40-year enriched marsh was characterized by more highly degraded
organic matter and a unique microbial community compared to the
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other two sites. After exposing sediments to additional NO3 in a
controlled reactor experiment, the reference site exhibited the greatest
difference in rates of DIC production compared to the unamended
control. In contrast, sediments from the 40-year enriched site demon-
strated a lower response to NO3, despite significant changes to both
microbial community structure and activity. These results suggest that
the fraction of OM buried in sediments under long term NO3 enrichment
may be more stable when compared to less N-enriched systems. Our
work highlights the need to consider the effects of chronic nutrient
enrichment when determining C storage potential in salt marsh systems.
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