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2024 A&WMA CRITICAL REVIEW

Atmospheric reduced nitrogen: Sources, transformations, effects, and 
management
Charles Driscoll a, Jana B. Milford b, Daven K. Henze b, and  Michael D. Bell c

aDepartment of Civil and Environmental Engineering, Syracuse University, Syracuse, NY, USA; bDepartment of Mechanical Engineering, 
University of Colorado, Boulder, CO, USA; cEcologist, National Park Service – Air Resources Division, Boulder, CO, USA

ABSTRACT
Human activities have increased atmospheric emissions and deposition of oxidized and 
reduced forms of nitrogen, but emission control programs have largely focused on oxi
dized nitrogen. As a result, in many regions of the world emissions of oxidized nitrogen are 
decreasing while emissions of reduced nitrogen are increasing. Emissions of reduced 
nitrogen largely originate from livestock waste and fertilizer application, with contributions 
from transportation sources in urban areas. Observations suggest a discrepancy between 
trends in emissions and deposition of reduced nitrogen in the U.S., likely due to an 
underestimate in emissions. In the atmosphere, ammonia reacts with oxides of sulfur and 
nitrogen to form fine particulate matter that impairs health and visibility and affects 
climate forcings. Recent reductions in emissions of sulfur and nitrogen oxides have limited 
partitioning with ammonia, decreasing long-range transport. Continuing research is needed 
to improve understanding of how shifting emissions alter formation of secondary particu
lates and patterns of transport and deposition of reactive nitrogen. Satellite remote sensing 
has potential for monitoring atmospheric concentrations and emissions of ammonia, but 
there remains a need to maintain and strengthen ground-based measurements and con
tinue development of chemical transport models. Elevated nitrogen deposition has 
decreased plant and soil microbial biodiversity and altered the biogeochemical function 
of terrestrial, freshwater, and coastal ecosystems. Further study is needed on differential 
effects of oxidized versus reduced nitrogen and pathways and timescales of ecosystem 
recovery from elevated nitrogen deposition. Decreases in deposition of reduced nitrogen 
could alleviate exceedances of critical loads for terrestrial and freshwater indicators in 
many U.S. areas. The U.S. Environmental Protection Agency should consider using critical 
loads as a basis for setting standards to protect public welfare and ecosystems. The U.S. 
and other countries might look to European experience for approaches to control emis
sions of reduced nitrogen from agricultural and transportation sectors.

Implications: In this Critical Review we synthesize research on effects, air emissions, envir
onmental transformations, and management of reduced forms of nitrogen. Emissions of 
reduced nitrogen affect human health, the structure and function of ecosystems, and 
climatic forcings. While emissions of oxidized forms of nitrogen are regulated in the U.S., 
controls on reduced forms are largely absent. Decreases in emissions of sulfur and nitrogen 
oxides coupled with increases in ammonia are shifting the gas-particle partitioning of 
ammonia and decreasing long-range atmospheric transport of reduced nitrogen. Effort is 
needed to understand, monitor, and manage emissions of reduced nitrogen in a changing 
environment.
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Introduction

Nitrogen (N) is an essential macronutrient in 
organisms and biotic processes as a critical compo
nent in biomolecules such as amino acids, proteins, 
and deoxyribose nucleic acid. As a growth limiting 
nutrient, N availability controls primary production 
in many terrestrial and marine ecosystems (LeBauer 
and Treseder 2008; Vitousek and Howarth 1991), 

a condition that facilitates diversity among 
N acquisition strategies and plant and microbial 
communities (Bobbink et al. 2010; Carter et al. 
2017). In the Earth system N largely occurs in 
forms unavailable (unreactive) to biota, including 
as molecular N (N2) in the atmosphere and in rock 
and sediments (Galloway et al. 2003; Houlton et al. 
2019). Nevertheless, a variety of natural processes 
can convert unreactive N to reactive forms, 
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including biological N fixation (by legumes, free 
living bacteria, cyanolichens), lightning, rock 
weathering, and biomass burning. Reactive N (Nr) 
includes reduced forms (ammonia (NH3) and 
ammonium (NH4

+) (NHx= NH3+ NH4
+)) and var

ious oxidized species of N. Over the past century 
human activities have altered land use which has 
decreased natural N fixation globally by about 15% 
(Galloway et al. 2004). Coincidently, humans have 
accelerated the conversion of N from unreactive 
N to Nr by reduction of atmospheric N2 to NH3 
using the Haber-Bosch process, the widespread dis
tribution of leguminous crops, and emissions of 
N oxides from fossil fuel combustion (NOx= nitric 
oxide (NO)+ nitrogen dioxide (NO2)) (Galloway 
et al. 2003; Smil 2001). During the last century 
human-generated N fixation has increased by 
about a factor of 10 such that anthropogenic- 
sources exceed the natural rate of Nr production 
by about a factor of 2.6 (Schlesinger and Bernhardt 
2020). While this anthropogenic supply of Nr has 
allowed for increased production of food and 
energy to support human populations and activ
ities, it has also resulted in profound human health 
and environmental consequences (Galloway et al. 
2008; U.S. EPA-SAB 2011).

Once produced, Nr can participate in a sequence 
of processes, cycling among forms before conver
sion back to unreactive N. This sequence is referred 
to as the “N Cascade” (Galloway 1998; Galloway 
et al. 2004) and includes a suite of adverse air 
quality, climatic and ecosystem effects. Among 
these are a deterioration of air quality associated 
with NOx emissions, which contribute to fine par
ticulate matter (PM2.5) and ozone, and NH3 emis
sions, which contribute to PM2.5. Nitrogen dioxide, 
ozone, and PM2.5 are criteria air pollutants in the 
U.S., while NHx is not. In the atmosphere and at 
the Earth surface other forms of oxidized N can be 
produced; the sum of oxidized N is termed NOy. 
NOy consists of all oxides of N with an oxidation 
state of the N atom of +2 or greater, including NOx 
(NO + NO2) plus other N oxides, such as nitric acid 
(HNO3), and nitrous acid (HONO), organic 
nitrates [peroxyl acetyl nitrate (PAN), methyl per
oxyl acetyl nitrate (MPAN), and peroxyl propionyl 
nitrate, (PPN)], and particulate NO3

−.
Reduced N species in the atmosphere include 

NH3, NH4
+, and organic N compounds such as 

amines and organic nitriles (Aneja, Schlesinger, 
and Erisman 2009; Ge, Wexler, and Clegg 2011; 
Seinfeld and Pandis 2016). Reduced N emissions 
are dominated by NH3, with synthetic fertilizer 

application and livestock wastes as predominant 
anthropogenic NH3 sources in the U.S. and across 
the globe (Figure 1; Aneja, Schlesinger, and 
Erisman 2009; McDuffie et al. 2020). Ammonia is 
also emitted from gasoline and diesel-fueled motor 
vehicles, stationary fuel combustion sources, syn
thetic fertilizer plants, and biomass burning 
(Behera et al. 2013). Natural sources of NH3 emis
sions include volatilization from soils, vegetation 
and the sea surface and account for 10–20% of 
U.S. emissions (Behera et al. 2013; Bouwman 
et al. 1997; Paulot et al. 2014).

In the U.S., emissions of NOx have been controlled 
through federal legislative and administrative actions 
(Coughlin et al. 2023; LaCount et al. 2021) Concerns 
about perturbation of the N cycle and environmental 
consequences of NH3 emissions have long been recog
nized (Aneja, Schlesinger, and Erisman 2009; Delwiche 
1970), but emissions of NH3 have been increasing in the 
U.S. and globally (Lamarque et al. 2013; U.S. EPA 
2023b; Figure 2a) and are projected to continue to 
increase in the coming decades. In the U.S., NHx now 
exceeds NOy as the major component of total 
N deposition (Figure 3a). This ongoing pattern is in 
part because NH3 emissions are largely unregulated in 
the U.S. and elsewhere, with European countries being 
a notable exception (see Section 4 Ammonia 
Management).

International and U.S. federal land managers use 
the concept of critical loads (CLs) to assess and man
age effects of atmospheric deposition on ecosystems 
(Porter et al. 2005). A CL is a level of atmospheric 
deposition below which adverse effects to ecosystems 
are not expected to occur given current understanding 
(Blett et al. 2014; Nilsson and Grennfelt 1988). Critical 
loads for total N deposition have been determined 
and are being utilized to identify areas where 
decreases in atmospheric deposition or other manage
ment actions are needed to maintain healthy ecosys
tems (Section 2.4.3; Pardo et al. 2011). While most 
studies and determinations of CLs of N assume effects 
of oxidized and reduced N deposition are equivalent, 
a few studies have examined their differential effects 
(e.g., Stevens et al. 2011).

The scope and organization of this review is illu
strated in Figure 4, which focuses on the U.S. with 
comparative insights from Europe and China. We 
examine current science on effects of NHx, including 
human health and visibility (Section 2.1), climate for
cings (Section 2.2), and ecosystems and associated CLs 
(Section 2.3 and 2.4). Recent developments in estimat
ing emissions and modeling the contribution of NH3 to 
PM2.5 and N deposition, including incorporation of 
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satellite observations, are covered in Section 3.0. The 
history and status of NH3 emissions management 
efforts in the U.S. and Europe are described in Section 
4.0. The critical review concludes with recommenda
tions for how EPA, other federal agencies, states, and 
tribes in the U.S. could enhance` efforts to address NH3 
emissions and effects, and research needs to help in the 
design, implementation and tracking of new emissions 
mitigation efforts (Section 5.0).

Why should we care about ammonia emissions?

Human health and visibility impacts

Ammonia is a colorless gas with a pungent odor that people 
can detect at concentrations above 5 ppm (NRC 2008). It is 
highly alkaline and corrosive and can cause severe tissue 
damage at very high acute exposure levels. Deaths have 
been reported after NH3 release accidents that led to very 
high acute exposures. More commonly, eye and/or respira
tory tract irritation have been reported in epidemiological 
studies of occupationally exposed workers, including poul
try barn workers, and confirmed in controlled exposure 
studies (Naseem and King 2018; National Research 
Council NRC 2008; Wyer et al. 2022). The National 
Research Council has established Acute Exposure 
Guidelines (AEGL) for NH3, with the AEGL-1 level 

corresponding to non-disabling mild irritation set at 30 
ppm for 10 min to 8 h exposures; the AEGL-2 level corre
sponding to disabling irritation ranging from 220 ppm for 
10 min to 110 ppm for 8 h; and the AEGL-3 level for 
lethality ranging from 2700 ppm for 10 min to 390 ppm 
for 8 h (NRC 2008). The American Conference of 
Governmental and Industrial Hygienists (ACGIH) thresh
old limit values for workplace exposure are 35 ppm for 15  
min and 25 ppm for 8 h (ACGIH 2001a, 2001b). The 
Agency for Toxic Substances and Disease Registry’s mini
mal risk levels (MRLs) for public exposures are 1.7 ppm for 
acute-duration exposure (14 days or less) and 0.1 ppm for 
chronic exposure (365 days or more) (ATSDR 2004). For 
comparison, average NH3 concentrations in ambient air at 
different monitoring locations typically range from 0.2–10  
ppb (Li 2015). However, average concentrations in the 
range of 100–1000 ppb have been observed in poultry 
houses and at the fence line of large cattle feedlots 
(Almuhanna, Ahmed, and Al-Yousif 2011; Naseem and 
King 2018; Shonkwiler and Ham 2018).

Malodor associated with NH3 and other emissions 
from confined animal feeding operations (CAFOs) is 
concomitant with psychological and physiological 
effects on human health and well-being that can disrupt 
daily activities (Wing et al. 2008). A high density of 
CAFOs in areas with high proportions of people of 

Figure 1. Anthropogenic sources of ammonia in the U.S. in 2020 from the U.S. EPA. Anthropogenic emissions total 4.97 million tonnes 
(2023a; https://www.epa.gov/air-emissions-inventories/2020-nei-supporting-data-and-summaries, accessed June 5, 2023).
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color and/or low incomes is a long-standing environ
mental justice concern, with hog CAFOs in North 
Carolina representing an especially well-studied exam
ple (e.g., Lewis Brandon et al. 2023; Nicole 2013; Wing 
and Johnston 2014).

Much more widespread than direct exposure to ele
vated levels of NH3 gas are effects of NHx on human 
health through the formation of PM2.5. PM2.5 can occur 
as primary particulate matter, emitted directly from 
a source, or as secondary particulate matter formed in 
the atmosphere from gas-phase precursors, including 
SO2, NOx, NH3 and volatile organic compounds 
(VOCs). Secondary PM is the largest fraction of PM2.5 
in most locations (McDuffie et al. 2020; U.S. EPA 
2019b).

Fine particulate matter has significant and well- 
established human health consequences (Pope Iii and 
Dockery 2006; U.S. EPA 2019b). EPA has determined 
that exposure to PM2.5 has a causal or likely causal 
relationship to respiratory, cardiovascular, nervous sys
tem, cancer, and mortality effects (U.S. EPA 2022b). 
Accordingly, in February 2024 EPA lowered the pri
mary National Ambient Air Quality Standard for 
PM2.5 from an annual average of 12.0 μg m−3 to 9.0  
μg m−3, retaining the 24-hour average standard of 35  
μg m−3 (U.S. EPA 2024). The World Health 
Organization has set air quality guidelines of 5 and 15  
μg m−3 for annual and 24-hour averages, respectively 
(World Health Organization 2021). The European 
Parliament has proposed these same levels as limit 

Figure 2. Time series of annual total anthropogenic emissions of reduced nitrogen (NH3) (a) and oxidized nitrogen (NOx) (b) for the U.S. 
(from U.S. EPA 2023b).
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values to be met by 2035 (European Parliament 2023a, 
2023b). The form of these standards assumes all PM2.5 is 
equally toxic by mass, regardless of composition. People 
who are most vulnerable and at-risk from the effects of 
PM2.5 exposure include children, people suffering from 
other respiratory or cardiovascular diseases, and highly 
exposed individuals living in areas with poor ambient 
air quality.

The Global Burden of Disease project has estimated 
that long-term (chronic) exposure to ambient PM2.5 and 
ozone air pollution accounted for 4.5 million premature 
deaths a year in 2019, with PM2.5 contributing the 

largest share (Murray et al. 2020). In an updated analysis 
with high-resolution satellite data used to estimate 
PM2.5 levels, Li et al. (2023) estimated that exposure to 
PM2.5 accounted for 5.7 million premature deaths glob
ally in 2019. Premature deaths attributed to PM2.5 have 
declined in the U.S. and Europe over the past two 
decades and have started to decline in China. For the 
global population overall, deaths attributable to PM2.5 
increased from 1999 to 2011 and have stabilized since 
then. Additional studies have used chemistry and trans
port models to estimate the contribution of specific 
sources to PM2.5 health effects. McDuffie et al. (2020) 

Figure 3. Time series of area weighted mean annual total nitrogen and oxidized (NOy) and reduced nitrogen (NHx) deposition (a) and 
the fractional contributions of components of wet and dry N deposition to total N deposition (b) for the conterminous U.S. Data are 
from the National Atmospheric Deposition Program Total Deposition (TDep) committee.
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estimated that non-combustion emissions from agricul
ture (including NH3 emissions) account for about 
400,000 premature deaths per year globally from ambi
ent PM2.5 exposure. Nawaz et al. (2023) estimated that 
emissions from the agricultural sector contribute about 
630,000 premature deaths per year from PM2.5 exposure 
in G20 countries. Agriculture was the largest contribut
ing sector in several countries, including Brazil and 
China. Kelly et al. (2023) estimated agriculture accounts 
for 25–39% of urban PM2.5 in the United Kingdom.

Despite improvements in U.S. air quality over the 
past few decades, PM2.5 levels continue to pose consid
erable health risks. Goodkind et al. (2019) estimated that 
chronic exposure to ambient anthropogenic PM2.5 was 
responsible for 107,000 premature deaths in the U.S. in 
2011, 15% of which were attributable to NH3 emissions. 
Thakrar et al. (2020) estimated that human-caused 
emissions accounted for about 100,000 deaths in the 
U.S. in 2015 (modeled range 88,000–107,000) from 
chronic PM2.5 exposure. About 19,000 of these prema
ture deaths were attributed to the food and agriculture 
sector, including 8400 from livestock production and 
3700 from fertilizer application. A total of 17,400 pre
mature deaths were attributed to NH3 emissions from 
agriculture, motor vehicles, and industrial sources. 
Nawaz et al. (2023) similarly estimated that 
U.S. anthropogenic NH3 emissions from agriculture 
lead to 16,000 premature deaths a year from chronic 
PM2.5 exposure. Dedoussi et al. (2020) attributed 18,000 

PM2.5-linked deaths in the contiguous U.S. in 2018 to 
NH3 emissions from non-agricultural combustion 
sources. As discussed below, the magnitude of NH3 
emissions from combustion sources such as motor vehi
cles is likely underestimated (e.g., Fenn et al. 2018).

Impairment of visual air quality is another significant 
impact of particulate matter (Malm 2016; U.S. EPA 
2019a). Ammonium sulfate and ammonium nitrate are 
major contributors to visibility impairing PM2.5 in most 
regions of the U.S. The Regional Haze Rule (RHR) was 
promulgated in 1999 with the goal of returning visibility 
in protected “Class I” national parks and wilderness 
areas to natural levels by 2064 (US EPA 2019a; Watson 
2002). Progress is tracked in the U.S. through the 
Interagency Monitoring of Protected Visual 
Environments (IMPROVE) network, which collects 
and analyzes 24-h filter samples of PM2.5 and PM10 at 
approximately 160 sites across the U.S (Hand et al. 2020; 
Solomon et al. 2014). Estimated light extinction coeffi
cients (bext, Mm−1) are reconstructed from the speciated 
PM measurements. For IMPROVE sites across the 
country, the average light extinction on the 20% of 
monitored days in 2021 that were most impaired by 
anthropogenic pollution is shown in Figure 5. For 
those days, ammonium sulfate and ammonium nitrate 
contributed half or more of the light extinction at most 
locations. Note that while extinction coefficients are 
comparatively small in the Intermountain West and 
Southwest, scenic vistas in these regions can extend 

Figure 4. Conceptual diagram of the nitrogen cycle, with a focus on transformations, fate, and effects of ammonia (NH3) and 
ammonium (NH4

+). The conceptual model depicts the Sections of the manuscript: human health and visibility (2.1), climate forcings 
(2.2), ecosystem impacts (2.4); atmospheric emissions, transport, and fate (3.0); and ammonia management (4.0).
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over very long distances, making visual air quality espe
cially sensitive to light extinction.

Hand et al. (2020) analyzed trends in IMPROVE data 
up to 2018 and reported significant decreases in annual 
mean bext at most locations, corresponding to decreases 
in emissions of SO2 and NOx. Considering all sites in the 
conterminous U.S., they estimated annual mean bext had 
declined by 2.8% per year from 2002 to 2018. Over this 
period, the locations of largest light extinction coefficients 
have shifted from the eastern to the central U.S. where 
ammonium nitrate contributions are comparatively high.

Climate forcing

Climate impacts are linked to global N transformations. 
Some of these effects are manifested through increases 
in net carbon dioxide retention associated with 
increases in plant biomass (Clark et al. 2023; Horn 

et al. 2018) and decreases in the decomposition of det
rital soil C (Janssens et al. 2010) driven by increases in 
N deposition (see Section 2.4.2). Nitrogen deposition 
may also alter the carbon cycle by decreasing biogenic 
CO2 emissions (Pinder et al. 2012, 2013). One of the 
main direct impacts of NH3 on climate is through nega
tive radiative forcing associated with the formation of 
light-scattering particulate matter. The change in radia
tion at the top of the atmosphere from preindustrial to 
present (i.e., direct radiative forcing) from changes in 
ammonium nitrate and ammonium sulfate aerosols has 
been estimated to range from −0.10 ± 0.04 W m−2 

(Myhre et al. 2013), −0.19 ± 0.18 W m−2 (Shindell et al. 
2013), and −0.07 ± 0.01 W m−2 (Thornhill et al. 2021). 
The presence of NH3 can also impact the physical state 
of secondary inorganic aerosols (e.g., aqueous vs crystal
line), which can modulate aerosol direct radiative for
cing (Martin et al. 2004; Wang, Jacob, and Martin 2008) 

Figure 5. Light extinction composition at Class I areas for the upper 20th percentile of most impaired days. The size of each pie chart 
represents the light extinction coefficient in Mm−1 scaled to the largest value, which is 62 Mm−1 at Mammoth Cave, KY (Source: TSS 
Light Extinction Composition Pie Map – Product #XATP_ECPM_PCBP, WRAP Technical Support System (TSS); CSU and the Cooperative 
Institute for Research in the Atmosphere (CIRA), available at https://views.cira.colostate.edu/tssv2/Express/AmbientDataAnalysisTools. 
aspx, accessed 14 Aug 2023).
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as well as indirect forcing through clouds (e.g., Abbatt 
et al. 2006; Sorooshian et al. 2008). Preindustrial to 
present aerosol radiative forcing estimates considering 
the impact on cloud droplet effective radius (the “first 
aerosol indirect effect”) of NO3

− aerosol (which is gov
erned by availability of excess NH3) range from − 0.05 
W m−2 (Bellouin et al. 2011) to − 0.09 W m−2 (Xu and 
Penner 2012). Lu et al. (2021) estimate an indirect effect 
of −0.219 W m−2 when also considering enhanced cloud 
liquid water. Conversely, ammonia has been shown to 
promote the formation of absorbing organic aerosol 
compounds that exert a positive radiative forcing (e.g., 
Bones et al. 2010; Updyke, Nguyen, and Nizkorodov 
2012). Deposition of Nr (including NH3) contributes 
to nitrous oxide (N2O) emissions from soil (Luo et al. 
2022), an important greenhouse gas whose concentra
tions in the atmosphere are increasing and is the domi
nant contributor to depletion of stratospheric ozone 
(UNEP 2013). In the U.S., agricultural soil management 
practices including NHx-based fertilizer application are 
the largest sources of anthropogenic N2O emissions 
(Luo et al. 2022).

Agricultural impacts

Fossil fuels are used to generate the molecular hydrogen 
necessary to produce synthetic NH3 in the Haber-Bosch 
process. As a result, the production of N fertilizers is 
a highly energy-intensive process responsible for about 
two percent of global energy consumption and emis
sions of 310 megatons of carbon dioxide pollution 
annually (Rosa and Gabrielli 2023). Moreover, there 
are benefits and disbenefits of elevated atmospheric 
N deposition associated with human activities. Benefits 
include supplementing fertilization of crops for food 
production (Galloway et al. 2003), increased productiv
ity of trees and herbaceous vegetation, and the potential 
for enhanced sequestration of C in soils and plant bio
mass (Clark et al. 2023; Janssens et al. 2010). 
Atmospheric N deposition is generally considered 
a net benefit to croplands, although N saturation of 
agricultural soils from excess fertilizer application is 
widespread (Luo et al. 2022). About 75% of the Nr 
that is produced globally is applied to agroecosystems 
to support food production, most of this in the form of 
synthetic fertilizer application and biological N fixation 
associated with leguminous crops (Byrnes, Van Meter, 
and Basu 2020; Galloway et al. 2003). In contrast, dis
benefits likely outweigh benefits associated with atmo
spheric N in large areas of extensively managed lands 
(forests, grasslands), and freshwaters and coastal waters 
(see Section 2.4). In the U.S., forests represent about 
24% of the land cover, while grasslands encompass 

about 35% of the land cover (Karra et al. 2021; Figure 
S1). Moreover, vast expanses of coastal waters have been 
impacted by elevated N inputs (Bricker et al. 2008; 
Galloway et al. 2003).

Changes in N deposition and ecosystem impacts

Atmospheric N deposition in the U.S. has changed 
markedly over the past 20 + years (2000–2021, Figure 
S2). Anthropogenic NOx emissions have decreased ~  
70% while estimates of NH3 emissions have increased  
~ 16% (Figure 2; U.S. EPA 2023b). In response, overall 
total N deposition has decreased about 25% to 
a U.S. average value of 7.0 kg N ha−1 yr−1 (Figure 3a). 
Consistent with emissions, NOy deposition has 
decreased by about 55% since 2000 (Figure 3a). In con
trast, NHx deposition has increased by about 52% such 
that NHx deposition now exceeds NOy as the major 
component of total N deposition (Figure 3a). This 
deposition trend diverges from that for estimated NH3 
emissions, which have not increased as sharply 
(Figure 2a). Due to the location of shifting emission 
sources these changes have altered the spatial pattern 
and form of N deposition across the U.S. In recent years 
NHx deposition has increased in the Great Plains, the 
Midwest, North Carolina, the Mountain West, and the 
Central Valley of California (Figures 6, 7). There also 
have been substantial spatial shifts in the relative dis
tribution of oxidized versus reduced N deposition 
(Figures 6, 7; Li et al. 2016). In the early 2000s NOy 
dominated total N deposition over much of the U.S., 
with scattered exceptions (Figure 6a). Today the pattern 
has shifted substantially, with most of the U.S. receiving 
NHx deposition that exceeds NOy deposition (Figures 3, 
6b,7b).

Ecosystem effects of NHx deposition are largely the 
result of the biogeochemical processing of N. In this 
section of the critical review, we describe the biogeo
chemical processing of N that leads to eutrophication 
and acidification effects of terrestrial (forest, grassland 
vegetation, microbial communities) and interconnected 
aquatic ecosystems (freshwater, coastal). We also dis
cuss critical loads (CLs) of N and exceedances of CLs of 
N for the conterminous U.S. There is considerable 
variability across landscapes where benefits and disbe
nefits of atmospheric N deposition are realized. 
Potential disbenefits of N inputs in ecosystems are 
broad-based and comprehensive. They are complex, 
affecting the fundamental structure and function of 
terrestrial, freshwater, and marine ecosystems with 
strong linkages to a host of important ecosystem ser
vices. Measured ecosystem responses to N deposition 
harm species, ecosystem health, and biodiversity, but 
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also cascade to greater function and outputs including 
harvestable timber, pollinator habitat, and resource 
dependent businesses (Clark et al. 2017; Rhodes et al. 
2017). The sheer extent and magnitude of ecosystem 
effects of elevated human-generated N inputs is indica
tive of the breadth and importance of this environmen
tal problem, for which the contribution of NHx is 
increasing.

Biogeochemical processing of nitrogen
Following input of atmospheric N deposition there are 
four potential pathways for the fate of N within terrestrial 
ecosystems: two internal N sinks, plant biomass and soil 
organic matter (SOM), and two loss pathways, leaching 
and gaseous emissions (Figure 8; Lovett and Goodale 
2011). These pathways dictate not only the fate of 
N inputs to terrestrial ecosystems but also broadly con
tribute to the nature of its effects. Drainage losses of 
watershed N are linked to effects in freshwater (Section 
2.4.2.2) and coastal (Section 2.4.2.3) ecosystems, while 
emissions of N trace gasses from soil are sources of air 
quality, visibility and climate effects discussed above 
(Sections 2.1, 2.2). The fate of N inputs varies greatly 

across terrestrial ecosystems and is regulated by a suite 
of controls for each pathway. However, a controlling 
driver of the fate of N inputs is uptake by plant biomass. 
Plants assimilate largely inorganic forms (NH4

+, NO3
−) 

mostly through roots but also through foliage for produc
tion and use of amino acids and nucleic acids (Stevens 
et al. 2011). Plant N uptake is influenced by a suite of 
factors including stand age, disturbance history, species 
composition, plant health, resource limitation (light, 
moisture, availability of nutrients) and variable nutrient 
stoichiometry. Plant response to increases in N inputs 
involves increases in productivity, tissue N, and ecosys
tem N cycling, but also enhanced herbivory and suscept
ibility to fire. Different plant species exhibit different 
responses to N inputs. Plants can respond positively to 
N inputs but can also exhibit no response or negative 
effects, particularly at high loadings (Simkin et al. 2016; 
Thomas et al. 2010). Long-term N inputs facilitate shifts 
in plant species abundance and decreases in biodiversity. 
Importantly, the degree of vegetation N uptake influences 
the extent of the other three pathways of N fate (Figure 8).

Nitrogen also cycles through soil detritus and organic 
matter. Indeed, SOM is generally the largest N sink in 

Figure 6. Maps of total oxidized nitrogen deposition (NOy)(a) and total reduced nitrogen (NHx) deposition (b) (as kg N ha−1 yr−1) for 
the conterminous U.S. for 2000–2002 and 2019–2021. Data are from the National Atmospheric Deposition Program Total Deposition 
(TDep) committee.

370 C. DRISCOLL ET AL.



terrestrial ecosystems. Under elevated available 
N inputs, plants shift their allocation of photosynthate 
toward wood growth and away from the rhizosphere 
due to decreases in the necessity for an elaborate 
N acquisition system belowground (Janssens et al. 
2010). This shift decreases the supply of labile carbon 
(C) for microbial priming and changes the structure and 
function of the rhizosphere, particularly mycorrhizal 
symbionts (Treseder 2004). Elevated N deposition also 
facilitates shifts in the rhizosphere favoring arbuscular 
mycorrhizal fungi, which scavenge nutrients released to 
soil, at the expense of ectomycorrhizal species, which 
mineralize nutrients directly from soil organic matter 
(Averill, Dietze, and Bhatnagar 2018; Jo et al. 2019). 
Inputs of N drive fundamental changes in the 

decomposition of detrital organic matter, including 
shifts in enzyme synthesis toward greater decomposi
tion of labile energy rich organic C compounds and 
away from decomposition recalcitrant materials. This 
change increases the chemical stabilization of detritus 
that is resistant to microbial decomposition and as 
a result sequestration of soil organic carbon.

The two N loss pathways become increasingly promi
nent as N inputs approach and exceed internal terrestrial 
N sinks (plant N uptake, accumulation of SOM) resulting 
in increased accumulation of inorganic N in soil and 
a condition of N saturation (Aber et al. 1998; Stoddard 
2004). Nitrification, in which NHx is oxidized to nitrite 
(NO2

−) and NO3
−, is a keystone process in the N cycle 

mediated by NHx oxidizing bacteria and archaea as it 

Figure 7. Maps comparing the percent of total nitrogen deposition occurring as total reduced nitrogen (NHx) for the conterminous 
U.S. for 2000–2002 (a) with 2019–2021 (b). Data are from the National Atmospheric Deposition Program Total Deposition (TDep) 
committee.
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controls the production and loss of mobile gaseous and 
aquatic N forms (Figure 9). Note that NO3

− is largely the 
mobile form of solution N due to the retention of NH4

+ 

associated with soil cation exchange sites. Other forms of 
N in intermediate oxidation states can be produced 
through dissimilatory pathways of the N cycle (Figure 9). 
Trace gasses of oxidized N can be lost to the atmosphere 
through “leaky pipe” processes in these redox sequences 
(Inatomi et al. 2019; Mushinski et al. 2019). Nitrite can be 
volatilized as nitrous acid (HONO) which together with 
NOx and other N oxide gasses comprise NOy.

The structure and function of ecosystems can change 
in response to elevated inputs of Nr. Moreover, the 
sensitivity of ecosystems to atmospheric N deposition 
is highly variable spatially due to variation in climatic 

and soil characteristics, such as inherent N availability, 
soil pH and buffering capacity, status of phosphorus, 
calcium, magnesium and potassium availability, the 
water cycle and plant occurrence (Carter et al. 2017). 
There are two broad mechanisms by which the structure 
and function of ecosystems change following inputs of 
Nr: eutrophication and acidification (Carter et al. 2017; 
Stevens et al. 2011). Eutrophication occurs due to 
increases in the supply of a growth limiting nutrient; 
for many ecosystems the limiting nutrient is 
N (Vitousek and Howarth 1991). The main driver of 
eutrophication effects involves changes in plant species 
due to competitive interactions or changes in plant- 
microbial interactions associated with increases in 
N availability. Other eutrophication effects include 

Figure 8. Conceptual diagram showing the pathways of nitrogen fate and transport in terrestrial ecosystems (modified after Lovett 
and Goodale 2011).
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direct toxicity of N gasses or aerosols or NHx in soils, 
and increased susceptibility to secondary stressors, such 
as herbivory or fire (Bobbink et al. 2010). 
Eutrophication effects are widespread and can occur 
across diverse ecosystems. In contrast, acidification 
effects are more limited. They occur in energy limited 
environments (Jones et al. 2012; Figure S3) when acid 
deposition or acid producing processes (e.g., nitrifica
tion) exceed alkalinity generating processes (weathering 
of basic cations) within an ecosystem (see supporting 
information). Acidification is generally driven by 
a combination of sulfate and N inputs and is prominent 
in acid-sensitive base-poor ecosystems (Driscoll et al. 
2001; Greaver et al. 2012). Note that NH4

+ inputs fol
lowed by either assimilation or nitrification is an acid
ifying process, while processing or removal of NO3

− 

deposition consumes protons (see Supporting 
Information, Mechanisms of acidification). 
Acidification effects are manifested through nutrient 
cation loss in soil and the mobilization of toxic forms 
of aluminum and manganese (Carter et al. 2017; 
Driscoll et al. 2001). In acid-impacted regions of North 

America, Europe and China, elevated atmospheric 
N deposition has been coincident with elevated sulfur 
deposition (Lamarque et al. 2013), so N and sulfur in 
combination are generally important drivers of acidifi
cation effects (see Section 2.4.2.2).

Several ecosystem N processes are highly sensitive to 
pH (Mushinski et al. 2019; Ontman et al. 2023, Figure 9; 
Stevens et al. 2011). The mass law governing the proto
nation of NH3 has a pKa of 9.2. As a result, neutral to 
high soil pH values favor formation and volatilization of 
NH3 (Luo et al. 2022). Nitrification is also sensitive to 
pH. In acidic soils (pH < 4.5) nitrification rates are fre
quently low and increase with increases in pH (Stevens 
et al. 2011). Ammonia oxidizing bacteria, which are 
important in trace N gas production, are sensitive to 
pH. Therefore, NOy production is favored at moderate 
soil pH (Mushinski et al. 2019). Finally, the last step in 
the denitrification redox sequence from N2O to N2 
involving nitrous oxide reductase is also sensitive to 
pH (Henault et al. 2019). As a result, lower soil pH 
favors formation of N2O and loss to the atmosphere 
compared to neutral values. While these N processes 

Figure 9. Conceptual diagram showing the microbial dissimilatory processing of nitrogen in the environment. DNRA is dissimilatory 
reduction to ammonium. Annamox is ammonium reduction to molecular nitrogen. Shading indicates are processes occurring in 
oxidizing and reducing environments. Note: pH sensitive N processes are indicated by control valves.
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are particularly sensitive to pH there is considerable 
variability in the pH range and environmental condi
tions over which these effects are realized (Ontman et al. 
2023; Stevens et al. 2011).

Stevens et al. (2011) provide a compelling framework 
to understand and evaluate the differential response of 
terrestrial ecosystems to effects of atmospheric deposi
tion of oxidized versus reduced N. For most terrestrial 
ecosystems there is a decrease in the ratio of fluxes of 
reduced to oxidized N as atmospheric N deposition is 
processed through the canopy and soil solutions to 
drainage waters. The rate and form of inorganic 
N uptake by plants varies by the plant species and soil 
characteristics, particularly pH. The distribution of 
forms of available inorganic N in soil is driven in part 
by relative rates of nitrification, which generally increase 
with increases in soil pH. In the presence of available 
soil pools of both NO3

− and NH4
+, greater quantities of 

NH4
+ are assimilated by plants due its lower energetic 

cost (Bloom, Sukrapanna, and Warner 1992). However, 
elevated NH4

+ uptake can be toxic to plants (Bobbink 
2010; Van Den Berg et al. 2005;). In low pH soils with 
low rates of nitrification, plants primarily rely on NH4

+ 

as the dominant inorganic N source despite the poten
tial for NH4

+ toxicity (Stevens et al. 2011). Plant pre
ference for NO3

− increases with relative increases in 
NO3

− availability associated with increases in pH. 
Finally, there are three pH-dependent conditions regu
lating plant species composition changes associated 
with N enrichment. At low pH, plant species composi
tion is driven by preference for NH4

+ as a N source and 
potential NH4

+ toxicity. At moderate pH (4.5–6) acid
ification effects control species composition. Finally at 
neutral pH (pH > 6) competition associated with 
N availability and other environmental factors is 
thought to control species distribution. A key uncer
tainty in ecosystem effects of NHx deposition is the 
differential response to inputs of reduced versus oxi
dized N. Few investigations have addressed differences 
in effects of reduced and oxidized N deposition.

Nitrogen effects in ecosystems
Terrestrial effects include decreases in plant and micro
bial species diversity (Bobbink et al. 2010; Simkin et al. 
2016), decreases in growth and survival of some tree 
species (Coughlin et al. 2023; Thomas et al. 2010); loss 
and shifts in mycorrhizal associations (Averill, Dietze, 
and Bhatnagar 2018; Jo et al. 2019); alterations in ter
restrial ecosystem function, such as enhanced minerali
zation of N, nitrification, and NO3

− leaching (Aber et al. 
1998; Gilliam et al. 2019, 2023; Lovett and Goodale 
2011), and increases in emissions of NH3, NOy, and 
N2O from soils (Luo et al. 2022). Aquatic effects include 

chronic and episodic acidification of acid-sensitive 
freshwaters with effects on aquatic biota (Driscoll et al. 
2001; Stoddard et al. 2004); eutrophication of N-limited 
freshwaters (Fenn et al. 2003), including increased plant 
growth and harmful algal blooms (HABs) and asso
ciated toxin production (Bogard et al. 2020; Hoffman 
et al. 2022); eutrophication of coastal waters involving 
loss of submerged aquatic vegetation, and development 
of hypoxic conditions that severely degrade coastal 
habitats (Driscoll et al. 2003; Galloway et al. 2003).

Terrestrial ecosystem effects. Increases in N deposition 
have important implications for C sequestration by ter
restrial ecosystems. Magnani et al. (2007) reported large 
rates of C sequestration in forests in response to 
N deposition. While this analysis generated consider
able initial discussion (de Vries et al. 2008; Janssens and 
Luyssaert 2009; Sutton et al. 2008), research that has 
followed has shown that while individual plant species 
may respond either positively, negatively, or not at all to 
increases in N inputs overall there is a net increase in net 
C accumulation in above-ground biomass per unit 
N deposition (Clark, Thomas, and Horn 2022; 
Coughlin et al. 2023; Horn et al. 2018; Thomas et al. 
2010) albeit at rates considerably lower than those 
reported by Magnani et al. (2007). Clark, Thomas, and 
Horn (2022) estimate that +9 kg C is fixed in above
ground tree biomass per kg N deposition for the overall 
forested areas of the conterminous U.S. Moreover, when 
comparing these recent rates with a 1980s-1990s study 
for the northeastern U.S (Thomas et al. 2010). it appears 
that the rate of tree above-ground C sequestration per 
unit N deposition may be weakening, likely due to 
species level responses to N deposition. In addition, 
N inputs also enhance belowground C sequestration 
due to decreases in saprotrophic activity (Gilliam et al. 
2023; Janssens et al. 2010).

Elevated atmospheric N deposition has been shown 
to influence a host of terrestrial ecosystem characteris
tics, including understory vegetation (Clark et al. 2019; 
Gilliam et al. 2016; McDonnell et al. 2020; Simkin et al. 
2016), overstory tree growth and survival (Coughlin 
et al. 2023; Horn et al. 2018; Thomas et al. 2010), 
microbial communities and their function in soils 
(Gilliam et al. 2019; Janssens et al. 2010) such as mycor
rhizal associations (Averill, Dietze, and Bhatnagar 2018; 
Jo et al. 2019) and lichens (Geiser et al. 2019, 2021), and 
surface water leaching (Aber et al. 2003; Baron et al. 
2011).

Studies of terrestrial ecosystem effects have focused 
on changes in diversity of plant and microbial species 
that are largely mediated through soil processes. In 
general, increases in N supply result in shifts in species 
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distributions by changing environmental conditions 
that are less favorable for organisms with efficient 
N acquisition and recycling strategies that are adapted 
to low N conditions, and more favorable for species that 
grow rapidly in response to increases in reactive N. This 
results in a decrease in species diversity and trend 
toward more nitrophilic and uniform plant and micro
bial communities. For example, in grasslands, elevated 
N results in competitive loss of species due to light 
limitations (Hautier, Niklaus, and Hector 2009). Due 
to the long-life history of trees, highly variable climatic 
and soil conditions, and the interplay between eutrophi
cation and acidification effects, the responses of forest 
ecosystems to N deposition are complex, variable, and 
likely will play out over long time scales (Carter et al. 
2017). One thought is that trees with low N use effi
ciency (i.e., low carbon accumulation per unit N uptake) 
may be better suited to take advantage of high 
N conditions compared with trees that are adapted to 
low N environments over the long-term (Chapin, 
Vitousek, and Van Cleve 1986).

Ecosystem impacts of atmospheric N deposition have 
been evaluated by examining health metrics, such as 
growth and survival of trees. Early studies were limited 
to examination of relatively few species over relatively 
small areas. These constraints have been eliminated by 
development and application of the U.S. Forest Service 
Forest Inventory Analysis (FIA) database. The FIA mea
surement dataset is compiled from a nationally standar
dized plot system which includes data on tree height, 
basal area, and above-ground biomass among other 
characteristics for forest sites across the conterminous 
U.S., with plots every 24.3 km2. Investigators have used 
the FIA database to examine changes in the growth and 
mortality of large numbers of tree species in forested 
regions of the U.S, in response to changes in atmo
spheric N deposition. They find overall increases in 
N have resulted in increased tree growth but decreases 
in the probability of survival with considerable variation 
among species (Horn et al. 2018).

Changes in growth and survival of 94 tree species 
from the FIA database have been evaluated following 
changes in atmospheric N deposition over the period 
2000–2019, depicting 96.4 billion trees over the conter
minous U.S (Coughlin et al. 2023). Basal area of trees is 
increasing in 85.2% of the forested area of the U.S., likely 
due to fertilization effects of N. The probability of sur
vival is also improving in many species. However, the 
rate of growth increase is slowing consistent with 
decreases in N deposition. Moreover, these increases 
in tree growth may result in decreases in biodiversity. 
While the overall growth response is positive, this ana
lysis suggests that sensitive trees continue to be harmed 

by atmospheric N deposition. The level of N deposition 
necessary to protect 95% of the trees within individual 
states was evaluated (Coughlin et al. 2023). For most 
states and regions, current levels of N deposition are not 
expected to lead to decreases in tree growth. The excep
tion to this pattern is the Northern Forest region (ME, 
NH, VT, NY, MI, WI, MN) which is projected to require 
additional decreases in N deposition to protect growth 
for 95% of the species in the forests. In contrast to 
overall growth, most states and regions will need addi
tional decreases in N deposition to adequately protect 
against increased mortality of sensitive tree species. In 
some regions, notably near agricultural regions in the 
Midwest and North Carolina, decreases in reduced 
N deposition will be needed to protect 95% of the 
species in the forests of those areas (see Section 2.4.3).

Freshwaters. As in terrestrial ecosystems, N deposition 
can contribute to the eutrophication and acidification of 
freshwater ecosystems. Watersheds that are sensitive to 
and impacted by acidification occur in high elevation 
regions with acidic soils and bedrock that is resistant to 
weathering (Greaver et al. 2012). Watershed leaching 
losses of sulfate and NO3

− contribute to freshwater 
acidification. Concentrations of sulfate typically exceed 
NO3

− so sulfate is the more important driver of acid
ification effects. While concentrations of sulfate are 
relatively consistent throughout the annual cycle, 
NO3

− concentrations are typically greater in the non- 
growing season and particularly during the spring high- 
flow period (Stoddard et al. 2004). As a result, the most 
severe freshwater acidification effects typically occur 
during this period (Baldigo et al. 2019; Driscoll et al. 
2001). In watersheds in the U.S. where atmospheric 
deposition was the dominant source of N input, 
Lassiter et al. (2023) found a much stronger correlation 
between atmospheric NOy deposition and stream NO3

− 

concentrations than between atmospheric NHx deposi
tion and stream NO3

− concentrations, suggesting that 
NOx emissions and NOy deposition have a greater influ
ence on stream NO3

− loss than NH3 emissions and NHx 
deposition. Due to decreases in atmospheric SO2 and 
NOx emissions and deposition, NO3

− (and sulfate) con
centrations have decreased in recent decades and recov
ery from surface water acidification is occurring in acid- 
impacted freshwaters (Driscoll et al. 2016).

The role of N in eutrophication in freshwaters is 
more subtle than for coastal waters (Section 2.4.2.3). In 
contrast to coastal marine ecosystems where 
N limitation is widespread, phosphorus limits primary 
production in many freshwater lakes (Elser et al. 2007; 
Howarth and Marino 2006; Schindler et al. 2008). 
However, for many eutrophic lakes, N may be limiting 
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or co-limiting with phosphorus, in part due to accumu
lation of legacy phosphorus in watersheds and sedi
ments (Paerl et al. 2016). High elevation lakes in the 
western U.S. are particularly sensitive because atmo
spheric N deposition is a large fraction of the total 
N input (Baron et al. 2011; Nanus et al. 2012, 2017). 
Atmospheric N deposition has been shown to contri
bute to the eutrophication of some lakes (Bergstrom and 
Jansson 2006; Fenn et al. 2003). Williams et al. (2017) 
found that elevated atmospheric N deposition in wes
tern lakes can result in a shift from N-limited to phos
phorus-limited growth conditions. As a result, 
management recommendations often advocate for con
trol of both phosphorus and N inputs to lakes (Conley 
et al. 2009; Howarth and Paerl 2008; Lewis, 
Wurtsbaugh, and Paerl 2011; Paerl 2009; Paerl et al. 
2016; Wurtsbaugh, Paerl, and Dodds 2019).

In addition to promoting eutrophication, N also can 
contribute to the toxicity of cyanobacterial blooms in 
lakes (Davis et al. 2015; Gobler et al. 2016). This condi
tion generally occurs in eutrophic and hypereutrophic 
lakes (Bogard et al. 2020; Hoffman et al. 2022) but is 
increasingly observed in oligotrophic lakes that are 
strongly phosphorus limited with relatively high 
N concentrations (Howarth 2022; Townhill et al. 2018; 
Trainer et al. 2020). Microcystin and other toxins pro
duced by cyanobacteria are highly enriched in 
N. Elevated concentrations of N lakes promotes the 
production of toxins (Baker, Wilson, and Scott 2018; 
Bogard et al. 2020; Chaffin et al. 2018; Dolman et al. 
2012; Hoffman et al. 2022; Monchamp et al. 2014). The 
production of toxins by cyanobacteria in lakes is a major 
public health concern not only to those who are exposed 
by drinking water but also from contact recreational 
activities. Exposure can also occur by atmospheric 
transmission associated with the release of volatile tox
ins in areas near lakes and coastal waters experiencing 
harmful algal blooms (U.S. EPA 2023a).

Coastal waters. Elevated N inputs are one of the great
est threats to the ecological integrity of coastal ecosys
tems, often causing eutrophication (the excessive 
production of algae and cyanobacteria), which can lead 
to hypoxic and anoxic waters (“dead zones”), degrada
tion of habitat quality including loss of seagrasses and 
submerged macrophytes, fish and shellfish kills, 
decreased biodiversity, and increased harmful algal 
blooms (Bricker et al. 2008; National Research Council 
NRC 2000; Paerl and Barnard 2020; Vitousek et al. 
1997). The role of atmospherically derived N as 
a driver of eutrophication in aquatic ecosystems has 
long been recognized (Howarth et al. 1996; Paerl 1995, 
2002). A significant fraction of the N entering aquatic 

ecosystems often is associated with atmospheric deposi
tion, including both direct deposition to the surfaces of 
the water bodies and deposition onto their watersheds 
with subsequent transport to the downstream wetlands, 
rivers lakes and estuaries. Estimates of the relative con
tribution of atmospheric N deposition to the total 
N load to estuaries range from a few percent to greater 
than 60% with values typically from ~ 20 to over 40% 
depending on the surface area of the estuary relative to 
the surface area of the watershed and watershed devel
opment (Alexander et al. 2001; Boyer et al. 2002; Burns 
et al. 2021; Castro and Driscoll 2002; Castro et al. 2003; 
Jaworski, Howarth, and Hetling 1997; Paerl 2002; 
Whitall, Hendrickson, and Paerl 2003).

In most of the estuaries and coastal marine waters of 
the U.S., N is the primary element limiting rates of 
primary production, and increased N loading is the 
major cause of eutrophication (Howarth 1988; 
Howarth and Marino 2006; Howarth et al. 2021; Nixon 
1995; NRC 2000; Paerl and Piehler 2008; Vitousek and 
Howarth 1991). Two-thirds of the estuaries in the 
U.S. are moderately to severely degraded, and N is the 
single largest driver of degradation (Bricker et al. 2008; 
NRC 2000). Although CLs of N are not typically devel
oped for estuaries, Total Maximum Daily Loads 
(TMDL) are developed under the Clean Water Act for 
impaired waters (see Section 4.4). Notable examples of 
estuaries and coastal marine ecosystems degraded from 
excessive N inputs where the EPA is currently working 
with state and local stakeholders to reduce N inputs 
include Chesapeake Bay (DE, MD, PA, NY, VA, WV), 
Long Island Sound (NY, CT), Tampa Bay (FL), Barnegat 
Bay (NJ), Great Bay (NH, ME), Waquoit Bay (MA), and 
the “dead zone” in the Northern Gulf of Mexico near the 
plume of the Mississippi River (Bricker et al. 2008; NRC 
2000; Rabalais et al. 2002).

Nitrogen critical loads
The level of deposition at which the above ecosystem 
components begin to change is designated as the critical 
load (CL). Over the past decade there have been impor
tant initiatives to quantify CLs for components of ter
restrial and freshwater ecosystems in the U.S. to help 
guide management, limit impacts of new emission 
sources, and inform secondary NAAQS for NO2 and 
SO2 (Blett et al. 2014; US EPA 2020). CLs have been 
established for, but not limited to, herbaceous and shrub 
species (Clark et al. 2019; Simkin et al. 2016; Wilkins, 
Clark, and Aherne 2022), lichen species and functional 
groups (Geiser et al. 2019, 2021), tree species (Coughlin 
et al. 2023; Horn et al. 2018; Pavlovic et al. 2023), fresh
waters (McDonnell et al. 2021; Shao et al. 2020) and 
regional resources (Pardo et al. 2011).
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Typically, CLs are reported as a single value, with 
uncertainty, for a response indicator across its range 
(Pardo et al. 2011). However, in addition to atmospheric 
deposition, mediating factors such as climate and soil 
conditions can influence species response and sensitiv
ity to N deposition, and are increasingly being quanti
fied in dose-response relationships (Clark et al. 2019; 
Geiser et al. 2021; Simkin et al. 2016). These locality- 
based CLs have the potential to provide effective tools 
for land managers to refine ecosystem protection mea
sures. Coughlin et al. (2024) quantified the spatial varia
bility and estimation error in CLs of N for the growth 
and survival of ten different tree species, while consider
ing key environmental factors that mediate species sen
sitivity to N (e.g., ozone, drought severity, soil 
characteristics). They found minimal differences (<5  
kg N ha−1 yr−1) when comparing the CLs of a single 
species across climatic regimes, but considerable varia
bility in local CLs of N (>8.5 kg N ha−1 yr−1) of different 
species within these regimes. They also found climate, 
species competition, and air pollution (e.g., N and sulfur 
deposition, ozone) to be the most important mediating 
factors for predicting tree growth and survival.

For this critical review, we evaluate four categories of 
the form and quantity of atmospheric N deposition that 
result in CL exceedances for natural resources. In the 
discussion below, “No exceedance” indicates that total 
N deposition does not exceed the CL at a given location. 
“Exceeded by oxidized N” (NOy) indicates locations 
where total oxidized N deposition independently results 
in an exceedance. “Exceeded by reduced N” (NHx) 
represents sites where total reduced N deposition inde
pendently causes an exceedance. Lastly, “Exceeded by 
Total N” are sites where the sum of reduced and oxi
dized N is needed to result in a CL exceedance.

Critical load exceedances. The CLs used in this analysis 
are intended to show ecosystems with varying sensitivity 
to N respond to current deposition metrics. CL excee
dances are calculated using total N deposition, reduced 
N, and oxidized N deposition as calculated by the 
NADP Total Deposition model (version 2022.02; 

National Atmospheric Deposition Program (NADP) 
2023) and are reported as total land area in the conter
minous U.S. above the CL. Exceedances are calculated 
for a decline in N-sensitive lichen species richness (3.1  
kg N ha−1 yr−1); a decline in herbaceous species richness 
(open canopy, 6.2–13.3 kg N ha−1 yr−1; closed canopy 
6.1–23.7 kg N ha−1 yr−1); a 5% decline in growth of the 
most sensitive tree species at a site (2.5–47.9 kg N ha−1 

yr−1); a 5% decline in survival of the most sensitive tree 
species at a site (7.4–48.6 kg N ha−1 yr−1); and an 
increase in risk of eutrophication for lakes (western 
lakes, 4.1 kg N ha−1 yr−1; eastern lakes 6.0 kg N ha−1 

yr−1) and are summarized in Table 1. The reduced- and 
oxidized-N rows of Table 1 indicate the land area where 
CL exceedance could be eliminated solely by decreases 
in the relevant N type. Methods for application of CLs of 
N to U.S. datasets are described in Supporting 
Information (Critical Load data sets).

Exceedances for lichens are widespread due to their 
high sensitivity to atmospheric deposition (Figure 10a; 
Geiser et al. 2019). Given their sensitivity, exceedances 
of CLs for lichens could be alleviated considerably by 
decreases in NHx deposition, especially in the Midwest 
and higher elevation western mountains. Even in areas 
with higher NOy deposition where decreases in NHx 
would not alleviate an exceedance due to the dose/ 
response relationship with N, there would be improve
ment in the health of lichen communities following 
decreases in NHx deposition. Due to higher CLs, there 
is less spatial area at risk of a decline in herbaceous 
species richness, but with exceedances occurring mostly 
near agricultural areas of the Midwest and southern US, 
decreases in harm would be expected with decreases in 
NHx deposition (Figure 10b).

Exceedances of CLs of N for tree growth are generally 
widespread in northern and mountain areas, including 
the Mountain West, Appalachian Mountains, the upper 
Midwest, eastern North Carolina, Pennsylvania, 
New York, and New England (Figure 10c). 
Exceedances of CLs for tree growth could be eliminated 
by only decreases in reduced N deposition in large areas 
of the Mountain West, the upper Midwest, eastern 

Table 1. Summary of total land area in the conterminous U.S. of vegetation resources and estimates of the land areas of exceedances 
of critical loads of total nitrogen, including areas where exceedances can be avoided by decreases solely of either reduced (NHx) or 
oxidized (NOy) N deposition.

Deposition type used to calculate 
area in exceedance of the CL of N

Decline is 
N-sensitive lichen 
species richness

Decline in herbaceous 
species richness (open 

canopy)

Decline in herbaceous 
species richness (closed 

canopy)

5% decline in tree 
growth (most 

sensitive)

5% decline in tree 
survival (most 

sensitive)

Total land area 2,894,670 km2 3,310,585 km2 2,806,443 km2 3,380,810 km2 3,380,810 km2

Reduced N (NHx) 2,003,508 km2 (69%) 103,0025 km2 (3.1%) 14,265 km2 (0.5%) 225,115 km2 (6.6%) 68,672 km2 (2%)
Oxidized N (NOy) 1,489,184 km2 (51%) 0 km2 (0%) 0 km2 (0%) 48,746 km2 (1.4%) 0 km2 (0%)
Total N 2,526,570 km2 (87%) 530,054 km2 (16.0%) 45,117 km2 (1.6%) 493,752 km2 (15%) 466,438 km2 

(14%)
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North Carolina, the southern and central Appalachian 
Mountains, and New York. The spatial extent of excee
dances of CLs of N for tree survival is considerably 
greater than for tree growth (Figure 10d). Exceedances 
for CLs of N for tree survival are particularly prominent 
in the eastern U.S., through the Midwest and in many 
southeastern states. Controls solely on NH3 emissions 
and NHx deposition would not alleviate N CL excee
dances for tree survival to the degree observed for tree 
growth. Nevertheless, decreases in NHx deposition 
could eliminate N CL exceedances for tree survival in 
eastern North Carolina and in the Midwest in 
Wisconsin, Minnesota, Iowa, and Missouri.

Exceedances of critical loads of N for Aquatic 
Eutrophication. A CL of 4.1 kg N ha−1 yr−1 is used for 
lakes in the western US which aligns with the value 
expected to lead to a shift from N-limited to phos
phorus-limited growth conditions (Williams et al. 
2017). Eastern lakes are evaluated at a CL of 6.0 kg 
N ha−1 yr−1 which is the upper range reported by 
Baron et al. (2011) to reduce risk of eutrophication. 

Deposition of NHx alone leads to exceedances of CLs 
of N for lake eutrophication in 29% of evaluated lakes 
(47,816). An additional 14,187 lakes (9%) exceed lake 
CLs when total N deposition is considered. NHx deposi
tion is thus the main driver of atmospheric impacts on 
lake health (Figure 11). Oxidized N alone only leads to 
CL exceedances in 84 lakes. In the western U.S., NHx 
influenced exceedances occur in the Central Valley of 
California, the Salt Lake City air basin, and in the high
est elevations of the Rocky Mountains. Most NHx 
caused exceedances in the eastern and mid-western 
U.S. occur in northern midwestern states. Total 
N deposition leads to exceedance of CLs for aquatic 
eutrophication in most high elevation areas of the 
West, and the rest of the Midwest and eastern 
U.S. except for Maine and New Hampshire.

Ecosystem recovery from N deposition
As atmospheric N deposition, particularly NO3

−, is 
decreasing in some regions, investigators have transi
tioned conceptual models to address pathways and rates 
of terrestrial and aquatic ecosystem recovery. An 

Figure 10. Maps of nitrogen critical load exceedances for the conterminous U.S. for species richness of lichens (a); species richness of 
herbaceous plants (b); a 5% decrease in tree growth (c); and tree survival (d). Shown are in blue- no exceedance; yellow- exceedance 
that could be eliminated by oxidized nitrogen; brown- exceedance that could be eliminated by reduced nitrogen; and red- 
a combination of oxidized and reduced nitrogen is necessary to eliminate the exceedance. A description of the datasets and methods 
used to determine exceedances of nitrogen critical loads are provided in the Supporting Information.
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important consideration of ecosystem recovery from 
elevated N deposition is legacy effects associated with 
past deposition. Terrestrial ecosystems accumulate 
N which is enhanced under elevated atmospheric 
N deposition (Byrnes, Van Meter, and Basu 2020; 
Yanai et al. 2013). Inputs of N reside in different terres
trial pools with slow or fast turnover rates (Lovett and 
Goodale 2011; Figure 8). Gilliam et al (2019, 2023). 
developed a conceptual framework describing the hys
teresis response of terrestrial ecosystems to first 
increases followed by decreases in atmospheric 
N deposition. Hysteresis is a property of an ecosystem 
wherein the output is not a strict function of corre
sponding input, due to a lag, delay, or history depen
dence. As a result, ecosystem response to decreasing 
input follows a different trajectory than the response 
to increasing input. Wood and SOM have slow 
N turnover rates, while microbial biomass and available 
mineral soil exhibit rapid N turnover rates. Ecosystem 
responses that are governed by N pools with slow turn
over rates will show a greater pattern of hysteresis fol
lowing decreases in atmospheric N deposition. In 

contrast, ecosystem responses controlled by N pools 
with rapid turnover rates will exhibit more rapid 
response to decreases in N inputs and less hysteresis. 
For example, NO3

− leaching is governed by fast turn
over N pools and will generally respond rapidly to 
decreasing N deposition. Due to these legacy effects, 
some of the impacts of atmospheric N deposition appear 
to be realized rapidly while others manifest over multi
ple decades. Likewise following management actions 
some effects are mitigated relatively rapidly while others 
linger for extended periods.

Beyond changes in atmospheric N deposition, 
a variety of factors influence the rate of ecosystem pro
gression toward a condition of N saturation or 
N recovery (Aber et al. 1998; Gilliam et al. 2019, 2023). 
For example, ecosystem demand for N decreases with 
forest succession which facilitates the transition toward 
a condition of N saturation (Goodale, Aber, and 
McDowell 2000). In contrast, factors that retard the 
progression toward N saturation and accelerate terres
trial ecosystems toward N recovery include historical 
land use/disturbance which result in N losses, such as 

Figure 11. Map of nitrogen critical load exceedances for lakes in the conterminous U.S. Shown are in blue- no exceedance; yellow- 
exceedance that could be eliminated by oxidized nitrogen; brown- exceedance that could be eliminated by reduced nitrogen; and 
red- a combination of oxidized and reduced nitrogen is necessary to eliminate the exceedance. A description of the datasets and 
methods used to determine exceedances of nitrogen critical loads are provided in the Supporting Information.
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fire, tree harvesting and agriculture (Aber et al. 1998). 
Stevens (2016) observed that grasslands are slow to 
recover because of lack of seed bank or source or having 
reached an alternate stable state. Some insight is 
obtained from experimental field studies. Bowman 
et al. (2018) found delayed recovery of alpine meadows 
following the termination of N fertilization. While Patel 
et al. (2020) found rapid recovery (~2 years) of stream 
NO3

− leaching following the cessation of experimental 
ammonium sulfate treatments to a watershed in Maine, 
USA. Högberg et al. (2024) examined the response of 
pine trees and soils to 50 years of experimental ammo
nium nitrate additions finding the treatments acidified 
soil and affected tree nutrient composition but did not 
decrease tree growth. As experimental N treatments are 
typically applied at elevated levels and as pulse inputs is 
unclear how well experiments depict conditions experi
enced by ecosystems from ambient deposition. 
Moreover, as few ecosystem studies are long-term, com
prehensive investigations of response from decreases in 
elevated N deposition are lacking, particularly recovery 
from NHx deposition.

While the N cycle has been highly studied and abun
dant ongoing research continues to inform and refine 
our understanding of this critical biogeochemical cycle, 
many uncertainties and complexities remain. In parti
cular, the N cycle of Earth systems is responding to 
shifts in N emission sources characterized by marked 
changes in the relative composition of oxidized and 
reduced N forms over space and time, and the interplay 
between changes in the N cycle and changing climate. 
Climate change and increases in atmospheric CO2 are 
emerging as important drivers altering the N status of 
ecosystems, as embodied by the “N oligotrophication” 
hypothesis (Groffman et al. 2018; Mason et al. 2022). 
Several processes are thought to drive this change. 
Fertilization of forests by atmospheric CO2 increases 
net production of biomass, increasing plant N uptake 
and sequestration. Increases in air temperature increase 
the length of the growing season resulting in greater 
annual net ecosystem production and N retention. 
Finally, increases in fire frequency and severity asso
ciated with increasing warming and drying conditions 
and a lengthening of the growing season decreases 
N loss. These climate and CO2 driven pathways retard 
the progression toward N saturation and accelerate eco
system recovery from a condition of N saturation.

The occurrence of wildfires has increased over recent 
decades, and with these events there has been 
a deterioration in air quality, largely due to increases 
in fine particulate matter (Ford et al. 2018; Requia, 
Coull, and Koutrakis 2019). Many factors influence 

susceptibility to wildfire, including increases in local 
human population and associated development adjacent 
to natural lands, fire suppression, and warming and 
drought. Increasing fire frequency and severity are 
linked to climate change (Jolly et al. 2015). In addition 
to these factors, there is a linkage between air pollution 
and forest predisposition to wildfires, which has been 
particularly manifested in southern California (Grulke 
et al. 2010). Increases in atmospheric N deposition and 
ozone shift the processing of water, C and N in forest 
ecosystems, resulting in a cascade of synergetic effects, 
which make trees more prone to disease, pest invasion, 
drought and ultimately wildfire. As discussed, 
N deposition increases leaf turnover and litter mass, 
and decreases the decomposition of litter and increases 
litter mass. Under high ozone and N deposition, trees 
also shift their allocation of biomass away from foliage 
and roots. Elevated ozone decreases plant control of 
water loss increasing transpiration, which when coupled 
with loss of root mass, increases the susceptibility of 
trees to drought stress. Ozone and drought stress and 
enrichment of N makes trees particularly vulnerable to 
attack by bark beetles (Eatough Jones et al. 2004). The 
enhanced fuel load from tree decline and litter accumu
lation driven by N and ozone pollution coupled with 
development pressures and climate have contributed to 
catastrophic fires in southern California, exacerbating 
already severe air quality and health impacts. The addi
tional biomass generated by N deposition in California 
deserts has also increased the size and intensity of fire in 
areas where it was once rare (Rao, Allen, and Meixner 
2010). Additionally, in southern California grasslands, 
once a fire removes the standing vegetation in high 
deposition areas, it is more likely to undergo a type- 
conversion from shrubland to exotic grassland (Cox 
et al. 2014; Talluto and Suding 2008). Such feedbacks 
will continue to influence wildfires and thereby accel
erate air pollution and the associated impacts in the 
future.

Atmospheric emissions, transport and fate

Ammonia emissions and trends

Emissions of NH3 have increased globally by a factor of 
two to five since preindustrial times (Fowler et al. 2013; 
Lamarque et al. 2010) owing to organic and synthetic 
fertilizer application and livestock husbandry. At pre
sent, agricultural sources of NH3 are estimated to 
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contribute to 80–90% of global NH3 emissions, with the 
remainder from industry, biomass burning, transporta
tion, and natural emissions (Bouwman et al. 1997; 
Crippa et al. 2018; McDuffie et al. 2020). The distribu
tion of NH3 across nations tends to follow population, 
e.g., NH3 emissions per capita are similar in China, the 
EU, and the U.S (Paulot et al. 2014).

Wyer et al. (2022) review the details of agricultural 
processes that govern NH3 emissions, including animal 
housing, manure storage, and application of manure- 
based and synthetic fertilizer. Within the U.S., agricul
ture emissions contributions are led by confined animal 
feeding operations (CAFOs), followed by fertilizer 
application (EPA 2010; https://www.epa.gov/air- 
emissions-inventories/air-pollutant-emissions-trends- 
data; Figure 1). More than half of U.S. livestock NH3 
emissions are from cattle operations, with the next lar
gest contributors being pigs and poultry (Behera et al. 
2013). Emissions from manure and fertilizer are 
impacted by temperature and wind speed. Additional 
sources of NH3 including stationary fuel combustion, 
industry, wildfires, and transportation each contribute 
a few percent to the EPA inventory, depending on 
the year (Figure 1).

Since 1990, EPA estimates of total annual U.S. NH3 
emissions have hovered around 4,300 thousand tons 
per year up until 2014, followed by a modest increase 
(Figure 2). Meanwhile, trends in concentrations of NH3 
have increased in ambient monitoring networks 
(AMoN, SEARCH) (Beachley et al. 2019; Butler et al. 
2016; Saylor et al. 2015; Wang et al. 2023) and remote 
sensing data (Burns et al. 2023; Weber et al. 2016) over 
large parts of the U.S. From 2000–2016 total NHx 
deposition is estimated to have increased about 50% 
(Beachley et al. 2019; Figure 3).

Closing the U.S. NHx budget is complicated by the 
role of NH3 dry deposition fluxes, estimates of which are 
largely model-based and poorly constrained by available 
measurements (Walker et al. 2019). The magnitude of 
NH3 emissions from individual regions, sectors, and 
industrial facilities are also uncertain, with top-down 
estimates (see Section 3.6.3) often differing from emis
sions inventories by 10–50% nationally on an annual 
basis, although uncertainties can be larger at smaller 
spatial or temporal scales. For specific agricultural 
sources, it is challenging to capture the spatio- 
temporal variability of NH3 emissions due to the diver
sity of agricultural practices, meteorological conditions, 
and climate (Balasubramanian et al. 2020; Sutton et al. 
2013,; Wyer et al. 2022; Zhu et al. 2015). NH3 emissions 
from transportation have been reported by several stu
dies (Cao et al. 2022; Fenn et al. 2018; Sun et al. 2017) to 
be substantially underestimated in state and federal 

U.S. inventories. “Ammonia slip” is a term for NH3 
that is released from selective catalytic reduction control 
devices. This occurs when NH3 is injected in excess, 
temperatures are too low for NH3 to be processed, or 
the catalyst has been fouled. Measurements using 
N isotopes have found combustion-related sources of 
NH3 to be nearly equal in magnitude as non- 
combustion sources in several urban and urban/coastal 
environments (Berner and David Felix 2020; Chen et al. 
2022). The potential for NH3 emissions from transpor
tation to contribute substantially more on a per ton 
basis to PM2.5 exposure and associated health burdens 
heightens concerns about the magnitude of this source 
of emissions (Dedoussi and Barrett 2014; Hopke and 
Querol 2022). Such studies have prompted U.S. EPA on- 
road emissions estimates to be increased by roughly 
a factor of two (U.S. EPA 2023e). In the U.S., NH3 
emissions from natural sources, including soils, vegeta
tion, wildlife and the ocean, are estimated to be 10–20% 
as large as anthropogenic emissions (Bouwman et al. 
1997; Paulot et al. 2014)

Future emissions scenarios used by the climate mod
eling community project increases of NH3 emissions in 
the U.S. over the next several decades (Thomson et al. 
2011). The largest driver of this is increasing demand for 
food production given increasing population (Erisman 
et al. 2008; Xu et al. 2019). For example, Ellis et al. 
(2013) estimated U.S. NH3 emissions would increase by 
19–50% from 2006 to 2050 following representative con
centration pathway (RCP) projections (van Vuuren et al. 
2011). Additionally, policies aimed at increased biofuel 
usage would likely contribute to increased NH3 emissions 
(Masera et al. 2015; Skorupka and Nosalewicz 2021).

Chemistry of NH3 in the atmosphere

Ammonia is the most abundant alkaline gas in the 
atmosphere (Aneja, Schlesinger, and Erisman 2009). It 
plays a prominent role in the formation of fine particu
late matter primarily through its reactions with sulfuric 
and nitric acids. These reactions also influence patterns 
of N deposition by modulating the partitioning of NO3

− 

and NH3 between gas and condensed phases.
In the gas-phase, NH3 reacts slowly with the hydroxyl 

radical, with a lifetime of one to two months (U.S. EPA 
2008, 2020) 

Current estimates are that this oxidation only serves to 
decrease global NH3 concentrations by 3%, yet hydroxyl 
radical oxidation may become more important under 
future emissions scenarios (Pai, Heald, and Murphy 
2021).
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In contrast, NH3 reacts relatively rapidly with gas
eous atmospheric acids to form particulate matter. 
These reactions and deposition from the atmosphere 
are more important than the hydroxyl radical reaction 
in determining its fate. Ammonia reacts with sulfuric 
acid to form ammonium bisulfate, NH4HSO4 or ammo
nium sulfate, NH4ð Þ2SO4: 

The degree of sulfate neutralization is commonly 
expressed by the molar ratio of NH4

+ to sulfate, 
RSO4 ¼

NH4
þ½ �

SO4
2�½ �

, with a value of RSO4 = 2 representing full 

neutralization. If excess NH3 is present in the gas phase, 
it reversibly reacts with nitric acid vapor to form con
densed-phase ammonium nitrate: 

If present in excess, NH3 can also react in the gas phase 
with hydrochloric acid to produce NH4Cl, which is also 
a semi-volatile salt (Behera et al. 2013; see Table 9 
therein for an exhaustive list of reactions leading to 
formation of NH4

+).
NH3 also plays a role in secondary organic aerosol 

(SOA) formation from biogenic (e.g., Na et al. 2007) and 
anthropogenic (e.g., Chen et al. 2023) volatile organic 
compounds (VOCs). The presence of NH3 can increase 
or decrease the yield of SOA from the oxidation of 
different VOCs. Decreased yields can be caused by 
decomposition or lower yields of less-volatile com
pounds in the presence of NH3 (e.g., Ma et al. 2018; 
Na, Song, and Cocker 2006). More commonly, NH3 can 
increase SOA growth through mechanisms such as 
uptake by carbonyl groups (Liu et al. 2015) and forma
tion of condensable salts with organic acids (Na et al. 
2007; Paciga, Riipinen, and Pandis 2014). Ammonia- 
promoted formation of N-containing organic com
pounds (NOCs) contributes to enhanced particulate 
matter absorption of visible light, i.e., brown carbon 
(Laskin, Laskin, and Nizkorodov 2015; Updyke, 
Nguyen, and Nizkorodov 2012). Ammonia uptake also 
impacts the viscosity and diffusivity of organic aerosol 
(Bell et al. 2017; Li et al. 2015; Liu et al. 2018). It is 
estimated that up to 15% of particulate N could be due 
to NOCs (rather than inorganic salts) (Liu et al. 2015). 
Model simulations that include uptake of NH3 by SOA 
over the conterminous U.S. have shown a 5–10% reduc
tion in bias for PM2.5 and carbonaceous aerosol con
centrations (Zhu et al. 2022). However, most current air 
quality models do not account for this source of parti
culate matter. They may thus overestimate the role of 

ammonium sulfate and ammonium nitrate and under
estimate the sensitivity of PM2.5 to changes in VOC 
emissions near NH3 sources (Horne et al. 2018).

In addition to its impacts on particle growth, NH3 
plays an important role in new particle formation 
through binary and ternary nucleation with water and 
sulfuric acid (e.g., Kirkby et al. 2011; Kulmala, Pirjola, 
and Makela 2000; Nair, Yu, and Luo 2023). Binary 
homogeneous nucleation has been shown to be 
a reasonable representation of free tropospheric nuclea
tion (Spracklen et al. 2005), while at low altitudes in 
polluted regions, nucleation involving amines or NH3 
can also be important (Gordon et al. 2016). NH3 also 
affects the aerosol hygroscopicity, which in turn affects 
climate forcing and visibility (Malm 2016; Martin et al. 
2004).

Ammonium sulfates in atmospheric aerosols are 
nonvolatile. In contrast, NH4NO3 can be lost from the 
condensed phase in response to increases in tempera
ture or reductions in relative humidity. Partitioning to 
the condensed phase is generally expected to be higher 
in winter than summer, at night versus in the daytime, 
and at higher altitudes. In addition to influencing PM2.5 
concentrations, partitioning of NHx and NO3

− between 
gas and particle phases impacts patterns of 
N deposition, as dry deposition of the gases is much 
more rapid than dry deposition of fine particles.

Atmospheric transport

The effects of NH3 emissions on the atmosphere and 
ecosystems range from the relatively localized impacts 
of gas-phase NH3 to the more regionally distributed 
effects of particulate NH4

+. As a gas, the atmospheric 
lifetime of NH3 has been estimated to range between 
a few hours to a day (Van Damme et al. 2018), depend
ing on the physical and chemical environment. The 
lifetime is most often on the order of a few hours, 
constraining transport to tens of km or less prior to 
removal via deposition or conversion to particulate 
NH4

+. NH3 lifetimes with respect to chemical conver
sion and deposition are of similar order of magnitude as 
these processes compete for its fate. For example, in 
biomass burning plumes, 30% of NH3 is converted to 
NH4

+ within 1.4 hours of emissions (Paulot et al. 2017; 
Yokelson et al. 2009). NH3 concentrations often 
decrease by ~ 50% within a few km of sources (Asman 
et al. 1989; Erisman et al. 1987).

In contrast, particulate NH4
+ has an atmospheric 

lifetime of several days to a week, leading to transport 
distances of 100–1000s of km from the point of forma
tion. Emissions of NH3 can thus impact transport of 
PM2.5 at regional to intercontinental scales. However, 
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Park et al. (2004) found the contributions of NH3 emis
sions in Asia to PM2.5 concentrations and regional haze 
in the continental U.S. to be relatively small. Overall, 
intercontinental transport of PM2.5 from NH3 emissions 
to the U.S. is not expected to substantially contribute to 
PM2.5 exposure. Nawaz et al. (2023) estimated that of 
approximately 100,000 premature deaths per year in the 
U.S. owing to long-term exposure to PM2.5 from anthro
pogenic sources, only ~ 2,000 were attributed to foreign 
emissions from agriculture, and of those the largest 
contributors were emissions in Canada and Mexico. 
Model estimates of sources of N deposition in North 
America, especially for NHx deposition, also indicate 
a relatively minor role of intercontinental sources rela
tive to North American anthropogenic and natural 
sources (U.S. EPA 2020). One study reported ~ 25% of 
NHx deposition in North America emanating from out
side North America, while only identifying ~ 1% of this 
as coming from other continents (Roy et al. 2012). 
A caveat is that multi-model studies have also high
lighted large model diversities in estimating NHx 
deposition (Bian et al. 2017; Lamarque et al. 2013; Tan 
et al. 2018).

However, regional transport of NHx within the 
U.S. has been identified as a significant issue. Dedoussi 
et al. (2020) showed that out-of-state emissions 
accounted for 28% of the contribution of non- 
agricultural anthropogenic NH3 emissions to premature 
deaths associated with long-term exposure to PM2.5. 
Studies such as Paulot, Jacob, and Henze (2013) and 
Lee et al. (2016) have highlighted the role of long-range 
sources for deposition of Nr to biodiversity hotspots and 
Federal Class I areas in the U.S., identifying 90% emis
sions footprints (the region from which 90% of the 
deposition emanates) that extend from 400 to 1600 km 
in radius (Lee et al. 2016). Several studies have estimated 
the contribution of long-range transport to deposition 
of Nr to Rocky Mountain National Park (Benedict et al. 
2013; Lee et al. 2016; Malm et al. 2013; Thompson et al. 
2015), where as much as 40% of the NHx deposition is 
estimated to originate from outside Colorado 
(Thompson et al. 2015).

Deposition/Removal from the atmosphere, and 
re-emissions

Ammonia is removed from the atmosphere via dry 
deposition, or by conversion of NH3 to NH4

+ followed 
by wet or dry deposition of NH4

+. Despite uncertainties 
in measurements of NH3 dry deposition and organic 
NO3

− deposition (e.g., Phillips, Arya, and Aneja 2004; 
Sun, Fu, and Huang 2016), NHx currently makes up 
approximately half if not more of total deposited Nr in 

the U.S (e.g., Li et al. 2016; Figure 3). Over the conti
nental U.S., about one third of emitted NH3 is deposited 
prior to conversion to NH4

+ (Zhang et al. 2012). Total 
NHx deposition in the conterminous U.S. increased ~  
15% from 2002 to 2014 (Figure 3a), although estimated 
NH3 emissions were relatively constant over the same 
area and period (Figure 2). The reason for this discre
pancy has not been fully explained (Yao and Zhang 
2019) and both NH3 emissions and NHx deposition 
increase similarly in years since ~ 2014. Decreased par
titioning of NHx to particulate form resulting from 
declining domestic emissions of SO2 and NOx has left 
a larger fraction of NHx in the gas phase. As gas-phase 
NH3 has a shorter atmospheric lifetime, less NHx would 
be exported from the conterminous U.S. in the form of 
aerosol NH4

+ (Pan et al. 2024; Saylor et al. 2015; Yao 
and Zhang 2019). Also, during the 2002 – 2014 time
frame the NH3 and NH4

+ fractions of N deposition in 
the U.S. increased similarly, while after that period the 
NH4

+ deposition fraction stabilized while the NH3 
deposition fraction increased (Figure 3b). These trends 
are consistent with declining emissions of SO2 and NOx 
having impacted NH3 partitioning. Other factors may 
include increased emissions of NH3 owing to warmer 
and drier climate (Yao and Zhang 2019), spatial sam
pling biases in the spatial distribution of deposition 
networks (Wang et al. 2023), or underestimates of 
NH3 emissions trends (Yao and Zhang 2019)

Wet deposition
On global scales, the largest sinks of atmospheric NH3 
and NH4

+ are via wet deposition (Dentener et al. 2006; 
Tan et al. 2018), although there is considerable varia
bility in model estimates that can be improved through 
data fusion or assimilation (Paulot, Jacob, and Henze 
2013; Rubin et al. 2023). Both NH3 and NH4

+ are 
hydrophilic and are readily scavenged by aqueous par
ticles and deposited to surfaces. The process of wet 
deposition collectively refers to the absorption of NHx 
in cloud droplets which subsequently rain out, as well as 
below-cloud scavenging of NHx by falling rain. Over the 
U.S. it is estimated that a little more than half of NHx 
deposition occurs via wet deposition (Zhang et al. 2012). 
Recent results reported by the National Atmospheric 
Deposition Program (NADP) Total Deposition Science 
Committee (TDep) indicate the wet and dry deposition 
contributions are approximately equal (Figure 3b).

Dry deposition
Dry deposition of NHx is dominated by gas-phase NH3, 
which has an order of magnitude higher dry deposition 
velocity than that of NH4

+ (e.g., Duyzer 1994)). Over the 
U.S. in the past two decades, dry deposition of NH3 is 
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estimated to have exceeded that of NH4
+ by factors of 

three to ten (Zhang et al. 2012; Figure 3b). TDep esti
mates of dry deposition are based on calculated dry 
deposition velocities applied to NH3 concentrations 
simulated by the Community Multiscale Air Quality 
(CMAQ) model, and thus are inherently more uncertain 
that NHx wet deposition estimates that are constrained 
by National Trends Network (NTN)/NADP wet deposi
tion measurements.

Bidirectional exchange
While many air pollution models treat dry deposition of 
NH3 as a unidirectional process, it is well established 
that the exchange of NH3 between the biosphere and the 
atmosphere is bidirectional (Sutton et al. 1998). The 
biosphere can either be a sink or source of NH3, as the 
tradeoff between evasion and emission is impacted by 
factors such as soil temperature, moisture, pH, the avail
able NH3 soil pool, and vegetation type (Bash et al. 
2015).

As the importance of bidirectional exchange has 
become increasingly recognized, the inclusion of this 
process in air quality models has become more wide
spread (Bash et al. 2013; Zhu et al. 2015). Process-based 
models of NH3 bidirectional exchange calculate the flux 
between the atmospheric and soil pools based on the 
gradient between ambient surface-layer NH3 concentra
tions and the canopy compensation point (e.g., Cooter 
et al. 2010, 2012; Pleim et al. 2013; Walker et al. 2023; 
Zhu et al. 2015). Simplified models may use empirical 
relationships or lookup tables to parameterize the NH3 
flux for different land-use types (Dennis et al. 2010; 
Kruit et al. 2012).

Explicit representation of bidirectional exchange has 
helped decrease biases in air quality model simulations 
of ambient NH3 and net NHx deposition. The bidirec
tional exchange of NH3 from fertilized soils and crops 
has been found to lead to decreases in net fluxes of NH3 
from the atmosphere to the surface, relative to unidirec
tional models, by 10–20% annually in the U.S. and 
Europe (Cao et al. 2020, 2022b). However, in regions 
of intense fertilizer application, such as the San Joaquin 
Valley, the impact can be greater, with surface concen
trations impacted by more than 50% in both positive 
and negative directions on an hourly basis (Zhu et al. 
2015b). The spatial extent to which an NH3 source can 
impact NHx concentrations downwind can be extended 
through this “leap-frog” process of emission, uptake, 
and re-emissions (Zhu et al. 2015).

There are several challenges with modeling and 
accounting for the impacts of bi-directional exchange 
(Walker et al. 2019). The deposition and re-evaporation 
of NH3 from wet surfaces (i.e., dew) is known to 

contribute to morning peaks in ambient NH3 concen
trations (Wentworth et al. 2016). While the underlying 
mechanism for this process is well known, parameteriz
ing the moisture layer and compensation points for 
different surfaces remains a challenge for developing 
cuticular resistance schemes. There is further need for 
development of methods for determining compensation 
points for natural and agricultural soils, and for data
bases of species-level stomatal emissions potentials for 
natural vegetation, soil, and leaf-litter for ecosystems. 
Lastly, collection of NH3 flux measurements and com
pilation of flux databases across a wider variety of eco
systems than currently available is necessary for further 
development, evaluation, and refinement of bidirec
tional exchange schemes for air quality models 
(Walker et al. 2020).

Chemical interactions of NHx with other 
atmospheric constituents

The distribution and fate of atmospheric NH3 is 
impacted by chemical interactions with other species 
in the atmosphere. In turn, concentrations of other gas 
and aerosol species, and deposition of oxidized N, can 
also be affected by the sources and distributions of NH3. 
These interactions result in nonlinear responses of 
PM2.5 mass concentrations, pH, and N or S deposition 
to changes in NH3, SO2, NOx, and VOC emissions. 
Consequently, the question of whether NH3, NOx, or 
SO2 emissions limit formation of secondary inorganic 
aerosols and N or S deposition under different atmo
spheric conditions has long been of interest to air qual
ity managers (U.S. EPA 2008). Numerous studies using 
aerosol thermodynamics and chemistry and transport 
modeling have examined consequences of changes to 
anthropogenic emissions of these species (e.g., Ge et al. 
2023; Liu et al. 2019; Thunis et al. 2021; Wang et al. 
2011). Pan et al. (2024) review 17 studies evaluating the 
effectiveness of SO2, NOx, and NH3 controls on PM2.5 in 
the U.S. Several factors are important to consider in 
comparing results across studies, including when the 
study was conducted and the corresponding emissions 
levels, whether incremental or more substantial changes 
in emissions were examined, and the mathematical 
approach used to attribute changes in secondary inor
ganic aerosol (SIA) concentrations to specific emissions 
(Clappier et al. 2017). Results are expected to differ 
across locations and seasons, due to the dependence of 
phase partitioning on temperature and relative humid
ity as well as relative levels of precursor emissions.

One of the most fundamental ways in which NH3 
nonlinearly impacts PM2.5 is by promoting partitioning 
of nitric acid from the gas phase to the aerosol phase to 
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form ammonium nitrate (Vayenas et al. 2005). The 
sensitivity of total PM2.5 mass to NH3 can be quantified 
via the reduced gas ratio, GR, defined as GR = ([NHx] − 
2[SO4

2-])/([HNO3 + NO3
−]). This ratio assumes that (a) 

available NH3 preferentially forms ammonium sulfate 
through reaction with sulfate, (b) sulfate remains in the 
particle phase regardless of the concentrations of NHx 
and total NO3 (HNO3 + NO3

−), and (c) NO3
− only 

partitions to the aerosol phase in the presence of NH3 
that remains following formation of ammonium sulfate.

While a simplification of SIA formation (e.g., sulfate 
is not necessarily completely neutralized by NH3, NO3

− 

is favored by colder and wetter conditions, other com
ponents such as Na+, Cl− and dust are ignored, pH and 
relative humidity are neglected), this ratio remains use
ful for diagnosing the likely large-scale response of 
PM2.5 via altered partitioning to changes in NH3, NOx, 
or SO2 emissions (e.g., Chen, Shen, and Russell 2019; 
Lawal et al. 2018; Park et al. 2004; Vasilakos et al. 2018; 
Weber et al. 2016). Values of GR > 1 indicate that the 
formation of ammonium nitrate is limited by the avail
ability of total NO3

−, and thus PM2.5 is largely unre
sponsive to changes in NH3 emissions. This condition 
occurs in strong NH3 source regions in the U.S. such as 
the San Joaquin Valley, as well as throughout much of 
India and China. In contrast, values of GR < 1 corre
spond to conditions where ammonium nitrate will be 
most sensitive to changes in emissions of NH3, which is 
the case throughout much of the eastern U.S. as well as 
large urban areas in the West such as Los Angeles 
(Laughner et al. 2021). The GR suggests that decreases 
in SO2 emissions could potentially contribute to 
increased PM2.5 concentrations through replacement 
of ammonium sulfate with two molar equivalents of 
ammonium nitrate (Henze, Seinfeld, and Shindell 
2009; Napelenok et al. 2006; West, Ansari, and Pandis 
1999). For example, Wang et al. (2013) used response 
surface modeling to show that in China, SIA reductions 
associated with 16% decreases in SO2 emissions could 
be entirely offset by increased ammonium nitrate con
centrations following 16% increases in NH3 emissions. 
Variability in GR helps explain differences in the 
response of PM2.5 concentrations in different regions 
to decreases in NOx emissions during COVID-19 lock
downs (e.g. Laughner et al. 2021; Xu et al. 2022).

While a useful metric for considering first-order sen
sitivities, the SIA system can elicit non-linear responses 
not captured by the GR (Bauer, Tsigaridis, and Miller 
2016; Bessagnet et al. 2014; Guo et al. 2018; Heald et al. 
2012; Henze, Seinfeld, and Shindell 2009; Megaritis et al. 
2013; Nenes et al. 2020, 2021; Pozzer et al. 2017; Silvern 
et al. 2017; Tsimpidi, Karydis, and Pandis 2007). For 
example, interactions with organic aerosol components 

can lead to chemical nonlinearities as the uptake of NH3 
by SOA can deplete ambient NH3 concentrations, caus
ing indirect decreases in the amount of inorganic 
ammonium salts in particulate matter (Horne et al. 
2018). Many recent studies have focused on the role of 
aerosol pH and liquid water content in modifying par
titioning. The GR suggests that with relatively rapid 
reductions in SO2 emissions, aerosol acidity would 
decline, SO4

2- would be fully neutralized by NH4
+, and 

ammonium nitrate concentrations would increase in 
locations where NH3 availability had been limiting its 
formation (e.g., Heald et al. 2012; Pinder, Adams, and 
Pandis 2007). However, Weber et al. (2016) challenged 
these expectations, finding little change in pH or parti
culate NO3

− in summer in the southeastern U.S. over 
a 15-year period. Measurements at a rural site at 
Centreville, AL showed that while summertime SO4

2- 

concentrations had declined as SO2 emissions 
decreased, aerosol pH was buffered by the ammonium 
ion shifting to gas phase ammonia, releasing H+ in the 
aerosol. Declines in NH4

+ concentrations closely 
matched those of SO4

2-, with little change in particulate 
NO3

− levels.
These findings stimulated more attention to aerosol 

acidity and its implications for NH3 and NO3
− parti

tioning (Chen, Shen, and Russell 2019; Guo et al. 2018; 
Lawal et al. 2018; Nenes et al. 2020; Pan et al. 2024; 
Pozzer et al. 2017; Silvern et al. 2017; Vasilakos et al. 
2018). For example, Silvern et al. (2017) identified a low 
ratio of NH4

+ to sulfate despite excess NH3 during 
summer in the eastern U.S., and an insensitivity of this 
ratio to excess NH3 (inconsistent with the simple 
description of partitioning captured by the GR). They 
found that aerosol acidity has increased despite 
decreases to SO2 emissions and relatively constant 
NH3 emissions in the southeastern U.S. They posited 
that an organic coating, leading to kinetic mass transfer 
limitations for NH3 uptake, may help explain observed 
NH4

+ to sulfate ratios. Chen, Shen, and Russell (2019) 
found that projected emissions changes between 2011 
and 2050 (NH3 emissions were increased by 12%, NOx 
emissions were decreased by 70%, and SO2 emissions 
were decreased by 52%) increased pH across all seasons 
and locations. However, aerosol pH over most of the 
U.S. increased by less than 0.4 pH units from 2011 to 
2050, and there was a limited shift of NO3

− to the 
aerosol phase implying there would not be “major 
changes” in aerosol chemical processes. In contrast, 
climate-driven changes in meteorology decreased aero
sol pH during winter in the eastern U.S., due to warmer 
and drier conditions that shift NH3 to the gas phase.

As noted by Pye et al. (2020), most prior chemical 
transport modeling (CTM) studies have not explicitly 
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considered aerosol pH (due to inability to measure it 
directly). It was commonly assumed that evaluating 
CTM performance based on NH3 or NO3

− partitioning 
implicitly evaluated how well aerosol acidity was mod
eled. Similarly, molar ratios of more commonly mea
sured cations and anions had served as rough proxies 
for pH in interpreting aerosol sensitivity to NH3 versus 
NOx emissions. Vasilakos et al. (2018) highlighted the 
need to accurately represent emissions and size distri
bution of nonvolatile cations in CTMs to accurately 
model aerosol acidity and corresponding NH3 and 
NO3

− partitioning.
Several studies have used measurements along with 

thermodynamic calculations to examine the regimes in 
which particulate concentrations are most sensitive to 
NH3. Guo et al. (2018) used ISORROPIA II along with 
measurements of HNO3, NH3 and inorganic aerosol 
ions and found that decreases in total NH3 would be 
effective at decreasing aerosol mass for aerosols 
observed aloft in the northeastern U.S. in winter 
(mean pH = 0.8, ε(NO3

−) = 37%) and for aerosol in 
Pasadena, CA in summer (mean pH = 1.9; ε(NO3

−) =  
39%). Decreasing NH3 was not effective in decreasing 
PM2.5 at Centreville, AL in summer (pH = 0.9; ε(NO3

−)  
= 22%) because NO3

− only contributed 4% to the inor
ganic aerosol. Extending this work by considering the 
role of liquid water content (LWC), Nenes et al. (2020) 
found that the Centreville data set, with low pH and 
moderate LWC, fell into the NH3-sensitive domain. 
With low pH and a wide range of LWC, the data for 
the northeastern U.S. winter aircraft campaign fell into 
either the NH3-sensitive or the domain sensitive to both 
HNO3 and NH3, whereas the Pasadena data, with a wide 
range of LWC and somewhat higher pH, were scattered 
across the sensitivity domains. Using measurements of 
aerosol composition and gas-phase precursors from net
works across the U.S., Pan et al. (2024) found that PM2.5 
has become less sensitive to NH3 in rural areas in the 
2011 – 2020 timeframe, though decreases in NH3 are 
still effective (even in rural areas) in the Northeast 
(generally) and in the Northeast, Midwest, and 
Southeast in winter.

The nonlinear response of N and S deposition to 
changes in NH3, NOx, SO2 emissions is also important 
for understanding ecosystem impacts of emissions con
trol policies. Tan, Fu, and Seinfeld (2020) found a sub- 
linear response of NHx deposition to decreases in NH3 
emissions in the U.S., in the context of decreasing SO2 
and NOx emissions (i.e., 60–80% responses per unit 
reduction of NH3 emissions), in contrast to the linear 
response of oxidized N deposition to decreases in NOx 
emissions. Pan et al. (2024) posited that decreases in SO2 
and NOx emissions in the U.S. from 2011–2020 have 

increased the fraction of NHx remaining in the gas- 
phase, thus shifting deposition patterns closer to 
sources. Bidirectional exchange may buffer the response 
of NH3 dry deposition to NH3 emissions for small 
decreases (<30%). Paulot, Jacob, and Henze (2013) 
found negative sensitivities of N deposition in Rocky 
Mountain National Park to emissions of NOx and iso
prene in the summertime, opposite in sign to sensitiv
ities with respect to NH3 and SO2 emissions, albeit 
considerably smaller. In other cases, chemical interac
tions across species may lead to undesirable conse
quences; one study suggested that while decreases in 
NH3 emissions in China would be an effective means 
of reducing PM2.5 exposure, a consequence would be 
increased acid rain (Liu et al. 2019).

Monitoring, mapping, and inventorying ammonia & 
ammonium

Surface concentration and deposition networks
In situ measurements of NH3 and NHx in the 
U.S. consist of several key networks that measure gas- 
phase NH3, particulate NHx, and NHx wet deposition. 
There are additional NH3 measurements available from 
smaller regional networks over limited periods, as well 
as those collected by individual research groups or field 
campaigns, including mobile and aircraft-based 
measurements.

Ambient surface-level NH3 concentrations in the 
U.S. are routinely measured by the Ammonia 
Monitoring Network (AMoN) of the National 
Atmospheric Deposition Program (NADP), which was 
initiated in 2007. Currently consisting of more than 100 
sites, AMoN reports two-week integrated measure
ments based on phosphoric acid passive samplers 
(Puchalski et al. 2011). Wang et al. (2023) describe 
limitations of the coverage of the network: multiple 
states have no monitors, only a dozen sites are close to 
elevated NH3 emission sources, and only a subset of 
these sites is available for deriving long-term trends, 
which thus may not be representative of broader domes
tic trends (Butler et al. 2016; Yao and Zhang 2019). 
Remote sensing may provide a means of gap-filling 
these data (Wang et al. 2023) as well as providing 
guidance on siting of additional monitors in regions of 
high emissions where there are monitoring gaps 
(Puchalski et al. 2019). Local passive measurement pro
grams such as those in Colorado (Li et al. 2017) or 
Carolina (Pinder et al. 2011) provide valuable character
ization of concentration gradients and patterns across 
different regions and land-types (Puchalski et al. 2019).

The Clean Air Status and Trends Network 
(CASTNET) and Chemical Speciation Network (CSN) 
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both include measurements of particulate NH4
+. The 

Interagency Monitoring of Protected Visual 
Environments (IMPROVE) reports NH4

+ based on 
assumed neutralization of measured sulfate and NO3

−. 
CASTNET and CSN measurements are biased low due 
to dissociation of NH4

+ from the filters (Yu et al. 2006). 
Puchalski et al. (2019) discuss the value of acid- 
impregnated filters for particulate NH4

+ measurement 
(Chen et al. 2014), the benefits of their deployment in 
rural and urban areas, and how increased co- 
deployment of NH4

+ alongside NH3 measurements 
could provide more comprehensive understanding of 
NHx budgets. Increased urban monitoring of NH3 and 
NH4

+ is particularly valuable for understanding impacts 
of atmospheric N deposition on urban water quality and 
the importance of transportation emissions (Walker 
et al. 2019).

High time resolution measurements of NH3 have also 
been conducted from multiple platforms. The 
Southeastern Aerosol Research and Characterization 
(SEARCH) network collected hourly measurements of 
NH3 at eight sites throughout the southeast U.S. These 
measurements have been used to improve model repre
sentation of diurnal patterns in NH3 emissions from 
livestock and understand the representativeness of 
remote sensing observations that occur once or twice 
daily (Zhu et al. 2015b). Continuous observations of 
NH3 are possible using measurement techniques such 
as cavity ring down, ion mobility, and quantum cascade 
laser spectroscopy, and chemical-ionization and pro
ton-transfer-reaction-time-of-flight mass spectrometry 
(von Brobrutzki et al. 2010). Measurements of NH3 
using mobile open-path sensors (Tao et al. 2015) have 
been instrumental in identifying low-biases in estimates 
of NH3 emissions from transportation sources (Sun 
et al. 2017), while aircraft-based measurements have 
been used to constrain transportation, biomass burning, 
and agricultural emissions (Nowak et al. 2012; Tomsche 
et al. 2023).

Lastly, a critical part of understanding budgets of 
reduced N is measurements of NHx deposition. In the 
U.S., weekly wet deposition measurements have been 
made since 1978 by the NADP National Trends 
Network (NTN). Despite their importance in evaluating 
large-scale trends in wet deposition and acid rain, 
Benish et al. (2022) highlight some limitations of NTN 
measurements, including lack of sites in complex ter
rain, urban centers, high elevations, and forest ecosys
tems. An additional drawback of NTN measurements is 
lack of detection of organic N species, which may con
tribute 15–25% of total Nr budget (Jickells et al. 2013; 
Sun, Fu, and Huang 2016). Overall, more widespread 
measurements of NH3 fluxes from a variety of natural 

and managed ecosystems are needed for developing 
empirical budgets and evaluating air quality modeling 
(Walker et al. 2019).

Satellite remote sensing
Over the past 16 years, satellite remote sensing observa
tions have provided measurements of NH3 multiple 
times per day throughout much of the globe (see 
Supporting Information, Satellite remote sensing of 
ammonia). A benefit of satellite data is broad spatio
temporal coverage for helping to determine how levels 
are driven by emissions, climate, and evolving concen
trations of interacting species (i.e., NOx and NH3). For 
example, a comparison between North American NH3 
emissions inventories, simulated surface NH3 concen
trations from a global model (GEM-MACH), and sur
face NH3 concentrations retrieved from the Cross-track 
Infrared Sounder (CrIS, described below) is shown in 
Figure 12. This comparison highlights the spatial cover
age of the satellite measurements and correlation with 
known emission hotspots, as well as discrepancies 
between measured and simulated NH3 distributions. 
On a more local scale, average summer surface NH3 
concentrations from CrIS retrievals overlaid with 
in situ measurements (circles) collected by the USDA- 
ARS Northwest Irrigation and Soils Research 
Laboratory (left) is compared to the number of dairies 
per square km (right) in the Magic Valley, Idaho in 
Figure 13.

Ammonia absorbs radiation that can be detected in 
the 600–1200 cm−1 (thermal IR) wave number range, 
peaking at 960–970 cm−1, and thus multiple space- 
born spectrometers (sounders) have retrieved NH3 
data. An overview of past and current remote sensing 
capabilities for NH3 is provided in the Supporting 
Information. Since the first detection of NH3 from 
space by Beer et al. (2008), remote sensing data has 
been evaluated using in situ measurements, aircraft 
data, and ground-based spectrometers. Several polar- 
orbiting satellite-based instruments provide measure
ments twice per day throughout the globe (CrIS, AIRS, 
IASI, GOSAT). The GIIRS instrument aboard the FY- 
4A and FY-4B geostationary satellites (Clarisse et al. 
2021; Zeng et al. 2023) has provided the first hourly 
observations of NH3 from space, over East Asia, and 
future NOAA satellite missions may include geostation
ary observations of NH3 over North America.

An important consideration when using NH3 remote 
sensing measurements is that retrieved NH3 concentra
tions are not direct observations of emissions nor even 
surface NH3 concentrations. While the detection limit 
of sounders such as CrIS can be as low as ~ 1 ppb near 
the surface, satellites are most sensitive to NH3 
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Figure 12. Mean North American agriculture ammonia (a) emissions used by GEM-MACH, (b) mean surface NH3 concentrations for July 
and August 2016, modeled by GEM-MACH, and (c) corresponding CrIS NH3 surface concentrations. From Shephard et al. (2020).

Figure 13. CrIS surface NH3 data from the May–October period oversampled onto a 0.002° grid for 2019 (a) and number of dairies per 
square kilometer (b). Surface NH3 concentrations from measurements at several locations throughout the valley are overlaid in (a). 
From Cady-Pereira et al. (2024).
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concentrations at 700–900 hPa. Their NH3 retrieved 
products can reflect variations in surface NH3 concen
trations under certain atmospheric conditions (high 
thermal contrast, large concentrations), however the 
extent to which surface concentrations govern the total 
air column NH3 retrieval is variable. Assumptions about 
the shape of the NH3 vertical profile can strongly impact 
retrieved NH3 concentrations. This constraint limits 
direct comparison of retrieved NH3 concentrations to 
model values as only qualitative, which was recognized 
in modeling studies examining NH3 concentrations 
using retrievals from IASI (e.g., Heald et al. 2012; 
Schiferl et al. 2016). Further, while distributions of 
NH3 columns can be used to identify NH3 hotspots 
and even source types, they cannot be directly, accu
rately, and quantitatively linked to magnitudes of NH3 

emissions without making some approximations 
regarding the role of prior information in the retrieval, 
or the role of non-local emissions impacting column 
NH3 concentrations, which have been shown to be 
considerable (Turner et al. 2012). Thus, the most 
advanced and accurate approaches for constraining 
NH3 emissions from satellite observations employ 
CTMs and assimilation schemes that account for trans
port (such as 4D-Var).

To address this challenge, retrievals for many of the 
remote sensing instruments (CrIS, AIRS, GIIRS) are 
performed using an optimal estimation technique 
(Rodgers 2000) wherein the influence of the assumed 
vertical air profile and the retrieval errors are quantified 
as part of the retrieval algorithm and supplied along 
with the data. This approach allows one to formally 
make quantitative comparisons between NH3 remote 
sensing observations and modeled NH3 concentrations, 
which is a critical aspect of developing top-down con
straints on NH3 emissions. Specifically, comparison of 
model estimated concentrations of NH3 to satellite 

retrievals is done via application of the following for
mula for the observational operator, H, 

where c is the model estimated NH3 profile or 
a measured profile from a different platform (e.g., air
craft), M is a matrix that maps these values to the 
retrieval units and vertical levels, ca is the a priori NH3 
profile used for the retrieval, and A is the averaging 
kernel matrix that quantifies the sensitivity of the 
retrieved concentration to the true state. By comparing 
NH3 profiles to mapped model estimates, H(c), rather 
than the native model NH3 profile, c, the contribution of 
error in ca to the model error covariance matrix, B, 
cancels (Rodgers 2000). Further, the role of the assumed 
vertical profile (ca) is minimized. This consideration is 
particularly important, as NH3 retrievals typically have 
less than one degree of freedom (DOF), meaning the 
shape of the vertical profile is largely governed by ca. 
A comparison of NH3 profile retrievals with aircraft 
NH3 measurements with and without properly account
ing for the satellite observation operator is shown in 
Figure 14, underscoring the importance of the satellite 
observation operator for quantitative use of NH3 remote 
sensing data. Without it, one might erroneously con
clude from comparison to aircraft data that the satellite 
retrievals have a low bias at the surface of ~ 40 ppb, 
while application of the observation operator shows 
the retrievals to be unbiased at the surface.

While NH3 retrievals are widely available from multi
ple instruments, their lack of harmonization has hin
dered application, especially related to long-term trends. 
While there are chemical data assimilation systems in 
the U.S. and abroad operationally run by government 
agencies to generate constraints on trace-gas composi
tion, none of the operational versions of these systems 
currently use satellite NH3 observations, nor do they 

Figure 14. Air column ammonia profiles compared to aircraft data obtained during DISCOVER-AQ California campaign in the winter of 
2013. Left (blue): direct comparison. Right (red): comparison with satellite observation operator (H) applied to aircraft data. Adapted 
from Cady-Pereira et al. (2024).
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include the representation of NH3 bidirectional 
exchange necessary for such efforts to improve NH3 
source estimates. Further development of satellite- 
based NH3 measurements would be valuable for extra
polating limited surface measurements and use in mea
surement-model fusion methods for mapping 
deposition and CLs assessments (Walker et al. 2019). 
Lastly, for comparison to oxidized N, NO2 remote sen
sing products are more mature, provide more direct 
constraints on surface-level NO2 and hence NOx emis
sions, and NOy deposition has been derived from space 
(Geddes and Martin 2017). However, there has been 
little effort spent on combining observations of both 
reduced and oxidized Nr, or for using these measure
ments to assess total Nr deposition, despite community 
requests for such data (Walker et al. 2019).

Inverse modeling and top-down estimates
As described previously, NH3 emissions estimates are 
uncertain at a variety of spatial and temporal scales, often 
by more than 100% for regional emissions at monthly time 
scales. This stems from the difficulty of building bottom- 
up inventories, coupled with a sparsity of in situ measure
ments, especially outside of the U.S., Europe, and China. 
This limitation has left considerable room for improve
ments in NH3 inventories using inverse modeling (i.e., top- 
down) constraints. Historically, the seasonality of NH3 
emissions in the U.S. National Emissions Inventory has 
been constrained through inverse modeling using wet 
deposition measurements of NH4

+ and results of CMAQ 
simulations (Gilliland et al. 2003, 2006). By comparing 
simulated with observed deposition values, monthly scal
ing factors for emissions of NH3 in the eastern and western 
US were incorporated into the EPA NEI. Zhang et al. 
(2012) developed monthly correction factors for NH3 
emissions throughout the U.S. domain through fits to the 
seasonality of surface NHx aerosol measurements in the 
Midwest (RPO) and Southeast (SEARCH).

These studies assumed spatially uniform biases in the 
prior emissions, to simplify the computational expense 
of solving the inverse problem to adjust emissions. The 
computational crux of source inversions is relating 
changes in modeled concentrations (c) to changes in 
emissions, (E)(i.e., calculating the model Jacobian, ∂c/ 
∂E). Variations in top-down methods stem from differ
ent ways of calculating, or approximating, this Jacobian. 
One method is to use simulations based on perturba
tions of the forward model’s emissions, one at a time. 
When n different emissions are considered, n + 1 for
ward model simulations need to be conducted. Given 
the computational expense of any single simulation, the 
number of emissions considered is typically small (100 
or less).

Another inverse modeling approach uses the CTM 
adjoint to calculate sensitivities with respect to each 
individual emissions time, location, and sector with 
the model. Results from inverse models using this 
approach, called four dimension variational (4D-Var), 
adjust emissions independently in each model grid cell, 
and in time. For example, Henze, Seinfeld, and Shindell 
(2009) performed the first NH3 inverse modeling study 
to correct for grid-scale biases in emissions using spe
ciated PM2.5 measurements and the GEOS-Chem 
adjoint model. The same 4D-Var inverse modeling fra
mework has been used to constrain NH3 emissions 
using measurements of wet deposition in several regions 
of the globe (Paulot et al. 2014), with PM2.5 measure
ments in China (Zhang et al. 2016), and with aerosol 
optical depth (AOD) measurements in East Asia (Xu 
et al. 2013). The information embedded within 
a Jacobian can also be estimated using ensemble tech
niques. An ensemble Kalman filter was used to con
strain NH3 emissions in China through assimilation of 
surface NH3 monitoring data (Kong et al. 2019). 
Nevertheless, the ability to constrain NH3 emissions 
using these techniques has been limited by the scarcity 
of surface NH3 measurements, uncertainties in model 
treatment of wet deposition (which can bias the inver
sion), and consistent and correct treatment of aerosol 
microphysics in both the model and retrieval algorithm 
for AOD constraints (itself an ongoing research chal
lenge). Paulot et al. (2014) shows (Figure 5 therein) how 
top-down and bottom-up estimates from a variety of 
studies still range considerably (more than a factor of 
two) even when estimating total U.S. NH3 emissions, or 
the month in which emissions peak.

The availability of NH3 remote sensing measure
ments has greatly improved the ability to develop top- 
down constraints on emissions. Zhu et al. (2013) per
formed the first 4D-Var constraints on U.S. NH3 emis
sions using satellite NH3 measurements (from TES). 
Cao et al. (2020) followed on this work by using the 
more accurate, and much denser observations of NH3 
from CrIS. They found that annual national NH3 emis
sions were broadly underestimated in the NEI by 33%, 
The largest underestimations were for agricultural emis
sions, particularly springtime fertilizer and livestock 
sources over the central U.S. However, there were con
siderable spatial variabilities in the emissions biases, 
with overestimates identified in warm months in the 
Central Valley, southern Minnesota, northern Iowa, 
and southeastern North Carolina. In subsequent work, 
Cao et al. (2022) used the 4D-Var method to constrain 
NH3 emissions in Europe, therein for the first time 
explicitly accounting for bidirectional NH3 exchange 
within the inversion. Sitwell et al. (2022) have 
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implemented an ensemble-variational inversion system 
for estimating NH3 emissions from CrIS with GEM- 
MACH, a global CTM. Over North America they 
found the prior emissions were biased low by 11–41%.

Another approach to estimating the Jacobian for an 
inverse model is to restrict the computed relationship 
between emissions and concentrations to that within 
a single model column. This simplification is the basis 
of so-called “mass-balance” methods, which were first 
developed for top-down constraints on NOx emissions 
using satellite NO2 data (Lamsal et al. 2011). For NH3, Li 
et al. (2019) applied the iterative mass balance (IMB) 
approach to NH3 pseudo inversions using pseudo IASI 
data, and quantified the errors in this approach as well 
as those for 4D-Var inversion. While the IMB approach 
was considerably more computationally efficient, the 
4D-Var approach was better able to capture the impact 
of transport and chemistry on NH3 lifetime. The merits 
of each approach (speed versus accuracy) have led to 
formulation of hybrid inversions, with IMB used to 
readily generate reasonable initial guesses, followed by 
refinement with 4D-Var. Applied to NH3 from IASI, 
Chen et al. (2021) also found that U.S. NH3 emissions 
were broadly underestimated (35% in April, 18% in July, 
and 10% in October), with the most significant spatial 
variability in over- and underestimates in springtime. 
Hybrid methods combining mass balance and local 
ensemble transform Kalman filter (LETKF) have also 
been used to refine NH3 emissions in Europe using CrIS 
NH3 (van der Graaf et al. 2022). Mass balance methods 
have also been used to estimate hourly NH3 emissions in 
China with the geostationary NH3 observations from 
FY-4A (Liu et al. 2022).

Ignoring any explicit modeling of transport 
between emissions and concentrations, one can 
directly estimate NH3 from isolated sources (such as 
point sources from industrial facilities, or the emis
sions from an entire urban area) by assuming a value 
for the atmospheric lifetime of NH3 from the litera
ture. Van Damme et al. (2018) used measurements 
from IASI to quantify NH3 emissions hotspots world- 
wide. Whitburn et al. (2015) used this approach with 
IASI observations to estimate large-scale biomass 
burning NH3 emissions; Adams et al. (2019) did so 
for a single biomass burning event. Dammers et al. 
(2019) estimated NH3 emissions from 249-point 
sources around the globe using observations from 
CrIS, finding top-down values that were 2–3 times 
larger than the prior emissions inventory (HTAPv2). 
The NH3 lifetime can also be derived from model 
simulations (Cao et al. 2022; Evangeliou et al. 2021). 
Evangeliou et al. (2021) also found bottom-up emis
sions (McDuffie et al. 2020) to be underestimated 

globally by a factor of three. However, Luo et al. 
(2022) showed how the role of transport can be 
approximately considered resulting in satellite-based 
emissions that are only 30% higher than bottom-up 
inventories globally. Cao et al. (2022) used simulta
neous observations of NO2 from the TROPospheric 
Monitoring Instrument (TROPOMI) and NH3 from 
CrIS during the COVID-19 lockdown over Los 
Angeles to identify, for the first time from space, 
emissions of NH3 from vehicles. Directionally consis
tent with in situ studies (Berner and David Felix 2020; 
Fenn et al. 2018; Sun et al. 2017), they found inven
tories of vehicle NH3 emissions to be underestimated 
by a factor of 2–5 compared to state and national 
inventories. They were also able to show that vehicles 
are the dominant source of NH3 in the Los Angeles 
urban area. Recent updates to U. S. EPA vehicle NH3 
emissions based on roadside measurements (U.S. EPA 
2023f) are broadly consistent with these assessments, 
finding an increase in onroad NH3 by roughly a factor 
of two (Toro et al. 2024).

Ammonia management

Overview

The U.S. lacks an integrated management approach 
to the multimedia environmental problems that are 
the result of N pollution. Managing air emissions 
and water discharges is complicated by the number, 
dispersed nature, and heterogeneity of sources, par
ticularly those in the agricultural sector. The atmo
spheric and ecological impacts of NHx also differ 
with resource, timing, and location, complicating 
policy design and implementation. Further, in the 
U.S., agricultural sources of air and water pollution 
are treated differently from sources in other sectors. 
Although the Clean Air Act does not expressly 
exempt agricultural sources, policy decisions made 
by the U.S. EPA in its implementation have left 
NH3 emissions largely unregulated (Copeland 2014; 
U.S. EPA-SAB 2011). In the U.S., federal efforts to 
conserve natural resources and abate a range of 
environmental externalities from agriculture have 
largely focused on research, education, training, and 
cost-sharing programs administered by the U.S. 
Department of Agriculture (USDA). In contrast to 
the U.S., the European Union has comprehensive 
regulations to control NH3 emissions from the agri
cultural sector, motor vehicles, and industrial facil
ities. Regulations applied to agricultural emissions of 
NH3 have been politically controversial in some 
European countries. Nevertheless, many European 
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countries have achieved significant decreases in NH3 
emissions over the past two decades.

U.S. incentive programs to decrease ammonia 
emissions from agriculture

The USDA currently administers about two dozen 
incentive programs covering a broad range of environ
mental concerns, supporting cropland retirement as 
well as changes in operating practices on working 
lands. The Environmental Quality Incentives Program 
(EQIP) (7 CFR Part 1466) administered by the Natural 
Resource Conservation Service (NRCS) is the main 
working lands program with potential to address NH3 
emissions. EQIP provides cost-share grants to eligible 
farmers and ranchers for investment in equipment and 
management practices to mitigate air and water pollu
tion and/or improve soil, water, and wildlife conserva
tion. A total of $1.2 billion was obligated for EQIP 
projects in 2022 (USDA 2023). The 2022 Inflation 
Reduction Act increased funding for USDA conserva
tion programs, with $8.45 billion authorized for EQIP 
from FY 2023 through FY 2026 (USDA 2023).

Congress and the USDA establish national priorities 
for the EQIP program, with additional priorities estab
lished by local conservation districts. Air quality is 
among the national priorities (7 CFR §1466.4) with 
“Emissions of Airborne Reactive Nitrogen” specifically 
listed as a resource concern (NRCS 2023a). NRCS 
Conservation Practice Standard (CPS) 590 covers nutri
ent management for croplands, including decreasing 
fertilizer application rates, use of nitrification inhibitors 
and slow-release fertilizers, and replacing synthetic fer
tilizer with livestock manure (NRCS 2023b). NRCS also 
has conservation practice standards for livestock opera
tions that include air filtration and scrubbing (CPS 371), 
anaerobic digestion (CPS 366), feed management (CPS 
592), waste storage facilities (CPS 313) and waste treat
ment (CPS 629). To qualify for financial assistance, 
confined livestock feeding operations are required to 
assess NH3 and other emissions using the National Air 
Quality Site Assessment Tool as part of a conservation 
plan (NRCS 2023c).

Collaborative efforts to decrease nitrogen 
deposition to protected ecosystems

Federal, state, and private entities across the U.S. have 
long engaged in collaborative partnerships to conserve 
and protect valued areas. The Rocky Mountain National 
Park (RMNP) Air Quality Initiative provides an exam
ple of one such program that is specifically targeted at 

mitigating N pollution. The RMNP Initiative started in 
2005 with a memorandum of understanding (MOU) 
between the Colorado Department of Public Health 
and Environment, the U.S. EPA, and the NPS in 
response to scientific evidence that CLs of N were 
exceeded at the park (Colorado Department of Public 
Health and Environment CDPHE and U.S. EPA 2005). 
In 2007 the agencies established a target load for wet 
N deposition on the east side of RMNP of 1.5 kg N ha−1 

yr−1 based on N CLs for a variety of ecological end
points, with the target to be achieved by 2032 (Colorado 
Department of Public Health and Environment and U.S. 
EPA [CDPHE] 2007). The 2007 plan identified several 
regulatory options for decreasing NOx emissions and 
focused on voluntary agricultural BMPs for decreasing 
NH3 emissions.

Field studies and associated modeling efforts con
ducted in 2006 and subsequent years informed under
standing of N partitioning, source sectors and regions, 
and atmospheric transport patterns (Beem et al. 2010; 
Gebhart et al. 2011; Thompson et al. 2015). A key insight 
from these studies was the significance of synoptic scale 
upslope precipitation events in delivering N to RMNP 
from northeastern Colorado. The RMNP Initiative’s agri
culture subcommittee used that finding in developing an 
early warning system to alert agricultural producers of 
impending upslope events, so they could temporarily 
mitigate NH3 emissions (Pina et al. 2019). Colorado 
State University and Texas A&M University researchers 
and other collaborators have provided guidance on both 
temporary and longer-term practices tailored to local 
agricultural operations (Brandani et al. 2023; Lupis, 
Embertson, and Davis 2010).

Annual inorganic wet N deposition on the east side of 
RMNP has remained approximately stable since the 
MOU was signed in 2005 (Figure 15). Data and analysis 
by the RMNP MOU partners indicate that NO3

− con
centrations in wet deposition have modestly declined, 
while NH4

+ concentrations have increased (McCarthy 
and Cheatham 2022). In the future, further decreases in 
NOx emissions are expected due to ongoing regulations, 
while the prospects for mitigating NH3 emissions 
remain uncertain (Pina et al. 2019).

Addressing reduced nitrogen under the U.S. Clean 
Water Act

The Clean Water Act (CWA, 33 U.S.C. §1251 et seq.) 
provides a multi-part framework for water quality man
agement including a permit and technology-based efflu
ent limit system for discharges from point sources; 
funding and regulations for municipal sewer systems 
and wastewater treatment plants; water quality 
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standards for surface waters; and the TMDL system for 
addressing impairment that remains after effluent limits 
have been imposed.

The National Pollutant Discharge Elimination 
System (NPDES) (33 U.S.C. §1342) requires point 
sources, including industrial facilities, wastewater treat
ment plants, and municipal and industrial stormwater 
systems to hold permits to discharge pollution to surface 
water. Concentrated animal feeding operations 
(CAFOs) are deemed to be point sources, while agricul
tural stormwater discharges and return flows from irri
gated agriculture are excluded (33 U.S.C. §1362(14)). 
Federal regulations require permitted CAFO operators 
to develop and implement nutrient management plans, 
including manure, litter, and wastewater management 
practices as applicable (40 CFR Part 412). The federal 
regulations do not directly address air emissions of NH3 
nor other pollutants that affect water quality through 
atmospheric deposition, but some states have done so 
(e.g., Minn. R.7020.0505 Subpart 4). Limited informa
tion on CAFO operations and limited enforcement 
resources pose challenges to ensuring the NPDES pro
gram is effective in decreasing N pollution (Tomich 

et al. 2016). The U.S. EPA has set discharge standards 
for municipal wastewater treatment facilities that 
require secondary treatment, limiting biochemical oxy
gen demand, total suspended solids, and pH (40 CFR 
Part 133) but has not set standards for nutrient dis
charges. Only a small fraction of sewage treatment facil
ities include numeric effluent limits for N in their 
NPDES permits (U.S. EPA 2023d).

TMDLs are essentially mass loadings allocating the 
maximum amount of a pollutant a waterbody can receive 
without violating water quality standards, together with 
a plan for implementing necessary controls. To the extent 
that atmospheric deposition contributes to water quality 
impairment, states should account for these inputs in the 
TMDLs they develop. Chesapeake Bay, Long Island 
Sound, Tampa Bay, FL, Waquoit Bay, MA and the 
Neuse River, NC are some of the surface water bodies 
impaired by excess N where atmospheric deposition is 
recognized as a substantial contributor to N loads. The 
TMDLs for these water bodies differ in whether atmo
spheric deposition is targeted for controls or is passively 
tracked (Lebo, Paerl, and Peierls 2012; Poor, Cross, and 
Dennis 2013; U.S. EPA 2010; Valiela et al. 2016).

Figure 15. Wet deposition of nitrogen and precipitation quantity at the Loch Vale monitoring site in Rocky Mountain National Park, 
Colorado compared to the 2032 resource management target of 1.5 kg N ha−1 yr−1. Source: (Morris 2024).
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Addressing ammonia emissions under the U.S. 
Clean Air Act

The Clean Air Act (CAA, 42 U.S.C. §§7401–7671q) 
provides several avenues for the U.S. EPA to address 
NH3 emissions, but to date these authorities have only 
been applied to a limited extent. First, the U.S. EPA sets 
National Ambient Air Quality Standards (NAAQS) for 
criteria pollutants and promulgates requirements for 
states and participating tribes to develop implementa
tion plans to come into compliance with the standards. 
The U.S. EPA has not listed NH3 as a criteria pollutant, 
although it has been petitioned to do so (Environmental 
Integrity Project [EIP] 2011). U.S. EPA regulations 
address NH3 as a precursor to PM2.5 in some circum
stances. The U.S. EPA has not issued performance stan
dards for stationary sources of NH3 such as fertilizer 
plants or feedlots, but some states have done so. 
Stationary source permits commonly include require
ments to limit NH3 slip from selective catalytic reduc
tion equipment installed to decrease NOx emissions. 
The U.S. EPA has also elected not to regulate NH3 
emissions from motor vehicles and engines. The 
Agency has recognized the contribution of NH3 emis
sions to regional haze but recommends that states focus 
on decreasing SO2 and NOx emissions to address haze 
in national parks and wilderness areas. In 
September 2023, the Clean Air Scientific Advisory 
Committee (CASAC), the expert panel chartered to 
review the science and policy assessments that inform 
NAAQS decisions, recommended the Agency further 
consider the role of NH3 in contributing to welfare 
and ecological effects of PM and N deposition, and 
consider setting deposition-based secondary standards 
(Sheppard 2023).

New source performance standards
CAA Section 111 requires the U.S. EPA to identify 
categories of stationary sources that “cause[] or contri
bute[] significantly to, air pollution which may reason
ably be anticipated to endanger public health or welfare” 
(42 U.S.C. §7411(b)(1)(A)) and then set performance 
standards to limit their emissions. To date, the U.S. EPA 
has not issued performance standards targeting NH3, 
either for industrial sources such as fertilizer plants or 
agricultural sources such as confined animal feedlots 
(U.S. EPA 2023c). In December 2017, the U.S. EPA 
denied a petition to list CAFOs as a source category 
under Section 111 and set corresponding performance 
standards for NH3 and other air pollutants (82 Fed. Reg. 
60940, Dec. 26, 2017). In contrast, some states or local 
air districts have air pollution regulations that address 
NH3 and other emissions from animal feeding 

operations (e.g., South Coast Air Quality Management 
District Rule 1127; San Joaquin Valley Air Quality 
Management District Rule 4570; and Idaho 
Administrative Procedures Act 58.01.01 §§ 760–764).

Ammonia as a PM precursor for New Source Review
The Clean Air Act generally requires that major station
ary sources of regulated pollutants hold construction 
and operating permits that include enforceable emis
sions limits. New Source Review (NSR) construction 
permit requirements generally apply to prospective 
new or modified sources of criteria pollutants and 
their precursors, among other pollutants. U.S. EPA reg
ulations exclude NH3 from NSR requirements in 
Prevention of Significant Deterioration (PSD) areas 
where the NAAQS are met (40 C.F.R. § 51.166(b)(49) 
(i)). For PM2.5 nonattainment areas, NH3, volatile 
organic compounds, SO2, and NOx are listed as precur
sors to PM2.5 and hence subject to NSR unless the state 
has demonstrated that new or modified major station
ary sources of these precursors would not significantly 
contribute to PM2.5 levels that exceed the standard (40 
C.F.R. § 51.165(a)(13); 40 C.F.R. § 51.1006). The South 
Coast Air Quality Management District (SCAQMD 
Rule 1325), West Pinal County in Arizona (Ariz. 
Admin. Code §18-2-101), and Allegheny County in 
Pennsylvania (25 Pa Code § 121.1) are among the PM 
nonattainment areas where NSR rules currently cover 
NH3 as a PM2.5 precursor.

Ammonia as a PM precursor in state implementation 
plans
The status of NH3 as a precursor to PM also brings it 
into the ambit of requirements for states to adopt state 
implementation plans (SIPs) to meet and maintain 
compliance with the PM NAAQS (42 U.S.C. §7410). 
Areas failing to meet the PM NAAQS are required to 
address NH3 along with other precursors unless they 
can demonstrate it would not be effective to do so (40 C. 
F.R. §51.1006)). California’s South Coast Air Quality 
Management District is unusual in comprehensively 
addressing NH3 as a PM2.5 precursor in its SIP (South 
Coast Air Quality Management District SCAQMD 
2020).

Considering ammonia under the regional haze 
program
In 1977, Congress set as a national goal the “prevention 
of any future, and the remedying of any existing, 
impairment of visibility in Class I areas which impair
ment results from manmade air pollution” (42 U.S.C. 
§7491(a)(1)). With guidance from the U.S. EPA, states 
are required to adopt implementation plans with 
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emissions limits and other measures as needed to make 
“reasonable progress” toward meeting that goal by 2064. 
Progress is tracked for the 20% of days that are most 
impaired by anthropogenic emissions (Figure 5). 
Visibility on the 20% of days that are least impaired is 
also tracked to ensure there is no degradation (40 CFR 
§51.308). States were required to submit their initial 
implementation plans under the regional haze program 
in December 2007. A second round of regional haze 
SIPs to address the ten-year period ending in 2028 
were due in July 2021. Guidance from the U.S. EPA 
for the regional haze SIPs due in 2021 recognized that 
ammonium sulfate and ammonium nitrate contribute 
a substantial share of anthropogenically caused light 
extinction at many Class I areas on the most impaired 
days. However, in the guidance the U.S. EPA suggested 
that states focus on decreasing emissions of NOx and/or 
SO2 rather than NH3 (U.S. EPA 2019a).

The Animal Feeding Operations Consent Agreement
Most farming and ranching operations fall below the 
emissions thresholds that would subject them to Clean 
Air Act permit requirements (Copeland 2014). 
However, some large animal feeding operations 
(AFOs) may produce emissions of PM, VOCs, and 
NH3 above regulatory thresholds. Despite this potential, 
many large operations have been exempted from regu
lations by the 2005 Animal Feeding Operations Consent 
Agreement (70 Fed. Reg. 4958, Jan. 31, 2005). The 
agreement applies to egg, broiler chicken, turkey, 
dairy, and swine AFOs, but excludes open-air facilities 
such as cattle feedlots. AFOs that chose to participate 
would pay a civil penalty ranging from $200 to $1000 
and contribute $2500 per facility to support the National 
Air Emissions Monitoring Study (NAEMS) that was 
intended to help decrease uncertainties in AFO emis
sions. In 2006, EPA approved 2568 of these agreements 
covering nearly 14,000 AFOs in 42 states (Office of 
Inspector General [OIG] 2017).

EPA expected to start finalizing emissions estimation 
methods in 2009, and that AFOs with sufficiently high 
emissions would apply for permits and install emissions 
controls by 2010 (OIG 2017). However, the effort to 
develop emissions estimation methods has been delayed 
more than a decade. EPA eventually published draft 
emissions estimation methods for NH3, hydrogen sul
fide and PM emissions from swine barns and lagoons in 
2020; poultry houses and manure sheds in 2021, and 
dairy barns and lagoons in 2022 (US EPA 2022a) but as 
of this writing has not finalized the drafts. In 
October 2021, two dozen groups petitioned EPA to 
rescind the AFO consent agreement and stop extending 

the enforcement immunity (Animal Legal Defense Fund 
& groups ALDF 2021).

Addressing ammonia from engines and mobile 
sources
Light duty gasoline vehicles emit NH3 due to reduction 
of NO to NH3 in three-way catalytic converters operat
ing under fuel-rich conditions, with higher emissions in 
older (catalyst-equipped) vehicles (Bishop and Stedman 
2015; Kean et al. 2009). For heavy duty diesel vehicles, 
NH3 emissions increased sharply after the 2010 
model year, with the introduction of selective catalytic 
reduction (SCR) devices that are effective in decreasing 
NOx emissions but can be susceptible to NH3 “slip” 
from overdosing urea in the SCR system (Preble, 
Harley, and Kirchstetter 2019). Neither the U.S. EPA 
nor California has established standards for motor vehi
cle emissions of NH3, although the U.S. EPA’s Office of 
Transportation and Air Quality includes NH3 emissions 
in its mobile source emissions models (U.S. EPA 2023b).

Ammonia emissions regulation in the Europe Union

The European Union announced the European Green 
Deal in November 2019 (European Commission 2019) 
establishing the vision of a “toxic-free” environment by 
2050 with interim targets to be met by 2030. The interim 
targets include decreasing the number of premature 
deaths caused by air pollution by 55% and decreasing 
the area of ecosystems where air pollution threatens 
biodiversity by 25%, both relative to 2005 levels 
(European Commission 2021). The framework for 
achieving the European Green Deal includes revised 
ambient air quality standards; regulations limiting emis
sions from specific categories of sources (e.g., motor 
vehicles and industrial facilities); and national emission 
reduction commitments for transboundary air pollu
tants. Implementation of the corresponding directives 
is the responsibility of the EU member states.

The EU currently has ambient air quality standards 
for twelve pollutants, not including NH3 (European 
Commission 2023). The current standard (i.e., limit 
value) for PM2.5 is 20 μg m−3 on an annual basis. On 
September 13, 2023, the European Parliament adopted 
amendments to a European Commission proposal to 
revise the annual PM2.5 limit value to 10 μg m−3 and 
add a daily limit value of 25 μg m−3 (allowing 18 excee
dances per year), to be met by 2030. The 24-hour and 
annual limit values would subsequently be lowered to 
15 μg m−3 and 5 μg m−3, respectively, to be met by 2035 
(European Parliament 2023b). The proposal is currently 
under consideration by the European Council. The pro
posal adds new requirements for monitoring NH3 at 
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rural and urban background “supersites” but does not 
propose any ambient standards for NH3.

The EU’s National Emission Reduction 
Commitments trace back to the 1999 Gothenburg 
Protocol of the 1979 Convention on Long-Range 
Transboundary Air Pollution (LRTAP) (Aneja, 
Schlesinger, and Erisman 2008; Moldanova et al. 2011; 
UNECE 1999). This international agreement set emis
sions ceilings for European countries on SO2, NOx, 
VOCs and NH3 to decrease acidification and eutrophi
cation effects of atmospheric deposition and effects of 
ozone on vegetation and human health (UNECE 1999). 
The emission ceilings were derived from CLs for acid
ification and eutrophication (N) and for critical concen
tration levels for ozone. The Protocol was amended in 
2012, updating emission ceilings and decreasing targets 
and adding PM2.5 to the list of covered pollutants 
(United Nations Economic Commission for Europe 
[UNECE] 2012). Critical Loads of N for Europe are 
periodically updated under the LRTAP Convention, 
most recently in 2022 (Bobbink, Loran, and Tomassen 
2022).

For EU countries, the most recent version of the 
National Emission Reduction Commitments Directive 
was adopted by the European Parliament in 
December 2016 (European Parliament 2016). In this 
directive requirements for percentage decreases in emis
sions are tailored for each member state for PM2.5, NOx, 
NMVOC, SO2, and NH3. Overall, for the EU countries, 
6% decreases in NH3 emissions from 2005 levels are 
projected for the 2020–2029 period with 19% decreases 
for 2030 and beyond (European Parliament 2016). The 
status report released in August 2023 indicates that 
across the EU, NH3 emissions declined by 13% between 
2005 and 2021 (European Environment Agency [EEA] 
2023). In 2021, sixteen of 26 member states met their 
2020–2029 commitments for NH3 (EEA 2023).

The Industrial Emissions Directive (IED) (European 
Parliament 2010) is the main EU instrument regulating 
emissions from industrial facilities to air, water, and soil. 
The Directive covers more than 52,000 installations, 
including about 20,000 intensive livestock feeding 
operations. The list of covered categories of activities 
includes production of NH3 and N-based fertilizers and 
intensive rearing of poultry and pigs (European 
Parliament 2010 Annex I). Covered substances include 
NOx and other N compounds emitted to air and sub
stances that contribute to eutrophication discharged to 
water (European Parliament 2010 Annex II). The IED 
requires covered facilities to obtain and operate in com
pliance with an environmental permit, with emissions 
and discharge limits based on “Best Available 
Techniques.” The Directive requires member states to 

conduct inspections and requires emissions reporting 
through the European Pollutant Release and Transfer 
Register. In April 2022, the EC proposed to revise the 
IED, including by lowering size thresholds for poultry 
and pig farms and adding large cattle feedlots, to help 
decrease NH3 and methane emissions (European 
Commission 2022b). The proposal is currently under 
negotiation between the European Commission, 
Council, and Parliament, after the latter two entities 
voted to decrease the number of new livestock feeding 
operations that would be added (Store 2023; 
Zimmermann 2023).

The EU also restricts NH3 emissions from motor 
vehicles. The Euro VI standards that went into effect 
for model year 2013 for heavy duty gasoline and diesel 
vehicles limit the test cycle-average concentration of 
NH3 in vehicle exhaust to 10 ppm (European 
Commission 2011; Mendoza-Villafuerte et al. 2017). 
Although the Euro 6 standards for light duty vehicles 
do not restrict NH3 emissions, proposed Euro 7 stan
dards would do so. The new standards would limit NH3 
emissions from passenger cars and light trucks to 20  
mg km−1, based on actual-driving emissions testing. The 
proposed Euro 7 standard for trucks and buses would 
change from a concentration limit to an emissions limit 
of 65 mg NH3 kWh−1 for both cold and hot conditions 
(European Commission 2022c). The technical study 
supporting the proposal states that system-wide optimi
zation will be needed for internal combustion engine 
vehicles to meet the suite of new standards, likely 
including very tight control of oxygen and fuel/air mix
tures for vehicles equipped with three-way catalysts, and 
NH3 slip catalysts for vehicles with selective catalytic 
reduction for NOx control (European Commission 
2022a).

Conclusion and recommendations

In this summary of the critical review, we highlight 
research and management recommendations in italics.

Over the past century, humans have greatly altered 
the global N cycle through production and application 
of synthetic fertilizer, widespread cultivation of legumi
nous crops, dramatically increased livestock production, 
and emissions of NOx associated with fossil fuel com
bustion. Concerns about perturbation of the N cycle and 
environmental effects of NH3 emissions have been 
recognized for decades. Emissions of NOx in the 
U.S. and globally are now trending downward, due to 
government regulations, shifts in fuel use and techno
logical advances. In contrast, emissions of NH3 have 
been and are projected to continue increasing in the 
U.S. and on the global scale. Livestock waste and 
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synthetic fertilizer application dominate NH3 emissions, 
with motor vehicles contributing a significant share in 
many urban areas. These emissions are largely unregu
lated in the U.S. Voluntary programs and U.S. 
Department of Agriculture incentives have had limited 
impact in mitigating emissions.

Ammonia emissions have serious impacts on human 
health, visibility, climate, and ecosystems. Emissions of 
NH3 are estimated to contribute to hundreds of thousands of 
PM2.5-linked deaths per year globally, and more than ten 
thousand premature deaths per year in the U.S. Ammonium 
sulfate and nitrate comprise more than half of visibility- 
reducing haze on the most impaired days at most national 
parks and wilderness areas across the U.S. Ammonia emis
sions affect the climate system in complex ways. Nitrogen 
deposition generally increases plant biomass and soil carbon 
storage, but also increases susceptibility to wildfire. Excess 
N deposition increases soil emissions of N2O, a potent 
greenhouse gas. Atmospheric reactions with NH3 have 
decreased radiative forcing through production of reflecting 
inorganic aerosols and clouds but may increase formation of 
absorbing organic aerosols, while NH3 also contributes to 
new particle formation and thus climate impacts of aerosols 
through cloud interactions.

Nitrogen deposition has benefits for croplands and 
overall plant productivity but causes widespread harm 
to ecosystems. It reduces biodiversity and contributes to 
eutrophication of soil and fresh and coastal water bodies 
that can lead to toxin production, harmful algal blooms, 
and hypoxia. N deposition in the U.S. has shifted over 
the past two decades from mainly NOy to mainly NHx, 
with locations of highest deposition now found in agri
cultural regions of the Midwest rather than the more 
industrialized eastern part of the country.

Analysis conducted as part of this critical review 
shows that CLs for lichens are exceeded across much 
of their U.S. habitat. Critical loads for survival of sensi
tive tree species are exceeded across much of the eastern 
U.S. and in high elevation western forests; those for 
growth of sensitive tree species are exceeded in forests 
across the northern U.S. and in the Appalachian and 
Rocky Mountains. Critical loads for eutrophication risk 
are exceeded in a significant fraction of evaluated lakes 
in the northern and western U.S. Deposition of NHx 
rather than NOy accounts for most of this freshwater 
eutrophication risk. Excessive N inputs contribute to the 
impairment of coastal ecosystems across the U.S., caus
ing eutrophication, toxic algal blooms, hypoxia, and loss 
of important habitat in severe cases. To mitigate these 
effects, it is essential to consider and control atmospheric 
deposition to the watershed as well as direct deposition to 
the waterbody, as atmospheric deposition is a significant 
source of N to major U.S. bays and estuaries.

Recent research has improved understanding of bio
geochemical processing of N, including biomass and soil 
uptake and loss through leaching and atmospheric 
emissions. Investigations of ecosystem recovery as 
N deposition is declining in some areas show significant 
hysteresis between damage- and recovery paths, possi
bly associated with N accumulation in woody biomass 
and soil organic matter. Further research is needed to 
improve quantitative understanding of ecosystem 
response under decreases in N deposition, under increases 
in NHx deposition while NOy deposition is decreasing and 
of interactions between N deposition impacts and climate 
change. Studies conducted over the past decade have 
elucidated factors that control spatial variation of eco
system sensitivity to N deposition, highlighting the role 
of soil pH as a critical variable. Future CL assessments 
can be refined by accounting for mediating factors, such 
as changing climate and air pollution, and soil conditions 
and developing locality-based CLs.

Ammonia plays a well-known role in forming second
ary inorganic aerosols. However, the long-standing ques
tion of whether NH3, NOx or SO2 emissions limit SIA 
formation for specific locations remains of interest. 
Recent research has demonstrated the importance of aero
sol pH and liquid water content in governing partitioning 
of NO3

− and NHx between gas and particle phases. 
Chemistry and transport models are starting to explicitly 
simulate and evaluate performance for these aerosol prop
erties. More research is needed on the site-specific role of 
NH3 in secondary inorganic aerosol concentrations and 
N deposition magnitude and trends in the context of chan
ging SO2, NOx, and NH3 emissions. Key factors include the 
role of particle pH, liquid water, size, surface coatings and 
associated kinetic limitations to constituent uptake.

In addition to its contribution to secondary inorganic 
aerosol, studies have established the contribution of 
NH3 to particle nucleation and provided evidence of 
its role in promoting (or occasionally suppressing) sec
ondary organic aerosol formation and growth. Overall, 
NH3 has been found to enhance SOA production over 
the conterminous U.S., but further studies are needed of 
the influence of NH3 on organic aerosol, both in terms of 
its mass concentrations and optical properties.

Gas-phase NH3 has a short atmospheric lifetime due to 
the parallel sinks of conversion to condensed NH4

+ or direct 
deposition of NH3. In contrast, condensed phase NH4

+ has 
a longer lifetime and potential for long-range transport. 
Modeling studies indicate that deposition of NHx in the 
U.S. is dominated by U.S. emissions, but interstate transport 
within the U.S. is significant. As SO2 and NOx emissions are 
decreasing, the fraction of NHx in the gas phase is increasing, 
causing a shift toward more local deposition and less long- 
range transport. Continued investigation of the spatial 
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footprint of sources contributing to deposition at sensitive 
locations is needed as the chemical and climatic environment 
shifts. Dry deposition of NH3 gas is rarely measured but is 
estimated from air quality models for purposes of national 
assessments, so is relatively uncertain. Further efforts are 
needed to evaluate NH3 dry deposition estimates from air 
quality models used for research and regulatory applications.

Inverse modeling studies continue to show limita
tions in bottom up NH3 inventories, with a general 
bias toward underestimation. Further research is needed 
to reconcile bottom-up and top-down estimates and to 
improve mechanistic understanding of NH3 emissions 
(e.g., from bidirectional exchange) as well as estimates 
of the magnitude of emissions from specific sectors such as 
livestock production and motor vehicles. The increasing 
availability of satellite observations holds promise for 
greatly expanding atmospheric NH3 measurements, 
helping track trends, improve emissions estimates, and 
characterizing deposition. However, satellites do not 
directly observe surface concentrations, emissions or 
deposition, so chemistry and transport models, data 
assimilation and inverse modeling are critical tools for 
deriving relevant products. Harmonization of NH3 
remote sensing records is needed to better understand 
long-term trends in ambient concentrations and, hope
fully, sources and sinks. Continued research is needed to 
advance top-down emissions estimation approaches 
using inverse modeling as more satellite data become 
available, including instruments on new and potentially 
upcoming polar and geostationary satellite platforms.

While expanding satellite observations and products 
are promising, it is vitally important to maintain surface 
monitoring networks that support research and policy 
assessments. Surface monitoring networks provide cri
tical data for ground-truthing and constraining remote 
sensing analyzes, evaluating chemistry and transport 
models, assessing human and ecosystem exposure, and 
tracking long-term trends. Maintaining support for 
established U.S. monitoring networks has been 
a perennial challenge, and multiple sites have been sus
pended or terminated in recent years. As the U.S. EPA 
CASAC panel has recently urged, maintaining robust 
monitoring networks is critical for protecting human 
health, welfare, and ecosystems (Sheppard 2023).

To date, the U.S. EPA has declined to list NH3 as 
a criteria pollutant or to set emissions limits for industrial, 
agricultural, or mobile sources. EPA has delayed regulat
ing NH3 emissions from animal feeding operations for 
almost 20 years after signing consent agreements with 
operators in the mid-2000s. Emissions uncertainties, het
erogeneous impacts, administrative complications, and 
a preference for voluntary approaches for the agricultural 
sector have been cited as reasons not to regulate NH3 

emissions. The U.S. EPA should revisit these decisions, 
considering improved scientific understanding and the 
ongoing and multi-pronged harms caused by reduced N.

The U.S. EPA has traditionally set secondary stan
dards for protection of welfare and ecosystems based on 
ambient concentrations. As recently recommended by the 
U.S. EPA Clean Air Scientific Advisory Committee, the 
Agency should reconsider this approach and set deposition- 
based standards for ecosystem effects (Sheppard 2023). 
Critical loads for lichens, sensitive tree species, and fresh
water eutrophication risks provide a sound basis for estab
lishing such standards. Total maximum daily loads for 
contribution of atmospheric deposition to estuarine water
sheds and coastal waters should also be considered.

Confined animal feeding operations contribute dispro
portionately to NH3 emissions in the U.S., with broad 
regional impacts as well as heightened health and welfare 
harms for nearby communities. In 2017, when it denied 
a petition to set performance standards for confined ani
mal feeding operations, the U.S. EPA asserted the need to 
“first evaluat[e] CAFO emissions and then determin[e] 
further regulatory actions to reduce emissions,” and cited 
its limited resources and competing priorities (Pruitt 
2017). As many health and environmental protection orga
nizations have urged (ALDF et al. 2021), the U.S. EPA 
should reconsider this decision and move forward to set 
standards. Recommended best management practices, state 
and local regulations that address NH3 and other emissions 
from animal feeding operations, and updated European 
rules for this source sector provide models for feasible work 
practices that can be used to decrease feedlot emissions.

The European Union has relatively comprehensive 
regulations to address NH3 emissions through country- 
wide emissions caps that are guided by CLs and ambient 
air quality standards, as well as source-specific emis
sions limits and work practice requirements. In contrast 
to the U.S., where NH3 emissions are increasing, emis
sions across EU countries declined by 13% from 2005 to 
2021. The U.S. and other impacted countries should 
follow the lead of European nations in developing an 
integrated response to the suite of health and environ
mental harms caused by reduced N. As prior assessments 
have also noted (e.g., U.S. EPA-SAB 2011) the sources 
and natural resources affected by NH3 emissions cross 
over traditional bureaucratic lines of research and man
agement responsibility in the U.S., including air and 
water divisions at U.S. EPA, U.S.D.A., federal land and 
coastal resource managers, and state and tribal agencies. 
Europe’s ongoing N assessments and the U.S. National 
Acid Deposition Assessment Program provide successful 
examples of the cross-cutting, integrated approach that is 
needed to fill information gaps and design, implement, 
and assess mitigation strategies for reduced N.
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