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Abstract 22 

Manganese oxides can oxidize organic compounds such as phenols and may potentially be used 23 

in passive water treatment applications. However, the impact of common water constituents, 24 

including cations and dissolved organic matter (DOM), on this reaction is poorly understood. For 25 

example, the presence of DOM can either increase or decrease phenol oxidation rates by 26 

manganese oxides. Furthermore, the interactions of DOM and cations and their impact on phenol 27 

oxidation rates have not been examined. Therefore, we investigated the oxidation kinetics of six 28 

phenolic contaminants with acid birnessite in ten whole water samples. The oxidation rate 29 

constants of 4-chlorophenol, 4-tert-octylphenol, 4-bromophenol, and phenol consistently 30 

decreased in all waters relative to buffered ultrapure water, whereas the oxidation rate of bisphenol 31 

A and triclosan increased by up to 260% in some waters. Linear regression analyses and targeted 32 

experiments demonstrated that inhibition of phenol oxidation is largely determined by cations. 33 

Furthermore, quencher experiments indicated that radical-mediated interactions from oxidized 34 

DOM contributed to enhanced oxidation of bisphenol A. The variable changes between 35 

compounds and water samples demonstrate the challenge of accurately predicting contaminant 36 

transformation rates in environmentally relevant systems based on experiments conducted in the 37 

absence of natural water constituents. 38 

  39 
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Synopsis 43 

Rate of phenolic contaminant oxidation by manganese oxides is determined by the contaminant 44 

and water chemistry, with implications for predicting contaminant lifetimes in complex systems. 45 
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Introduction 47 

 Manganese(III/IV) oxides are naturally occurring, redox active minerals that can oxidize 48 

inorganic1–3 and organic contaminants1,4–10 in the environment. Furthermore, manganese oxides 49 

can be used in water treatment systems to transform contaminants like phenols.4–6,11–13 Phenolic 50 

contaminants, such as bisphenol A and triclosan, are found in landfill leachate, surface waters, and 51 

wastewaters due to their presence in consumer products and industrial applications.14–18 Some 52 

phenols are endocrine disruptors (e.g. bisphenol A) or mutagenic (e.g. triclosan) and may pose a 53 

threat to environmental health.19,20 54 

 The oxidation mechanism for phenolic compounds by manganese oxides in model systems 55 

(i.e., buffered ultrapure water) is well established. First, the phenol sorbs to the mineral surface 56 

where it undergoes a one-electron transfer and forms a phenoxy radical. Next, the phenoxy radical 57 

can desorb from the mineral surface and form polymeric products via radical coupling or undergo 58 

a second one-electron transfer at the mineral surface to produce aqueous Mn(II) and benzoquinone 59 

products (Supporting Information Figure S1).4,5,8,11,21 60 

Other species present in environmentally relevant systems can influence the oxidation rate 61 

of phenols by manganese oxides. For example, inorganic cations generally decrease the oxidation 62 

rate of organic compounds.9,10,13,22–30 The degree of inhibition depends on cation type as divalent 63 

cations (e.g., Ca2+, Mg2+, Mn2+) have a larger inhibitory effect than monovalent cations (e.g., 64 

Na+).13,26–28 This trend is attributable to stronger sorption of divalent cations to manganese oxide 65 

surfaces compared to monovalent cations.13,26,31 Furthermore, divalent cations can interact with 66 

other organic compounds in solution, such as dissolved organic matter (DOM), to form complexes 67 

or increase DOM sorption to the mineral surface (Figure S1).32–37  68 
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DOM is a mixture of organic molecules found in natural and engineered systems38–43 and 69 

can also impact phenolic compound oxidation by manganese oxides. DOM can increase, decrease, 70 

or have little effect on contaminant oxidation rates (Table S1). For example, DOM can increase 71 

or decrease triclosan oxidation rates depending on its concentration and composition.25,44,45 72 

Similarly, the presence of the same organic matter can increase13 or decrease23 the rate of bisphenol 73 

A oxidation. It is possible that DOM slows the oxidation of other organic species by competing 74 

for manganese oxide surface sites10,25,29,45–52 or by reductive dissolution of the mineral.4,8,53,54 75 

Conversely, the mechanisms of rate enhancement for phenolic compound oxidation by DOM have 76 

not been well examined. The rate enhancement of sulfonamide oxidation by manganese oxides 77 

with organic matter and model compounds was attributed to radical-mediated interactions.55,56 78 

Similarly, the rate enhancement of phenolic compound mixtures was attributed to radical-mediated 79 

interactions based on quenching experiments.57 While DOM is suspected to be oxidized primarily 80 

via phenolic moieties,38,52,58–60 evidence for this mechanism of rate enhancement for phenolic 81 

compounds with organic matter is lacking. Furthermore, it is challenging to identify the 82 

mechanisms leading to inhibition or enhancement due to variability in experimental conditions 83 

(e.g., organic carbon concentration, pH, manganese oxide type; Table S1) and lack of DOM 84 

composition data. 85 

We hypothesize that the composition of DOM influences its ability to either increase or 86 

decrease phenol compound oxidation rates. DOM composition is a function of source inputs and 87 

environmental processing and therefore can vary widely within the same water body or across 88 

different systems.61–63 DOM composition influences its reactivity with sunlight,40,41,63–65 chemical 89 

disinfectants (e.g., chlorine and ozone),66–71 and manganese oxides.38,52,58 For example, highly 90 

aromatic DOM undergoes greater changes following oxidation with manganese oxides than more 91 
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aliphatic DOM.38,58 This composition-dependent transformation means DOM from different 92 

environmental systems (e.g., wastewater vs. dystrophic lakes) likely results in divergent impacts 93 

on the oxidation of phenolic contaminants by manganese oxides; however, no study has yet 94 

provided evidence for this relationship. 95 

The aim of this study is to investigate how DOM composition and DOM interactions with 96 

cations influence the oxidation kinetics of six phenolic contaminants (i.e., bisphenol A, triclosan, 97 

4-chlorophenol, 4-tert-octylphenol, 4-bromophenol, phenol) with manganese oxides. These six 98 

compounds were chosen as they range in acid dissociation constants (pKa), energy of the highest 99 

occupied molecular orbital (EHOMO), and one-electron oxidation potentials (Eox; Table S2.)6,72–76 100 

We use water samples collected from lakes with varying trophic status, rivers with differing DOM 101 

inputs, and wastewater effluent. These samples range widely in DOM composition and in cation 102 

concentration. We use linear regression modeling to investigate the role of DOM composition and 103 

cation concentrations on phenol oxidation kinetics and conduct targeted experiments to identify 104 

the mechanisms of rate suppression and enhancement. The results of this study have implications 105 

for predicting phenolic contaminant fate in environmental systems, as well as for designing 106 

effective manganese-mediated water treatment strategies.  107 

 108 

Materials and Methods 109 

 Materials. Two batches of acid birnessite were synthesized as previously described38,77 110 

and confirmed to be acid birnessite by X-ray diffraction (XRD; Figure S2). Both minerals had an 111 

average oxidation state of 4.0 ± 0.01 measured by oxalate titration.78 All other chemicals were 112 

used as received (Section S3).  113 

 114 
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Table 1. Characteristics of the water samples used in this study. DOM bulk characteristics include 115 
E2:E3, SUVA254, fluorescence index, and electron-donating capacity. The total divalent cation 116 
concentrations are of those found in the diluted whole water samples, with the undiluted 117 
concentrations listed in parentheses, and are the sum of total Ca, Mg, and Mn concentrations. Error 118 
associated with electron-donating capacity is the standard deviation of replicate measurements (n 119 
= 4, *n = 3). 120 

Water Sample E2:E3 
SUVA254 
(L mg-
C-1 m-1) 

Fluorescence 
Index 

Electron- 
Donating 
Capacity 
(mmol e- 
g-C-1) 

Total 
Divalent 

Cations (mM) 

Nine Springs 
Secondary Effluent 

(WW1) 
4.6 2.6 2.02 3.22 ± 

0.34 
1.73 
(3.17) 

Badfish Creek 
CE38 (WW2) 7.2 2.3 1.96 2.41 ± 

0.19 
2.35 
(3.38) 

Trout Lake (OL1) 5.7 1.0 1.52 0.68 ± 
0.14 

0.40 
(0.40) 

Big Muskellunge 
Lake (OL2) 10.3 0.8 1.62 0.41 ± 

0.02* 
0.15 
(0.22) 

Seven Island 
Lake38 (ML1) 8.9 2.0 1.57 1.25 ± 

0.18 
0.17 
(0.19) 

Lake Ivanhoe38 
(EL1) 5.9 3.8 1.51 0.33 ± 

0.02 
0.59 
(2.04) 

Sand Creek38,40 
(R1) 4.2 4.8 1.41 1.34 ± 

0.21 
0.03 
(0.47) 

Blatnik Bridge38,40 
(R2) 4.7 3.7 1.57 1.83 ± 

0.06 
0.13 
(0.63) 

Trout Bog (DL1) 5.1 4.7 1.40 1.81 ± 
0.11 

0.01 
(0.04) 

Crystal Bog (DL2) 4.8 3.0 1.46 2.13 ± 
0.13 

0.01 
(0.03) 

Park Point West 
(EL2) 5.5 2.8 1.54 1.59 ± 

0.14 
0.25 
(0.39) 

Lake Wingra 
(EL3) 7.0 1.9 1.61 0.66 ± 

0.13* 
1.06 
(1.84) 

  121 
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Water samples. Twelve surface water samples were collected from Minnesota and 122 

Wisconsin, USA (Tables 1 and S4). Samples included wastewater effluent (WW1 and WW2), 123 

rivers (R1 and R2), and oligotrophic (OL1 and OL2), eutrophic (EL1, EL2, EL3), mesotrophic 124 

(ML1), and dystrophic (DL1 and DL2) lakes. Water samples from EL2 and EL3 were tested with 125 

a subset of target compounds due to limited sample quantity. Samples were filtered (0.45 µm, 126 

nylon) immediately after collection and stored in amber glass bottles at 4°C. Samples were re-127 

filtered (0.22 µm, nylon) 24 hours prior to reactions and analyses; therefore, the operational 128 

definition of DOM in this study is organic matter that passes through a 0.22 µm filter. Dissolved 129 

organic carbon (DOC) was measured using a total organic carbon analyzer. DOM composition 130 

was assessed using UV-vis spectroscopy, fluorescence spectroscopy, and electron donating 131 

capacity (EDC) measurements (Section S4). Specific UV absorption at 254 nm (SUVA254) was 132 

calculated by dividing absorbance at 254 nm by [DOC].79 The ratio of absorbances at 250 nm to 133 

365 nm for each whole water sample was used to determine E2:E3.80 The fluorescence index was 134 

determined as the ratio of emission intensities at 470 nm and 520 nm at an excitation wavelength 135 

of 370 nm.81–83 Inorganic water chemistry (i.e., alkalinity and ions) was characterized as described 136 

in Section S4. 137 

 Kinetic batch reactions. Reaction kinetics of the six phenolic compounds with acid 138 

birnessite in the presence and absence of whole water samples were assessed using batch reactors. 139 

Bisphenol A, triclosan, 4-tert-octylphenol, 4-chlorophenol, 4-bromophenol, and phenol were 140 

selected based on their expected differences in reactivity due to differences in molecular structure.6 141 

Water samples were diluted to a consistent [DOC] equal to the lowest carbon water (i.e., 3.54 mg-142 

C/L in OL1) because increasing [DOC] can increase the inhibition of organic contaminant 143 

transformation by manganese oxides.9,24,25,45,46 Each diluted water sample was amended with 5 144 
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mM  acetate buffer and 10 µM of the phenolic compound in a separate vessel prior to reaction, 145 

with analogous control experiments conducted with 5 mM acetate in ultrapure water. Target 146 

compounds did not degrade in the absence of acid birnessite (Figure S3). Acid birnessite was 147 

added (final concentration = 0.39 mM Mn) after being rehydrated overnight in 1 mL of 5 mM 148 

acetate buffer. These concentrations resulted in a 3:4 C:Mn molar ratio, representative of DOC 149 

and manganese concentrations found in Mn-rich environments.38,84 Due to the strong pH 150 

dependence of these reactions,4,13,15,22–25,44 5 mM acetate buffer was used at a starting pH of 5.5 ± 151 

0.1 This pH is below the pKa values of the target phenols (range: 7.7 – 10.2; Table S2).  152 

Reactions were initiated by adding the buffered water sample and target compound mixture 153 

to the rehydrated acid birnessite. Reactors were constantly stirred at 350 rpm in the dark. Sample 154 

aliquots (280 µL) were quenched with 20 µL of 20 mM L-ascorbic acid. The pH at the end of each 155 

reaction increased by ≤ 0.5 pH units. Target compounds were quantified in the quenched samples 156 

using high-performance liquid chromatography (HPLC; Section S5). Concentration data was fit 157 

assuming pseudo-first-order kinetics (Figure S4) as observed previously.4,6,44,57 Production of 158 

aqueous Mn after reaction could not be detected within instrumental error (i.e., 5% RSD). All 159 

kinetics experiments were conducted in triplicate and error bars represent the propagated standard 160 

error of the linear regression from replicates.  161 

 Additional batch reactions were conducted to investigate the effects of divalent cations on 162 

the oxidation of bisphenol A and 4-chlorphenol with acid birnessite in the presence and absence 163 

of DOM from DL1. All other experimental conditions were the same as the reactions described 164 

above. Divalent cation concentrations of Mn2+, Ca2+, and Mg2+ were equal to those of the undiluted 165 

water samples from R1, EL1, and WW2 (Tables 1 and S7) and were added as chloride salts. DOM-166 

free controls with divalent cations were run under the same conditions alongside samples 167 
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containing divalent cations and DL1 water. Anions were not considered due to repulsive 168 

electrostatic interactions between the negatively charged acid birnessite and anions.26,28,85,86  169 

 Kinetic reactions using a nonspecific radical quencher tert-butanol87–91 were conducted to 170 

explore the role of radical-mediated reactions in enhancing the rate of bisphenol A oxidation using 171 

water samples from DL1, DL2, and WW1. tert-Butanol (50 mM) was used as it is not likely to 172 

react with manganese oxides and does not alter the mineral surface.57 The dystrophic lake samples 173 

were used in these experiments because bisphenol A oxidation rate enhancement was observed in 174 

these samples as described below. Water from WW1 was used as a control because bisphenol A 175 

degradation decreased in this sample and no substantial effect from radical reactions was expected.  176 

 Linear regression analysis. Linear regression models were constructed to assess 177 

correlations between the observed changes in pseudo-first-order reaction rates of each target 178 

compound with DOM compositional parameters (i.e., fluorescence index, SUVA254, E2:E3, and 179 

EDC) and total divalent cation concentrations in the reactors. Normality of the outcome variable 180 

(ksample / kcontrol) was tested using the Shapiro-Wilk test. The distribution of reaction rate ratios for 181 

some target compounds were found to be non-normally distributed and therefore a log-182 

transformation was performed on all data to maintain consistent parameters between compounds. 183 

Correlations were considered significant when p < 0.05. 184 

 185 

Results and Discussion 186 

 Reactivity of target compounds in the whole water samples. The baseline reactivity of 187 

the six target compounds with acid birnessite was determined by quantifying pseudo-first-order 188 

rate constants in acetate-buffered (pH 5.5) ultrapure water (Figure S4; Table S2). The order of 189 

reactivity from most to least reactive was 4-tert-octylphenol > triclosan > bisphenol A > 4-190 
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bromophenol > 4-chlorophenol > phenol, with half-lives ranging from 0.4 – 5.8 hours. We 191 

explored trends in reactivity by plotting measured reaction rates against available phenol descriptor 192 

data including pKa values, EHOMO, and Eox (Figure S5; Table S9). Compounds with electron-193 

withdrawing substituents have lower pKa values and are slower to react due to decreased electron 194 

density.6,72–75 EHOMO is related to ionization potential and compounds with higher EHOMO values 195 

have faster oxidation rates as the energy required to lose an electron is lower.6,73,75,76 Conversely, 196 

larger Eox values are correlated with lower oxidation rates as the energy required to lose the first 197 

electron becomes greater, making it more difficult to be oxidized by the manganese oxide.6 There 198 

were no statistically significant correlations for these parameters for the six studied phenols (Table 199 

S9). Furthermore, accurate QSAR modeling requires a much larger sample size than used in this 200 

study.6,92,93  201 

 The oxidation rate constants of four of the six target compounds (i.e., 4-chlorophenol, 4-202 

tert-octylphenol, phenol, and 4-bromophenol) were consistently slower in the presence of water 203 

from natural and engineered aquatic systems compared to buffered ultrapure water controls 204 

(Figure 1c – 1f; Tables S10 and S11). However, the extent of inhibition varied with water type. 205 

For example, the oxidation rate constants were slowest in wastewater samples, with an average 206 

decrease of 97 ± 3% for eight contaminant/water pairs. In contrast, dystrophic lake samples had 207 

the least impact on the oxidation rates of these four compounds, which decreased by 14 – 63% 208 

relative to the controls. Variable changes to oxidation rates were observed with water samples 209 

collected from the rivers and other lakes.  210 
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 211 

Figure 1. Percent change of target compound pseudo-first-order oxidation rate in the presence of 212 
whole water samples relative to the rate measured in a buffered, ultrapure control for (a) triclosan, 213 
(b) bisphenol A, (c) 4-chlorophenol, (d) 4-tert-octylphenol, (e) phenol, and (f) 4-bromophenol with 214 
1.70 mg acid birnessite (0.39 mM-Mn) in ten whole water samples (3.54 mg-C/L, pH 5.5). Error 215 
bars represent the propagated standard error associated with the pseudo-first-order rates in the 216 
presence and absence of whole water constituents. The rate constant listed below each target 217 
compound structure is the average rate constant of replicate measurements (n ≥ 6) in a buffered 218 
(pH = 5.5), ultrapure water control with acid birnessite (0.39 mM-Mn). The associated error is the 219 
propagated standard error the pseudo-first-order rate constants. Note the different y-axis scales in 220 
panels (a) and (b) compared to panels (c) – (f). 221 

In contrast to the four simple phenols, bisphenol A and triclosan oxidation rate constants 222 

were slower in some water samples and faster in other water samples relative to buffered ultrapure 223 

water controls (Figures 1a – 1b; Tables S10 and S11). The largest decreases in bisphenol A and 224 

triclosan oxidation rate constants were observed in wastewater samples (i.e., 66 – 78% compared 225 

to the controls), which were similar to the decreases observed for the four simple phenols. 226 

However, increased oxidation rate constants of both bisphenol A and triclosan were observed in 227 

dystrophic lake samples. For example, the oxidation rate constant of bisphenol A was enhanced 228 

by 51 and 97% in the two dystrophic lake samples, while triclosan was enhanced by >250% in 229 
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both. Oxidation rates increased in individual river and lake samples. The bisphenol A oxidation 230 

rate constant was 6 and 35% faster in samples ML1 and R1, respectively. Similarly, the triclosan 231 

oxidation rate constant was 22 and 33% faster in samples OL2 and R2, respectively. 232 

 Linear regression analysis of water chemistry parameters. We first used linear 233 

regression analysis to investigate which water constituents were responsible for the observed 234 

changes in phenol oxidation kinetics. We selected independent variables that separately assessed 235 

the impact of divalent cations and DOM on contaminant oxidation kinetics by manganese oxides. 236 

For example, individual divalent cations consistently decrease the oxidation rate of organic 237 

compounds, including bisphenol A and triclosan, by these redox active minerals.9,10,13,22–30,44 238 

Divalent cations are thought to slow phenolic compound oxidation by two mechanisms (Figure 239 

S1). First, divalent cations can occupy vacancy sites on the manganese oxide surface, thereby 240 

blocking the target compound from the mineral surface.13,22,23,25,29,33,94,95 Second, divalent cations 241 

may accumulate at the mineral surface, potentially altering characteristics of the mineral and 242 

preventing oxidation.26,44 Thus, we hypothesized that interference from divalent cations 243 

contributed to the decrease in oxidation rate constants (Figure 1). 244 

All target compounds, except for phenol, had a statistically significant (p < 0.05) negative 245 

correlation with the diluted divalent cation concentrations (i.e., Ca2+, Mg2+, Mn2+; Figure 2b; 246 

Table S12). These correlations were consistent with the slower oxidation rates observed in water 247 

samples containing higher divalent cation concentrations (e.g., wastewaters). While this result 248 

potentially explained the 59 out of 67 cases where phenol oxidation rate constants decreased in 249 

whole water samples, lower cation concentration did not explain the cases where faster oxidation 250 

rate constants were observed (e.g., bisphenol A and triclosan in dystrophic lakes). 251 
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  252 

Figure 2. Single linear regression models of changes in the pseudo-first-order rate constants for 253 
the six target compounds relative to the buffered, ultrapure control with (a) fluorescence index, (b) 254 
the diluted sample concentrations of total divalent cations (Ca2+, Mg2+, Mn2+), (c) SUVA254, and 255 
(d) electron donating capacity excluding the two wastewater samples. Error bars represent the 256 
propagated standard error of the pseudo-first-order rate constants of triplicate reactors. Solid lines 257 
represent statistically significant (p < 0.05) correlations, while dashed lines are statistically 258 
insignificant. Regression statistics are provided in Table S12.  259 
 260 

We hypothesized that DOM led to increased oxidation rates in some cases and the extent 261 
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in addition to studies that focused on DOM reactivity with manganese oxides.32,33,38,58,59 DOM has 264 

been shown to both increase and decrease organic compound oxidation by manganese oxides 265 

(Table S1), although the mechanism of these interactions has not been investigated. For example, 266 

bisphenol A oxidation can increase13 or decrease15,23,29 in the presence of DOM, in agreement with 267 

the results of this study (Figure 1b). Furthermore, DOM contains redox active functional groups, 268 

including phenols, that react directly with manganese oxides and may result in the formation of 269 

phenolic radicals and mineral surface modification. Common bulk characteristics of DOM, 270 

including apparent molecular weight, aromaticity, and phenolic content have been correlated with 271 

the reactivity of DOM with manganese oxides.32,38,58,59,96 Therefore, we tested for correlations 272 

between changes in oxidation rate constants and carbon-normalized DOM compositional 273 

parameters. These parameters included SUVA254, which is correlated with DOM aromaticity,41,79 274 

and E2:E3, which is inversely related to direct measurements of molecular weight.41,43,80 275 

Fluorescence index was used to characterize the source inputs of DOM; low values correspond to 276 

terrestrially derived DOM, while higher values correspond to microbially derived DOM.81,82 EDC 277 

is associated with the phenolic content of DOM in natural waters.97  278 

 All target compounds, except for phenol, had significant negative correlations with 279 

fluorescence index (Figure 2a; Table S12). These correlations suggested characteristics of DOM 280 

composition related to source inputs were important for determining changes to the oxidation rates 281 

for many phenolic compounds. Specifically, DOM with lower fluorescence index values (i.e., 282 

indicative of primarily terrestrial inputs)43,81,98,99 was more likely to enhance oxidation rates. 283 

Although not statistically significant, a positive trend with SUVA254 was observed for all target 284 

compounds (Figure 2c) and complimented the fluorescence index correlation because more 285 

aromatic DOM is typically of terrestrial origin.64,100–102 When all water samples were included in 286 
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the EDC regression, a statistically insignificant negative trend was observed (Figure S7a; Table 287 

S12). The divergent trends in SUVA254 and EDC were unexpected since these two parameters are 288 

often correlated.63,103 This trend in EDC regression was attributed to the inclusion of wastewater 289 

samples as these have confounding variables (i.e., enriched hetero-atom containing functional 290 

groups, high concentrations of metals and ions) that contribute to the measured EDC.63 When 291 

wastewater samples were excluded, all target compounds had positive trends with EDC; these 292 

trends were statistically significant for bisphenol A, 4-chlorophenol, 4-tert-octylphenol, and 4-293 

bromophenol (Figure 2d; Table S12). These trends indicated that phenolic-rich DOM in natural 294 

water samples is more likely to enhance phenol oxidation and the composition of DOM influences 295 

its impact on phenol oxidation kinetics by manganese oxides. No compounds had significant 296 

correlations with E2:E3 (Figure S7b; Table S12). 297 

The linear regression results showed the kinetics of five of the target compounds were 298 

correlated with both divalent cation concentration and with DOM composition parameters. 299 

However, this analysis did not allow us to determine which factor was dominant or to identify how 300 

their combination impacted the overall measured changes in rate constants. The combined 301 

influence of cations and DOM was important to consider because both species were present in the 302 

whole water samples and always co-occur in the environment. Divalent cations can enhance DOM 303 

sorption to the manganese oxide surface via ligand-exchange or cation-bridging mechanisms33–37 304 

and could affect phenolic compound kinetics in two ways (Figure S1). First, enhanced sorption of 305 

DOM to the manganese oxide surface may block reactive sites from phenolic target compounds 306 

because DOM is thought to sorb and react via phenolic moieties;38,52,58–60 thus, competitive 307 

sorption could result in slower removal of the target compound. Second, enhanced DOM sorption 308 

to the mineral surface could result in increased oxidation of DOM and an increase in radical 309 
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intermediates generated when phenolic moieties within DOM react with manganese oxides via a 310 

one-electron transfer (i.e., as observed for individual phenols4,5,8,11,21). It is possible that radical 311 

intermediates could react with phenolic compounds in solution as observed in systems containing 312 

multiple phenolic contaminants57 or sulfonamides and humic acids,55,56 thereby increasing 313 

observed target compound kinetics. To better understand the impact of divalent cations and DOM 314 

composition on phenolic compound oxidation kinetics, we conducted kinetics experiments 315 

targeted at elucidating the mechanisms of inhibition and enhancement driven by divalent cations 316 

and DOM. 317 

 Influence of divalent cations and DOM interactions. The significant negative 318 

correlation for five of the target compounds with total divalent cations suggested an inhibitory 319 

mechanism driven by divalent cations. However, we could not distinguish between inhibition by 320 

cations and DOM because both species were present in all samples. Therefore, we investigated the 321 

impact of total divalent cations (i.e., Ca2+, Mg2+, Mn2+) on bisphenol A and 4-chlorophenol 322 

oxidation kinetics through batch reactions with varying concentrations of total divalent cations, 323 

but with constant DOM concentration and composition. Bisphenol A and 4-chlorophenol were 324 

chosen for this subset of experiments because bisphenol A increased and decreased in oxidation 325 

rate, while 4-chlorophenol showed only decreases in rate constants in the initial kinetics testing 326 

(Figure 1). These experiments were conducted with 0.47 – 3.38 mM total divalent cations (i.e., 327 

the range in undiluted samples; Table 1) in buffered ultrapure water and water from sample DL1. 328 

The ratios of Ca2+, Mg2+, and Mn2+ used were the same as the undiluted water samples of R1, EL1, 329 

and WW2 (Table S7). DL1 water was chosen as it demonstrated high variability between 330 

compounds (e.g., enhancing bisphenol A oxidation but slowing 4-chlorophenol oxidation; Figures 331 
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1a and 1c) and had a low concentration of total divalent cations (i.e., 0.01 mM in the diluted 332 

sample). 333 

 334 

Figure 3. Percent change in pseudo-first-order reaction rates relative to the rate measured in a 335 
buffered, ultrapure control of DOM-free and DOM-containing systems with varying 336 
concentrations of divalent cations (Ca2+, Mg2+, Mn2+) for (a) 4-chlorophenol and (b) bisphenol A. 337 
Systems with DOM used water from DL1 ([DOC] = 3.54 mg-C/L, pH = 5.5, 0.39 mM-Mn). Error 338 
bars are the propagated standard error of the pseudo-first-order rate constants of triplicate reactors; 339 
most error bars are smaller than the data points. 340 

 341 

The oxidation rate constant of 4-chlorophenol decreased in both DOM-free and DL1 342 

systems at all tested concentrations of total divalent cations (Figure 3a; Tables S13 and S14). The 343 

decreases in 4-chlorophenol oxidation were nearly identical (p = 0.431, t-test) whether DOM was 344 

present or absent, decreasing between 88 and 94% relative to the control at all concentrations. The 345 

similarity between DOM-free and DL1 systems demonstrated that DOM interactions had a 346 

negligible impact on the oxidation of 4-chlorophenol when divalent cations were present. The 347 

dominance of cations in inhibiting the oxidation rate constants of 4-chlorophenol aligned with 348 

changes observed in initial kinetics testing for 4-chlorophenol. For example, wastewater samples 349 
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had the largest rate constant decreases and contained the highest divalent cation concentrations 350 

(Figure 1c; Table 1). Conversely, dystrophic lake samples contained the lowest divalent cation 351 

concentrations (Table 1) and resulted in the least impact to 4-chlorophenol oxidation (Figure 1c; 352 

Table S11). 353 

Unlike 4-chlorophenol, the extent to which divalent cations slowed bisphenol A oxidation 354 

was dependent on the presence or absence of DOM (Figure 3b; Tables S13 and S14). With the 355 

addition of the lowest concentration of total divalent cations (0.47 mM), bisphenol A oxidation 356 

decreased by 7% in the DOM-free system. Conversely, at the same total divalent cation 357 

concentration, bisphenol A oxidation increased by 16% when DOM was added from DL1. The 358 

rate constant increase even in the presence of added divalent cations demonstrated that DOM 359 

interactions were responsible for bisphenol A rate enhancement. While higher divalent cations led 360 

to slower bisphenol A oxidation kinetics compared to control samples in both systems, a faster 361 

oxidation rate constant was observed in the presence of DOM at the moderate cation concentration 362 

(i.e., 2.04 mM) compared to the absence of DOM. At the highest cation concentration (3.38 mM), 363 

bisphenol A oxidation rates were similar regardless of the presence of DOM. Thus, DOM from 364 

DL1 increased the oxidation of bisphenol A at low to moderate cation concentrations, whereas 365 

cation inhibition became dominant at high divalent cation concentrations.  366 

 Evidence of radical-mediated rate enhancement. While regression analysis and divalent 367 

cation experiments revealed that rate inhibition was driven by divalent cations, these results did 368 

not explain the mechanism of rate enhancement observed in several cases (Figure 1). There were 369 

several lines of evidence that suggested DOM composition influenced bisphenol A oxidation. 370 

First, changes to the bisphenol A oxidation rate constants were negatively correlated with 371 

fluorescence index and positively correlated with EDC when the wastewaters were excluded 372 
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(Figures 2a and 2d; Table S12). These significant correlations suggested DOM composed of 373 

primarily terrestrial inputs (i.e., high in aromatic and phenolic content64,100–102) was more likely to 374 

enhance bisphenol A oxidation. Second, in the divalent cation testing, bisphenol A oxidation was 375 

enhanced in the DL1 system at the low and moderate divalent cation concentrations compared to 376 

DOM-free controls. Therefore, we hypothesized DOM composition, specifically DOM of 377 

terrestrial origin and high in phenolic content, influenced the observed rate enhancement of 378 

bisphenol A. 379 

 380 

Figure 4. Pseudo-first order reaction rates for bisphenol A reacted in buffered (pH 5.5) ultrapure 381 
water (control), DL1 water, DL2 water, and WW1, with acid birnessite (1.70 mg; 0.39 mM-Mn) 382 
in the presence and absence of the radical quencher, tert-butanol (50 mM). Percent changes are 383 
presented in Figure S8. Error bars are the propagated standard error of the pseudo-first-order rate 384 
constants of triplicate reactors. Differences between t-BuOH-free and t-BuOH systems for DL1 385 
are statistically significant (t-test, p < 0.05). 386 
 387 

We further hypothesized that the observed increases in bisphenol A oxidation were driven 388 

by interactions between radicals generated when DOM is oxidized by acid birnessite. The reaction 389 

of phenols with manganese oxides first generates a phenoxy radical intermediate by a one-electron 390 

transfer.4,5,8,11,21 As DOM is likely oxidized via phenolic moieties,38,52,58–60  this radical formation 391 
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is potentially a key intermediate in the DOM oxidation process as well. Previous work has 392 

proposed that radical intermediates from oxidized phenols38,52,57–60 or model compounds56 can 393 

indirectly transform organic contaminants, thereby increasing the observed oxidation rate 394 

constants of target compounds. However, direct evidence for this mechanism has not been 395 

exhibited in the presence of DOM.  396 

 The influence of radical-mediated reactions on bisphenol A rate enhancement was tested 397 

using the non-specific radical quencher tert-butanol with water samples from DL1, DL2, and 398 

WW1. The dystrophic lake samples were chosen because they resulted in large increases in the 399 

oxidation rate constant for bisphenol A (Figure 1a), had low fluorescence index values (Table 1), 400 

and were high in phenolic content, as measured by EDC (Table 1). The WW1 sample was selected 401 

because it resulted in the largest decrease in bisphenol A oxidation due to the high abundance of 402 

divalent cations; we expected radical-mediated reactions to be negligible in this sample. No 403 

significant change (p = 0.231; t-test) in bisphenol A oxidation was observed with tert-butanol in a 404 

DOM-free control solution (Figure 4; Table S15), demonstrating that the quencher did not impact 405 

manganese oxide reactivity. 406 

Radical-mediated mechanisms contributed to the rate enhancement of bisphenol A 407 

oxidation in the presence of DOM from DL1 (Figures 4 and S8; Table S15). The bisphenol A 408 

oxidation rate constant increased by 74% in the DL1 system compared to the control, but decreased 409 

by 45% under the same conditions in the presence of tert-butanol. The switch from a large rate 410 

enhancement to a rate decrease provided two important insights into the mechanism. First, the 411 

ability of tert-butanol to prevent the rate enhancement observed in the presence of DOM indicated 412 

that DOM-generated radicals led to increased bisphenol A oxidation. Second, when the DOM-413 

generated radicals were removed from the system, an inhibitory mechanism drove a 45% rate 414 
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decrease for bisphenol A oxidation. This rate decrease was likely not driven by divalent cations 415 

due to their low abundance in the diluted water sample (0.01 mM total divalent cations). Instead, 416 

it was likely determined by competition between bisphenol A and the DOM for the manganese 417 

oxide surface and/or reductive dissolution of the manganese oxide.9,25,46,47,104  418 

Changes to bisphenol A oxidation in the DL2 tert-butanol system were not as large as those 419 

observed in the DL1 tert-butanol system (Figure 4; Table S15). Bisphenol A oxidation was 420 

enhanced by 78% in the DL2 system, which was nearly identical to the DL1 sample. Unlike the 421 

DL1 quenched system, bisphenol A oxidation was still enhanced by 34% in the DL2 quenched 422 

system. The decrease in bisphenol A rate enhancement indicated DOM-generated radicals were 423 

partially responsible for the observed rate enhancement; however, the 34% rate enhancement in 424 

the quenched DL2 system suggested another mechanism was important for enhancing bisphenol 425 

A removal.  This alternative mechanism of rate enhancement could be due to complexation of the 426 

DOM with Mn(II) generated from the reductive dissolution of the acid birnessite, which could 427 

prevent the adsorption of Mn(II) to the mineral surface and therefore decrease competition with 428 

bisphenol A for surface active sites and result in a promotive effect on bisphenol A oxidation 429 

(Figure S1).48,50,104 430 

The changes to bisphenol A oxidation in quenched and unquenched WW1 samples were 431 

similar (Figure 4; Table S15). Bisphenol A oxidation decreased by 83% in the unquenched system 432 

and by 91% in the WW1 system containing tert-butanol relative to the controls. The similar 433 

decreases (p = 0.126; t-test) to the bisphenol A rate constant in these systems indicated radical-434 

mediated reactions were only important in systems where rate enhancement was observed. Thus, 435 

this system was likely dominated by the cation inhibition mechanism due to the high concentration 436 
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of divalent cations (1.73 mM total divalent cations) present in the diluted WW1 sample and any 437 

interactions with DOM were negligible. 438 

 439 

Environmental Implications  440 

Natural water constituents dramatically alter the oxidation of phenolic compounds by 441 

manganese oxides. The oxidation rate constants of the six target compounds in this study varied 442 

extensively depending on water chemistry (Figure 1). Furthermore, these changes were the result 443 

of combined interactions between DOM, divalent cations, and the target compound. Caution 444 

should be taken when comparing oxidation rate constants measured in simple, laboratory systems 445 

to real-world applications as oxidation kinetics can vary extensively in more complex systems. 446 

Divalent cations and DOM are ubiquitous throughout natural and engineered systems and 447 

interact with other species in solutions, such as phenolic contaminants. We showed that divalent 448 

cations are a primary inhibitor of phenolic contaminant oxidation; however, the extent of divalent 449 

cation interaction can be dependent on the presence and composition of DOM (Figure 3). 450 

Furthermore, we demonstrated radical intermediates produced by DOM oxidation were primarily 451 

responsible for the observed increases in phenolic contaminant removal (Figure 4). This 452 

mechanism was dependent on DOM composition and was most significant in systems with DOM 453 

of primarily terrestrial origin (i.e., the dystrophic lakes).  454 

 The changes driven by divalent cations and DOM that impact phenolic contaminant 455 

transformation demonstrate the complexity of predicting the fate of such contaminants in complex 456 

systems. While previous work has focused on simple systems and individual species, we 457 

demonstrate the necessity to expand these investigations to more complex systems to predict the 458 

fate of these organic contaminants more accurately. For example, phenolic contaminants are likely 459 
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to degrade more slowly in a wastewater system than what would be predicted in a buffered, 460 

ultrapure water system in the laboratory. Conversely, some contaminants may degrade faster in 461 

systems that contain DOM that is similar to the DOM from the dystrophic lakes in this study. 462 

Importantly, phenol structure influences its reactivity with manganese oxides5,6,105,106 and therefore 463 

the impact of water constituents will vary among different phenols. Future work should seek to 464 

further explore how interactions between divalent cations and DOM affect contaminant 465 

transformation in environmentally relevant systems, particularly with DOM of diverse 466 

compositions. By studying these interactions in more complex systems, we can begin to understand 467 

how the transformation of these contaminants occurs in environmentally relevant systems. 468 
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