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A B S T R A C T   

Natural river flooding events can mobilize contaminants from the vadose zone and lead to increased concen-
trations in groundwater. Characterizing the mass and transport mechanisms of contaminants released from the 
vadose zone to groundwater during these recharge events is particularly challenging. Therefore, conducting 
highly-controlled in-situ experiments that simulate natural flooding events can help increase the knowledge of 
where contaminants can be stored and how they can move between hydrological compartments. This study 
specifically targets uranium pollution, which is accompanied by high sulfate levels in the vadose zone and 
groundwater. Two novel experimental river flooding events were conducted that utilized added non-reactive 
halides (bromide and iodide) and 2,6-difluorobenzoate tracers. In both experiments, about 8 m3 of traced 
water from a nearby contaminant-poor river was flooded in a 3-m diameter basin and infiltrated through the 
vadose zone and into a contaminant-rich unconfined aquifer for an average of 10 days. The aquifer contained 13 
temporary wells that were monitored for solute concentration for up to 40 days. The groundwater analysis was 
conducted for changes in contaminant mass using the Theissen polygon method and for transport mechanisms 
using temporal moments. The results indicated an increase in uranium (21 and 24%), and sulfate (24 and 25%) 
contaminant mass transport to groundwater from the vadose zone during both experiments. These findings 
confirmed that the vadose zone can store and release substantial amounts of contaminants to groundwater during 
flooding events. Additionally, contaminants were detected earlier than the added tracers, along with higher 
concentrations. These results suggested that contaminant-rich pore water in the vadose zone was transported 
ahead of the traced flood waters and into groundwater. During the first flooding event, elevated concentrations 
of contaminants were sustained, and that chloride behaved similarly. The findings implied that contaminant- and 
chloride-rich evaporites in the vadose zone were dissolved during the first flooding event. For the second 
flooding event, the data suggested that the contaminant-rich evaporites continued to dissolve whereas chloride- 
rich evaporites were previously flushed. Overall, these findings indicated that contaminant-rich pore water and 
evaporites in the vadose zone can play a significant role in contaminant transport during flooding events.   

1. Introduction 

Flooding is a dynamic event with rapidly changing flows, chemical 
compositions, and sediment loads (Simpson et al., 2013). An extreme 
flooding event can result in a significant mobilization and redistribution 
of contaminants, leading to both socio-economic and environmental 
damage (Crawford et al., 2022; Ponting et al., 2021). When a soil floods, 
the mobility of contaminants can either increase or decrease based on 

soil mineralogy and texture, the properties that change spatially 
(Ponting et al., 2021). This phenomenon is particularly critical because 
when mobilized downward, contaminants can potentially persist for 
long time periods within the subsurface and become a continuing source 
of contamination to groundwater (Truex et al., 2009). As such, water 
quality is dependent on the interplay between river-groundwater-vadose 
zone system (Yabusaki et al., 2017). 

The subsurface hydrogeological layers - the saturated zone 
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(groundwater occurrence), unsaturated zone, and capillary fringe 
(Freeze and Cherry, 1979), play crucial roles in controlling water 
movement and quality in the river-groundwater-vadose zone system 
(Yabusaki et al., 2017). The saturated zone lies below the water table 
and comprises soil pores filled with water under positive pressure head. 
The capillary fringe, situated above the water table contains soil pores 
filled with water but has pressure heads less than atmospheric. The 
unsaturated zone is above the capillary fringe, with soil pores that are 
not fully saturated and have negative pressure heads. Grouped together, 
in this study, the capillary fringe and unsaturated zone are referred to as 
the vadose zone that occurs above the water table and is under negative 
pressure head. The water table, defined as the surface where the fluid 
pressure is exactly atmospheric, separates the vadose zone from the 
saturated zone, where groundwater occurs. Understanding the dynamics 
between these layers is essential to identifying contaminant storage in 
the subsurface and comprehending the factors responsible for subse-
quent contaminant release during flooding events. 

To understand the factors contributing to contaminant transport 
from the vadose zone to groundwater during a flooding event, contin-
uous real-time physio-chemical data from the floodplain is required 
(Barber et al., 2017). Due to the unpredictability in the frequency and 
magnitude of occurrence of a flooding event, there is usually an absence 
of the baseline and continuous physio-chemical data during the event 
(Ponting et al., 2021). Occasionally, baseline data from pre- and post- 
natural events are established (U.S. Department of Energy, 2019) but 
it is usually difficult to use these data to assess the processes of events 
and their potential impacts (Ponting et al., 2021). Many of the findings 
on contaminant mobility during flooding events, therefore, are based on 
direct collection of time-series groundwater samples under normal flow 
and during inundations (Barber et al., 2017; U.S. Department of Energy, 
2019; Yang et al., 2023). While these data can provide real-time physio- 
chemical data during a flooding event, controlled experiments can 
provide more robust understanding of the underlying processes of 
contaminant transport during the events by reducing uncertainties in 
evaluation of the recharge processes (Ofer Dahan et al., 2007; Ponting 
et al., 2021). 

Some of the controlled experiments that are available on mobility of 
contaminants on floodplain soils are based on generating artificial 
flooding environments in the laboratory (Frohne et al., 2011; Izquierdo 
et al., 2017; Weber et al., 2009). Laboratory column experiment has also 
been performed to analyze solute migration through the vadose zone 
and groundwater during flash floods (Amiaz et al., 2011). Although the 
laboratory-based studies can provide insights into the processes occur-
ring during the course of the flooding events, these findings are difficult 
to extrapolate to field-scale interpretations (Hooda, 2010). In contrast, 
on-site experiments on the effect of flooding events on contaminant 
mobility in floodplain soils can better provide results on effects of 
flooding events on groundwater (Ponting et al., 2021). There are few 
studies that conducted field scale infiltration experiments to evaluate 
dynamics of flood water percolation and groundwater recharge via 
variation in the vadose zone water content profile (Benito et al., 2010; 
Dahan et al., 2008; Ofer Dahan et al., 2007). The dynamics of perco-
lating flood water flow and subsequent contaminant transport through 
the vadose zone was first studied by multi-tracer field infiltration 
experiment in an alluvium underlying a stream channel (Dahan et al., 
2009). These studies based on field infiltration experiments provided 
transient data on water percolation and contaminant migration during 
flooding events. However, river water was not utilized as the infiltration 
source in these field experiments, and the analysis did not specifically 
focus on reactive solute transport when examining contaminant trans-
port during flooding events. 

Contaminants such as uranium and sulfate, are highly reactive and 
are more mobile during oxic conditions such as a flooding event, than 
reducing conditions (Langmuir, 1977). Sulfate is also very soluble in 
groundwater and can travel a long distance in subsurface environments 
(Miao et al., 2012). Moreover, sulfate is a common anion in soluble- 

prone evaporite minerals and can potentially entrap uranium in dry 
conditions and subsequently release during groundwater recharge 
(Apaydın and Aktaş, 2012; Carlisle et al., 1978). In addition, uranium is 
considered a primary contaminant in groundwater; primary contami-
nants pose significant health risks, for which the United States Envi-
ronmental Protection Agency (EPA) sets enforceable Maximum 
Contaminant Levels (MCLs) under the Safe Drinking Water Act (National 
Primary Drinking Water Regulations, 2024). On the other hand, sulfate 
is considered a secondary contaminant in groundwater; secondary 
contaminants are not directly harmful to human health but can affect 
the aesthetic qualities of water, such as taste, odor, colour, and staining, 
with the EPA setting non-enforceable guidelines called Secondary 
Maximum Contaminant Levels (SMCLs) (Drinking Water Regulations 
and Contaminants, 2024). Given the complex geochemistry of contam-
inants like uranium and sulfate, especially their sensitivity to redox 
conditions and pH, it is crucial to understand their behavior during 
floods (Langmuir, 1977). To our knowledge, controlled in-situ flooding 
experiments have not been conducted to describe reactive contaminant 
transport behavior during the course of a flooding event. 

In the present work, two in-situ experiments, the first of their kind, 
were performed to simulate flooding events at a contaminated field site 
to study contaminant behavior across hydrogeological compartments 
during the events. In the first flooding experiment non-reactive tracers 
(halides and fluorobenzoates) were utilized to contrast contaminant 
behavior with non-reactive tracers during floods. In the second flooding 
experiment, alkalinity was added along with a non-reactive tracer 
(halide) to suggest possible remediation of the contaminated site. The 
specific objectives of our study were to (1) identify the hydrogeological 
compartment(s) responsible for the contaminant transport, and (2) 
elucidate the dominant mobilization mechanisms of contaminants dur-
ing floods. Significant past research (Johnson et al., 2016; Paradis et al., 
2022a; U.S. Department of Energy, L.M, 2014) allowed us to hypothesize 
that contaminants mobilize from the vadose zone due to contaminant- 
rich evaporite dissolution during a flooding event. Overall, our study 
presents new results from the experimentally simulated floods at a field 
scale and can inform the development of predictive models for 
groundwater management. 

2. Materials and methods 

2.1. Study site 

The study site is in central Wyoming (WY), 2 miles southwest of 
Riverton and on river alluvium between the Wind River and Little Wind 
River (Fig. S1). There are three aquifers at the site which are: (1) an 
unconfined aquifer, (2) a semiconfined aquifer, and (3) a confined 
aquifer (Fig. 1a). The unsaturated zone is composed of approximately 
1.2–1.5 meters (m) of silt and clay. The shallow aquifer consists of 
approximately 4.5–6 m of sand and gravel, and the semiconfined and 
confined aquifers comprise the upper units of the Early Eocene Wind 
River Formation, which is over 150 m thick in the vicinity of the site 
(Dam et al., 2015). The predominant stratigraphic unit of Early Eocene 
Wind River Formation is composed of sandstone, conglomerate, silt-
stone, and claystone (Keefer, 1970). The Wind River Formation was 
accumulated through the action of fluvial systems that transported 
debris to the Wind River Basin located to the north. Regionally, the 
deposition of the formation occurred on an erosional surface sloping 
towards the north, situated between the Granite Mountains to the south 
and the depression of the Wind River Basin to the north (Robert W. 
Gregory, 2019). 

The Riverton Processing site, formerly a uranium mill tailings facility 
operating from 1958 to 1963 (U.S. Department of Energy, 2016) is 
currently among 107 sites managed by the United States (U.S.) 
Department of Energy across the U.S., aimed at restoring sites contam-
inated due to nuclear production activities (Dwivedi et al., 2022). The 
primary source of contamination to the surface and shallow 
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groundwater beneath and downgradient of the site was the tailings 
slurry from the former mill (Fig. 1a). Surface remediation was completed 
in 1989 by removing the tailings to radioactivity standards for radium 
(Narasimhan et al., 1986; White et al., 1984). Despite these measures, 
substantial concentrations of solid-phase contaminants are present in 
both the vadose zone and aquifer sediments at our study area (Paradis 
et al., 2022a; U.S. Department of Energy, 2016). Due to the presence of 
shale layers (Fig. 1a), confined aquifer remains uncontaminated and 
mill-related contaminants are not detected in the semiconfined aquifer. 
However, the surficial unconfined aquifer is contaminated with uranium 
(~1.7 milligrams/liters [mg/L]), and sulfate (~6300  mg/L) concen-
trations (U.S. Department of Energy, 2016) exceeding regulatory limits. 
Uranium has a maximum concentration limit (MCL) of 0.03 mg/L (Na-
tional Primary Drinking Water Regulations, 2024) and sulfate has a 

secondary MCL of 250 mg/L (Drinking Water Regulations and Con-
taminants, 2024) in groundwater. The major dissolved uranium species, 
as determined using the PHREEQC 3.7.3 with the LLNL database (Input 
file. S1), in the groundwater of the site are UO2SO4, UO2(SO4)22−, 
UO2(CO3)34−, UO2(CO3)22−, UO2CO3 and UO2(OH)2. For sulfur, the main 
dissolved species is SO42−, with no significant precipitation of sulfate- 
bearing minerals, as indicated by the saturation indices (SI) of anhy-
drite (−0.41), gypsum (−0.15), bloedite (−6.32), and epsomite (−2.56) 
in the aquifer sediments. The groundwater plume was estimated to be 
attenuated below MCLs through natural flushing within the past 100 
years from 1997, according to the Riverton Groundwater Analysis and 
Network Design Tool (GANDT) model simulated by Sandia National 
Laboratories (Knowlton Jr et al., 1997; U.S. Department of Energy, 
1998). The GANDT code incorporated groundwater flow and transport 

Fig. 1. (a) Cross-sectional area, AA’ of the study area (Fig. S1) (Dam et al., 2015). The red rectangle shows the downgradient location where the two field ex-
periments were performed. The blue dot shows the approximate location of the flood basin (Fig. 2). (b) Comparisons between the GANDT model predictions and 
actual groundwater concentrations at Riverton, WY, in 1998. Uranium concentration spike in groundwater during flooding in 2010 is indicated by red dotted line. 
(For interpretation of the references to colour in this figure legend, the reader is referred to the web version of this article.) 
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uncertainty through Monte Carlo simulations, accounting for concen-
tration data and spatial variability using geostatistical methods while 
employing a single sorption partitioning coefficient (Kd) approach. 
However, the annual monitoring indicated persistence of the plume, 
including an increase in uranium concentration following a flooding 
event in 2010 (Fig. 1b). The discrepancy between the model predictions 
and observational data caused concern for the longevity of the 
contaminant plume and exhibited lapses in the knowledge of the pro-
cesses governing contaminant storage and release (Dam et al., 2015). 

Given the arid climate and dry summer in Riverton, evaporite de-
posits are prevalent especially in the upper vadose zone due to high 
evapotranspiration, particularly along south-facing riverbanks on the 
north side of the Little Wind River (Looney et al., 2014; U.S. Department 
of Energy, L.M, 2014). These deposits, primarily consisting of halite 
(NaCl), blödite (Na2Mg(SO4)2⋅4(H2O)), and thenardite (Na2SO4) are 
widespread in the vadose zone (Management, 2016). The sulfate- 
bearing evaporites collected along the river in 2014 (Fig. S2) indi-
cated uranium (0.0014 to 0.066 g/kg), and sulfate (5.4 to 2200 g/kg) 
from following strong acid digestion of the evaporite samples (Man-
agement, 2016; U.S. Department of Energy, L.M, 2014). Based on the 
data, previous researchers suggested that these evaporite minerals pre-
sent in the vadose zone could serve as a secondary source of persistent 
contaminant plumes (Dam et al., 2015; Johnson et al., 2016). 

Prior to conducting our flooding experiments in 2020 (August 
3–October 4) and 2021 (August 1–September 10), an in-situ tracer in-
jection experiment directly to the aquifer was performed in 2020 (July 
17–July 31) within the same area of interest as our study (Fig. 2). The 
goal of the injection experiment was to investigate contaminant (ura-
nium) behavior solely in the aquifer during a flood (Paradis et al., 
2022a). The injection experiment was initiated by directly injecting 
traced river water into the groundwater through well 1001 (Fig. 2b). 
The injection phase was followed by sampling and analysis of the tracers 
in the 13 monitoring wells (Fig. 2b) under natural-gradient conditions 
for 18 days. 

In the present study, contaminant mobility is investigated through 
two tracer flooding experiments with river water (flood water) perco-
lating through the vadose zone and downward into the groundwater. 

2.2. Experimental flooding events 

Two tracer field experiments (Table 1), each simulating a flooding 
event, were conducted near the banks of Little Wind River, Riverton, WY 
(Fig. 1). A series of 13 temporary monitoring wells (Fig. 2) were installed 

by direct push and screened across the water Table A 3 m (m) diameter 
basin was placed upgradient of the wells. About 8 m3 of river water 
(flood water) was filled in an infiltration tank (Fig. 1). Specific field and 
laboratory measurements with corresponding instruments and the 
relevant information of added tracers and alkalinity are listed in 
Table S1 and Table S2. The hydrochemistry of the river water (flood 
water) was different in composition than that of groundwater 
(Table S3). The typical depth of the water table was between 2 and 2.5 m 
below ground surface (bgs) during the experiments. The wells were 
installed as three transects oriented perpendicular to groundwater flow, 
i.e., southwest to northeast. The target screen interval for the temporary 
gallery wells was between 2 and 3.5 m bgs. The total distance between 
the first and last transects was 3 m with uniform spacing in between 
wells to allow for the transport of the tracer to be completed within a 
reasonable timeframe. Borehole dilution, slug testing, and groundwater 
pumping tests were completed before any tracer testing to get ground-
water hydraulic conductivity estimates (U.S. Department of Energy, 
2023). The average linear groundwater velocity was estimated at 0.2 to 
0.3 m/day from a field tracer test performed prior to the injection 
experiment and our flooding experiments to investigate physical prop-
erties (groundwater velocity and matrix diffusion) of the uranium- 
contaminated aquifer (Paradis et al., 2022b). Matrix diffusion affects 
the migration of contaminants from the mobile zone to adjacent 
immobile zones of the porous matrix and vice versa, thereby impacting 
contaminant travel times by spreading contaminants over a larger vol-
ume of the subsurface (Paradis et al., 2020). 

In Flood-1, two non-reactive solute tracers, lithium bromide (LiBr) 
and sodium 2,6-difluorobenzoate (NaDFB), each with different aqueous 
diffusion coefficients, were introduced into the flood water in the infil-
tration tank (Fig. 2a). The water from the tank was then pumped into the 
flood basin (Fig. 2a) using a peristaltic pump over a period of approxi-
mately 8 days. This process allowed the tracers to travel through the 
vadose zone and into the contaminant-rich unconfined aquifer. 
Difluorobenzoate has a much lower aqueous diffusion coefficient (7.2 ×
10−10 m2/s) (Bowman and Gibbens, 1992) than bromide (21 × 10−10 

m2/s) (Callahan et al., 2000). The presence of matrix diffusion would 
result in a relatively lower peak concentration and longer mean arrival 
time of bromide than difluorobenzoate. Thus, the difference between the 
diffusion coefficient was used to characterize any mass transport of 
solutes from mobile to immobile zones due to molecular diffusion, i.e., 
matrix diffusion, in the groundwater (Paradis et al., 2020). However, the 
non-reactive tracers, bromide, and difluorobenzoate, employed in 
Flood-1 demonstrated similar behavior (Fig. S3), suggesting negligible 

Fig. 2. (a) 13 monitoring wells and a flood basin at the experimental location and, (b) experimental set-up for two consecutive floodings at the site. The inset at the 
left bottom corner shows the flood basin with traced river water after initiating the experiment. 
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matrix diffusion in our study. Since there was no discernible difference 
between the transport behavior of two tracers, bromide was selected for 
discussions pertaining to Flood-1. Following the completion of Flood-1 
in summer 2020, Flood-2 was performed in summer 2021 at the same 
location. Flood-2 was done with added alkalinity, sodium bicarbonate 
(NaHCO3), to investigate its influence on uranium mobility. A different 
artificial non-reactive solute tracer, sodium iodide (NaI) was used in 
Flood-2 to differentiate between Flood-1 and Flood-2 when analyzing 
the traced groundwater. NaI and NaHCO3 were added to flood water 
similarly as Flood-1 and flooded into the basin for about 12 days. 
Notably, before both flooding experiments, an injection experiment was 
performed directly into the same aquifer as this study (Paradis et al., 
2022a; U.S. Department of Energy, 2023). This injection experiment 
applied NaI and potassium pentafluorobenzoate (KPFB) to study 
contaminant release solely from the aquifer. The experiment did not 
observe any difference in the behavior of iodide and penta-
fluorobenzoate (Fig. S4), suggesting that iodide behaved conservatively 
during the injection experiment. Daily static water levels were 
measured, and samples were collected via peristaltic pumps under low- 
volume and low-flow conditions at 100 mL/min. Samples were 
measured immediately for temperature, specific conductance, pH, dis-
solved oxygen (DO), ferrous iron, alkalinity, and oxidation-reduction 
potential. Laboratory analyses for uranium and other metals was 
completed at the U.S. Department of Energy Office of Legacy Manage-
ment Environmental Sciences Laboratory, Los Alamos National Labo-
ratory and University of Wisconsin-Milwaukee. More detailed 
information on the field methods is available in the relevant documen-
tation for the study (U.S. Department of Energy, 2023). 

2.3. Data analyses 

2.3.1. Temporal analyses 
Breakthrough curves of potentially reactive solutes, chloride (Cl), 

uranium (U), sulfate (SO4), sodium (Na), magnesium (Mg), potassium 
(K), calcium (Ca), manganese (Mn), and molybdenum (Mo), were con-
structed and plotted for concentrations in groundwater (pre flooding), 
observed (during and post flooding), expected, and flood water (infil-
trated river water). Breakthrough curves for Fe2+ were not considered 
due to being below the detection limit (0.03 mg/L). Similarly, the total 
Fe (Fe2++Fe3+) data was disregarded due to its noisy signals. The 
breakthrough curves of non-reactive added tracers, bromide (Br) in 
Flood-1 and iodide (I) in Flood-2 were not constructed explicitly since 
their concentrations were used to calculate the expected concentrations 
of the reactive solutes (Paradis et al., 2019). Moreover, in Flood-1, 
bromide and difluorobenzoate behaved similarly so only bromide con-
centrations were used to analyze expected concentration in Flood-1. In 
the context of our experimental design, where flood water with low 
solute concentration (Table S2) was mixed with groundwater with high 
solute concentration, the potential reactive solutes would be expected to 
be diluted, if no reaction occurred (Paradis et al., 2020). Thus, the 
breakthrough curves of a solute are bound by the flood water in the 
lower concentrations and groundwater in the upper concentrations; 
with the expected concentrations being between the two boundaries. 
The expected concentrations are based on the behavior of added non- 
reactive tracers, namely bromide for Flood-1 and iodide for Flood-2. 

The expected concentration assumes that the solutes in groundwater 
would behave as added non-reactive tracers and thus only be dominated 
by advection and dispersion during floodings (Paradis et al., 2019). 
When plotted on the same graph, any difference between observed and 
expected breakthrough curve will indicate reactivity of the solute. For 
an evaluation of solutes being added or removed from the groundwater, 
an observed concentration greater than the expected concentration in-
dicates constituent addition, and vice versa (Paradis et al., 2020). The 
expected concentrations were determined using Eq. (11) from Paradis 
et al. (2019). The equation generates the expected concentration of a 
potentially reactive solute due to dilution occurred upon mixture of low 
concentration flood water and high concentration aquifer fluids. More 
detailed derivation and parameters of the expected concentration 
equation and its assumptions can be found in Paradis et al. (2019). 

While the above-mentioned approach is a qualitative measure of 
reactivity, a quantitative measurement of reactivity and subsequent 
mechanisms was done using relative temporal moment analysis (TMA) 
(Paradis and Sultana, 2024). The principle of relative TMA is to evaluate 
the behavior of solutes in a system by analyzing their temporal distri-
bution; all without the need to solve the advection-dispersion-reaction 
equation or modify true concentrations. This relative approach 
involved calculating the ratio of observed to expected zeroth temporal 
moments, the ratio of observed to expected normalized first temporal 
moments, and the ratio of observed to expected normalized second 
temporal moments via Eqs. (21), (22), and (23), in Paradis and Sultana, 
2024. The zeroth moment measures the area underneath the break-
through curve. The normalized first moment is the first moment divided 
by the zeroth moment and indicates the center of mass in time [T]. 
Likewise, the normalized second moment is the second moment divided 
by the zeroth moment and represents the spread in time squared [T2]. 
Finally, the ratio calculations resulted in unitless and dimensionless 
temporal moments, which are relative zeroth moment (Mo), relative first 
moment (M1) and relative second moment (M2). More detailed deriva-
tion and parameters of the relative moment equations can be found in 
Paradis and Sultana (2024). 

Mo,M1, and M2 were applied to calculate the mass, advection and 
dispersion, respectively for all potential reactive solutes and added 
tracers. Mo > 1 indicates a net addition of solute mass to the aqueous 
phase, whereas Mo < 1 indicates a net removal; Mo = 1 indicates no net 
addition or removal. Similarly, M1 ∕= 1 indicates a change in solute 
advection and M2 ∕= 1 indicates a change in solute dispersion. The 
overall reactivity of a reactive solute, reactivity index (RI), can be 
quantified by calculating the weighted residual sum of squares for each 
of the three relative moments from Eq. (24) in Paradis and Sultana, 
2024. In theory, RI = 0 indicates no reactivity whereas RI > 0 indicates 
reactivity; negative RI values of RI is not viable. Equal moment weights 
for mass, advection, and dispersion (ω0 = ω1 = ω2 = 1), and a multi-
plication factor (f) of 1000 were applied. The weights (ωi) and multi-
plication factor (f) in Eq. (24) are chosen by the user. The weights (ωi) 
can vary depending on how much weight to put on reactions that affect 
mass (Mo), advection (M1), and dispersion (M2). The multiplication 
factor (f) can typically be some factor of 10, e.g., 10, 100, 1000, etc., to 
avoid decimals and ensure whole numbers which are easier to 
comprehend, making negative values of the multiplication factor not 
viable. However, it is important to consider the relative reactivity 

Table 1 
Summary of two tracer field experiments conducted in 2020 (Flood-1) and 2021 (Flood-2).  

Experiment Water Rate Flooded Tracers Alkalinity Sampled 
(#) Source (m3) (m3/h) (days) Type (g) Type (g) (months) 

Flood-1 Little Wind River 
(~8 m3) 

0.041 ~8 Bromide (948) 
DFB (979) 

None 
Added ≈2 

Flood-2 0.027 ~12 
Iodide 
(2117) NaHCO3 (20,000) ≈1  
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among kth solutes while approximate these numerical approaches. 

2.3.2. Mass calculation 
Transect-wise mass calculation was completed for reactive solutes 

(U, Cl, SO4, Na, Mg, K, Ca, Mn, Mo) and tracers (Br and I). Due to being 
below the detection limits (0.03 mg/L), transect-wise mass for Fe2+

could not be calculated. The total Fe (Fe2++Fe3+) data was also not 
considered due to its noisy signals. Thus, considering Fe2+ or total Fe 
data for the mass calculation was of limited usefulness. For other reac-
tive solutes, both observed and expected mass going through a transect 
was calculated. Among the three transects (Fig. 2), Transect-2 had the 
maximum number of wells with substantial signals from the tracers 
during our study. Thus, in this study, the mass calculation will be dis-
cussed for transect-2. It is to be noted that, well no. 1007 was excluded 
while calculating transect wise mass since it did not have any detectable 
tracer signal. The mass of solutes going through transect-2 was deter-
mined in two steps. First, the Theissen Polygon Method (TPM) (Mackay 
et al., 2012) was used to calculate the mass discharge of the solutes 
going through transect-2. The density (1.08 points/m2) and the distance 
between the wells (average 0.08 m) in transect-2 were in agreement 
(Mackay et al., 2012) to ensure TPM calculation accuracy. In the TPM 
calculation at our site, while the concentration varied in each scenario, 
the hydraulic conductivity (1.8 m/day) and hydraulic gradient (0.03) 
were assumed constant. The hydraulic conductivity was calculated 
based on groundwater velocity (0.18 m/day) at the site (Paradis et al., 
2022b), hydraulic gradient (0.03) and porosity (0.3) of the sandy 
groundwater. Finally, the mass of each solute was determined by 
calculating the area under the breakthrough curve of the calculated 
mass discharge of the respective solutes. The time duration (40 days) 
was kept constant, and the mass discharge was kept similar for each 
solute in both the experiments. An analytical error of 10% was applied to 
all the calculated values. The percentage was selected as it aligns with 
standard practices in similar studies (Paradis et al., 2022a), where a 10% 
margin is commonly accepted as reasonable. 

2.3.3. Spatial analyses 
The contoured maps for both observed and expected solute concen-

trations were constructed using the anisotropic kriging interpolation 
method in Surfer version 24 (Surfer® from Golden Software, LLC, www. 
goldensoftware.com). Due to the skewed distribution of tracer and 
chloride concentration data, the concentrations were log transformed 
prior to creating the grid file in Surfer (Ricker, 2008) and then inverse 
log transformed before plotting. The center mass of the tracer plumes 
was calculated (Ricker, 2008) and plotted after filtering data to include 
concentrations greater than approximately 10% of the initial concen-
tration added with flood water. 

All the data processing and analyses were performed using Microsoft 
Excel 2016 and Python (version 3.11.3). 

3. Results and discussions 

The experimental results and their interpretations are presented in 
the following sections that start with (1) plume distribution maps of 
added tracers, uranium and chloride in the experimental location (Sec-
tion 3.1.1), (2) observed and expected breakthrough curves of chloride 
(Section 3.1.2), and uranium and sulfate (Section 3.1.3), along with 
transect-wise mass calculation of non-reactive added tracers and 
potentially reactive solutes (U, Cl, SO4, Na, Mg, K, Ca, Mn, and Mo) 
(Section 3.1.3), (3) identifying hydrogeological compartment that is 
responsible for mobilization of solutes (Section 3.2), (4) mobilization 
mechanisms with moment analyses, M (zeroth moments, relative first 
and relative second moments) with reactivity indices (RI) (Section 3.3 
with results from the two flooding experiments summarized in Table 2), 
and (5) evaluating the impact of added alkalinity as a remediation effort 
(Section 3.4). Finally, our experimental data were combined with pre-
vious solid-phase data on evaporites (U.S. Department of Energy, L.M, 
2014), and direct injection experimental data (Paradis et al., 2022a) to 
support possible contaminant mobilizing and mechanistic insights. 

3.1. Mass mobilization of solutes 

3.1.1. Plume distribution maps of added tracers, uranium, and chloride 
During Flood-1, the flood water contained bromide as an added 

tracer and infiltrated for about 8 days (Table 1) through the flood basin 
(Fig. 2). The center of mass of the resulting plume moved in a south-east 
(SE) direction, with notable concentrations detected in monitoring wells 
1001, 1005, and 1011 post flooding (Fig. 3a). Tracer mass calculations 
revealed that about 23% (218 g) of the total bromide mass (949 g) 
passed (Fig. S5) across transect-2 (Fig. 2) during the flooding, with 
higher masses observed in wells 1001, 1005, and 1011 (Fig. S6). Bro-
mide isocontours illustrated a relatively consistent distribution of the 
flood water which is evident in both spatial (Fig. 3a) and temporal 
(Fig. S3) patterns. The spatial and temporal extent with elevated signals 
across the three transects of the well gallery (Fig. 3a) implied that a 
significant volume of flood water traversed the experimental site during 
the experiment. 

Before Flood-1, uranium exhibited a uniform distribution, with 
concentrations ranging from 0.88 to 1.12 mg/L in the groundwater 
(Fig. 3b). However, following the flooding, uranium concentrations 
increased, ranging from 0.89 to 1.51 mg/L on day 15 (Fig. 3c). The flood 
water had a negligible uranium concentration (0.01 mg/L) than the 
groundwater uranium concentration (mean = 0.97 mg/L). Conse-
quently, the observed uranium concentration would be expected to be 
diluted, ranging from 0.41 to 1.09 mg/L (Fig. 3d). Instead of being 
diluted as expected, higher uranium concentrations were detected along 
the path of the flood water, suggesting significant uranium mobilization 
during the flooding, eventually entering the groundwater (Fig. 3e). The 
distribution and direction of the added uranium in the groundwater 
corresponded to that of bromide, indicating uranium addition during the 

Table 2 
Temporal moment analysis (M) of chloride (Cl), uranium (U), and sulfate (SO4) showing relative zeroth, relative first (M1) and relative second moment, about the mean 
(M2) with Reactivity Indices (RI).  

Flood-1 

M Well 1001 Well 1005 Well 1011 
Cl U SO4 Cl U SO4 Cl U SO4 

Mo 1.26 1.25 1.26 1.52 1.66 1.54 1.25 1.40 1.34 
M1 0.91 0.92 0.91 0.96 0.96 0.95 1.03 1.03 1.04 
M2 0.87 0.87 0.87 0.82 0.81 0.82 0.84 0.80 0.80 
RI 9.13 8.23 9.39 29.9 47.81 32.87 8.86 20.10 15.47  

Flood-2 

M Well 1000 Well 1005 Well 1010 
Cl U SO4 Cl U SO4 Cl U SO4 

Mo 1.09 1.42 1.45 1.11 1.40 1.35 1.04 1.39 1.31 
M1 1.00 0.93 0.93 0.99 0.96 0.98 1.00 1.12 1.11 
M2 0.97 0.86 0.85 0.99 0.86 0.88 0.98 0.91 0.95 
RI 1.02 20.09 23.19 1.16 18.21 13.96 0.17 18.13 10.89  
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flooding. Additionally, chloride exhibited a similar pattern to uranium, 
further suggesting mobilization of potentially reactive solutes during the 
flooding event (Fig. 3f). 

During Flood-2, the flood water contained iodide as an added tracer 
and infiltrated for about 12 days (Table 1) through the flood basin 
(Fig. 2). The center of mass of the resulting plume followed a southeast 
direction, with elevated iodide signals detected in monitoring wells 
1000, 1005, and 1010 post flooding (Fig. 4a). Tracer mass calculations 
revealed that about 28.3% (600 g) of the total infiltrated iodide mass 
(2118 g) passed across transect-2 (Fig. 2) during Flood-2 (Fig. S5), with 
higher masses observed in wells 1000, 1005, and 1010 (Fig. S6). Unlike 
bromide in Flood-1, iodide isocontours illustrated a heterogeneous 
behavior across the site in Flood-2 (Fig. 4a). The heterogeneity was also 
evident in the breakthrough curve patterns with double hump pattern in 
the breakthrough curves (Fig. S3). Despite the heterogeneity observed 
during Flood-2, the spatial (Fig. 4a) and temporal (Fig. S3) extent of 
iodide with elevated signals across the three transects of the well gallery 
suggested that a significant volume of flood water passed through the 
experimental site. 

Before Flood-2, uranium concentration in groundwater ranged from 

0.84 to 1.08 mg/L with a homogenous distribution in the groundwater 
(Fig. 4b). The data indicated that aqueous uranium concentration 
reached a similar range as the first flooding (Flood-1) before initiation of 
Flood-2. Following the initiation of Flood-2, the aqueous uranium con-
centration increased, ranging from 0.85 to 1.41 mg/L with higher values 
being concentrated along the flood water path (Fig. 4c). Similar to 
Flood-1, flood water during Flood-2 had a lower uranium concentration 
(0.01 mg/L) than that of groundwater (mean = 0.94 mg/L). Conse-
quently, the uranium concentration in the groundwater after the 
experiment would be expected to be diluted, ranging from 0.34 to 1.06 
mg/L (Fig. 4d). However, the observed uranium concentration did not 
behave as expected, indicating a substantial amount of uranium was 
mobilized and added (Fig. 4e) to the groundwater during the experi-
ment. The plume pattern and direction of the mobilized uranium in the 
groundwater corresponded to that of iodide, indicating uranium was 
mobilized and added during the flooding. Furthermore, chloride was 
also observed to be mobilized in a similar pattern to uranium (Fig. 4f). 
While much lower chloride mobilized during Flood-2 compared to 
Flood-1, the area of higher concentration of the chloride plume corre-
sponded to that of iodide and uranium, indicating that the chloride was 

Fig. 3. Flood-1: (a) Homogenous bromide (Br) isocontours after flooding, (b) homogeneous uranium (U) distribution before flooding, (c) elevated observed uranium 
concentration after flooding, (d) diluted expected uranium (U) after flooding, (e) mobilized uranium (U) during flooding, (f) mobilized chloride (Cl) during flooding. 
It is noteworthy that uranium (0.01 mg/L) and chloride (14 mg/L) concentrations were very low in flood water compared to that of groundwater (uranium = 0.97 
mg/L and chloride = 422 mg/L). The semi-circle at the upper left of each figure indicates the location of the flood basin. The plume maps are skewed to SE direction, 
in line with groundwater flow direction. 
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mobilized during Flood-2. These results reinforced the concept of 
contaminant mobilization during flooding events. 

3.1.2. Chloride breakthrough curves 
During Flood-1, the signal of the observed breakthrough curve was 

notably stronger at well 1001, gradually decreasing in wells 1005 and 
1011. However, the observed and expected breakthrough curves of 
chloride differed across the transects during Flood-1 (Fig. 5). These re-
sults suggested that mass transport characteristic of chloride was 
different than that of added tracer (bromide) and chloride mobilization 
was controlled by mechanisms other than advection and dispersion 
during the flooding (Paradis et al., 2019). Furthermore, observed chlo-
ride concentrations exceeded expected concentrations in all three wells 
(Fig. 5). The results indicated a net addition of chloride in the ground-
water during the flooding event (Paradis et al., 2019) that resulted in 
approximately 29% chloride mass increase in groundwater (Fig. 8). 

During Flood-2, the signal of the observed breakthrough curve was 
relatively stronger at well 1000, gradually decreasing in wells 1005 and 
1010. Similar to Flood-1, the observed and expected breakthrough 
curves of chloride were not identical throughout the transects during 

Flood-2 (Fig. 5). Consistent to results obtained in Flood-1, these obser-
vations indicated that mobility of chloride differed from than that of 
added tracer (iodide) and the mobility was controlled by mechanisms 
other than advection and dispersion during the flooding (Paradis et al., 
2019). Additionally, Fig. 5 indicated that after approximately 5 days, the 
observed breakthrough curves of chloride aligned closely with expec-
tations, suggesting dilution occurred after this period during Flood-2. 
Moreover, the observed chloride concentrations did not substantially 
exceed the expected concentrations, as seen in Flood-1 in all three wells 
(Fig. 5). The results indicated that despite a net addition of chloride 
resulting in about 10% chloride mass increase in groundwater (Fig. 7), 
there was a considerable decline in chloride mass during Flood-2 
compared to Flood-1. 

3.1.3. Uranium and sulfate breakthrough curves 
The signal of the observed breakthrough curve was relatively 

stronger at well 1001, gradually decreasing in wells 1005 and 1011 for 
both contaminant species (uranium and sulfate) (Fig. 6 and Fig. 7). The 
observed and expected breakthrough curves of the contaminants were 
not identical throughout the transects during Flood-1 (Fig. 6 and Fig. 7). 

Fig. 4. Flood-2: (a) Heterogenous iodide (I) isocontours after flooding, (b) homogeneous uranium (U) distribution before flooding, (c) elevated observed uranium 
concentration after flooding, (d) diluted expected uranium (U) after flooding, (e) mobilized uranium (U) during flooding, (f) mobilized chloride (Cl) during flooding. 
It is noteworthy that uranium (0.01 mg/L) and chloride (66 mg/L) concentrations were very low in flood water compared to that of groundwater (uranium = 0.94 
mg/L and chloride = 328 mg/L). The semi-circle at the upper left of each Fig. indicates the location of the flood basin. The plume maps are skewed to SE direction, in 
line with groundwater flow direction. 
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These results suggested that the mobility of the contaminants during 
Flood-1 was dissimilar to that of the added tracer (bromide), indicating 
that other mechanisms beyond advection and dispersion controlled their 
mobility during the flooding event (Paradis et al., 2019). Moreover, the 
breakthrough curves of observed uranium and sulfate concentrations 
exceeded the expected curves during the event (Fig. 6 and Fig. 7), 
indicating a net addition of the contaminants (Paradis et al., 2019). The 
net addition resulted in approximately 21% of uranium and 24% of 
sulfate mass increase in groundwater (Fig. 8). 

Similar to Flood-1, the observed and expected breakthrough curves 
of the contaminants (uranium and sulfate) differed from each other in all 
three wells during Flood-2 (Fig. 6 and Fig. 7). These results indicated 
that the mobilization of uranium and sulfate was different than that of 

added tracer (iodide), and the mobility was controlled by mechanisms 
other than advection and dispersion during the flooding (Paradis et al., 
2019). Similar to Flood-1, the observed uranium concentration exceeded 
significantly than expected concentrations during Flood-2. The results 
indicated a net addition of contaminants which caused about 24% of 
uranium and 25% of sulfate mass increase (Fig. 8) in groundwater 
during Flood-2. 

Similar to chloride, uranium, and sulfate, the mobilization of other 
potentially reactive solutes (Na, Mg, K, Ca, Mo) differed from that of the 
added tracers during flooding events, indicating a net addition to the 
groundwater (Fig. 8). However, a substantial reduction in manganese 
mass was observed during both flooding events (Fig. 8). Other redox 
sensitive ion, iron (Fe2+) revealed a notably low concentration of 0.42 

Fig. 5. Chloride breakthrough curves in (a) well 1001 (transect-1), (b) well 1005 (transect-2), and (c) well 1011 (transect-3) during Flood-1; (d) well 1000 (transect- 
1), (e) well 1005 (transect-2), and (f) well 1010 (transect-3) during Flood-2. The dashed line shows the arrival times of the maximum concentrations of the ‘observed’ 

breakthrough curves. 

Fig. 6. Uranium breakthrough curves in (a) well 1001 (transect-1), (b) well 1005 (transect-2), and (c) well 1011 (transect-3) during Flood-1; (d) well 1000 (transect- 
1), (e) well 1005 (transect-2), and (f) well 1010 (transect-3) during Flood-2. The dashed line shows the arrival times of the maximum concentrations of the ‘observed’ 

breakthrough curves. 
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mg/L in well 1001 (Fig. 2), which gradually decreased below detection 
limit of 0.03 mg/L along the transects during both flooding experiments. 
It is possible that the flooding of oxygenated river water (ORP = 103 mV 
in Flood-1 and ORP = 207 mV in Flood-2) caused manganese and iron 
(Fe2+) to eventually precipitate or get adsorbed within sediments (Aiken 
and Ying, 2023; Singh et al., 2014). 

3.2. Mobilizing hydrogeological compartment 

Our study area is characterized by two compartments (Fig. 9) which 
are an overlying vadose zone and an underlying groundwater (Dam 
et al., 2015). The injection experiment (mentioned in Section 2.1), 

conducted directly into the aquifer prior to our flooding experiments, 
found that the potentially reactive solutes (chloride, uranium, sulfate, 
sodium, magnesium, potassium, calcium, and molybdenum) behaved 
conservatively as expected, except for manganese and iron in the aquifer 
(Paradis et al., 2022a). The study concluded that these reactive solutes 
(except for manganese and iron) in the aquifer sediments were non- 
reactive and did not get mobilized upon direct injection to the ground-
water. In contrast, during our flooding experiments, where the flood 
water travelled through the vadose zone (Fig. 9) before entering the 
groundwater, mobilization of reactive solutes and the addition of the 
solute mass to the groundwater were observed (Fig. 8). The results from 
our study suggested that while manganese and iron decreased their 

Fig. 7. Sulfate breakthrough curves in (a) well 1001 (transect-1), (b) well 1005 (transect-2), and (c) well 1011 (transect-3) during Flood-1; (d) well 1000 (transect-1), 
(e) well 1005 (transect-2), and (f) well 1010 (transect-3) during Flood-2. The dashed line shows the arrival times of the maximum concentrations of the ‘observed’ 

breakthrough curves. 

Fig. 8. Added (U, Cl, SO4, Na, Mg, K, Ca, Mo) and removed (Mn) of potentially reactive solutes during (a) Flood-1 and (b) Flood-2 in transect-2.  
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mobility during the floodings, all other potentially reactive solutes, 
exhibited reactivity and increase mobilization, resulting in a substantial 
release of these solutes into the groundwater during the flooding ex-
periments (Fig. 8). The contrast between the findings of the previous 
study (Paradis et al., 2022a) and our analyses indicated that mass 
mobilization during the flooding experiments occurred primarily from 
the vadose zone and not from the aquifer. The results are in line with the 
three-year multilevel groundwater monitoring data report at our study 
site, Riverton (U.S. Department of Energy, 2019). The report showed 
that the concentration of the reactive solutes in shallow groundwater 
increased during large flooding events in 2010, 2016 and 2017, near the 
Little Wind River (Fig. S1). However, the groundwater quality remained 
unchanged during monitoring in 2018 when no flooding or extreme 
recharge events occurred. The results from our study and well moni-
toring indicated that vadose zone is the key hydrogeological compart-
ment that served as a storage for contaminants before the flooding 
events and that the contaminants were substantially mobilized from the 
vadose zone during the events. 

3.3. Mobilization mechanisms 

3.3.1. Physical mobilization 
During Flood-1, the observed breakthrough curves of the contami-

nants (uranium, and sulfate) along with chloride exhibited a gradual 
arrival of a peak throughout the transects (Fig. 5, Fig. 6, and Fig. 7). The 
arrival of the peak of observed chloride, uranium and sulfate break-
through curves was approximately 4 days earlier in well 1001, and 
about 3 days earlier in well 1005 and about 7 days earlier in well 1011 
than that of expected (Fig. 5, Fig. 6, and Fig. 7). These data suggested 

that chloride, sulfate, and uranium arrived earlier than the tracer- 
induced flood water during Flood-1. 

During Flood-2, the observed breakthrough curves of contaminants 
(uranium, and sulfate) along with chloride exhibited a rapid arrival of a 
peak in well 1000. The peak concentration became gradually less pro-
nounced in wells 1005, and 1010 (Fig. 5, Fig. 6, and Fig. 7). The peak of 
observed chloride concentrations arrived about 6 days earlier in well 
1000, 7 days earlier in well 1005, and 3 days earlier in well 1010 than 
that of expected (Fig. 5). The peak of observed uranium concentrations 
arrived about 4 days earlier in well 1000, about 1 day earlier in well 
1005 than that of expected, and almost at the same time as the expected 
in well 1010 (Fig. 6). The peak of observed sulfate concentrations 
arrived about 4 days earlier in well 1000, 7 days earlier in well 1005, 
and 2 days earlier in well 1010 than that of expected (Fig. 7). These data 
suggested that chloride, uranium, and sulfate arrived earlier than the 
tracer-induced flood water during Flood-2. 

The early arrival of the peak concentrations during both floods can 
be explained by the action of a compression wave that propagate 
through saturating density-driven fluid (Gross et al., 2003). During a 
flooding event, the arrival of flood water at the surface causes an abrupt 
pressure change, that subsequently generates the compression wave. 
Such abrupt pressure changes often occur at the wetting fronts of 
floodings (Amiaz et al., 2011; Dahan et al., 2008). In our flooding ex-
periments, the wetting fronts were indicated by the arrival of the non- 
reactive tracers in the expected breakthrough curves (Fig. 5, Fig. 6, 
and Fig. 7). The compression wave, in turn, enhances the advection of 
solute and can cause abrupt solute-displacement in the groundwater 
(Amiaz et al., 2011). The mechanisms are also suggested by mathe-
matical models developed for compressible fluid (Sorek and Bear, 1990) 

Fig. 9. Conceptual figure of the hydrogeological compartments and mobilization mechanism of the contaminants (uranium and sulfate) (a) pre flooding evens and 
(b) during and post flooding events; the blue arrows show downward infiltration. The red dots represent contaminants in solid-phase evaporites, vadose zone pore 
water and groundwater. (For interpretation of the references to colour in this figure legend, the reader is referred to the web version of this article.) 
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and compressible fluid with a solute in saturated porous media, 
following the onset of an abrupt pressure change (Sorek, 1996). These 
mechanisms can be attributed to wave-driven transport, regardless of 
saturated or unsaturated conditions (Amiaz et al., 2011). Moreover, 
Warrick et al., 1971 theoretically and experimentally showed solute 
displacement in the vadose zone with percolating water where the 
displacement is highly dependent on the moisture content at the soil 
surface during infiltration. 

In view of the previous studies, the results from our study suggested 
that contaminant-rich pore water in the vadose zone (Fig. 9) could be 
impacted by the propagating wave, thereby generating the peak ahead 
of the tracer-induced flood water. In addition, the pore water can 
accumulate a significant amount of contaminants that become more 
concentrated in the variably saturated zone and gradually dilutes closer 
to the water table (Du Laing et al., 2007; Nativ et al., 1995). Therefore, 
in our flooding experiments, it is plausible that the tracer-induced flood 
water generated the compression wave upon arrival the surface and 
subsequently propelled solute-concentrated pore water above the water 
table (Fig. 9) and then into the groundwater, leading to the earlier 
arrival of the solute pool. 

3.3.2. Chemical mobilization 
During Flood-1, the breakthrough curves of chloride, uranium, and 

sulfate (Fig. 5, Fig. 6, and Fig. 7) showed a sustained elevated concen-
tration for the duration of the flooding. The data suggested that an 
additional mobilization mechanism was prominent for all three solutes 
during the flooding event. The reactive mobilization was further quan-
tified via relative temporal moment analysis (Paradis and Sultana, 2024) 
of the solute breakthrough curves. These relative moments (M) char-
acterize mass (Mo), advection (M1), and dispersion (M2) of a solute with 
numeric values. The numerical values indicate the dominant mobiliza-
tion mechanism of a solute and measure its reactivity with reactivity 
index (RI). In addition, such values identify solutes with similar trans-
port mechanisms to further understand their potential mechanisms of 
reactive transport. 

Analysis of the relative moments for bromide, a non-reactive tracer, 
yielded expected results, with its relative moments (M) equal to one and 
a reactivity index (RI) of zero, indicating no reactivity throughout the 
transects (Table S4). However, for the reactive solutes, Mo were signif-
icantly >1, with M1 and M2 moments were closer to 1 and RI greater 
than zero (Table 2). The RI values suggested reactivity of the solutes that 
is attributed to their reactive mass mobilization based on Mo values, 
during Flood-1. These findings align with breakthrough curve observa-
tions and the added mass of the solutes (Fig. 8). In addition, the values of 
Mo, M1 and M2 of chloride, uranium, and sulfate were almost similar 
throughout the transects with reactivity indices closer in values in well 
1001 than others (Table 2). The data suggested that the additional mass 
mobilization mechanism for chloride and the contaminants (uranium 
and sulfate) were similar to each other during the flooding event. 

During Flood-2, the breakthrough curves of uranium and sulfate 
(Fig. 6 and Fig. 7) consistently exhibited elevated concentrations 
throughout the flooding period. In contrast, the sustained elevated 
concentration of chloride was negligible after its initial peak arrival 
(Fig. 5). The difference suggested that while an additional mobilization 
mechanism was prominent for uranium and sulfate during Flood-2, it 
was not significant for chloride. The reactive mobilization was further 
quantified via moment calculation (Paradis and Sultana, 2024) of the 
solute breakthrough curves. Iodide, a non-reactive tracer, exhibited 
relative moments (M) equal to one and a reactivity index (RI) of zero in 
all three wells, as expected (Table S3). In contrast, for uranium and 
sulfate, the relative moments Mo was significantly >1, while the relative 
M1 and M2 moments were closer to 1 with reactivity indices significantly 
greater than zero (Table 2). The results of RI indicated reactivity of the 
contaminants (uranium and sulfate) that could be attributed to their 
reactive mass mobilization based on the Mo values, during Flood-2. 
These results are consistent with the breakthrough curve observations 

and the added mass of the solutes (Fig. 8). In contrast, chloride exhibited 
relative moments, Mo that was not significantly >1, and M1 and M2 
closer to 1 with RI significantly closer to zero (Table 2). The results of RI 
indicated that, unlike Flood-1, chloride was not significantly reactive 
during Flood-2, which was also evident in the breakthrough curves of 
chloride (Fig. 4). In addition, the values of Mo, M1, M2 and RI for the 
contaminants were almost similar throughout the transects, whereas 
these values for chloride was significantly different from that of con-
taminants. The results suggested that, while the additional mass mobi-
lization mechanism for contaminants was similar during Flood-2, 
chloride behaved differently. 

The additional mass mobilization mechanism during Flood-1 for 
chloride, uranium, and sulfate, and during Flood-2 for uranium and 
sulfate, can be explained by the generation of wetting fronts by flood 
water propagating downward through the vadose zone to the water 
table (Fig. 9) during flooding events (Dahan et al., 2008). During the dry 
seasons the sediments in the vadose zone accumulate high concentration 
evaporite salts (Fig. 9) due to evaporation of sediment pore water to a 
low water content (Amiaz et al., 2011). As recharge proceeds during the 
flooding events, percolating flood water through the vadose zone in-
teracts with soluble salts and the flood water wetting front leaches out 
salts (Fig. 9) from the vadose zone (Amiaz et al., 2011). The evaporite 
salts, notably bearing chloride and sulfate, are highly soluble when in 
contact with water (Drever, 1982). Surface and subsurface evaporites 
with concentrated uranium were also observed in our study area 
(Johnson et al., 2016). The majority of these evaporites were sulfate- 
and chloride-bearing evaporites (U.S. Department of Energy, 2019) 
where sulfate was present at an average of 85 g/kg with uranium 
concentrated at an average of 0.014 g/kg (U.S. Department of Energy, L. 
M, 2014). Therefore, it is possible that as the wetting front of the flood 
water was propagating during our flooding experiments through the 
vadose zone, it dissolved the precipitated sulfate- and chloride-bearing 
evaporites with concentrated uranium and subsequently released then 
into groundwater. The relative moments analysis and solid-phase data 
suggested that the additional mass mobilization was prominently via 
uranium-rich sulfate evaporite dissolution likely forming uranium- 
bearing evaporite couple such as U(SO4)2, UO2SO4, UO2(SO4)22−, as 
identified from PHREEQC simulations, during both flooding events. 
Contaminant release from the evaporite dissolution was further sup-
ported by the release of other evaporite-related constituents (sodium, 
calcium, magnesium, and potassium) from the vadose zone during both 
flooding events (Fig. 8), which were likely in sulfate-bearing evaporite 
forms (NaSO4−, CaSO4, MgSO4, and KSO4−). The release of the evaporite- 
related constituents with uranium were also observed during larger 
flooding events occurred in 2016 and 2017 in Riverton (U.S. Department 
of Energy, 2019). In addition, the relative moments and reactivity 
indices of these evaporitic constituents were close to that of uranium, 
and sulfate during both floodings and with chloride during Flood-1 
(Table S4). These results further indicated uranium-rich sulfate evapo-
rite dissolution as the predominant contaminant release from the vadose 
zone during both floodings, with chloride evaporites contributing pri-
marily during Flood-1. 

While both chloride- and sulfate-rich evaporite salts are soluble upon 
contact with water, chloride salts dissolve faster than sulfate salts during 
the re-solution stage (Drever, 1982). In contrast, chloride salts precipi-
tate slower than sulfate salts during the dry stage (Armellini et al., 
1994). Thus, it is possible that the chloride evaporite salts that were 
present in the vadose zone prior to our flooding experiments, dissolved 
away faster than sulfate evaporites during Flood-1. There was a one-year 
interval between the two flooding experiments which might not be 
enough for chloride evaporite salts to fully precipitate in the vadose zone 
before Flood-2. Consequently, less chloride release was observed during 
Flood-2. 
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3.4. Impact of added alkalinity 

Since the primary contaminant at our study site is uranium (Dam 
et al., 2015), alkalinity was added during Flood-2 to determine whether 
this addition could remediate the contaminated site by accelerating 
uranium flushing from the vadose zone. Moreover, the accumulated 
secondary uranium mass that persists in the vadose zone, mostly in as-
sociation with evaporites, can maintain a dissolved contaminant plume 
for numerous millennia at uranium-contaminated sites. This persistence 
occurs even after approximately 99% of the primary uranium mass has 
been removed from the surface (Kent et al., 2024), as observed at the 
Riverton site (Dam et al., 2015). In addition, the groundwater down-
gradient of the Riverton site remains contaminated despite large 
flooding and recharge events in 2010, 2016, and 2017 (U.S. Department 
of Energy, 2019). This observation further supports the persistence of 
uranium-associated evaporites in the vadose zone and the continuous 
contamination of groundwater from the vadose zone. Thus, during 
Flood-2, an additional 1553 mg/L NaHCO3 was mixed with the flood 
water for remediation purpose (Table 1). The added alkalinity was 1.8 
times higher than that of pre-flooding groundwater which was 550 mg/L 
as CaCO3 (Table S2). High bicarbonate concentration was previously 
found to increase uranium desorption rate due to formation of aqueous 
U-CO3 species (Alam and Cheng, 2014; Liu et al., 2017). U(VI) is far 
more mobile than U(IV) and the mobility of U(VI) is enhanced by the 
relatively high carbonate concentrations characteristic of many alkaline 
systems (Dong and Brooks, 2006; Qafoku and Icenhower, 2008). 

During Flood-2, the mobilized uranium mass from the vadose zone 
was slightly higher (24%) than it was in Flood-1 (21%) (Fig. 8). The 
results suggested the added alkalinity might have an impact on 
increased uranium mobility during Flood-2. However, the pattern and 
concentration of alkalinity was observed to be almost identical to that of 
expected during the flooding event (Fig. S7) with pH in range of about 
7–7.4. The results indicated that, despite the added alkalinity, the net 
addition of uranium to the groundwater during Flood-2 was not signif-
icantly higher, albeit solid-phase uranium concentrations before Flood-2 
were unknown. Thus, the effectiveness of added alkalinity on uranium 
mobilization could not be determined with confidence. It is noteworthy 
that an excess alkalinity injection could cause more uranium retardation 
than desorption via uranium coprecipitation with calcite (Chen et al., 
2016; Dangelmayr et al., 2023). Thus, the possibility of a certain amount 
of uranium retardation during Flood-2 with added alkalinity cannot be 
disregarded. The above results suggested that added alkalinity might not 
be an effective remediation technique for a uranium-contaminated site 
with uranium in the vadose zone. 

4. Conclusions 

This study experimentally simulated two flooding events at a field 
scale, to characterize contaminant mobility during natural flooding 
events. It was hypothesized that the contaminant mobilization from the 
vadose zone was due to contaminant-rich evaporite dissolution during a 
flooding event. The current study clearly established that the vadose 
zone serves as a long-term source for contaminant release during 
flooding events. Additionally, the study identified two primary mobili-
zation mechanisms of contaminants from the vadose zone - (1) physical 
mobilization attributing to the release of contaminant-rich pore water 
from the vadose zone, and (2) chemical mobilization attributing to the 
dissolution of contaminant-rich evaporite minerals that accumulated in 
the vadose zone sediments. The study was inconclusive with regard to 
effectiveness added alkalinity as a remediation measure in a field 
setting, particularly for uranium, and was unable not determine whether 
contaminant-rich pore water originated from the unsaturated zone or 
the capillary fringe layer. Nonetheless, our findings have important 
implications for plume monitoring as they contribute to identifying 
secondary source locations and understanding the processes governing 
the release of contaminants during flooding events. Our study 

documented the release of contaminants from the vadose zone, with 
findings from our flooding experiments potentially transferable to other 
unconfined granular porous media. The findings from this study will 
better inform reactive transport models by pinpointing the primary 
mechanisms responsible for contaminant mobilization from the vadose 
zone during flooding events. This refined understanding will, in return, 
improve the predictive capabilities of future reactive transport models. 
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