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A B S T R A C T

Heterogeneity of soil hydraulic (e.g., hydraulic conductivity (KS), porosity (θS)) and chemical (e.g., solid-phase 
adsorption (Kd)) properties complicates contaminant transport by creating spatial variability in sources of 
contaminant leaching. There is a knowledge gap on the effect of the interplay between these properties on the 
retardation and transport of per- and polyfluoroalkyl substances (PFAS) with different properties including 
carbon–fluorine chain-length and functional groups even in water-saturated conditions. Breakthrough curves 
have been used to evaluate PFAS transport behavior through heterogeneous media, including arrival time, 
maximum concentration, and tailing behavior. Contaminant mass flux reduction and mass removal correlations 
are also compared using numerical modeling to characterize PFAS transport through different source zones 
within a two-domain, heterogeneous system with comparison to homogeneous scenarios under water-saturated 
conditions. With heterogeneous properties, model sensitivity to KS was the highest among the other parameters 
and was controlled by the KS ratio between the different soils. The PFAS models in the homogeneous and het
erogeneous scenarios were both sensitive to θS, depending on PFAS chain length. However, long-chain PFAS were 
less sensitive to θS variability compared to short-chain PFAS due to their higher Kd. The homogeneous and 
heterogeneous scenarios were equally sensitive to Kd variability, which was dependent on PFAS chain length.

1. Introduction

Per − and polyfluoroalkyl substances (PFAS) are synthetic, fluori
nated organic compounds created in the 1940s that have been used as 
stain, oil, and water repellants (Glüge et al., 2020; Johnson et al., 2022). 
Some of the main sources of PFAS in the environment include aqueous 
film forming foams (AFFF), biosolid landfill applications, and effluents 
from wastewater treatment plants, which contributed to global 
contamination of surface water, soils, and groundwater (Bolan et al., 
2021; Dasu et al., 2022; Hu et al., 2016; Johnson et al., 2022; Kurwadkar 
et al., 2022; McGarr et al., 2023). Due to the strong carbon–fluorine 
bonds, PFAS are considered persistent and recalcitrant in the environ
ment and several PFAS species have been found to be harmful to humans 
and animals (Cara et al., 2022; Ghisi et al., 2019; Peritore et al., 2023; 
Teunen et al., 2021; Vorst et al., 2021). The prolonged deposition of 
PFAS in the environment has raised concerns about their transport and 

retention in soils and aquifers, which urges investigation of effective 
removal strategies.

The transport and retention of PFAS in the vadose zone varies 
depending on the properties of the specific PFAS compound and soil 
properties (Brusseau, 2021; Brusseau et al., 2019a; Costanza et al., 2019; 
Huang et al., 2022; Sharifan et al., 2021; Silva et al., 2021). While PFAS 
share some general properties, their persistence level is closely related to 
their chemical structures and chain lengths. Long-chain PFAS, with eight 
or more carbon–fluorine bonds, are generally more hydrophobic 
compared to short-chain PFAS, leading to stronger interactions with soil 
organic matter (Brusseau, 2023; Gagliano et al., 2020; Kookana et al., 
2022; Makselon, 2019). The two main subclasses of PFAS (carboxylic 
acid and sulfonic acid) exhibit different adsorption affinities and 
retention behaviors within soils (Ahrens et al., 2010; Fabregat-Palau 
et al., 2021; Higgins and Luthy, 2006). Sulfonic acids, as stronger 
acids, readily donate protons to water and were found to have stronger 
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adsorption to sediments and suspended particles for the same pH and 
solute ionic strength (Higgins and Luthy, 2006; Huang et al., 2022; 
Nguyen et al., 2020; Pereira et al., 2018). Higgins and Luthy (2006)
found that the partitioning coefficients of the perfluoroalkyl sulfonic 
acids were 0.23 log units higher compared to the perfluoroalkyl car
boxylic acids with the same carbon chain length. Additionally, adsorp
tion of PFAS to air–water and oil–water interfaces can be a significant 
retention process under unsaturated soil conditions in the vadose zone 
(Guo and Brusseau, 2024). Long-chain PFAS have been observed to have 
higher affinity to adsorb at fluid–fluid interfaces, particularly at higher 
solute concentrations (Brusseau, 2019; Zeng et al., 2021). Zeng et al. 
(2021) found that PFAS transport models of vadose zone soils were more 
sensitive to interface properties for longer-chain PFAS, whereas short- 
chain PFAS were more influenced by solid-phase adsorption proper
ties. Soil physical and chemical properties including soil texture, organic 
matter content, aquifer hydraulic conductivity (KS), porosity (θS), pH, 
moisture content, ionic strength, and redox conditions play crucial roles 
in PFAS retention (Brusseau et al., 2019b; Van Glubt et al., 2021; Wang 
et al., 2021a).

The complex interplay of these factors in heterogeneous aquifers 
with variable physical and chemical properties makes it challenging to 
predict and manage PFAS retention in soil (Hitzelberger et al., 2022). In 
water-saturated, heterogeneous aquifers where the air–water interface 
is negligible, PFAS retention is controlled by variable nonlinear 
adsorption, kinetic adsorption, and hydraulic properties of soils, which 
can be spatially variable and result in development of secondary source 
zones (Hitzelberger et al., 2022). The solid-phase adsorption partition
ing coefficient (Kd) may correlate positively or negatively with KS and θS 
depending on the type of soil and solute chemical properties (Cvetkovic 
and Dagan, 1994; Cvetkovic and Shapiro, 1990; Dagan, 1984; Michael 
and Khan, 2016; Soltanian and Ritzi, 2014; Talon et al., 2023; Van der 
Zee and Van Riemsdijk, 1987). In turn, the correlation can be negative or 
positive depending on sediment type and the solute chemistry (Soltanian 
and Ritzi, 2014). A model with negative correlation between Kd and KS is 
most often used for sedimentary sandy-clayey rocks (Allen-King et al., 
1998; Allen-King et al., 2015; Soltanian et al., 2015b; Soltanian et al., 
2015c; Tompson, 1993). Increasing clay content is generally positively 
correlated with Kd along with decreases in Ks, because the latter is 
related to permeability, which is inversely related to clay content. In 
contrast, a different pattern can be observed in fractured crystalline 
rocks (Chen et al., 2023; Dai et al., 2012; Soltanian et al., 2015a). 
Physical and chemical weathering causes the disintegration of rocks, 
and leads to the formation of weathering products (void coating and/or 
filling material), which tends to increase the amount of sorption reactive 
sites. Similarly, fracture aperture tends to increase resulting in an in
crease in both Kd and Ks. Thus, the positive correlation between the two 
characteristics is also possible. In some cases, examples that contradict 
this phenomenon were found in the literature where the presence of a 
small amount of reactive solid surfaces may dominate the sorption 
behavior but have little effect on the hydraulic conductivity both in 
sedimentary and crystalline rock systems (Dai et al., 2009; Zhao et al., 
2005).

Regression between mass flux reduction (MFR) and mass removal 
(MR) in contaminant mass flux has been developed as a method for 
characterizing contamination sources and remediation of contaminants 
in heterogeneous porous media (Goltz et al., 2007; Soga et al., 2004). 
Both MFR and MR are critical metrics for evaluating the performance of 
groundwater remediation systems, such as pump-and-treat, in-situ 
chemical treatment, and natural attenuation processes (Brusseau et al., 
2011; Difilippo and Brusseau, 2008; DiFilippo and Brusseau, 2011a; 
DiFilippo and Brusseau, 2011b; DiFilippo et al., 2010; Jawitz et al., 
2008; Lemke et al., 2004; Marble et al., 2014; Marble et al., 2008; 
Mateas et al., 2017; Soga et al., 2007; Soga et al., 2004; Zareitalabad 
et al., 2013). A higher MFR value indicates a more effective remediation 
system. Achieving a high MFR to MR ratio is often a primary goal in 
contaminated aquifer remediation to minimize the impact of 

contaminants on the environment and human health. These metrics are 
also used to track the progress of remediation efforts over time and 
adjust the treatment strategy, if necessary. MFR-MR curves have been 
used to evaluate cleanup methods for organic liquid spills of nonaqueous 
phase liquid (NAPL) contamination in various types of source zones 
(Akyol et al., 2023; Slavic, 2014). Quantification of MFR and MR is 
crucial for designing in-situ stabilization or flushing cleanup methods 
for contaminants.

Recent efforts have characterized transport of PFAS in soils and 
aquifers with consideration of PFAS partitioning between solids, air, and 
liquid interfaces (Brusseau et al., 2019a; Brusseau et al., 2019b; Wang 
et al., 2021b; Zeng et al., 2021; Zeng and Guo, 2021). Recent work has 
investigated the effect of multiple hydrogeophysical properties and 
examined the effect of soil heterogeneity on PFAS retention and the 
development of preferential pathways for flow and transport under 
water-saturated conditions (Hitzelberger et al., 2022). Under unsatu
rated or variably saturated water flow, Guo et al. (2020) developed a 
mathematical model to represent PFAS-specific transport processes 
including surfactant-induced flow (SIF), non-linear and rate-limited 
solid-phase adsorption (SPA), and air–water interfacial adsorption 
(AWIA). Other work on unsaturated transport has demonstrated the 
differences in PFAS adsorption and chemical equilibrium at air–water 
interfaces for the bulk capillary water and thin-water-film, influenced by 
the different solid surface forces including electrostatic and Van der 
Waals forces (Zhang & Guo, 2024). Silva et al. (2020) modified HYDRUS 
unsaturated flow and transport model to simulate the effects of non- 
linear AWIA, solution surface tension-induced flow, and variable solu
tion viscosity on PFAS transport within the unsaturated vadose zone. 
Their findings demonstrated that soil heterogeneities significantly in
fluence the long-term leaching of the long-chain PFAS more than that of 
their short-chain counterparts. Another study by Maghrebi et al. (2015)
found that the simulated breakthrough curve (BTC) concentration 
tailing was very sensitive to the vertical extent of the thin layers of 
lower-Ks materials, with longer tailing generated by the thicker lower-Ks 
materials. They also noted that Kd was more important for the lower-Ks 
material as it affected the tailing in the BTC, and the simulated BTC 
tailing was sensitive to the volume fraction of thin, lower-Ks facies. The 
sensitivity depended on the shape of these facies; however, the impact of 
volume fractions on tailing was found to be smaller than the impact of 
shape (i.e., thickness of thin lower-Ks facies). The results indicated that 
highly-sorbing, sandy-gravel material, with higher-Ks, can cause plume 
delays. Further research is needed to examine these sorption assump
tions since, for example, non-linearity in sorption isotherms can produce 
different behaviors including nonideal contaminant transport with low 
concentration tailing during elution.

The objective of this research is to develop and compare BTC and 
MFR/MR correlations for transport of various PFAS compounds in two 
different domains (i.e., homogeneous and heterogeneous) under water- 
saturated conditions and to assess the BTC and MFR/MR curve sensi
tivity to variable flow and transport parameters. Numerical models were 
created to simulate solute transport of individual solutes for a wide 
variety of PFAS, with different chain-lengths and functional groups (i.e., 
carboxylic and sulfonic acids). The PFAS investigated include per
fluorobutane sulfonate (PFBS), perfluoropentanoic acid (PFPeA), 
perfluoro-hexanesulfonic acid (PFHxS), perfluorooctanoic acid (PFOA), 
and perfluorooctanesulfonic acid (PFOS). The results were used to create 
BTCs and MFR/MR curves for several commonly encountered PFAS 
contaminants. To our knowledge, this is the first examination of solute 
transport parameter sensitivity or variability for various PFAS in both 
homogeneous and heterogeneous systems including analysis of sensi
tivity or variability of MFR/MR behavior. MFR/MR correlation and 
regression curves quantify the mass flow rate of PFAS exiting or eluting 
an aquifer naturally or through remediation. MFR-MR curves can help in 
either predicting natural contaminant release or to assist with opti
mizing the operation of remediation systems by identifying trends and 
patterns in contaminant mass removal. This insight allows engineers to 
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adjust remediation parameters such as flow rates, extraction well loca
tions, or treatment processes based on the observed performance trends 
to enhance remediation efficiency.

2. Methods

2.1. Numerical model

HYDRUS (2D/3D) computer software package was used to numeri
cally simulate water and solute transport in a two-dimensional model 
(Šimůnek et al., 2014; Šimůnek et al., 2016). Model domain was set as a 
rectangle (40.0 cm × 12.0 cm) with a 2.5 cm depth and is referred to in 
this paper as a ‘flow cell’ as analog for a portion of the subsurface. This 
study focused on parameters for two types of soils; F70 Ottawa sand 
(natural quartz sand with organic-carbon (0.04 %), metal-oxide (14 μg/ 
g Fe, 12 ug/g Al, and 2.5 μg/g Mn), and clay mineral 89 % contents) and 
Vinton soil (sandy loam, mixed, thermic Typic Torrifluvent; consists of 
54 % silica, 36 % feldspar, 3 % amphibole, and 4.7 % clay minerals, the 
clay minerals consist of similar proportions of kaolinite, vermiculite, and 
illite, with small fractions of montmorillonite and amorphous silica). It 
has (0.1 %) organic carbon content and a higher metal-oxide content 
than N70 Ottawa sand). The two soils have distinctively different KS, θS, 
and Kd. Vinton has lower KS, higher θS, and higher Kd for all PFAS 
compared to Ottawa sand. As a result, the insertion of Vinton within 
Ottawa sand altered the transport of PFAS through different mechanisms 
and the effect of the interplay between those mechanisms on the 
retention of these five PFAS and other PFAS remains largely unknown.

Model parameters were adapted from Zeng et al. (2021). Soil hy
draulic parameters (KS and θS) were determined independently by 
Karagunduz et al. (2015) (Table S1). The coefficient of variations of ln 
KS and θS were estimated by Russo and Bouton (1992) as 0.26 and 0.056, 
respectively, and the values were used to determine the standard devi
ation given the average values (Table S2). The maximum and minimum 
KS and θS were also estimated as mean + σ and mean − σ, respectively. 
The sorption partitioning coefficient was defined as: 

Kd = Kf CN−1 (1) 

where C is the solute aqueous concentration (0.4 mg/L) which repre
sents the average maximum concentration of all PFAS in a 1:100 diluted 
AFFF product. Using the same C value for all the models allows for a one- 
to-one comparison between the PFAS breakthrough and the retention 
times of the secondary source mass for all PFAS. The coefficients of 
variation for Freundlich SPA parameters, Kf (μmol/g) and N (−) were 
obtained from parameters measured by Van Glubt et al. (2021) as 0.12 
and 0.05, respectively. Kf and N for PFOS in Ottawa sand and Vinton and 
for PFOA in Ottawa sand were adopted from previous studies (Brusseau, 
2020; Guo et al., 2020; Van Glubt et al., 2021). Zeng et al. (2021)
assumed that N values for the PFAS in each function group (carboxylic 
acid or sulfonic acid groups) were similar for each soil based on the 
previous rationale that nonlinearity for solid-phase adsorption is weak 
for a wide range of sediments (Guelfo and Higgins, 2013; Higgins and 
Luthy, 2006). Kf values for PFBS, PFPeA, and PFHxS were estimated by 
scaling Kf for PFOS and PFOA based on the organic carbon-normalized 
distribution coefficients reported in Zeng et al. (2021) (Table S3). The 
delta method was then used to approximate the variance of Kd given the 
variances of Kf and N (Supplementary S2). The delta method computes 
the asymptotic variance and confidence intervals for a non-linear 
function of a set of previously estimated parameters, typically by the 
method of maximum likelihood (Cox, 2005). The aqueous diffusion 
coefficients (D0) of the PFAS were measured by Schaefer et al. (2019)
(Table S4). The first-order rate constants for the kinetic solid-phase 
adsorption (αs) were only available for PFOA and were estimated for 
the other PFAS compounds assuming that the first-order rate constants 
scaled with the molecular diffusion coefficients (Table S5). The bulk 
densities ρb exhibit a narrow range from field measurement and were 

assumed constants as 1.65 g/cm3 for Ottawa sand and 1.624 g/cm3 for 
Vinton (Zeng et al., 2021). The five PFAS modeled here include per
fluorobutane sulfonate (PFBS; C4), perfluoropentanoic acid (PFPeA; 
C5), perfluorohexanesulfonic acid (PFHxS; C6),perfluorooctanoic acid 
(PFOA; C8), and perfluorooctanesulfonic acid (PFOS; C8).

Model configuration was based on the design used in various flow 
cell experiments and modeling publications that compared homoge
neous conditions to heterogenous conditions that include two domains 
with an inclusion surrounded by a uniform matrix (e.g., Hitzelberger 
et al., 2022). The heterogeneous models consisted of a matrix of higher- 
permeability with one lenticular zone of lower-permeability material, 
which was shaped as a rectangular lens at the center of the flow cell 
(Fig. 1a). The homogeneous models contained only the higher- 
permeability matrix material. For the homogeneous models the 
domain was comprised of only one soil throughout the domain without 
spatial variability (Ottawa sand or Vinton), and for the heterogeneous 
models, the two soils combined (i.e., spatial variability) domain was 
comprised of a Vinton lens inclusion (12.0 cm × 4.0 cm) at the center of 
Ottawa sand (40.0 cm × 12.0 cm) (Fig. 1a). Models were conducted as a 
series of scenarios for each PFAS in each of the three different domains 
(i.e., homogeneous with Ottawa sand, homogeneous with Vinton, and 
heterogeneous).

Water and solute flow were set horizontally parallel to the long 
boundary of the modeled flow cell domain. Boundary conditions for the 
longer boundaries parallel to the flow direction were set as no flow/flux. 
The boundary conditions for the shorter-length, effluent boundary, 
configured perpendicular to the flow direction, were set as constant 
pressure head (h = 0), and the inflow boundary was set as a time vari
able flux. The initial conditions were set as h = 0 and C = 0. The solute 
with C = 0.4 mg/L was injected initially at a flow rate of 0.3 mL/min for 
0.217 pore volume (PV), followed by a water flow rate of 0.2 mL/min 
(equivalent to an average pore water velocity of 9.6 cm/day) until the 
injected solute tracer was completely eluted. The two-dimensional 
advection–dispersion equation (ADE) is described as, 

Rβ
∂c
∂t

= DT
∂2c
dx2 + DL

∂2c
∂z2 − ν ∂c

∂z
− ω(C* − S*) (2) 

R = 1 +
ρ
θS

Kd (3) 

β =

(
θS + FSρKd

θS + ρKd

)

(4) 

DL = αν + Dm (5) 

ω =

((
αSL
ν

)

(1 − β)R
)

(6) 

c* =
C
C0

(7) 

S* =

(
1

(1 − FS)Kd

)(
S2

C0

)

(8) 

where C is the aqueous concentration, C0 is the solute concentration in 
the input solution, R is the retardation factor, ρ is the bulk density, θs is 
the water-saturated porosity, Kd is the solid-phase adsorption coeffi
cient, DL and DT are the longitudinal and transverse dispersion co
efficients, respectively, Dm is the aqueous diffusion coefficient, and z 
and x are the spatial coordinates parallel and perpendicular to the di
rection of flow, v is the average pore water velocity in the flow direction, 
C* is the dimensionless solute concentration, L is the transport length, S2 
is the sorbed concentration in the rate-limited domain, S* is the 
dimensionless sorbed concentration, αS is the first-order sorption rate 
coefficient, FS is the fraction of sorbent for which sorption is instanta
neous, and β and ω are the dimensionless parameters that specify the 
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degree of nonequilibrium in the system.

2.2. Sensitivity analysis

BTCs for the PFAS were constructed by plotting the solute effluent 
concentration in the liquid phase (C) normalized by the injected con
centration (C0) versus the pore volumes (PV) eluted, which is calculated 
as the injected volume normalized by the total porous volume. The 
product of the effluent concentration and flow rate was used to deter
mine the transient mass discharge. Effluent concentrations and flow 
velocity were also used for moment analysis and mass balance calcula
tions. Data points that occur after peak C/C0 and end of solute tracer 
injection in the BTC data were used to create graphs of MFR versus MR 
as, 

MFR = MRn (9) 

1 − jf /ji =
(
1 − Mf /Mi

)n (10) 

where jf is the final mass, ji is the initial mass, n is a fitting parameter, Mf 
is the final source mass, and Mi is the initial source mass.

Three parameter statistics (i.e., mean, maximum (max), and mini
mum (min)) were used to construct models for the sensitivity analysis in 
the homogeneous domains (i.e., Ottawa sand and Vinton). The max and 
min statistics of each parameter were estimated using the mean and 
standard deviation values (i.e., max = mean + σ and min = mean – σ). 
For the homogeneous domains (i.e., Vinton and Ottawa sand), the three 
statistics (i.e., max, mean, and min) were used to create MFR/MR curves 
for each PFAS. For the heterogeneous domain, nine statistics were 
possible between the two soils for each parameter. MFR/MR curves were 
created for each of the three statistics per homogeneous domain and 
nine statistics in the heterogeneous domain.

The ‘n’ parameters were estimated by regression between log MFR 

Fig. 1. (Top) The heterogeneous domain with Vinton lense at the center of Ottawa sand (Mesh size is 83 × 26 cm2), (center) solute concentration countour of PFBS, 
and (bottom) solute concentration countour of PFOA at the beginning of mass removal.
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versus log MFR to examine the sensitivity of MFR/MR curves. The 
standard deviation of the ‘n’ parameter (σn) was estimated through 
regression to quantify MFR/MR sensitivity to the respective parameter 
variability. Sensitivity of the BTCs was quantified by the standard de
viation of the elution PV (that led to zero C/C0). Model sensitivity was 
evaluated through changes in the standard deviation of the elution PV 
obtained from the BTCs and the standard deviation of the ‘n’ parameter 
estimated by regression curve fitting. MFR-MR curves of the homoge
neous domains followed a concave curve and therefore had one ‘n’ 
parameter value. MFR-MR curves of the heterogeneous domain followed 
a multi-step trend with a concave trend at an earlier stage of mass 
reduction and a convex trend at a later stage of mass reduction. There
fore, each MFR/MR curve of the heterogeneous domain had two ‘n’ 
parameters, with ‘n1′ estimated for the lower-MR, concave portion of the 
curve and ‘n2′ estimated for the higher-MR, convex portion of the curve. 
The inflection point between the concave and convex curves represents 
the completion of mass removal from the primary source and the 
beginning of mass removal from the secondary source, which is the less 
accessible zone in the two-domain system.

3. Results and discussion

The results have been organized as follows, 1) we examined and 
compared models results (i.e., BTCs and MFR-MR curves) for each of the 
five PFAS (i.e., PFBS, PFHxS, PFPeA, PFOA, and PFOS) in the homoge
neous domain (in Ottawa sand and Vinton) and in the heterogeneous 
domain, using average parameters values. 2) Next, we quantified the 
sensitivity of the BTCs and MFR/MR curves to each of the three pa
rameters (i.e., θs, Ks, and Kd) in the homogeneous and heterogeneous 
domains as described in section 2.2, 3) and then regressions were 
developed for the heterogeneous models between n1 versus parameter 

ratios (i.e., K
**
S

K*
S
,
θ**

S
θ*

S
, and K**

d
K*

d
), n1 versus parameters area-weighted averages, 

elution PV versus parameters ratios, and elution PV versus the param
eters area-weighted averages, to evaluate the controlling parameter 
statistics on the transport patterns and the trends of the BTCs and MFR/ 
MR curves.

3.1. Model results using average parameters

The five PFAS examined in this study have different molecular 
weights, solid-phase adsorption Kd values, influenced by the PFAS chain- 
lengths and functional groups, and different kinetic adsorption co
efficients (Fs and αs) (Table S5). PFAS molecular weights affect their 
molecular diffusion, but this effect was found to be negligible in these 
advection–dispersion dominated fluid flow models. In this study, we 
examined the importance of kinetic adsorption by comparing BTCs of 
models with kinetic adsorption parameters Fs and αs set to zero with 
comparison to models with the kinetic adsorption parameter values 
listed in Table S5, following the approach of Zeng et al. (2021). We 
found that the concentration retained through kinetic adsorption was 
more than two orders of magnitude less than the concentration retained 
by Freundlich solid-phase adsorption (Table S5).

Fig. 2 shows the BTCs and MFR-MR curves created from the transient 
models using the average parameters of θS, KS, and Kd in homogeneous 
Ottawa sand, homogeneous Vinton, and heterogeneous domain. Vinton 
has Kd values that are one order of magnitude higher than Ottawa sand 
for all PFAS, which was reflected in about 0.3 – 0.7 times lower BTC C/ 
C0 peak in homogeneous Vinton compared to homogeneous Ottawa 
sand. Elution PV was also higher in Vinton and varied between 4.24 PV 
for PFBS to 10.3 PV for PFOS. Alternatively, elution PV in homogeneous 
Ottawa sand varied between 4.16 PV for PFBS to 5.32 PV for PFOS. 
Additionally, homogeneous Vinton has a lower average Ks (0.0702 cm/ 
min) compared to homogeneous Ottawa sand (1.26 cm/min), which 
resulted in about 7.6 to 64.1 % increase in the peak arrival PV in ho
mogeneous Vinton (Fig. 2a and b). Kd range in homogeneous Ottawa 
sand was within a standard deviation of 0.03 cm3/g for all PFAS 
compared to a standard deviation of 0.15 cm3/g in homogeneous Vin
ton, which resulted in higher variability in BTCs for transport in ho
mogeneous Vinton (Fig. 2). The three short-chain PFAS had similar BTC 
C/C0 in homogeneous Ottawa sand (0.7 ± 0.02) and similar elution PVs 
(0.28 ± 0.09), and the two long-chain PFAS had comparable BTC C/C0 
in homogeneous Ottawa sand (0.6 ± 0.01) and similar elution PV (5.28 
± 0.04). The MFR-MR curves of the two homogeneous soils followed 
concave trends for all PFAS and were aligned very closely (Fig. 2d and 

Fig. 2. Comparison of BTCs for the five PFAS in (a) homogeneous Ottawa sand, (b) homogeneous Vinton, and (c) heterogeneous flow cell domain, and MFR/MR 
curves of the five PFAS in (d) homogeneous Ottawa sand, (e) homogeneous Vinton, and (f) heterogeneous flow cell domain using the mean values for mate
rial properties.
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e). The slope of the linear line that fits log MFR versus log MR (n1) for 
the homogeneous soils was used to quantify the sensitivity of the MFR/ 
MR to the three parameters including KS, θS, and Kd. Table S13 and S15) 
list n1 parameters for the homogeneous soils using three statistics (i.e., 
max, mean, and min) of each of the three parameters. When one of the 
statistics was used for one parameter, the mean values of the other two 
parameters were used in the model. n1 was greater than one for all PFAS 
in both homogeneous soils, indicating effective mass removal from the 
two homogeneous soils. The average n1 for all PFAS in homogeneous 
Ottawa sand was 2.08 ± 0.11, when the mean parameter values were 
used in the model, was similar to the average n1 in Vinton (2.02 ± 0.06). 
The n1 of the homogeneous soils does not seem to follow a pattern with 
PFAS chain length. These n1 statistics between homogeneous Vinton 
and homogeneous Ottawa sand indicates that MFR/MR are less sensitive 
to PFAS variability compared to BTCs and that may extend to other PFAS 
and different types of homogeneous soils.

The effect of domain heterogeneity and inclusion of Vinton as an 
inclusion lens in Ottawa sand was evaluated for the BTCs and MFR/MR 
curves of all PFAS (Fig. 2c and f). Peaks of all PFAS arrived at lower PV 
compared to the two homogeneous domains and all five PFAS eluted at 
larger PVs (Fig. 2c). The average PV for peak arrival for the three short- 
chain PFAS was 1.06 ± 0.02 compared to 1.19 ± 0.03 in homogeneous 
Ottawa sand and 1.26 ± 0.11 in homogeneous Vinton. The average PV 
for peak arrival for the two long-chain PFAS was 1.25 ± 0.003 compared 
to 1.44 ± 0.01 in homogeneous Ottawa sand and 2.32 ± 0.09 in ho
mogeneous Vinton. Elution PVs also increased for each of the PFAS due 
to heterogeneity. PFAS had much higher average elution PVs in the 
heterogeneous domain (36.02 ± 3.91) compared to homogeneous 
Ottawa sand (4.28 ± 0.11) and homogeneous Vinton (5.04 ± 0.74), and 
the long-chain PFAS had much higher average elution PVs in the het
erogeneous domain (73.56 ± 2.98) compared to homogeneous Ottawa 
sand (5.28 ± 0.06) and homogeneous Vinton (10.13 ± 0.25). Vinton has 
a lower KS, higher θS, and higher Kd than Ottawa sand (Tables S1–S3). 
Higher KS and higher θS generally increase the velocity and therefore 
accelerate the arrival of solutes, while higher Kd increases solutes 
retention and delays solutes elution. The inclusion of the Vinton lens 
within Ottawa sand created preferential flow paths, accelerating PFAS 
transport. Similar behavior was observed by Li et al. (2024), who 
demonstrated that in heterogeneous riparian sediments, high- 
permeability zones, such as sands and gravels, promote faster PFAS 
breakthrough and earlier plume arrival, despite varying sorption prop
erties. Understanding the effect of heterogeneity and the interplay be
tween the different parameters in the transport and retention of the 
different PFAS is crucial to predict the removal methods.

The MFR/MR curves of the heterogeneous domain followed a multi- 
step trend with a concave trend at a lower mass reduction (which rep
resents the primary source zone with higher hydraulic accessibility), and 
a convex trend at the larger and later mass reduction portion of the curve 
(which represents the secondary mass source with the lower hydraulic 
accessibility) (Fig. 2f). This multi-step behavior was not observed in any 
of the homogeneous domain scenarios, and this multi-step behavior for 
heterogeneous domains is consistent with prior experimental and 
modeling research (DiFilippo, 2010; Hitzelberger et al., 2022). The 
parameter estimated by log MFR versus log MR regression of the 
concave trend was abbreviated as ‘n1′ and the parameter estimated for 
the larger mass reduction, convex part of the trend was abbreviated as 
‘n2′. Tables S17 to S21 summarize n1, n2, and elution PVs for all PFAS 
transport through the heterogeneous domain from the nine parameter 
statistics combining Vinton and Ottawa sand parameters. The long-chain 
PFAS had a comparable mass flux reduction to the short-chain PFAS at 
the first stage of mass removal and up to 0.2 MR in the heterogeneous 
domain (Fig. 2f). At the first stage of MR, mass removed from the pri
mary zone, which is more hydraulically accessible and has a small range 
of Kd for all PFAS. After 0.2 MR, mass reduction was higher for the short- 
chain PFAS, which indicated a more efficient mass removal.

Fig. 1 shows a view of the heterogeneous model domain with a 

Vinton lens placed at the center of an Ottawa sand and concentration 
contours of PFBS, representing a short-chain PFAS, compared to PFOA, 
which represents a long-chain PFAS. Fig. 1c shows that higher PFOA 
concentration was retained in the flow cell compared to PFBS mid-way 
through the elution, which justifies the mass removal efficiency of the 
short-chain PFAS. As the mass removal progressed, mass removal of the 
short-chain PFAS became more efficient in the heterogeneous domain. 
The inflection points between the concave curve and convex curve 
occurred at 0.83, 0.78, 0.80, 0.71, and 0.72 MR for PFBS, PFPeA, PFHxS, 
PFOA, and PFOS, which were consistent with the order of PFAS chain- 
length from shorter to longer. Later inflection points and lower n1 
values (i.e., 1.67, 1.75, 1.68, 1.79, and 2.21, for PFBS, PFPeA, PFHxS, 
PFOA, and PFOS, respectively) were associated with shorter-chain 
length indicating a more efficient mass removal. The elution PVs 
increased in order from PFBS, PFPeA, PFHxS, PFOA, to PFOS 
(Tables S17–S21). Even though PFOA and PFOS are both C8, PFOS had a 
higher elution PV, which was a transport delay influenced by the sul
fonic acid functional group.

Although the BTCs of the two homogeneous domains showed 
different transport behaviors among the PFAS, including different peak 
arrival and elution pore volumes, the MFR/MR curves were less sensi
tive to the type of PFAS as observed by low n1 variability for all PFAS 
(Fig. 2). Although both BTCs and MFR/MR curves provide comple
mentary information to assess the effectiveness of remediation methods, 
BTCs tend to be more suitable to describe the transport behavior and 
compare the results among different PFAS in homogeneous soils. The 
elution behavior, which may have relevance for both risk assessment 
and effectiveness of contaminant remediation, is similar in the homo
geneous soils despite the variability of soils hydraulic properties or the 
PFAS chain-length and functional group.

3.2. Model sensitivity of homogeneous domains

3.2.1. Model sensitivity to homogeneous KS
In the context of the ADE, KS results in faster flow velocities, leading 

to more rapid advection of solutes through the porous domain, earlier 
contaminant breakthrough at monitoring locations, and faster removal 
from porous systems (Yeh et al., 2015). In this study, we prescribed a 
constant flux boundary condition for the entire simulation, which limits 
the numerical effect of varying the hydraulic conductivity. Fig. 3 shows 
BTCs and MFR/MR curves for the five PFAS in homogeneous Ottawa 
sand and homogeneous Vinton using three statistics of KS values for each 
soil (i.e., 11.28, 1.26, and 0.14 cm/min for Ottawa sand and 0.63, 0.07, 
and 0.01 cm/min for Vinton). Table 1 shows the standard deviation of 
n1 and PV for the three Kd statistics. The effect of the prescribed flux 
boundary condition limits model sensitivity to KS as σn1 = 0 and σPV =

0 (Table 1). The range of Ks of natural soils is highly variable between 
soils and within the same soil compared to other soil hydraulic prop
erties (Camp, 1976; Hitzelberger et al., 2022). Camp (1976) found KS 
values ranging from < 0.001 m/d to 0.12 m/d in the same type of soil. 
Average Ks of Ottawa sand and Vinton are within two orders of 
magnitude (i.e., 1.26 ± 1.06 cm/min and 0.0702 ± 0.5 cm/min). Hit
zelberger et al. (2022) found that a moderate amount of heterogeneity in 
Ks has created a contaminant sink in the lower permeability zone. This 
local heterogeneity can create secondary sources and increase the 
retention of contaminants. Although this work focuses on water- 
saturated conditions, unsaturated conditions in the vadose zone can 
include additional parameter variability as well as additional sorption 
retention processes such as AWIA.

3.2.2. Model sensitivity to homogeneous θS
Higher values of θS were associated with decreases in pore-water 

velocity, which delays contaminant arrival and elution even for the 
water-saturated conditions examined herein. Alternatively, higher θS 
also reduces contaminant retardation (eq. (3), which is expected to 
accelerate contaminant arrival and increase the contaminant 
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breakthrough concentration. Fig. 4 compares BTCs and MFR/MR curves 
of the five PFAS in homogeneous Ottawa sand and homogeneous Vinton, 
estimated from models using three θS statistics for each soil (i.e., 0.31, 
0.294, and 0.278 for Ottawa sand, and 0.417, 0.395, and 0.373 for 
Vinton). Higher θs values resulted in late arrivals and elution for all 
PFAS, which are proportion to the PFAS chain-length. We noticed that 
higher θs resulted in 4–10 % wider BTCs in Vinton and Ottawa sand 
compared to the lower θs values, which can be attributed to increased 
lateral dispersion of the plumes (Fig. 4a-4e). Since θs is inversely 
correlated with the retardation factor (R), it was expected that higher θs 
will result in reduced R which was expected to result in earlier arrivals 
and higher breakthrough C/C0; however, herein higher θs resulted in 
delayed PFAS arrivals and lower C/C0 compared to lower θs values 
(Fig. 4). This trend suggests that the PFAS transport was more controlled 
by the contaminant lateral dispersion, which increases with the increase 
of θs, than the effect of the retardation.

The five PFAS had higher BTCs variability in Ottawa sand compared 
to Vinton, as both σn and σPV were higher in Ottawa sand, which we 
speculate was due to a numerical effect (Table 2). When solving the ADE 
equation (Eq. (2), the model divides the equation by R, which is a 
function of the ratio Kd/θS. All PFAS have lower Kd values in Ottawa sand 

compared to Vinton (Table S3). When the mean Kd value of the PFAS in 
Ottawa sand is divided by the three different θS statistics of Ottawa sand, 
this yields values (e.g., X1, X2, and X3) with lower mean and standard 
deviation compared to the values from dividing the average Kd of Vinton 
by the three different θS statistics of Vinton (e.g., Y1, Y2, and Y3). 
Dividing the ADE equation by these values is equivalent to inverting 
those values, and therefore the standard deviation of the inverse is 
approximated by the standard deviation of the values divided by the 
mean of the values. For example, dividing mean Kd of PFBS in Ottawa 
sand (2.29E-03 cm3/g) by the three different θS statistics of Ottawa sand 
(i.e., 0.31, 0.294, and 0.28) yields X1 = 7.36E-3, X2 = 7.77E-3, and X3 
= 8.23E-3. Alternatively, dividing mean Kd of PFBS in Vinton (1.37E-2 
cm3/g) by three different θS statistics of Vinton (i.e., 0.42, 0.40, and 
0.37) yields Y1 = 3.28E-2, Y2 = 3.46E-2, and Y3 = 3.67E-2. Dividing 
any real positive number by X1, X2, and X3 will yield three values with 
higher standard deviation than the one we get by dividing the same real 
positive number by Y1, Y2, and Y3.

The BTCs of the PFBS, PFPeA, and PFHxS aligned very closely in 
Ottawa sand, as these have comparable mean Kd values in Ottawa sand. 
However, PFPeA and PFHxS had longer retention, lower BTC C/C0, and 
greater elution PVs in Vinton compared to PFBS, as Kd for PFPeA and 
PFHxS are higher than PFBS in Vinton (Fig. 4). The BTCs of PFOA and 
PFOS were very comparable in both soils, though, PFOS has a slightly 
dampened BTC C/C0 and greater PV elution. The MFR-MR curves for all 
PFAS had minimal sensitivity to θS compared to the BTCs, as σn values 
did not exceed 0.11 and σPV spanned within a higher range (0.12 – 0.31) 
(Table 2).

3.2.3. Model sensitivity to homogeneous Kd
Contaminant sorption and R is a function of Kd, and increasing R 

leads to decreased solute advection and dispersion and reduced break
through concentration. Fig. 5 compares the BTCs and MFR/MR curves of 
the five PFAS in Ottawa sand and Vinton, estimated using max, mean, 
and min Kd statistics for each soil (Table S3). The sensitivity of the BTCs 
of the homogeneous domains to Kd variability were notably lower 
compared to the BTCs sensitivity to θS, since the BTCs were closely 
matched together for each PFAS (Fig. 5). The standard deviation of n1 
using the three Kd statistics ranged closely between (0.04 – 0.12) in 
homogeneous Ottawa sand and (0.01 – 0.1) in homogeneous Vinton, 
which reflects low sensitivity of the MFR/MR curves to Kd variability. 

Fig. 3. Comparison of BTCs and MFR/MR curves of the homogeneous domains in Ottawa sand and Vinton using variable saturated hydraulic conductivity 
values (KS).

Table 1 
Standard deviations of n1 (σn1), n2 (σn2), and elution PV (σPV) for homogeneous 
and heterogeneous models with variable KS values.

Homogeneous Ottawa 
Sand

Homogeneous 
Vinton

Heterogeneous

PFBS σn1 0.00 0.00 0.28
σn2 − − 0.03
σPV 0.00 0.00 33.29

PFPeA σn1 0.00 0.00 0.37
σn2 − − 0.02
σPV 0.00 0.00 38.33

PFHxS σn1 0.00 0.00 0.27
σn2 − − 0.02
σPV 0.00 0.00 62.78

PFOA σn1 0.00 0.00 0.38
σn2 − − 0.01
σPV 0.00 0.00 114.06

PFOS σn1 0.00 0.00 0.20
σn2 − − 0.02
σPV 0.00 0.00 107.86
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The standard deviation of PV using three Kd statistics of Ottawa sand 
ranged between (0.01 – 0.06) for all PFAS, which reflects low BTC 
sensitivity of these models to Kd. The standard deviation of PV using 
three Kd statistics of Vinton was also low for the short-chain (ranged 
0.03–0.06) compared to the longer-chained PFOA and PFOS (0.25 and 
0.26). This concludes that PFOA and PFOS in Vinton were more sensitive 
to Kd variability than PFOA and PFOS in Ottawa sand and the short- 
chain PFAS in both soils. The standard deviations of Kd statistics of 
PFOS and PFOA in homogeneous Vinton were 1.5 and 1.64 cm3/gm, 
which were one order of magnitude higher than that in homogeneous 
Ottawa sand and one order of magnitide higher than the short-chain 
PFAS in both homogeneous soils. This explains the high sensitivity of 
PFOS and PFOA elution PV in homogeneous Vinton. Overall, model 
sensitivity to Kd variability increased with the increase of the span of Kd 
statistics (i.e., max, mean, and min), which was determined by the span 
of the coefficients for the Freundlich isotherm (Kf) that was estimated by 
Zeng et al. (2021) by scaling Kf of PFOS based on the PFAS organic 
carbon-normalized distribution coefficients (Koc) reported in the 
literature.

To summarize these findings for homogeneous and water-saturated 
systems, KS was amongst the parameters with smaller effect on model 
sensitivity compared to Kd and θS. However, the rank of the most 

sensitive parameters in unsaturated soils was generally controlled by the 
relative importance of SPA and AWIA, which depends on the level of 
unsaturation, PFAS charecteristics, and the applied concentration. The 
unsaturated models of PFBS and PFPeA as illustrated by Zeng et al. 
(2021) were more sensitive to the nonlinearity of Kd. The two chemicals 
had SPA that was comparable with or greater than AWIA. The other 
long-chain chemicals (i.e., PFOA, PFOS, and PFHxS) had higher AWIA 
than SPA, and therefore nonlinearity of SPA was negligible (Zeng et al., 
2021). For water-saturated media results presented here, where AWIA is 
not present, model sensitivity to Kd was greater for long-chain chemicals 
in Vinton. The MFR/MR of the long-chain PFAS were not sensitive to to 
Kd in either soil.

3.3. Model sensitivity of heterogeneous domain

Inclusion of the less hydraulically accessible Vinton lens within 
Ottawa sand resulted in development of a preferential flow-path around 
Vinton, which resulted in accelerated PFAS plume arrival. Vinton has 
higher Kd values for all five PFAS than Ottawa sand, which resulted in an 
increased PFAS retention time and increased elution PVs in Vinton. Also, 
Vinton has higher porosity than Ottawa sand, which was expected to 
decrease pore-water velocity through the Vinton and PFAS retardation. 
The behavior of PFAS mixtures further complicates the transport in 
heterogeneous aquifers where variability in KS and θS results in prefer
ential flow paths. In such environments, MFR/MR curves may exhibit a 
tailing effect, where short-chain PFAS exhibit rapid breakthrough, while 
long-chain PFAS show prolonged delays in concentration declines 
known as tailing. The presence of heterogeneous soils often creates 
distinct flow zones, with some areas allowing rapid PFAS transport and 
others retaining contaminants longer, further complicating the shape of 
the MFR/MR curve (Hitzelberger et al., 2022). Figs. 6-8 compares the 
BTCs and MFR/MR curves of the heterogeneous domains using nine 
statistics combinations of each of the three parameter KS, θS, and Kd of 
Ottawa sand and Vinton, assuming that while one parameter was vari
able, the other two parameters were at their mean values.

3.3.1. Model sensitivity to heterogeneous KS
Hydraulic conductivity plays a crucial role in contaminant transport 

in soils and aquifers (Yeh et al., 2015). Higher KS allows groundwater to 
flow more easily, leading to higher efficiency of contaminant removal. 
Fig. 6 compares the BTCs and MFR/MR curves for the heterogeneous 

Fig. 4. Comparison of BTCs and MFR/MR curves of the homogeneous domains in Ottawa sand and Vinton using variable porosity values (θS).

Table 2 
Standard deviations of n1 (σn1), n2 (σn2), and elution PV (σPV) for homogeneous 
and heterogeneous models with variable θS values.

Homogeneous Ottawa 
Sand

Homogeneous 
Vinton

Heterogeneous

PFBS σn1 0.08 0.06 0.35
σn2 − − 0.02
σPV 0.21 0.20 1.39

PFPeA σn1 0.09 0.09 0.38
σn2 − − 0.02
σPV 0.31 0.20 1.36

PFHxS σn1 0.09 0.08 0.33
σn2 − − 0.01
σPV 0.31 0.12 1.56

PFOA σn1 0.10 0.05 0.11
σn2 − − 0.01
σPV 0.31 0.13 0.24

PFOS σn1 0.11 0.05 0.09
σn2 − − 0.01
σPV 0.31 0.20 1.65
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domain for the five PFAS using nine statistical combinations of KS of 
Ottawa sand and KS of Vinton, while θS and Kd were at their mean values 
for the two soils. In Fig. 6, KS of Vinton was referred to as ‘KS**’ and KS of 
Ottawa sand was referred to as ‘KS*’. We found that the ratios K**

S /K*
S 

have defined the transport behavior and the shape of the BTCs and MFR/ 
MR curves. The ratio K**

S /K*
S was estimated using nine combinations as 

follows, maxK**
S /maxK*

S, maxK**
S /meanK*

S, maxK**
S /minK*

S, 
minK**

S /maxK*
S, meanK**

S /maxK*
S, min K**

S /meanK*
S, meanK**

S /meanK*
S, 

meanK**
S /minK*

S, and minK**
S /minK*

S, which yielded the values 0.06, 0.5, 
4.46, 0.001, 0.01, 0.01, 0.06, 0.5, and 0.06, respectively. At maxK**

S /

minK*
S = 4.46, KS of Vinton is higher than KS of Ottawa sand, therefore 

Vinton became more hydraulically accessible than Ottawa sand. This 
reversed pattern in KS has led to accelerated contaminant front through 

Vinton and reduced elution PV compared to the condition where 
average KS of Ottawa sand and mean KS of Vinton were used in the 
model. Even though Kd of Vinton is higher than Kd of Ottawa sand, the 
effect of KS was controlling the transport of PFAS, as PFAS transported 
faster through Vinton despite the larger Kd values. At the ratio of 4.46, 
the BTCs followed a bell-shape trend and the MFR-MR curves followed a 
concave trend, similar to a homogeneous domain. The elution PVs for all 
PFAS were at their lowest values (i.e., 5.31, 6.7, and 5.88 for PFBS, 
PFPeA, and PFHxS, respectively), which indicates high efficiency of 
mass removal. At K**

S /K*
S = 0.5, the domain was similar to a homoge

neous domain, which was expected as the ratio approaches one. The 
BTCs of the short-chain PFAS followed a bell-shape trend with minimal 
tailing, which is generally associated with one mass source zone. This 
suggests that at K**

S /K*
S = 0.5, the effect of KS heterogeneity for the 

Fig. 5. Comparison of BTCs and MFR/MR curves of the homogeneous domains using Ottawa sand and Vinton using variable solid-phase adsorption coefficients 
values (Kd).

Fig. 6. Comparison of BTCs and MFR/MR curves of the heterogeneous domain using variable saturated hydraulic conductivity (KS) values. (*) refers to Ottawa sand 
and (**) refers to Vinton.
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short-chain PFAS was minimal. The MFR/MR curves for models with 0.5 
ratio followed a 1:1 straight line, indicating a similar rate of mass flux 
reduction and contaminant mass removal (Fig. 6). The 0.5 ratio also had 
lower mass removal efficiency for the short-chain PFAS compared to the 
ratio 4.46 (or higher mass flux reduction for the same mass removed). 
This lower mass removal efficiency was reflected in larger elution PVs 
compared to the 4.46 ratio. The effect of Kd heterogeneity in this case 
was also negligible, as the higher Kd values of Vinton did not overcome 
the effect of the minor amount of heterogeneity for KS, as indicated by 
the trends of the BTCs and MFR/MR curves described above.

For the two longer-chain PFAS, at K**
S /K*

S = 4.46, the BTCs and 
MFR/MR curves were consistent with the trends of the short-chain PFAS 
following similar to the homogeneous domain trends (Fig. 6d–j). The 

elution PVs were at their lowest values (i.e., 7.46 for PFOA and 7.58 for 
PFOS). At K**

S /K*
S = 0.5, the BTCs for the long-chain PFAS were asym

metrical and had a tailing effect reflecting the mass retention at the 
secondary mass source (Fig. 6d–j). However, the elution PVs were 
relatively low (13.6 for PFOA and 14.1 for PFOS) compared to the 
smaller K**

S /K*
S ratios (0.001, 0.01. and 0.06). MFR/MR curves followed 

a trend close to a straight line at the primary source, which indicates a 
consistent and constant rate of contaminant removal, followed by an 
inflection point, and a concave curve at the secondary mass source. The 
inflection points arrived at lower mass removal than the smaller K**

S /K*
S 

ratios, which indicates efficient mass removal at the primary source 
zone. The MFR/MR beyond the inflection points followed a concave 
curve at the secondary mass source, which indicated efficient removals 

Fig. 7. Comparison of BTCs and MFR/MR curves of the heterogeneous domain using variable porosity (θS) values. (*) refers to Ottawa sand and (**) refers to Vinton.

Fig. 8. Comparison of BTCs and MFR/MR curves of the heterogeneous domain using variable solid-phase adsorption coefficients (Kd) values. (*) refers to Ottawa 
sand and (**) refers to Vinton.

R.A.M. Mohamed et al.                                                                                                                                                                                                                        Journal of Hydrology 645 (2024) 132268 

10 



from the secondary mass source. This concave trend was not typical for a 
secondary source zone, and the curve usually followed a convex trend. 
However, at the ratio 0.5, the secondary mass source was more hy
draulically accessible, allowing for a more efficient mass removal.

At smaller ratios (K**
S /K*

S = 0.06, 0.01, and 0.001), the MFR/MR 
curves followed a concave curve at the primary source zone and a 
convex curve at the secondary mass zone for both short-chain and long- 
chain PFAS. At KS ratios of 0.01 and 0.001, the mass removal from the 
primary source zone was more efficient compared to a ratio of 0.06 for 
all PFAS, except for PFOS, which had similar MR efficiency, and that was 
reflected in higher n1 for the smaller ratios (Fig. S3a). At smaller KS 
ratios, contaminants have higher tendency to create preferential flow 
paths along the high permeability zone, which can potentially result in 
faster transport and breakthrough and more efficient contaminant 
removal. However, despite that removal efficiency at the primary source 
zone, models with smaller KS ratios had larger elution PVs due to PFAS 
retention at the secondary source zone (Fig. S3b). In general, elution PVs 
were consistent with KS ratios, as larger ratios have resulted in accel
erated contaminant removal. At the aquifer scale, this behavior can be 
reversed if KS is positively correlated to Kd. In this study, Kd and KS of 
Ottawa sand and Vinton are inversely correlated, nevertheless, a posi
tive correlation was observed for weathered crystalline rocks due to 
increase in the sorption reactive sites and fracture aperture, which re
sults in an increase in both Kd and KS (Rumynin and Nikulenkov, 2016). 
In the literature, other exceptions exist where increase of specific sorp
tion sites in the solids had little effect on the KS both in sedimentary and 
crystalline rocks (Dai et al., 2009; Zhao et al., 2005). PFAS compounds in 
mixtures often compete for adsorption sites, which can affect their 
transport behavior and can result in greater retention in soils, especially 
in regions with high organic matter or clay content (Brusseau et al., 
2019; Gagliano et al., 2020). This can lead to a complex scenario in 
heterogeneous vadose zones where short-chain PFAS can migrate faster 
through more permeable layers, while long-chain PFAS are more likely 
to be retained in finer-textured soils (Brusseau, 2021; Soltanian & Ritzi, 
2014).

We noted that the behavior of the BTCs and MFR/MR curves was 
independent of area-weighted KS averages summarized in Table S10. For 
example, the ratios maxK**

S /maxK*
S, meanK**

S /meanK*
S, and min K**

S /

minK*
S have the same value (0.06), which corresponded to similarity for 

BTCs and MFR/MR curve results; however, they have distinctively 
different KS area-weighted averages (i.e., 60.96, 547.69, and 4903.2). 
This is largely due to the fact that the linear correlation between KS 
ratios and KS area-weighted average does not have a consistent slope for 
the entire range of area-weighted KS averages (Fig. S2). For example, 
these area-weighted KS averages (0.127, 0.133, and 0.189), which are 
within the same order of magnitude, are positively correlated with the 
KS ratios (0.06, 0.5, and 4.46), with a correlation slope of 70.88. 
Whereas, the area-weighted KS averages (1.135, 1.141, and 1.197), 
which are one order of magnitude higher than the previous range, are 
positively correlated with the KS ratios (0.01, 0.06, and 0.5), with a 
correlation slope of 7.89. Therefore, the correlation slope decreased 
significantly with each increase in the range of area-weighted KS aver
ages. There is also an overlap between the ranges of the KS ratios 
correlated with different ranges of area-weighted KS averages. Re
gressions between the n1 parameters versus area-weighted KS averages 
and between elution PV versus KS area-weighted averages reflected lack 
of a consistent pattern and correlation (Fig. S3).

3.3.2. Model sensitivity to heterogeneous θS
Fig. 7 compares the BTCs and MFR/MR curves of the heterogeneous 

domain using nine statistics combinations of θS of Ottawa sand (θS
*) and 

θS of Vinton (θS
**) while KS and Kd of the two soils were at their mean 

values. Similar to the homogeneous domains, lower θS area-weighted 
average resulted in accelerated PFAS concentration arrival and elution 
and narrow BTC peaks (Fig. 7). The peak of the BTCs decreased as a 

function of the PFAS chain-length as Kd increased with the chain-length 
and with sulfonic acid PFAS. The area-weighted averages are affected by 
the specific area and the parameter statistics of each soil, for example, 
smaller θS area-weighted averages were associated with minimum θS of 
Ottawa sand, which covers a large area (432 cm2) in the heterogeneous 
domain (480 cm2). Using different domain area distributions between 
the different soils is expected to affect the transport behavior of PFAS 
and the shapes of the BTCs and MFR/MR curves. The short-chain PFAS 
had more efficient removals for the three models with lowest θS area- 
weighted averages, which are associated with min θS* (i.e., models 
with min θS of Ottawa sand showed more efficient removals, higher n1 
values, and earlier inflection points), despite the value of θS

** (Fig. 7). 
This minimum area-weighted average θS increased pore-water velocity, 
which explains the high removal efficiency.

The MFR/MR curves of PFOS and PFOA showed less sensitivity to θS 
variability. We attribute this lack of sensitivity to θS to the large Kd of 
PFOA and PFOS, which controls their retention and transport behavior. 
Regressions between n1 versus θS area-weighted average and n1 versus 
θS ratios indicate lack of trend (Fig. S5a and b). The regressions between 
elution PVs versus θS area-weighted average and elution PVs versus θS 
ratios show linear correlations that are defined by the statistical com
binations between θS* and θS

**(Fig. S5c and d). For example, the elution 
PVs versus θS area-weighted average had the smallest intercept for the 
three combinations including max θS* with min θS

**, mean θS
**, and max 

θS
**, while the combinations with min θS* had the largest intercept 

(Fig. S5c). While the elution PVs versus θS ratios had the largest intercept 
for the three combinations including max θS* with min θS*, mean θS*, 
and max θS*, and the combinations with min θS* had the smallest 
intercept (Fig. S5d). Also, the correlations between the elution PVs 
versus θS ratios overlap between the different combinations. The pre
vious trends are specific for the types of soils used in this investigation 
and can vary with other soils. It was also observed that at combinations 
with max θS

** required higher elution PVs to achieve zero C/C0, even for a 
smaller weighted average θS value, which combines max θS

** and min θS* 
(Tables S17–S21). Efficient mass removal at the primary source is 
mainly controlled by the porosity of the high permeability zone, but that 
does not insure an efficient contaminant mass removal from the entire 
heterogeneous domain. Mass removal is also controlled by the porosity 
of the low permeability zone, and minimum θS will result in less PV to 
remove the contaminant from the domain. The weighted average of θS 
defines the peak arrival; however, Kd of the lower Ks zone defines the 
complete elution of the contaminant.

3.3.3. Model sensitivity to heterogeneous Kd
Soil chemical heterogeneity due to variable grain size, mineral 

composition, and organic matter content influences kinetic and solid- 
phase adsorption and manifests into nonideal transport behavior 
including low concentration tailing. Therefore, it is expected that Kd 
area-weighted average influences the net rate of contaminant retention 
and remediation within geochemically heterogeneous soils. Fig. 8
compares the BTCs and MFR/MR curves of the heterogeneous domain 
using nine statistical combinations of Kd of Ottawa sand (K**

d ) and Kd of 
Vinton (K*

d), while θS and KS of the two soils were at their mean values. 
Table 3 shows the standard deviations of n1, n2, and elution PV for each 
PFAS created from models with variable Kd statistics. Fig. S6a–e show 
regressions between n1 parameters and Kd area-weighted averages. 
Also, Fig. S7a–e show regressions between n1 parameters and Kd ratios, 
and all the figures did not indicate consistent patterns or correlations. 
This reflects the low sensitivity of the MFR/MR curves at the primary 
source zone (which is associated with n1) to Kd variability as Kd were 
similar and less variable for all PFAS in Ottawa sand. The secondary 
source zone (which is associated with n2) was also insensitive to Kd 
variability within the same PFAS, as indicated by low σn2 values 
(Table 3). However, average n2 increased following the PFAS chain- 
length changes as follows (average n2 = 0.35, 0.34, 0.26, 0.24, 0.23 
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for PFBS, PFPeA, PFHxS, PFOA, PFOS, respectively) (Tables S21–S25). 
Higher n2 values indicate more efficient removal from the secondary 
source zone. The elution PV was positively correlated with both Kd area- 
weighted averages and Kd ratios (Fig. S6f–j and S7F–j). We found that Kd 
area-weighted averages were positively correlated to Kd ratios, however, 
the intercept of the linear correlation changed based on the statistics of 
Ottawa sand. For example, the three statistical combinations with max 
Kd* (i.e., max Kd*/max Kd

**, max Kd*/mean Kd
**, and max Kd*/min Kd

**) 
had a higher intercept value, followed by the three statistics combina
tions with mean Kd* and then the three statistics combinations with min 
Kd*. Elution PVs were consistent with the trends of PFAS chain-length, 
which increased following this order PFBS, PFPeA, PFHxS, PFOA, and 
PFOS.

4. Conclusions

This modeling sensitivity analysis has assessed variability and con
trols over PFAS transport behavior through evaluation of both BTCs and 
MFR versus MR of five common PFAS contaminants that have different 
carbon–fluorine chain length and two functional groups in homoge
neous and heterogeneous (two domain) water-saturated subsurface 
systems. The results reveal: 

1. MFR/MR curves are more sensitive to fluid flow parameter vari
ability than BTCs, making them more suitable for detailed assess
ments of solute transport in heterogeneous environments.

2. In heterogeneous soils, the ratio of saturated hydraulic conductivity 
between different soil types significantly influences the BTC 
behavior, the slope of log MFR versus MR (n1), and the timing of 
inflection points.

3. The model’s sensitivity to variations in soil water content (θS) is 
higher for short-chain PFAS. In contrast, the substantial distribution 
coefficient (Kd) of long-chain PFAS constrains the sensitivity to 
changes in θS.

4. Models with the lowest θS area-weighted averages demonstrate 
higher mass removal efficiencies for short-chain PFAS. Conversely, 
the removal efficiencies for long-chain PFAS remain relatively un
affected by θS variability.

5. Regardless of variations in soil hydraulic properties or PFAS chain 
length and functional group, the effectiveness of remediation re
mains consistent in homogeneous soil environments.

Long-chain PFAS tended to adsorb more strongly to soil particles, 
resulting in concentration tailing and delayed transport in lower- 
permeability zones, while short-chain PFAS moved more rapidly 
through higher-permeability zones (Guo et al., 2020; Silva et al., 2021; 

Brusseau et al. 2019). MFR/MR results were consistent with the findings 
of Hitzelberger et al. (2022) that MFR was higher in lower-permeability 
layers, due to increased contaminant retention, whereas in higher- 
permeability zones had lower MFR but higher MR. These findings 
underscored the critical role of subsurface parameter structure, or ar
chitecture, in influencing the effectiveness of PFAS risk analysis and 
contaminant remediation strategies, particularly in complex, heteroge
neous environments. For situations where addressing the source zone is 
important, for example when the goal of risk assessment or remediation 
is to prevent contaminant plumes from spreading to sensitive receptors, 
using MFR/MR curve is crucial. Regulatory agencies have more recently 
been setting standards not only for concentrations but also for the 
overall reduction in mass flux. Demonstrating effective MFR and MR 
aligns with regulatory expectations for successful aquifer remediation. 
The emphasis on MRF and MR is driven by the need to address persistent 
source zones, manage aqueous contaminant plumes, and reduce the risk 
of contaminant migration to protect groundwater quality and sensitive 
receptors from exposure.
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Šimůnek, J., Šejna, M., Genuchten, M.T.v., 2014. HYDRUS (2D/3D). Software Package 
for Simulating Two-and Three-Dimensional Movement of Water, Heat, and Multiple 
Solutes in Variably-Saturated Media, User Manual, Version, 1: 203.
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