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Abstract River organic matter transformations impact the cycling of energy, carbon, and nutrients. The
delivery of distinct dissolved organic matter (DOM) sources can alter aquatic DOM cycling and associated
biogeochemical processes. Yet DOM source and reactivity are not well‐defined for many river systems,
including in western Canada. Here, we explore DOM cycling in the mainstem of the Oldman River (stream
order 6–7), a heavily regulated river network in southern Alberta (Canada). We compared seasonal river DOM
content, composition, and bioavailability with nine endmember leachates from the river valley using optical
properties and incubations to estimate biodegradable dissolved organic carbon (BDOC). River DOM
composition was most similar to terrestrial soil leachates, followed by autochthonous DOM leachates. River
DOM bioavailability was low (BDOC = 0%–16.6%, mean of 7.1%). Endmember leachate bioavailability
increased from soils (BDOC = 23.9%–53.7%), to autochthonous sources (fish excretion, macrophytes, biofilm;
BDOC = 49.9%–80.0%), to terrestrial vegetation (leaves, shrubs, grass; BDOC > 80%), scaling positively with
protein‐like DOM content and amount of leachable dissolved organic carbon (DOC), and negatively with
aromaticity. Seasonally, DOC concentrations changed little despite >15‐fold increases in discharge during
spring. River DOM composition shifted modestly toward soil‐like endmembers in spring and more bioavailable
autochthonous end members in autumn and winter. Low DOM bioavailability in the river mainstem and low
DOC yields shown in previous work point to limited internal processing of DOM and limited bioavailable DOM
delivery to downstream habitats, possibly due to upstream flow regulation. Our observations provide important
insights into the functioning of western Canadian aquatic networks.

Plain Language Summary Rivers are among the most heavily disturbed ecosystems worldwide. In
agricultural regions of western Canada, human impacts on river ecosystem structure and functioning are not
well defined. The study of organic matter chemistry provides important insights into aquatic ecosystem
properties and biogeochemical processes. Here, we explore the seasonal trends in composition and content of
dissolved organic matter in one of Canada's most heavily regulated rivers (the Oldman River, Alberta). While
land use impacts on river organic matter cycling are documented elsewhere, we provide unique insights by
tracking changes in river organic matter composition and microbial consumption across a complete annual cycle
that includes winter. The composition and content of river organic matter changed little among seasons.
Compared to potential organic matter sources from the river valley (soils, plants, aquatic organisms, and
biofilm), river water had organic matter that mostly resembled soil sources, and secondarily river sources.
Compared to all potential sources, river organic matter was less bioavailable to microbes and on the low end of
bioavailability relative to other global aquatic systems. We hypothesize that human alterations to the flow
regime upstream (including damming and irrigation) may dampen seasonal changes in river organic matter
composition and cycling.

1. Introduction
Rivers are dynamic ecosystems that support complex food webs (Battin et al., 2016; Thorp et al., 2006; Vannote
et al., 1980). Most of the world's rivers are impacted by human land use and hydrologic regulation (Grill
et al., 2019; Vorosmarty et al., 2010). These impacts can modify the cycling of riverine dissolved organic matter
(DOM) through multiple mechanisms that alter the rates and sources of external inputs, the chemical composition
of DOM, and rates of internal DOM cycling (Butman et al., 2016; Maavara et al., 2020; Stanley et al., 2012;
Xenopoulos et al., 2021). The cycling of DOM in aquatic ecosystems plays a central role in energy flows,
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biogeochemical processes including nutrient and carbon (C) cycling, and other important ecosystem features
(Carlson & Hansell, 2015; Fellman et al., 2010; Findlay & Sinsabaugh, 2003). The dynamic flow regimes of
rivers make it difficult to define the human impacts on DOM loading and processing (e.g., Vaughn et al., 2021;
Wagner et al., 2015). We know even less about the annual phenology of river DOM processing, and many global
regions remain understudied with respect to aquatic DOM biogeochemistry, including the rivers of western
Canada (the focus of this study).

The transformations of DOM through a river network depend, in part, on DOM composition and bioavailability,
which vary widely through space (i.e., along individual stream reaches and across watersheds) and time (Begum
et al., 2023; Butman et al., 2012; Hutchins et al., 2017; Wilson & Xenopoulos, 2008). Allochthonous, externally
derived DOM (the bulk of the riverine OM pool (Findlay & Sinsabaugh, 2003; Tank et al., 2018)) is generally
more aromatic and less bioavailable compared to autochthonous, in situ DOM (del Giorgio & Davis, 2003; del
Giorgio & Pace, 2008). Therefore, external DOM inputs shape the composition and transformation rates of the
riverine DOM pool (A. A. Coble et al., 2016; Tank et al., 2018). The composition and bioavailability of
allochthonous DOM in rivers can be affected by land use and landscape features including, but not limited to: (a)
wetland cover in a watershed and wetland conditions (Camino‐Serrano et al., 2014; Xenopoulos et al., 2003), (b)
photo‐ and biodegradation of vegetation and soil organic carbon stocks (Camino‐Serrano et al., 2014; Singh
et al., 2014; Thieme et al., 2019), and (c) types of soil (e.g., organic‐ vs. mineral rich soils) and soil conditions
(moisture, temperature, and stoichiometry) (Aitkenhead & McDowell, 2000; Kaiser & Kalbitz, 2012; Kindler
et al., 2011; Tank et al., 2018; van den Berg et al., 2012). In general, watershed wetland cover and the presence of
organic rich soils and shallow terrestrial flow paths increase aromatic DOM export to rivers, while photo-
degradation of leaf litter, the dominance of mineral soils, and engagement of deeper flow paths can decrease
aromatic DOM export to rivers (Camino‐Serrano et al., 2014; Kaiser & Kalbitz, 2012; Tank et al., 2018).
Terrestrial vegetation provides additional dissolved organic carbon (DOC) and labile DOM to soils and rivers, but
this input varies by stream order (e.g., Chauvet, 1997; Vannote et al., 1980), as well as vegetation type and
previous exposure to microbial processes (Camino‐Serrano et al., 2014; Lidman et al., 2017; Thieme et al., 2019).
Hydrological events such as storms increase the lateral export of aromatic allochthonous DOM to rivers through
increased shallow and sub‐surface soil flows (Raymond et al., 2016; Shultz et al., 2018), whereas autochthonous
DOM dominates in large rivers, at low flows, and in drought (Hosen et al., 2019, 2020). Given the numerous
factors controlling the quantity and quality of allochthonous DOM in rivers, the patterns of terrestrial DOM
cycling vary spatially and temporally in ways that are not fully understood.

Compared to allochthonous DOM, autochthonous DOM is generally less aromatic, more aliphatic, with lower
molecular weight and greater bioavailability compared to soil‐derived DOM (Asmala et al., 2013; del Giorgio &
Pace, 2008; Findlay & Sinsabaugh, 2003). Autochthonous DOM is largely derived from biofilm, phytoplankton,
macrophytes, and aquatic animals (Lapierre & Frenette, 2009; Romaní et al., 2004; Sabater et al., 2007). Biofilms
(complex benthic attached communities including phytoplankton, bacteria, protozoa, fungi, and benthos; (Battin
et al., 2016)) can uptake large quantities of C and nutrients (Costerton, 1999; Flemming, 1995; Kamjunke
et al., 2015; Sabater et al., 2007). The DOM released from biofilms can vary in composition (Flemming, 1995;
Romaní et al., 2004), and protozoan grazing leads to rapid turnover of biofilm organic matter (Risse‐Buhl
et al., 2012). Both phytoplankton and macrophytes release DOM that is highly bioavailable, as it is rich in
aliphatic compounds and protein‐like DOM (Hansen et al., 2016; Mangal et al., 2016; Zhang et al., 2013). Recent
studies have reported that DOM excreted by aquatic animals such as fish (Q. Liu et al., 2022) and zooplankton
(Johnston, Finlay, et al., 2022; Maas et al., 2020), and DOM leached from their faeces, can supply bioavailable
organic nutrients (C, N, phosphorus (P)) to aquatic ecosystems (Parr et al., 2018; Schmitz et al., 2014). Ultra‐high
resolution characterization of zooplankton DOM leachate showed hundreds of biolabile molecular formulas that
were undetected in ambient lake water and likely rapidly consumed by microbes upon excretion (Johnston,
Finlay, et al., 2022). Although most bioavailable, autochthonous DOM is consumed and does not persist long in
aquatic ecosystems, the excretion and recycling of DOM from distinct autochthonous sources (e.g., biofilm,
zooplankton, fish) may have unique chemical features that potentially affect the composition and bioavailability
of DOM cycling at the ecosystem level. However, the impact of internally derived DOM on riverine processes can
be difficult to discern based on bulk dissolved organic carbon (DOC) measurements, given that riverine microbial
communities can preferentially consume autochthonous DOM while exporting comparatively large quantities of
allochthonous DOM downstream (del Giorgio and Pace, 2008).

Lauren Zink, Armi‐Lee Amerila, Matthew
J. Bogard
Project administration: Xingzi Zhou,
Matthew J. Bogard
Resources: Xingzi Zhou, Matthew
J. Bogard
Software: Xingzi Zhou, Laura A. Logozzo
Supervision: Laura A. Logozzo, Sarah
Ellen Johnston, Matthew J. Bogard
Validation: Xingzi Zhou, Laura
A. Logozzo, Matthew J. Bogard
Visualization: Xingzi Zhou, Laura
A. Logozzo
Writing – original draft: Xingzi Zhou,
Matthew J. Bogard
Writing – review & editing: Xingzi Zhou,
Laura A. Logozzo, Sarah Ellen Johnston,
Lauren Zink, Matthew J. Bogard

Journal of Geophysical Research: Biogeosciences 10.1029/2023JG007831

ZHOU ET AL. 2 of 24

 21698961, 2024, 6, D
ow

nloaded from
 https://agupubs.onlinelibrary.w

iley.com
/doi/10.1029/2023JG

007831 by U
niversity O

f A
laska Fairbanks, W

iley O
nline L

ibrary on [27/08/2024]. See the T
erm

s and C
onditions (https://onlinelibrary.w

iley.com
/term

s-and-conditions) on W
iley O

nline L
ibrary for rules of use; O

A
 articles are governed by the applicable C

reative C
om

m
ons L

icense



Semi‐arid and arid regions make up nearly a third of all land area (Wickens, 1998); rivers in these regions are
often heavily regulated due to limited water supply, such that nearly all semi‐arid rivers are impounded. Im-
poundments increase network‐scale residence time and potentially DOM uptake (Du et al., 2021). For example, at
the network scale, DOM biomineralization in a temperate watershed predominantly occurred in connected lakes
and reservoirs (∼80%, Maavara et al., 2023), thereby controlling downstream DOM export and composition
(Miller, 2012; Ulseth & Hall, 2015). While many studies have documented the composition of individual sources
of riverine DOM and the potential roles that both terrestrial and aquatic sources of DOM can play in river en-
ergetics and biogeochemistry, little is known about these features in highly regulated, semi‐arid rivers, especially
in Canada. In fact, a recent global analysis of river DOM biodegradation rates did not include any semi‐arid rivers
(F. Liu & Wang, 2022), demonstrating the need for estimates to fill this knowledge gap.

Here, we explore riverine DOM cycling in one of Canada's most heavily regulated ecosystems (the Oldman River
in the South Saskatchewan River Basin; Figure 1a). Throughout the southern portion of the three western Prairie
provinces of Canada, Rocky Mountain headwaters deliver the bulk of DOM to downstream river reaches in the
northern Great Plains (Johnston, Gunawardana, et al., 2022). Intense downstream land and water use, and heavy

Figure 1. Location of sampling site in the Oldman Watershed (OMW), Alberta, Canada and discharge at the Oldman River
near Lethbridge. (a) Location of the OMW in Canada, (b) the major rivers and the sampling site in the OMW, and
(c) Discharge at the Oldman River near Lethbridge (05AD007) from 01 September 2021 to 01 July 2022, with the sampling
dates shown as red dashed lines. Discharge is not monitored in winter months due to ice cover on the river. Google satellite
reference: EPSG:3857—WGS 84/Pseudo‐Mercator—Projected.
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flow regulation severely impact the hydrology and biogeochemistry of western Canadian rivers (Schindler, 2001,
2019; Tan & Gan, 2015). In other large river systems, upstream impoundment and flow regulation have been
shown to enhance autochthonous contributions and in situ DOM processing, thereby stabilizing the temporal
changes in composition and processing of DOM in downstream river reaches (Oliver et al., 2016; Ulseth &
Hall, 2015). We hypothesized that a similar pattern of seasonal stabilization of DOM content and composition
may exist in the heavily regulated Oldman River. To detail DOM cycling in the mainstem of the Oldman River
Basin, we selected a mainstem reach of the Oldman River downstream of the Oldman reservoir as a case study to
define: (a) the chemical composition and potential microbial reactivity of distinct river valley DOM sources, (b)
seasonal dynamics of riverine DOM composition and microbial consumption of DOM, and (c) the relative
contributions from distinct DOM endmember sources to river DOM.

2. Methods
2.1. Oldman Watershed and Sampling Site Description

The Oldman Watershed (OMW) (Figure 1b) has a catchment area of 28,000 km2 that is made up of ∼33%
agricultural land use, 29% forest cover, and 17% native vegetation cover (Johnston, Gunawardana, et al., 2022;
Tanzeeba & Gan, 2012). The watershed is home to more than 160,000 people with the majority living in the city
of Lethbridge, Alberta, Canada (Byrne et al., 2006; Koning et al., 2006). The Oldman River network flows from
its headwaters in the Rocky Mountains in south‐western Alberta, Canada and northern Montana, USA toward the
east, joining the Bow River to form the South Saskatchewan River at Medicine Hat, with water eventually flowing
into Hudson Bay (Figure 1b) (Byrne et al., 2006; Koning et al., 2006). The watershed is situated in a semi‐arid
climatic region with low humidity. The mean river water temperature is between 3°C and 6°C and mean annual
precipitation in the region ranges from 380 to 580 mm yr−1 (Rock & Mayer, 2007).

Intensification of land and water use over the past century in the OMW has led to substantial changes in watershed
hydrology, similar to impacts throughout the wider western Canadian Prairie region (Schindler, 2001; Tan &
Gan, 2015). Streamflow in the Oldman River decreased by ∼34% from 1913 to 2003 (Rock & Mayer, 2007), and
flow within the Castle Watershed, a mountainous headwater sub‐basin, decreased by ∼26% from 1949 to 2003 as
a function of declining snow pack and glacial ice volume (Byrne et al., 2006). Flows in the watershed are heavily
regulated, with ∼87% of flows used for irrigation (Byrne et al., 2006; Koning et al., 2006; Rock & Mayer, 2006).

We used a fixed sampling location within the OMW in the City of Lethbridge (Popson Park; latitude: 49.641°N,
longitude: 112.854°W; Figure 1b). At this location in the basin, the river is an order 6–7 stream (Jokinen
et al., 2012), and the estimated upstream catchment area is 14,651 km2, as determined from the Government of
Alberta Flow Estimation Tool for Ungauged Watersheds (https://afetuw.alberta.ca/). The St. Mary and Belly
Rivers originating in the Rocky Mountains contribute 38% of the total flow at our sampling site (Byrne
et al., 2006; Cross & Anderson, 1989). The averaged total annual natural flow near Lethbridge is 2.19 km3 yr−1,
with an annual DOC flux of 7.19 ± 4.47 Gg C yr−1 (Johnston, Gunawardana, et al., 2022), and with water
temperature ranging annually from 0°C to 26°C (Alberta Environment, 2007; Cross & Anderson, 1989). Over the
annual sampling cycle, the mean discharge rate was 47.3 ± 70.9 m3 s−1 (from 1 September 2021 to 30 June 2022;
Gauging Station ID: 05AD007, latitude: 49.709°N, longitude: 112.863°W; Figure 1c). The average flow on each
sampling day was 23.2 ± 0.7 m3 s−1 on 17 September 2021, unrecorded due to ice cover on 7 March 2022,
22.5 ± 0.2 m3 s−1 on 1 June 2022, and 360.9 ± 12.1 m3 s−1 on 15 June 2022. The mean daily discharge during the
ice‐free period (i.e., excluding 1 November 2021–23 March 2022) ranged from 15.8 to 360.9 m3 s−1 throughout
the complete river sampling cycle (1 September 2021–30 June 2022, Figure 1c).

2.2. River Water Sample Collection

We collected ambient river water samples for chemical analyses from the Oldman River at Popson Park
(Figure 1b) on 17 September 2021 (autumn), 7 March 2022 (winter), 1 June 2022 (spring, low flow), and 15 June
2022 (spring, high flow during freshet). At the same time, we collected water for conducting biodegradable DOC
(BDOC) incubations upon returning to the lab (details are listed below). All microorganisms were removed by
filtering river water through 0.2 μm membrane filters (PALL Supor 200) into 4L acid washed Nalgene bottles to
eliminate biodegradation during storage, and filtrates were stored in the dark at 4°C to further minimize any DOM
transformation until initiation of incubations within 24 hr. For the 2 days leading up to the spring high flow
sampling period, discharge increased from 70.9 to 360.9 m3 s−1 (Figure 1c), because of intense spring
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precipitation. Summed precipitation for the 48‐hr period preceding the four sampling dates were 0, 0.4, 0.2, and
78.1 mm with average air temperatures of 10.73, −5.0, 11.4, and 10.3°C, respectively (City of Lethbridge
meteorological station; climate ID 3033857; Alberta Agriculture and Forestry).

2.3. Leachate Sample Collection

We initiated the leachate BDOC experiments between 17 and 23 September 2021. To explore the differences in
source DOM chemistry and potential bioavailability, we selected potential sources of DOM that likely contribute
to the DOM pool of the Oldman River. This included both allochthonous (plants, soils) and autochthonous parent
materials (biofilms, macrophytes, fish). All terrestrial parent materials were collected near the riverine sampling
site. We collected three surface (top ∼5 cm) soil samples from upper, mid‐, and riparian river valley soil layers,
reflecting grassland, glacial till, and riparian cottonwood forest soils, respectively (Flanagan et al., 2017). Ri-
parian soil samples (RS) were collected at the bottom of the river valley adjacent to the river, at the mid point
(MS) of the valley halfway up the bank where an abundance of vegetation was located, and at the top of river
valley (TS), where only grass was observed. We sieved soil samples through 500 μm mesh to remove large
particles and dead vegetation. The vegetation samples included leaves from cottonwood trees (LE; Populus spp.),
mixed riparian shrub materials (RV), which include Medicago alfalfa, and Salix exigua; and riparian grass (GR),
Carex sedges. To collect biofilm (BF), we scrubbed rocks from the riverbed (Farag et al., 2007), brushed the
biofilm into a pre‐combusted wide mouth glass jar, and rinsed with ultrapure water during brushing (Farag
et al., 2007). We collected macrophytes (MA) slightly downstream from Popson Park and gently rinsed with
ultrapure water. All samples describe above (except the biofilm) were dried in an oven at 50°C until samples
reached a constant weight (Johnston et al., 2019), while the biofilm was stored at 4°C before initiating the leaching
process.

We collected fish excretion (FE) products from Fathead minnows (Pimephales promelas) that we caught using
minnow traps within a storm‐pond that is adjacent to the Oldman River, situated at the University of Lethbridge
(latitude: 49.681°N, longitude: 112.870°W). Fathead minnows are an ideal fish species for determining the
potential role of FE products on DOM diversity and bioavailability, as they are widely distributed throughout
North America. Such wide distribution is due to their high tolerance for various environmental conditions and low
selectivity of food (Ankley & Villeneuve, 2006; Duffy, 1998). They are well‐studied in terms of their food
preferences, gut microbial composition, and position and role within the food web (Ankley & Villeneuve, 2006;
Duffy, 1998). All minnows were quickly rinsed using ultrapure water and transferred into a 4L acid‐washed
Nalgene bottles containing 500 ml 0.001M NaHCO3 for a 10–15 min excretion incubation to collect FE.
Following the incubation, we released the fathead minnows back to the pond, and the procedure was repeated
three times to obtain enough excretion products for further analyses. The mixture solution after the excretion
incubation was transferred into a pre‐combusted wide mouth glass with 500 ml 0.001M NaHCO3 to make up 1L
0.001M NaHCO3 for the leaching process (Johnston et al., 2019).

Leachable DOM was then extracted from both allochthonous and autochthonous parent materials. About 5 g of
LE, RV, GR, and MA, and 100 g of each soil sample (dry weight) and the BF solution was placed into wide mouth
glass jars and stored in the dark at room temperature (21–23.5°C) for leaching (Johnston et al., 2019). During
leachate extraction, each jar was quickly shaken by hand daily (2 times per day) for about 5 s, then returned to
storage in the dark. The leaching process for RV, BF, MA, and FE was 24 hr, and for soils were 72 hr. After
leaching, all sample solutions were filtered through 0.2 μm membrane filters (Pall Supor 200) into 4L acid‐
washed Nalgene bottles that contained 2L ultrapure water. Filtered leachates were stored at 4°C in the dark
before inoculation within 24 hr.

2.4. BDOC Experimental Initiation and Setup

We defined the net change in DOC concentration from day 0 to day 28 as BDOC and %BDOC as the percentage
of BDOC relative to initial DOC concentrations. To establish a generic riverine microbial community in each
BDOC bottle, a 1% by volume microbial inoculation (Oldman River water filtered through pre‐combusted 1.2 μm
Whatman GF/D filters) was added into all sample solutions. This approach of inoculating 0.2 μm filtered
leachates and river water with a small volume of a standardized microbial inoculum is similar to other work
estimating relative rates of DOM biodegradation (Moran et al., 1999; Pinsonneault et al., 2016; Vaughn
et al., 2023). We conducted parallel experiments using Oldman River ambient water samples with and without
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microbial inoculation (OB and ON, respectively). The river water without inoculation (ON) was used as a
negative control to explore potential effects of abiotic DOC transformations. Each inoculated solution and the
negative river water control was quickly mixed by shaking the bottle right after inoculation, then day 0 sub-
samples were taken from each leachate sample right after shaking by filtering water through 0.2 μm syringe filters
(Polyethersulfone, VWR) for later analyses. After all day 0 samples for each solution were taken, the 4L bottles
were shaken again before equally dividing into three 1L acid washed amber bottle replicates and incubated in the
dark at room temperature (21–23.5°C) for 28 days. Subsamples were then taken at day 2, 7, 14, 21, and 28 for
analysis during the incubation.

2.5. DOC and Total Iron Concentrations

We measured the concentration of DOC in all subsamples using a Shimadzu TOC‐L CPH high temperature
catalytic oxidation total organic carbon analyzer calibrated with a six‐point standard curve (R2 = 0.999) based on
the estimated concentration range of DOC in these samples. Each sample was acidified to pH 2 (1 μl 12 N HCl per
1 ml sample water) and run on the TOC analyzer following standard methods (Johnston et al., 2018; Zhou
et al., 2023). We confirmed the effectiveness of the acidification step using pH paper, and checked to ensure
samples remained acidified through time. We used acidified ultrapure lab water (pH = 2) as a blank. The con-
centration of each sample was determined by averaging 3 of the 7 injections with the lowest coefficient of
variance (<0.02) and standard deviation ± 0.1. The final concentration of each sample was the average of these
triplicates with some exceptions where we had unexplainable and extreme outlier concentrations that did not
match other replicates (one LE replicate was removed from day 28, one RV replicate was removed from day 21,
and one MA replicate was removed from day 14).

We measured iron concentrations to account for iron interference in optical measurements of DOM (Poulin
et al., 2014). Total iron concentrations in water samples were determined using graphite furnace atomic ab-
sorption (GFAAS, GTA 120, Agilent Technologies, Santa Clara, California, USA). Instrument settings were set
to a wavelength of 248.3 nm with 0.2 nm slit width, and background correction was enabled using a deuterium
lamp. All samples were run according to the manufacturer's suggested settings within the SpectrAA software
(Agilent Technologies, Santa Clara, California, USA), with the following modifications: a furnace burn‐profile
step was added (Step 9, temperature 2300°C, time 2.0 s, flow 0.3 L min−1 Ar) to eliminate carryover between
samples and total sample volume was increased to 15 μL with a 10 μL sub‐sample volume. A certified reference
material, SLRS‐6 (National Research Council of Canada) was run every 10 samples to evaluate accuracy, which
was maintained above 90%. In instances where samples read outside of the calibration range, samples were auto‐
diluted using ultrapure water acidified to 1% using trace‐metal grade 12 N nitric acid (CAS 7697‐37‐2) by a
programmable auto‐sampler (PD‐120, Agilent Technologies, Santa Clara, California, USA). All samples and
CRMs were run in duplicate. The detection limit for iron using this protocol was previously found to be 2 μg L−1

iron.

2.6. DOM Optical Properties

Fluorescence and absorbance measurements have been widely used to characterize the chemical composition of
DOM (P. G. Coble, 2007; Dittmar & Stubbins, 2014; Fellman et al., 2010; Minor et al., 2014; Murphy
et al., 2010). The absorption coefficient at 254nm (a254) is commonly used as an indicator of colored DOM
(CDOM) content, which is typically linearly related to DOC concentrations in ecosystems where colored aro-
matic materials dominate the DOM pool (Dittmar & Stubbins, 2014; Dobbs et al., 1972). The specific UV ab-
sorption coefficient at 254 nm (SUVA254) is correlated to the aromaticity of (and typically the terrestrial
contributions to) the DOM pool (Hansen et al., 2016; Helms et al., 2008; Weishaar et al., 2003). The spectral slope
ratio (SR) and fluorescence index (FI) are proxies for the relative molecular weight of DOM, with higher SR and
higher FI values indicating greater content of lower molecular weight DOM, which is commonly derived from
more labile microbial or autochthonous sources (Fellman et al., 2010; Li & Hur, 2017; McKnight et al., 2001).
The humification index (HIX) indicates the degree of humification or degradation of DOM, with more unsatu-
rated DOM reflected in higher HIX values (Fellman et al., 2010; Ohno, 2002). Fluorescence peak intensities (i.e.,
the commonly used B, T, A, M, and C peaks) (P. G. Coble, 2007) can provide estimates of the contribution of
different broad classes of DOM to the overall pool. The intensities of B and T peaks typically reflect protein‐like
DOM content while intensities of A, M, and C peaks indicate the contributions of humic‐like DOM (P. G.
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Coble, 2007; Fellman et al., 2010). The low cost and efficiency of optical measurements has enabled great ad-
vances in the study of aquatic DOM cycling.

Bulk DOM properties of ambient river water and leachates were measured using Biochrom Ultrospec 3100 pro
UV‐visible spectrophotometer and Shimadzu RF‐6000 fluorometer, which were completed at room temperature
using a 1 cm quartz cuvette and within 2 weeks of sub‐sample collection. The absorbance spectra were measured
from wavelengths 230–800 nm, at 1 nm intervals. Blank correction for absorbance spectra using ultrapure water
was done automatically in the instrument software, and ultrapure water blanks were repeated every 10 samples for
both absorbance and fluorescence spectra. Fluorescence spectra were measured in 5 nm intervals for excitation
(between wavelengths of 230 and 500 nm) and in 2 nm intervals for emission (250–700 nm). During optical
measurements, samples with higher DOC concentrations were diluted to <4 mg L−1. Where absorbance or
fluorescence were still over saturated, further dilutions were performed.

Absorbance and fluorescence spectra were processed using the StaRdom package (Pucher et al., 2019) in R
(Dobbs et al., 1972; Helms et al., 2008; McKnight et al., 2001; Murphy et al., 2013; Ohno, 2002). Fluorescence
spectra were inner‐filter effect corrected then blank‐corrected, and Raman normalized to Raman Units (R.U.) in
R. We report the Napierian absorption coefficient at 254 nm (a254, m−1), spectral slope ratio (SR; ratio of S275–295

to S350–400) (Helms et al., 2008), fluorescence index (FI, FI = em 450 nm/em 500 nm at ex = 370 nm) (McKnight
et al., 2001), humification index (HIX) and fluorescence peaks B (ex = 270 nm, em = 310 nm), T (ex = 275 nm,
em = 340 nm), A (ex = 260 nm, em = 380–410 nm), M (ex = 312 nm, em = 380–420 nm), and C (ex = 350 nm,
em = 420–480 nm) (P. G. Coble, 2007). Individual peak intensities were reported as Raman normalized peaks in
R.U. Each percent normalized peak was calculated by first dividing individual normalized peaks by maximum
fluorescence (Fmax), then dividing the normalized peak by the sum of the Fmax‐standardized peaks.

The specific ultraviolet absorbance at 254 nm (SUVA254, L mg C−1 m−1), a proxy for DOM aromaticity, was
calculated using the decadic absorption coefficient (α254, in m−1) divided by the DOC concentration (mg L−1),
where α254 is calculated as:

α254 =
A
l

where A is the absorbance (unitless) and l is the path length in m.

To remove the interference of iron(III) in estimates of α254 and SUVA254 (Poulin et al., 2014), an iron
concentration‐specific correction was applied to α254 using the following equation:

α254corrected = α254measured − (0.0653[Iron(III)] + 0.002)∗100

for iron(III) concentrations between 0 and 1.5 mg L−1 (Poulin et al., 2014), where α254 is the decadic absorption
coefficient (m−1) for our study and multiplying by 100 converts the correction factor from cm−1 (Poulin
et al., 2014) to m−1. Iron(III) concentrations are in mg L−1. We assumed that iron(III) concentrations were
equivalent to the total iron concentrations, given that iron(III) is generally the dominant form in oxic alkaline
waters (Namieśnik & Rabajczyk, 2015). Overall, the Fe:DOC ratio in both river samples and leachates was low
(<0.02 mgFe mgC

−1, see Results: Tables 1 and 2), suggesting little impact of iron on a254 or SUVA254 (Logozzo
et al., 2022).

2.7. DOC Decay Rate and Half‐Life Calculations

Changes in DOC concentration during BDOC experiments with river water and the individual leachate DOM
sources were calculated following Catalán et al. (2016) and Guillemette and del Giorgio (2011), as described in
Zhou et al. (2023). Briefly, decay coefficients (k) for incubations using leachates and filtered river water were
calculated as k = ln(t/i)/T, where i is the average DOC concentration based on triplicate samples at day 0 of an
incubation, and t is the average concentration on day T. Half‐life (t1/2) was calculated as t1/2 = ln (2)/k. For each
incubation, k was calculated in R version 4. 1. 2 (R Core Team, 2021) using the dplyr package for data
manipulations.
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2.8. Statistical Analyses

Principal component analysis (PCA) was performed in R using the vegan package. The percent BDOC (%
BDOC), initial DOC concentrations, k, and optical parameters for all leachate and river samples from initial day
(T0) BDOCs were averaged among triplicates in the PCA to determine the relationship between river and leachate
samples. All parameters were scaled and mean‐centered. The linear regression relationship between log10(t1/2), %
normalized peaks, and other optical parameters was calculated using the lm() function in base R. The analysis of
variance (ANOVA) with Tukey's honest significant difference post hoc tests (Kao & Green, 2008) (Tukey_hsd
function) was performed to compare initial DOC concentration and selected optical parameters between river
samples. In some cases, (e.g., for SUVA254) all replicates had identical values and we were unable to conduct
statistical analyses with these individual samples, so they were excluded from statistical analyses but are pre-
sented graphically. Paired t‐tests were used for determining the significant difference of net change in normalized
peak intensities for all leachate sources except leaves, riparian vegetation, and macrophyte and river samples.

3. Results
3.1. River DOC Concentrations

The DOC concentration in river water (i.e., the initial samples for ambient river water BDOC) ranged from
1.33 ± 0.03 mg L−1 (mean ± standard deviation) to 2.15 ± 0.02 mg L−1 (Figure 2a, Table 1). The highest DOC
concentrations occurred during the June pre‐flood period (i.e., pre‐spring freshet), and the lowest occurred in
March (winter). There was no significant change in DOC concentrations from spring baseflow to the freshet
(p = 0.28).

3.2. River DOM Composition

The five fluorescence peak intensities were similar during the three baseflow sampling periods and increased
during the spring freshet (except peak B) (Figure 2b, Table 1). For peak B, the Raman normalized intensity
(Figure 2b) was higher in September (0.14 R.U.) and March (0.13 R.U.) and lowest during June pre‐flood (0.07 R.
U.), but moderate during the June freshet (0.10 R.U.). Intensities for the other fluorescence peaks from September,
March, and June (pre‐flood) ranged little, from 0.06 to 0.09 R.U. (peak T), 0.08 to 0.10 R.U. (peak A), 0.09 to
0.11 R.U. (peak M), and 0.06 to 0.08 R.U. (peak C) (Figure 2b). Between June pre‐flood and flood periods, peak
intensities increased by 43% (B), 86% (T), 67% (A), 55% (M), and 63% (C) (not shown). Considering Raman
normalized DOM fluorescence intensity as a percentage of Fmax (Figure 2c), peak contributions were consistent
between autumn and winter (September and March), with protein‐like DOM (peaks T and B) contributing 46.3%–
47.3% to Fmax. Peaks M, A, and C contributed a summed ∼53% of the remaining Fmax in autumn and winter
(Figure 2c). There was a shift in relative peak contributions to Fmax in spring (June), with protein‐like DOM (B
and T peaks) contributing only 33.1%–34.5% to Fmax. In June for both the pre‐flood and flood periods, peaks A,

Table 2
Summary of General and Optical Properties for Leachate Samples at Day 0

Source
type

DOC
(mg L−1)

Iron
(mg L−1)

a254
(m−1)

SUVA254
(L mg C−1 m−1) SR

Raman normalized peak intensity (R.U.)

FI HIXB peak T peak A peak M peak C peak

LE 101 (1) L 146 (2) 0.63 (0.01) 0.8 (0.1) 27.58 (1.39) 10.05 (0.64) 1.58 (0.24) 6.28 (0.22) 0.53 (0.05) 1.73 (0.13) 0.01 (0.02)

RV 88.4 (0.6) L 190 (4) 0.93 (0.02) 0.6 (0.0) 10.17 (0.06) 6.75 (0.11) 1.59 (0.03) 4.70 (0.05) 1.08 (0.01) 1.73 (0.02) 0.13 (0.00)

GR 97.4 (1.7) 0.007 92 (0) 0.41 (0.01) 0.4 (0.0) 3.88 (0.05) 5.51 (0.04) 1.42 (0.05) 1.53 (0.02) 0.68 (0.00) 1.74 (0.07) 0.19 (0.00)

TS 3.08 (0.05) 0.006 18 (0) 2.40 (0.04) 0.9 (0.1) 0.17 (0.01) 0.27 (0.01) 0.34 (0.00) 0.43 (0.01) 0.30 (0.00) 1.32 (0.01) 0.75 (0.00)

MS 13.2 (0.3) 0.11 79 (2) 2.53 (0.08) 0.8 (0.1) 0.74 (0.03) 0.63 (0.04) 1.21 (0.02) 1.55 (0.02) 1.07 (0.01) 1.27 (0.00) 0.79 (0.01)

RS 1.37 (0.03) L 9.3 (0.1) 2.79 (0.09) 0.7 (0.1) 0.11 (0.00) 0.10 (0.01) 0.23 (0.00) 0.25 (0.01) 0.18 (0.00) 1.37 (0.02) 0.66 (0.00)

FE 3.57 (0.11) L 5.4 (0.4) 0.60 (0.05) 0.4 (0.4) 0.54 (0.00) 0.63 (0.01) 0.11 (0.00) 0.08 (0.00) 0.09 (0.00) 1.90 (0.04) 0.26 (0.01)

MA 19.7 (0.08) 0.013 25 (1) 0.53 (0.02) 1.3 (0.3) 1.26 (0.02) 0.71 (0.01) 0.17 (0.02) 0.15 (0.01) 0.15 (0.01) 1.41 (0.05) 0.26 (0.02)

BF 8.53 (0.01) 0.003 9.5 (0.5) 0.46 (0.03) 0.8 (0.1) 1.21 (0.01) 1.13 (0.03) 0.36 (0.01) 0.34 (0.00) 0.23 (0.00) 2.16 (0.07) 0.35 (0.00)

Note. L indicates the concentration of iron is below detection limit, which is <2 μg L−1. Mean of results are included and standard deviation is shown (in parentheses).
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M, and C each contributed a relatively larger fraction than in autumn and winter and the sum of these peaks
contributed the bulk of Fmax. We saw little change in peak intensities in samples from June pre‐flood and flood
periods (Figure 2c).

The absorbance properties of river samples were comparatively inconsistent in pattern across sampling periods
(Table 1). Values of SUVA254 were <2 for the three first sampling periods, then increased to 2.34 L mg C−1 m−1

during the June flood. The FI was consistently terrestrial‐like but ranged between seasons from 1.33 to 1.40
(ANOVA, p < 0.001; Table 1). We observed significant differences between values in March and June before the

Figure 2. Initial (a) dissolved organic carbon concentration, and Raman normalized fluorescent peak (b) intensities and
(c) percent contribution to Fmax, for the Oldman River across seasons: September (OMW‐Sept), March (OMW‐Mar), June
low flow (OMW‐Jun‐L), and June Spring flood (OMW‐Jun‐H). Each bar represents the average of triplicate measurements,
where error bars are ±1 standard deviation.
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freshet (1.40 vs. 1.33; Tukey's post hoc: p < 0.002). HIX showed a smaller range in values, from 0.46 to 0.64, with
only a marginal difference between September and March (Tukey's post hoc, p = 0.07) and no significant dif-
ference between June pre‐flood and flood (Tukey's post hoc, p = 0.62; Table 1).

3.3. Initial DOC Concentration and DOM Composition in Leachates

The extractable DOC content varied by over two orders of magnitude among endmember leachates. The con-
centration of DOC was greatest in terrestrial vegetation leachates (88.4–101 mg L−1). In soil and aquatic source
leachates, DOC concentrations were all lower than for vegetation, but varied considerably (Figure 3a, Table 2). Of
the three types of river valley soils, the highest DOC concentration was found in leachates from the midpoint soil
(13.2 ± 0.3 mg L−1) and lowest in the riparian soil (1.37 ± 0.03 mg L−1). Among the three aquatic end members,
the highest DOC concentration was found in leachates from macrophytes (19.70 ± 0.08 mg L−1) and lowest from
FE (3.57 ± 0.11 mg L−1) (Figure 3a, Table 2).

The composition of leachate‐derived DOM varied considerably between soils, terrestrial vegetation, and aquatic
sources. The three vegetation leachates (LE, RV, and GR) had the highest peak intensities for all fluorescent
peaks. Among terrestrial vegetation leachates, LE showed the highest B and T peak intensities (27.58 and
10.05 R.U.) followed by RV (10.17 and 6.75 R.U.) and GR (3.88 and 5.51 R.U., respectively). Leachates from
aquatic sources (MA, FE, BF) showed the next highest peak intensities for B and T, but lower peak intensities for
A, M, and C compared to soil leachates (Figure 3b, Table 2). For the soil end member leachates, the intensities for
peaks B and T were relatively low (from 0.11 to 0.74 and 0.10–0.63 R.U., respectively). Similar to patterns for
DOC concentration, leachates from MS showed higher peak intensities for all components compared to TS and
RS (Figure 3b, Table 2). The ratio of A:T was highest in soils (2.19, 1.91, and 1.24 for RS, MS, and TS,
respectively), while the other leachates had low ratios, within the range of 0.16–0.26 (data not shown).

When scaled as a percentage of Raman normalized peak contributions to Fmax (Figure 3c), the soil leachates had
the most unique DOM composition, compared to vegetation and aquatic end member leachates. For soil leachates,
the summed percent contribution of peaks B and T was low (24.3% ± 1.3% to 29.3% ± 0.5%), whereas percent
contribution of peaks A, M, and C were relatively large (70.7% ± 0.2% to 75.7% ± 0.9%) compared to terrestrial
vegetation and aquatic sources. In contrast, vegetation and aquatic end member leachates were dominated by
peaks B and T (69.7% ± 0.5% to 81.8% ± 0.3%; Figure 3c). These leachates had low aromaticity and potentially
higher bioavailability (SUVA254: 0.41–0.93 L mg C−1 m−1; HIX: 0.01 to 0.35; and FI: 1.41 to 2.16; Table 2). Soil
leachates had higher aromaticity, ranging from 2.40 to 2.79 L mg C−1 m−1 for SUVA254, as well as higher HIX
(0.66–0.79), and lower FI (1.27–1.37) values (Table 2).

3.4. BDOC Patterns for Leachates and River Water

Throughout the Oldman River valley, individual DOM endmember leachates had a wide range in bioavailability
and turnover but were all greater than that of river water DOM (Figure 4 and Figure S1 in Supporting Infor-
mation S1). Total BDOC values were highest for terrestrial vegetation leachates (74.6 ± 0.6 to
84.6 ± 1.8 mg L−1). Among remaining endmember leachate incubations, BDOC varied from as low as
0.33 ± 0.04 mg L−1 for riparian soil up to 13.3 ± 0.4 mg L−1 for macrophytes. The river water incubations
consistently had the lowest BDOC concentrations (0 to 0.29 ± 0.02 mg L−1). Similarly, the percent BDOC was
also highest in terrestrial vegetation leachate incubations (83.8%–86.8%) and lowest for the river water in-
cubations (0%–16.6%, Figure 4b). For soils, top of river valley soil and mid point soil showed a similar percent
BDOC (53.7% ± 1.7% and 56.7% ± 2.8%, respectively) while riparian soil was only 23.9% ± 3.1%. For aquatic
sources, the percent BDOC varied widely for each end member, increasing from FE (49.9% ± 3.7%) to mac-
rophytes and biofilm (67.4% ± 2.0% and 80.0% ± 1.0%, respectively). For river water BDOC, values were lowest
in spring (0%–3.2% ± 3.6%) compared to autumn and winter (16.6% ± 1.2% and 8.5% ± 2.6%, respectively)
(Figure 4b). The average percent BDOC for river water across the year was 7.1% ± 2.1%. The DOC decay
coefficient (k) was highest for all terrestrial vegetation leachates (0.057–0.074 day−1) and lowest for river water
(0.002–0.006 day−1, Figure 4c and Figure S1 in Supporting Information S1). Values of k decreased for aquatic
end member leachates for biofilm, macrophytes, and FE, respectively (0.060, 0.039, and 0.025 day−1). For
terrestrial leachates, values of k decreased from top to riparian soil leachates (0.027, 0.022, and 0.009 day−1) and
from smaller vegetation (grass; 0.074 day−1) to larger vegetation (Cottonwood trees; 0.057 day−1) (Figure 4c and
Figure S1 in Supporting Information S1). Over the course of each incubation, most leachates typically underwent
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Figure 3. Initial (a) dissolved organic carbon concentration, and Raman normalized fluorescent peak (b) intensities and
(c) percent contribution to Fmax for all leachates, including 3 vegetation types (LE, RV, and GR for leaf, riparian vegetation,
and grass leachates, respectively), 3 surface soil types (RS, MS, and TS for leachates from soils at riparian, mid‐valley, and
top of valley locations, respectively), and 3 aquatic dissolved organic matter (DOM) sources (FE, MA, and BF, for fish
excretion DOM, and macrophyte and biofilm leachates, respectively). Each bar represents the average of triplicate
measurements, where error bars are ±1 standard deviation.
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Figure 4. (a) Net change of dissolved organic carbon (DOC) from day 0 to 28, or biodegradable dissolved organic carbon
(BDOC), (b) percent biodegradable DOC (%BDOC), and (c) decay rate (k) for all leachate sources and river samples across
seasons: September 2021, March 2022, June 2022 low flow, and June 2022 high flow (15 June 2022). Error bars represent
±1 standard deviation.
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a net decrease in DOC concentration, fluorescent peak intensities, SR and FI values, and a net increase in
SUVA254, HIX, and A:T peak ratios (Table S1 in Supporting Information S1). The exception was LE, which
showed a large increase in values for A, M, and C peaks (2.4–3.8 times).

The chemical properties of leachates (Figure 5) and the total amount of DOC available (Figure 6) were correlated
to different degrees with their bioavailability and their potential residence time in the aquatic environment, as
summarized by the log‐transformed half‐life of DOC. Overall, of the measurements of DOM chemical compo-
sition, the best predictors of DOC half‐life in incubations were values of the A:T ratio (R2 = 0.50, p = 0.006), the
% contribution of C peak (R2 = 0.50, p = 0.0069), and A peak to Fmax (R2 = 0.47, p = 0.0092). The weakest
predictors were SR (R2 = 0.14, p = 0.21), and the % contribution of M peak (R2 = 0.31, p = 0.047), and B peak to
Fmax (R2 = 0.32, p = 0.044). At the same time, the log‐transformed concentration of DOC was strongly positively
related to %BDOC (Figure 6a; R2 = 0.76) and values of k (Figure 6b; R2 = 0.81). A weaker relationship was
present between concentrations of DOC and half‐life of the pool (Figure 6c; R2 = 0.65).

Figure 5. Relationship between log10(half‐life) to bulk optical parameters including individual absorbance metrics (SR, SUVA254, and fluorescence index) and the
percent individual peak (B, T, A, M, C) contribution to Fmax.
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3.5. PCA for Leachate and River Samples

The PCA captured a total of 81.4% of the variation between DOM sources using parameters as shown in Figure 7
(Table S2 in Supporting Information S1) and showed no major differences between river samples across seasons
and during the spring flood. Principal component 1 (PC1) explained 68.8% of the variation in the data set for
initial leachate and river samples, and was positively related to SUVA254, A:T peak ratios, and the ratios of A, M,
and C peaks to Fmax, which collectively reflect more aromatic and possibly less bioavailable DOM pools. The
more negative loadings on PC1 were related to higher leachable DOC concentrations, the ratios of B and T peaks
to Fmax, and larger FI values (Figure 7, Table S2 in Supporting Information S1). Leachate samples of terrestrial
vegetation and aquatic sources tended to load more negatively on PC1, while soil leachate and water samples

Figure 6. Relationship between log10 values of initial dissolved organic carbon (DOC) concentration in biodegradable
dissolved organic carbon (BDOC) incubations, versus metrics of DOC mineralization including (a) %BDOC, (b) the DOC
decay coefficient, and (c) log10(DOC half‐life).
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loaded more positively on axis 1. PC2 explained 12.6% of the variation within
the data set and was most strongly related to UV absorbance (a254), likely
reflecting the quantity of DOM in samples, given that DOC concentrations
and absorbance values were positively correlated (Pearson correlation of
log10 transformed values: r2 = 0.76, p = 0.001) and had similar loadings on
PC1 and PC2. Not surprisingly for BDOC incubations, the values of k and %
BDOC were most strongly related to variables with negative loadings on PC1
and PC2, with samples that had more leachable DOC, higher contributions of
B and T peaks, lower SUVA254, and lower A:T peak ratios having faster
turnover of the DOC pool in incubations (Figure 7, Table S2 in Supporting
Information S1).

4. Discussion
The DOM in the Oldman River consistently resembled terrestrial soil
leachates in composition, and secondarily autochthonous DOM sources
(Figure 7), even though we found a wide range in composition, leachable
DOC content, and bioavailability of potential DOM sources among the
various end members throughout the river valley (Figures 4–6). River DOM
also had consistently low bioavailability relative to leachates. At a finer
temporal scale, smaller seasonal differences in DOM cycling reflect the dy-
namic features of this river ecosystem. The river had relatively consistent
DOC concentrations that varied by ∼1 mg L−1 throughout the year
(Figure 2a), despite discharge varying >15‐fold from baseflow to flood pe-

riods. During spring (Figure 2c), the river's DOM pool consisted of material that was more characteristic of soil‐
like DOM endmembers that were less bioavailable, whereas in autumn (September) and winter (March) the DOM
pool shifted modestly to resemble autochthonous‐like end members (fish, macrophyte, and biofilm sources) that
were more bioavailable (Figures 2c, 3c, and 5). Overall, not only is the mainstem Oldman River a relatively small
exporter of DOM (in terms of catchment yield) when compared to other river systems (Johnston, Gunawardana,
et al., 2022), it may also support limited internal processing and turnover of DOM under current hydroclimatic
conditions, at least at the mainstem location sampled here. It is likely that upstream impoundment and flow
regulation (e.g., Oliver et al., 2016) play an important role in stabilizing the seasonal variability in DOM
composition and content in the river mainstem.

4.1. Limited DOM Biodegradability in the Oldman River

We found consistently low DOC concentrations and low DOM biodegradability throughout the year in the
mainstem of the Oldman River, though there were clear seasonal differences in both parameters. The annual
average %BDOC for the Oldman River (7.1% ± 2.1%; Figure 2) was on the low end of the range of measured
values for global rivers (0.1%–72.2%, average of 16.4%) (F. Liu & Wang, 2022), while the average decay co-
efficient (0.0035 ± 0.002 day−1; n = 4) is similar to the mean for rivers globally (0.0034 ± 0.0219 day−1) (Catalán
et al., 2016), but was on the high end of decay rates from a heavily impounded North American semi‐arid river
(ranging from 0.0014 to 0.0036 day−1) (Ulseth & Hall, 2015). More broadly, our findings align with the lower end
of median values from incubations reported for global aquatic habitats, which tend to decrease in %BDOC along
the aquatic continuum from >20% in lakes to <∼5% in the open ocean (LaBrie et al., 2020). Yet for each habitat
type there exists a wide range in values and sites that have low %BDOC (LaBrie et al., 2020; F. Liu &
Wang, 2022), so in this regard the low values for Oldman River %BDOC are not anomalous. Instead, upstream
impoundments (Figure 1) that have lengthened hydrologic residence times in the downstream river mainstem
(Rock & Mayer, 2007) have likely stabilized and restricted the extent of microbial DOM processing in the
Oldman River downstream of the reservoir (Oliver et al., 2016). Reservoir construction and longer water resi-
dence times enhance riverine DOM removal and replacement (Johnston, Gunawardana, et al., 2022; Maavara
et al., 2020; Ulseth & Hall, 2015). As shown by Ulseth and Hall (2015), the bioavailability of DOM decreased
below large reservoirs in arid rivers of the U.S., due to fast turnover of autochthonous DOM and higher
photooxidation of terrestrial DOM in the reservoirs. Also, retention in reservoirs can limit downstream nutrient
availability and restrict heterotrophic DOM processing (Maavara et al., 2020; Wang et al., 2018). While extreme

Figure 7. Principal components analysis of %biodegradable dissolved
organic carbon, initial dissolved organic carbon concentration, and optical
parameters for principal components 1 and 2 (PC1 and PC2). Symbols
represent different leachate sources and river water from different seasons,
and the parameters used for Principal component analysis are shown in red
color. Loadings are summarized in Table S2 in Supporting Information S1.
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hydrologic regulation has likely modified DOM cycling in the mainstem of the Oldman River, follow up work is
needed to confirm these impacts.

The low bioavailability of DOM in incubations of river water suggests limited DOM microbial turnover may
occur in the downstream habitat of the Oldman River. Our results are conservative, since our incubations only
used suspended microbes and do not capture particle‐bound microbial community metabolism, nor sediment
heterotrophic processes (a hotspot for DOC transformation; Kelso et al., 2020; Risse‐Buhl et al., 2012) or photo‐
oxidation of aromatic DOM. Further, our incubations were not persistently shaken to simulate advective or
turbulent mixing that enhances the supply of fresh DOM and nutrients to microbes to sustain elevated rates of
respiration (Ward et al., 2018). Therefore, the rates of microbial respiration in these incubations would be further
considered conservative. Collectively, these processes would enhance DOM turnover. However, SUVA254 values
for the Oldman River (1.84–2.34 L mg C−1 m−1, Table 1) were low compared to other systems (e.g., 1.3–
4.7 L mg C−1 m−1 for a temperate river (Hanley et al., 2013), 2.2–3.4 L mg C−1 m−1 for Arctic rivers (O'Donnell
et al., 2016), and 1.68–4.79 L mg C−1 m−1 globally for freshwater systems (Massicotte et al., 2017)). Therefore,
DOM in the Oldman River downstream of the reservoir is likely less photo‐reactive (Lapierre & del Gior-
gio, 2014), and not subject to much enhanced DOM biodegradation via photo‐priming mechanisms (Logozzo
et al., 2021; Moran & Covert, 2003). While the rates of microbial DOC removal that we report may be an un-
derestimate of ecosystem heterotrophic processes, they provide general context on DOM turnover in this system
(Kelso et al., 2020), and are an important platform to guide future research into ecosystem‐scale DOM cycling in
the Oldman River and similar ecosystems.

4.2. Modest Seasonal Changes in DOM Composition and Processing do Not Track Export

While the annual average export rate of DOC is low compared to other rivers (7.2 ± 4.5 Gg yr−1, Johnston,
Gunawardana, et al., 2022), we observed large seasonality in discharge and likely DOC export that is independent
of patterns of DOM composition, concentration, or bioavailability. While discharge increased >15‐fold from
autumn to the spring flood (freshet) period, DOC concentrations changed little across season or discharge
(Figure 1c, Table 1). Given the increase in discharge without changes in DOC concentration, we qualitatively
infer that DOC lateral flux would have increased greatly during the freshet, without a corresponding change in
DOM composition. This trend is consistent with other large regulated rivers (Oliver et al., 2016; Ulseth &
Hall, 2015) and temperate mainstem rivers that demonstrate chemostasis as a result of DOM source‐switching
(Hosen et al., 2020). At high flow, the contribution of allochthonous DOM can increase with greater lateral
export from terrestrial landscapes (Hosen et al., 2020; Logozzo et al., 2023). At low flow, as allochthonous DOM
contributions decrease, autochthonous production of DOM often increases (Hosen et al., 2020; Logozzo
et al., 2023; Oliver et al., 2016), as can the relative contributions from groundwater rich in less‐aromatic DOM
(Fellman et al., 2014; Hosen et al., 2021), and other processed allochthonous sources (Barnes et al., 2018). Thus,
while these are largely qualitative assessments that we cannot validate with a quantitative mass balance (given the
lack of suitable data), it does make sense that internally sourced DOM should reach a peak in contribution to the
river mainstem when temperatures are warmest, when autochthonous food web growth and biomass in the
Oldman River is known to be elevated in late summer and early autumn (Culp & Davies, 1982), and when
connectivity between terrestrial DOM sources (e.g., surface soils) is lower due to lower river flow (Barnes
et al., 2018; Oliver et al., 2016).

Moderate seasonal changes in the DOM composition of river water (Figures 2 and 7, Table 1) indicate that shifts
in contributions from distinct sources may result in less seasonal variation in DOM composition. We did observe a
clear ∼0.6 L mg−1 m−1 increase in SUVA254 during the spring freshet (Table 1), indicative of greater terrestrial
connectivity and inputs of aromatic, soil‐derived DOM (Hansen et al., 2016). Yet the relative contribution of
distinct FDOM peaks changed little in the spring prior to (low flow) and during the freshet (high flow) (Figure 2c),
suggesting that compositional shifts in the DOM pool during spring may have initiated prior to peak discharge.
There was a clear shift from spring to summer and autumn in FDOM composition, with B peak contributions
dominating in autumn, supporting the idea that greater relative inputs of autochthonous and more processed (or
groundwater) allochthonous sources sustain DOM concentrations (detailed above). In line with this, the DOM
pool shifted in composition in autumn and winter (Figures 2c and 7) toward DOM endmembers of autochthonous
origin (macrophytes, biofilm, fish excretory products) (Figures 3c and 7). Such autochthonous DOM supply could
be both local in the river and transported downstream from the large impoundments above our sampling location
(Figure 1, Oliver et al., 2016). The PCA summarizing DOM composition, total DOC leachability, and
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bioavailability showed river samples resembled a mixture of soil leachate (PC1, 68.8%) and autochthonous
leachate DOM (PC2, 12.6%; Figure 7, Table S2 in Supporting Information S1). The dominance of soil sources to
river DOM aligns with earlier studies indicating riparian and groundwater inputs supplied the bulk of river DOM
in small creeks in Hűttenberg, Germany (Seifert et al., 2016). Further, previous work has also shown that fresh
plant and algal‐derived DOM is highly labile and does not persist in river reaches extending below impoundments
(e.g., Oliver et al., 2016), so fresh autochthonous endmembers are not expected to comprise a large fraction of
DOM in most aquatic environments (Hansen et al., 2016). Impoundment and reservoir construction enhances the
production and downstream export of phytoplankton‐derived DOM (e.g., Oliver et al., 2016) and OM production
in dam tailwaters (Ulseth & Hall, 2015). While we cannot currently identify the location of autochthonous DOM
production in the Oldman River, internal production clearly plays an important, but secondary role in the DOM
cycle of this river, and possibly other large rivers in the region.

Seasonal shifts in DOM composition had clear implications for the functioning of the food web due to shifts in
microbial processing capacities of the DOM pool, which regulates the flow of energy and nutrients from the DOM
pool to the base of the food web (Findlay & Sinsabaugh, 2003). The percent BDOC values were highest in autumn
and lowest in the spring, including during the freshet (Figures 4b and 4c). Similar to other work in a northern
temperate watershed in the U.S. (A. A. Coble et al., 2016) and the Costal Plain of Maryland (Hosen et al., 2014),
our study also showed that the higher percent BDOC in the autumn scaled positively with relative contributions of
protein‐like DOM (Figures 5 and 7). This stresses how periods of low flow, when transit time is long, are
associated with some of the most bioavailable DOM, apparently linked to elevated autochthonous inputs of
biolabile DOM (discussed above). Of interest, we observed variation in %BDOC between September (16.6%) and
March (8.5%) (Figures 4b and 4c), despite the similar CDOM composition and aromaticity in these periods
(Figure 2c, Table 2). This difference is consistent with previous work (A. A. Coble et al., 2016) and suggests that
additional parameters control the bioavailability of river DOM beyond chemical composition alone, or that non‐
colored DOM may variably influence BDOC between these periods. Thus, follow up work on the Oldman River
can refine our understanding of DOM cycling by potentially considering other known drivers such as microbial
community compositional shifts across seasons (Hullar et al., 2006), and water quality parameters including
availability of inorganic nutrients to support microbial DOM processing (F. Liu & Wang, 2022; Shousha
et al., 2022).

Few studies have considered winter DOM composition and processing, especially in Canadian rivers. In river
habitats, winter temperature limitations may exert a major control over the extent of microbial respiration (e.g.,
Yvon‐Durocher et al., 2012) and DOM biodegradation. The higher %BDOC in winter than spring differs from
observations in some other studies (Hosen et al., 2014), and likely represents the accumulation of biolabile DOM
in the river that was subsequently accessed by microbes in the incubations conducted at room temperature. This
difference could be due to the persistence of more bioavailable DOM in the river in winter under colder, dark
conditions when there is extensive ice cover on the river and the microbial community is less metabolically active
(Logozzo et al., 2021; Shousha et al., 2022), resulting in temperature‐limitation that reduces winter DOC
mineralization rates (Maavara et al., 2023). Removing temperature restrictions by incubating in the laboratory
likely enabled the microbial community to access this bioavailable DOM pool more rapidly. These insights
cannot be determined by simply measuring DOC concentrations that are typically collected as part of routine
monitoring in Canadian Rivers (e.g., Johnston, Gunawardana, et al., 2022), so our exploration provides support
for ongoing monitoring efforts, and a window into seldom‐explored winter riverine processes and DOM cycling.

4.3. Most Fresh Leachate DOM Does Not Persist in the River Mainstem

The terrestrial to aquatic transitional zone of the Oldman River valley mainstem sampled here contains ample,
highly bioavailable DOM sources on land and in the river itself (Figure 4). Yet, the mainstem of the river likely
had a weak connection to these DOM sources during our study, or these DOM sources were remineralized or
transformed in upstream impoundments, as indicated by the much lower bioavailability, lower DOC content, and
distinct chemical composition of the riverine DOM at the sampling point (Figure 7). All leachate samples showed
higher bioavailability compared to river samples (Figure 4). The turnover time and half‐life of the DOC pool
decreased with total leachable DOC (Figure 6), and the relative content of protein‐like DOM, as the percent
contribution of T and B peaks to Fmax (Figure 5) for all leachate and river samples. These correlations are un-
surprising, as protein‐like DOM rich in N such as phenylpropyl (amino acid with lower aromaticity relative to A,
M, and C peaks (Harfmann et al., 2019)) and other nutrients enhance microbial access to limiting nutrients and
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heterotrophic DOC consumption rates (Mann et al., 2014; Shi et al., 2016), such that changes in DOM
composition related to aromaticity and protein‐like DOM content can decrease or increase, respectively, DOM
bioavailability and turn‐over rate ((Begum et al., 2023; A. A. Coble et al., 2016; F. Liu & Wang, 2022; Wickland
et al., 2012). Yet composition and bioavailability of DOM sources were not the only factor controlling microbial
metabolism in our incubations, as the concentration of DOM initially leached was the strongest correlate of DOC
mineralization patterns (Figures 6 and 7). Since the total amount of leachable DOC was also strongly positively
related to compositional shift toward protein‐rich, less aromatic DOM, we cannot tease apart the influence of
DOM quantity versus composition on BDOC patterns (Figure 7). It is possible that in other years with more
precipitation in the watershed, more of the DOC‐rich, bioavailable DOM sources in the river valley might be
engaged, reservoir residence time and thus DOC uptake would decrease, and DOM cycling could differ from
patterns observed here. Given that peak discharge in 2021 in the Oldman River was relatively low (∼350 m3 s−1)
compared to some wetter years where peak discharge can exceed 1,000 or even ∼4,000 m3 s−1 (Johnston,
Gunawardana, et al., 2022), we would expect years with higher flow through the mainstem location to potentially
cause the DOM composition and bioavailability to shift toward other end members, possibly reflecting riparian
vegetation signatures, or transport of headwater‐derived DOM further downstream (e.g., Seidel et al., 2016).
Therefore, we highlight that our observation in 2021 may be most representative of low flow, drought years where
the river mainstem has limited engagement with riparian habitat along with increased residence time removing
bioavailable DOM in upstream habitats.

Few (if any) studies have simultaneously documented the diversity of endmember DOM properties throughout
the river valley; thus, we are uniquely able to show that autochthonous sources of DOM occupied an intermediate
position in terms of bioavailability between fresh (vegetation) and stored (soil) DOM leachates. Leachate from
fresh cottonwood leaves, shrubs, and grass showed the highest DOC bioavailability (83.8%–86.8%, Figure 4b)
with a half‐life of 9–12 days. This is similar to findings in other studies (Fellman et al., 2013; Hansen et al., 2016;
Johnston et al., 2019), given that these sources supplied the greatest amount of DOC (Figure 6), and that protein‐
like DOM peaks B and T contributed 70.0%–81.8% to the % Fmax of these leachates (Figure 3c), having very low
aromaticity (SUVA254 < 1.0 L mg C−1 m−1, Table 2). The A:T ratio of terrestrial vegetation leachates (0.16–
0.26), was in the range of values previously reported for vegetation (0.1–0.3, Hansen et al., 2016). Similar to our
river valley samples, (Shelton et al., 2022) showed high BDOC of leachates from 8 distinct fresh tidal marsh plant
species (average of 72.6%, range of 20.1%–86.1%). Next to fresh vegetation, the leachate from autochthonous
DOM showed intermediate, but variable bioavailability that was highest for biofilm (80%), then macrophytes
(67.4%), and FE products (50%). The lower bioavailability of FE DOM was surprising. Its high fraction of
protein‐like DOM (80.1%), low aromaticity (SUVA254 = 0.60 L mg C−1 m−1) and low A:T ratio (0.18) was
similar to fresh terrestrial and aquatic vegetation and suggested that the DOM should be highly bioavailable. The
amount of leachable DOC supplied was likely a dominant factor causing terrestrial plant leachates to sustain a
greater amount and proportion of microbial DOC removal than river sources. Ultimately, although fish excrement
has previously been stressed as important in the transformation of C and in supporting food webs (e.g., Q. Liu
et al., 2022), to our knowledge, no study has framed this bioavailability relative to other river valley end member
DOM sources to show that fish materials are actually intermediate in bioavailability relative to DOM from plant
and biofilm communities.

While the least bioavailable group of leachates compared to vegetation and autochthonous sources, soil leachates
from the Oldman River valley were highly bioavailable when compared to similar studies globally. The %BDOC
from soil leachates were 23.9%–56.7% (mean = 44.8 ± 1.5%; Figure 4, Table 2), which was higher than globally
averaged soil leachate bioavailability of 28.7% (F. Liu et al., 2021), but similar to that of wetland soils (23%–42%,
Fellman et al., 2008). Our soil leachates had a range of 1.2–2.2 for A:T peak ratio values, which was extremely
low compared to those from Hansen et al. (2016), who report soil leachates with high A:T ratios of 6.6. The
SUVA254 values for our soil leachates were on the low end of values from soils reported by Kelso et al. (2020),
and lower than those for peatland soil leachates (3 L mg C−1 m−1, Hansen et al., 2016) and forest soil leachates
(2.2–3.9 L mg C−1 m−1, Thieme et al., 2019). In these mineral‐rich soils, the low aromaticity of leachates may be
partly due to the precipitation and retention of more humic‐like materials in soil particulate matter (Fellman
et al., 2008; Shen et al., 2014; Ussiri & Johnson, 2003). Consequently, the reduced humic‐like DOM content in
our soil leachates is expected to sustain higher %BDOC (Fellman et al., 2008). These leachates are relatively rich
in protein‐like materials as indicated by low A:T peak ratios (discussed above) and the fact that both B and T
peaks contributed roughly a quarter of the Fmax values (Figure 3c). Finally, the elevated bioavailable protein‐like
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DOM content may be linked to lower soil microbial processing rates of dead plant materials in this arid region,
especially during the extremely low precipitation conditions in the current drought period.

5. Conclusions
By documenting the seasonality in DOM content, composition, and bioavailability in the Oldman River and
adjacent terrestrial habitats, we have provided new biogeochemical insights into the functioning of this
economically and ecologically important watershed. Although the spring baseflow and freshet periods showed
clear differences in lateral DOC export and the river valley contains multiple sources of highly bioavailable OM
(soils, vegetation, and aquatic sources), riverine DOC concentration and DOM composition were largely
decoupled from these sources and unresponsive to seasonal hydrology. As seen elsewhere, upstream reservoir
creation likely modifies cycling of DOM in the river mainstem by enhancing DOM processing, reducing seasonal
changes in DOM composition, and shifting the balance between auto‐ and allochthonous DOM cycling in the
mainstem of the river. These insights have implications for understanding socially relevant processes including
DOM impacts on the binding and transport of contaminants, drinking water purification, and the habitat features
for important aquatic organisms (Asmala et al., 2013; Clark et al., 2008; Leenheer & Croué, 2003; Vanni, 2002).
Given the limited existing information on riverine DOM cycling in western Canadian aquatic networks, our
observations may reflect the typical patterns of DOM cycling in similar rivers transitioning from mountains to
heavily impacted prairie ecoregions.

Data Availability Statement
All hydrometric data are publicly available from the Government of Canada National Water Data Archive
(Station ID: 05AD007, https://wateroffice.ec.gc.ca/search/historical_e.html). Water chemistry data are available
on the Federated Research Data Repository (Bogard & Zhou, 2024).
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