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ABSTRACT 

Methylmercury (MeHg) and, to a lesser extent, inorganic mercury (IHg) contamination of 
rice is a global public health concern, but little is known about how soil and grain Hg 
concentrations respond to elevated CO2 (ECO2) or how ECO2 alters movement of Hg 
through the soil-plant-grain system. To advance knowledge of how Hg contamination of 
rice will change in the future, this study explored the effect of elevated CO2 (ECO2, c. 800 
ppm) on soil, iron plaque, root, stem/leaf, and grain concentrations of MeHg and IHg. We 
observed evidence that ECO2 increased accumulation of MeHg, but not IHg, in rice grain. 
For IHg, ECO2 did not alter its uptake from the soil, translocation through the plant, or 
concentration in rice grain. However, ECO2 did reduce uptake of IHg from the air into leaf 
tissues, likely as a result of the reduced stomatal conductivity and thus more limited direct 
uptake from the air.  

Methylmercury concentrations in the grain of plants grown at ECO2 were significantly 
higher than those of plants grown at ambient CO2. Moreover, MeHg concentrations were 
also elevated in stem/leaf (82 %) and root tissue (37 %) for ECO2 plants, although the root-
tissue results were not statistically significant. In contrast, soil MeHg concentrations were 
virtually indistinguishable between treatments, indicating that higher rice grain MeHg 
concentrations were not likely due to higher microbial IHg methylation in soil. Plant uptake 
of MeHg into stem/leaves and grain from the soil was significantly greater in the ECO2 
treatment; however, translocation patterns of MeHg within the plant itself did not differ 
between treatments. Notably, these patterns existed despite consistently lower 
transpiration in the ECO2 treatment, and thus less mass flow of solute towards and 
through the plant. Our results indicate that as CO2 concentrations rise, the human health 
risks related to MeHg in grain will likely increase.    

  

1. Introduction  

Mercury (Hg) is a highly toxic pollutant that contaminates nearly every environment. The 
total Hg load of the water, soil, and biota is dominated by inorganic Hg (IHg). A small 
fraction of Hg is present as an organometal, methylmercury (MeHg; Beckers and Rinklebe, 
2017), which is produced in aquatic environments by IHg methylating microbiota (Bravo 
and Cosio, 2019). The toxicity of Hg varies depending on its speciation (Beckers and 
Rinklebe, 2017). Methylmercury is neurotoxic; low-level MeHg exposure, which mainly 
occurs via aquatic-sourced food including fish and rice, causes subtle but irreversible 
intellectual deficits for children exposed in utero (Karagas et al., 2012; Rothenberg et al., 
2021). While IHg exposure through food has received less attention than MeHg (Viˇsnjevec 



et al., 2014), there are concerns about its kidney toxicity and other negative effects 
(Beckers and Rinklebe, 2017; Bernhoft, 2012; Clarkson and Magos, 2006; Syversen and 
Kaur, 2012).  

Rice agroecosystems are an important component of human exposure to Hg. MeHg 
accumulates in rice (Hylander and Goodsite, 2006; Rothenberg et al., 2014) to levels that 
adversely impact child neurodevelopment in some populations consuming a heavily rice-
based diet (Rothenberg et al., 2021). Emphasizing the urgency of this issue, rice represents 
c. 10 % of the intake of MeHg worldwide (Liu et al., 2019), and is currently the staple food of 
more than three billion people, a number which is expected to rise to five billion by 2030 
(Khush, 2005). Rice also represents a dietary source of IHg; unlike seafood, 21–88 % of 
total Hg in rice is present as IHg (Rothenberg et al., 2014; Wang et al., 2020; Xu et al., 2019). 
Two studies have found that residents of a Hg-contaminated area in China may experience 
impairment of kidney function as a result of IHg exposure directly from rice (Li et al., 2015a; 
Zhang et al., 2020).  

Rising atmospheric CO2 levels, which may reach 550–800 ppm by 2100 (IPCC, 2021), have 
the potential to alter both the MeHg and IHg content of soil and their movement through 
the soil-plant-grain system. Firstly, elevated CO2 may alter microbial methylation in the 
soil, which is the source of MeHg to rice grain (Aslam et al., 2022; Strickman and Mitchell, 
2017), through increased rice root exudation (Baek, 2011) which in turn stimulates 
microbial methylation in rice paddies (Windham-Myers et al., 2009; Zhao et al., 2018). 
ECO2 can also increase the mobilization of IHg (Pierce et al., 2022), potentially stimulating 
methylation through increased IHg supply. Secondly, elevated CO2 could affect the 
movement of both MeHg and IHg from soil and air towards plant tissues. Dissolved MeHg is 
transported to the plant root surface via the movement of porewater (mass flow) which is 
driven by the transpirational uptake of water by the plant. Mass flow and solute uptake tend 
to decrease in high-CO2 conditions because plants narrow their stomatal aperture as the 
photosynthetic demand for carbon can be met with a smaller volume of air (Ainsworth and 
Rogers, 2007; Keenan et al., 2013; Kumar et al., 2017), potentially altering MeHg availability 
for uptake. IHg is partially taken up from soil solution via mass flow, but is also absorbed as 
gaseous mercury directly through the stomata (Aslam et al., 2022; Meng et al., 2012; M. 
Meng et al., 2014; Tang et al., 2021; Zhou et al., 2015). ECO2 could therefore alter plant IHg 
uptake through both changes in mass flow and stomatal aperture.  

Elevated CO2 could also change the total amount as well as the absorptive capacity of iron 
plaque, a layer of iron oxyhydroxide compounds that coats rice roots (Zandi et al., 2023). 
Plaque intercepts and binds IHg and MeHg (Tiffreau et al., 1995), serving as a protective 
barrier against uptake (Li et al., 2017; Li et al., 2015; Wang et al., 2015). Elevated CO2 can 



alter the characteristics of the iron plaque by decreasing the Eh and pH in soil porewaters 
through changes in plant physiology and associated microbial responses (Wang et al., 
2023; Yang et al., 2022). These changes occur as a result of higher exudation of carbon 
from plant roots, which increases microbial activity and results in more reduced conditions 
(Cheng et al., 2010), and increased plant release of carbonic acids (Wu et al., 2009) and 
protons to maintain charge balance after the uptake of basic nutrients (Zhang et al., 2018). 
These changes could lead to more iron in the plaque (Yang et al., 2023), because more 
acidic porewater pH facilitates the release of additional Fe (II), which is oxidized to solid 
forms of Fe(III) in the oxic rhizosphere (Yang et al., 2022). This enhancement of iron content 
of plaque could reduce uptake of MeHg and IHg to above-ground tissues. In addition, 
ECO2-related shifts in eH and pH can alter the crystallinity of the iron plaque towards more 
amorphous iron species (Yang et al., 2022), but it is not known how this process affects 
MeHg and IHg uptake to the plant.  

Finally, ECO2 might alter the concentrations of Hg in plant tissue compartments between 
the plaque and the grain. The mechanism by which MeHg enters the plant and is 
translocated is not know, but it appears to be bound to cysteine residues (Hao et al., 2022; 
Meng et al., 2014; Xu et al., 2016). Some MeHg is photo-demethylated within aboveground 
plant tissues (Xu et al., 2016), some remains bound in the leaves at maturity (Meng et al., 
2011; 2010), and some is transported into developing grain as a pseudo-nutrient. ECO2 
generally lowers the protein content of rice grain while raising the carbohydrate content, 
which could perturb the pseudonutrient-based translocation of MeHg (Wang et al., 2011). 
IHg which is not bound to root tissues or iron plaque is translocated upwards through the 
plant. However, gaseous Hg is also taken up directly from the atmosphere by leaves in the 
course of gas exchange, and subsequently oxidized to IHg (Aslam et al., 2022; Meng et al., 
2012; 2010; Strickman and Mitchell, 2017). Gaseous uptake could be inhibited by the 
reduced stomatal conductivity that accompanies ECO2. IHg from both of these sources is 
translocated to grain, but IHg in the air can also directly enter grain via intercalation with 
thiol-bearing protein moieties (Aslam et al., 2022; Meng et al., 2014).  

Despite the many routes by which ECO2 could alter Hg in rice grain, only two studies have 
examined this question. The only study to explore the effect of ECO2 on MeHg in rice grain 
found a statistically nonsignificant doubling of grain MeHg concentrations at 550–600 ppm 
CO2 (Mao et al., 2021). The effect of ECO2 on IHg is inconsistent, with one study observing 
a decrease in grain IHg content under 550 ppm (Tang et al., 2021), while Mao et al. 2021 
found no effect. Neither study explored the effect of ECO2 on the soil or iron plaque 
compartments, and both used ECO2 settings (500–600 ppm) associated with SSP2–4.5, 
which projects an “intermediate” scenario for climate change (Aslam et al. 2021). The 
influence of CO2 concentrations greater than 600 ppm on MeHg behavior in the soil-plant-



grain system has not been investigated, despite the urgency of understanding the effects of 
more dramatically elevated CO2 levels associated with the “high” climate change scenario, 
SSP3–7.0 (Huard et al., 2022).  

To address this knowledge gap, we grew rice plants under ambient (c. 400 ppm, as of 2018; 
ACO2) and highly elevated (c. 800 ppm; ECO2) CO2 concentrations, then compared MeHg 
and IHg in the soil, plaque, roots, stem/leaves, and grain to identify the direction and 
magnitude of perturbations in the concentrations and movement of MeHg through the soil-
plant-grain system.  

2. Materials and methods  

2.1. Soil collection, plant propagation, and rhizobox planting  

Rice plants were cultivated in growth chambers during December–May of 2017–2018 at the 
University of Washington Center for Urban Horticulture (47◦39′27ʺ N, 122◦17′21ʺ W; 10 m 
above sea level). Soil was collected in September 2017 from a rice paddy field at the 
University of California Davis, California, USA. Soil storage and homogenization, and 
rhizobox construction and preparation, are described in Strickman et al., 2022. The 
background concentrations of MeHg was 0.01–0.12 ng/g, and of IHg, 0.068–0.25 ng/g 
(Strickman et al., 2022). This experiment used M-206, a short-season Calrose-type 
Japonica rice variety (Farhat et al., 2021). Seedlings were pre-cultivated in agar for 22 days, 
as in Strickman et al. 2022. Dates are noted as the day after planting (DAP).  

On DAP 23, seedlings were transplanted into paddy soil in shallow rhizoboxes (25 × 5 × 50 
cm inner dimensions) fitted with removable facings. Six rhizoboxes were maintained in 
each of two chambers, with one chamber at ambient CO2 (ACO2 treatment; c. 400 ppm in 
2017–2018) and the other supplemented to 800 ppm CO2 (elevated CO2, ECO2 
treatment). Planting details are available in Supplementary Text 1. 2.2. Plant growing 
conditions and physiological monitoring  

Work was conducted in custom growth chambers (210 × 110 × 110 cm) fitted with 
ventilation, lighting, temperature and humidity control, and the capacity to adjust CO2 
concentrations. Complete details of chamber construction are available in (Rho et al., 
2020). Chambers were housed adjacent to one another inside a climate-controlled 
greenhouse and drew air from the same outdoor source.  

Supplemental CO2 was supplied via a compressed gas tank connected with Tygon tubing, 
and assessed every 2-3 days using a PP Systems WMA-4 CO2 Analyzer (PP Systems 
International, Amesbury, Massachusetts). Further information is available in 
Supplementary Text 2. Plants were illuminated by natural light supplemented with compact 
fluorescent lights on a 16H day, 8H night cycle. Photosynthetically active radiation ranged 



between c. 200 to 700 µmol/m2/s. Temperatures were within the range of 28–32◦C in the 
day and 23–27◦C night for both chambers. The overlying layer of Hoaglands solution was 
supplemented as necessary, with a layer of 5 cm maintained at all times.  

Humidity was controlled, but not equalized between chambers. Until tillering, humidity 
adjustments were used to equalize transpiration between treatments; thereafter, relative 
humidity was held constant at the last settings (80 % for ECO2 treatment, 45 % for ACO2). 
Transpiration data were collected 2-3 times weekly and averaged across plant growth 
stages: seedling (DAP 23–41), early tillering (DAP 42–58), peak tillering (59–89), booting 
(DAP 90–96), flowering (DAP 97–107), and grain filling (DAP 108–135/142). See 
supplementary Text 3 for full details.  

Photosynthetic rate measurements were collected at tillering (DAP 89) and grain maturity 
(DAP 135) stages using a LI-COR 6400XT portable photosynthesis system (LI-COR 
Biosciences, Nebraska, USA) with the following settings: leaf temperature 30◦ C, humidity 
of c. 30 %, and PAR 200 µmol/m2/s. The LI-COR CO2 setting were 440 ppm for ACO2, and 
830 ppm for ECO2.  

2.3. Sample collection  

Plant tissue and soil samples were collected when plants had reached maturity. Grains in 
the ECO2 treatment were collected on DAP 135, while ACO2 was harvested on DAP 142. 
Working on the bench, grains were removed, and then the rhizoboxes opened to collect soil 
samples with acid-washed plastic scrapers, and immediately flash-frozen on dry ice; these 
samples were stored at -80 ◦C and lyophilized. Soil samples were not oven dried and 
therefore include both the solid phase and the soil water. Following soil collection, plants 
were gently separated into root and stem/leaf biomass. Stem/leaves and roots were 
washed with copious tap water and rinsed with DI water. All plant tissues were frozen at -4 
◦C and preserved by lyophilization.  

2.4. Sample analyses  

2.4.1. Plant tissue preparation  

Hulled, unpolished rice grains were pooled by box and ground to a fine powder using a 
ceramic mortar; stem/leaf tissues were homogenized in a steel coffee grinder while roots 
were snipped with steel scissors. Separate sets of equipment were used for each 
treatment. All equipment was cleaned between samples with a Kim wipe dampened with 
ethanol and jet of nitrogen. Roots were separated into two portions of approximately equal 
weight. One portion was analyzed with the iron plaque intact, while the other was stripped 
of its iron plaque coating using a citrate-bicarbonate-dithionite extraction technique (Taylor 



and Crowder, 1983, Supplementary Text 4). This process enabled separate determination 
of MeHg and THg content in root biomass and iron plaque.  

2.4.2. Mercury and iron determinations  

Methylmercury and total mercury (THg) were measured in soil, plaque, root, stem/leaf, and 
grain compartments. Due to COVID-19 disruptions, two analytical facilities were used. The 
THg and MeHg concentrations of grains and soil were determined at Oregon State 
University in 2018. Total Hg and MeHg concentrations of plaque, stem/ leaves, and roots 
were determined at the University of Toronto in 2021.  

Soil THg analyses were conducted using EPA Method 7473 (United States Environmental 
Protection Agency, 2007) based on AAS via a Lumex RA 915+ Pyro 915 Mercury Analyzer; 
samples were directly combusted without acid digestion. Grain THg samples were 
quantified using the EPA Method 1631 (United States Environmental Protection Agency, 
2002) based on cold vapor atomic fluorescence spectrometry (CVAFS) (MERX-T with 
Brooks Rand Model III instrument, Brooks Rand Instruments, Seattle, WA, USA) and a hot 
nitric-sulfuric acid digestion (see Supplementary Text 5 and Rothenberg et al., 2015).  

Soil and grain MeHg analyses were performed using solvent extraction and EPA 1630 
(United States Environmental Protection Agency, 2001) with gas chromatography (GC)-
CVAFS using a (Model-III Detector, Brooks Rand Instruments, Seattle, WA). Soil for MeHg 
analysis was digested using KBr, H2SO4, and CuSO4 solution, with MeHg subsequently 
partitioned to dichloromethane, and finally back-extracted to an aqueous solution for 
analysis (Bloom et al., 1997) See Supplementary Text 5 for more details.  

Methylmercury concentrations of the washed and unwashed roots, as well as of the 
stem/leaf tissues, were determined using isotope dilution-gas chromatography-inductively 
coupled plasma mass spectrometry (Hintelmann et al., 2000). THg concentrations in the 
same sample compartments were determined using isotope dilution-cold-vapor-ICP-MS. 
Sample preparation and analytical techniques are described in Strickman et al. (2022).  

Instruments for Hg determinations at Oregon State University were calibrated daily with a 
coefficient of variation (r2) >0.99. At both facilities, the quality of THg and MeHg 
determinations was assessed using percent recovery of standard reference materials and 
matrix spikes, relative percent difference between duplicates (RPDs), and method 
detection limits; these data are available in Table 1.  

Inorganic Hg (IHg) concentrations were estimated by subtracting MeHg from THg 
concentrations. MeHg and THg contents of the iron plaque were expressed as the 
difference between the concentration in the intact root and the iron-stripped root. This 
concentration represents the MeHg or THg bound in the plaque compartment of the intact 



root, on a dry weight basis, and assuming that iron plaque weight was negligible. Plaque 
iron concentration was estimated as the difference between iron content of stripped and 
unstripped roots. This method was chosen because of shipping restrictions on the citrate-
bicarbonate-dithionite solution. Iron measurements were made using an Agilent ICP-MS at 
the University of Toronto.  

2.5. Bioaccumulation factors and transfer factors  

Bioaccumulation and transfer factors were calculated to explore how MeHg and IHg moved 
through the soil-plant-grain system. Transfer factors measure movement within the plant 
between the iron plaque, roots, stem/leaves, and grain (Buscaroli, 2017), and are 
calculated as the ratio of sink concentration (Csink) to the concentration of the relevant 
source compartment (Csource):  

TFi = Csink / Csource  

Bioaccumulation factors are the quotient of MeHg or IHg concentration in the plant tissue 
(Ci) to the concentration in the soil (Csoil), and assess accumulation in plant tissues, with 
soil as the primary source (Buscaroli, 2017)  

BAFi = Ci / Csoil   

2.6. Statistical analyses  

Variables were assessed for normality using a combination of q-q plots, frequency 
distribution histograms, and comparison of median and mean values. Variables were 
transformed as necessary to approximate a normal distribution. Individual variables were 
compared between treatments using a two tailed student’s T test. Statistical analysis was 
conducted with R version 3.3.1 (R Core Team, 2016). Normalized and non-normalized data 
is available at Mendeley Data at DOI:10.17632/sgj3bbdvv2.1.  

3. Results and discussion  

3.1. Effect of CO2 on plant growth and physiology  

Carbon dioxide treatments strongly affected the physiology of the plants. Photosynthetic 
rates were 40 % higher in the ECO2 treatment than in the ACO2 treatment at tillering (p = 
0.01) and c. 70 % higher at grain maturity (p = 0.22) (Table 2). This degree of photosynthetic 
stimulation is comparable with previous work using identical growth chambers and with 
similar CO2 conditions at the panicle initiation stage (Rho et al., 2020).  

 

  



Table 1  
QA/QC for mercury and methylmercury determinations.    
 Method  Standard reference material  SRM Recovery (mean ± st.  

dev, N)  
RSD (mean ± st. dev., N)  Spike Recovery (mean ± st.  

dev, N)  
MDL (ng/g)  

MeHg (grain)  EPA 1630  TORT2 (lobster)  99  ± 14 (2)  20  ± 4.0 (3)  96  ± 26 (2)  0.002  
MeHg (leaves and roots) 
MeHg (soil)  

IC-GC-ICPMS 
EPA 1630  

IAEE-158  
TORT2 (lobster)  

102  
91  

± 
± 

3.6 (6)  
0.33 (2)  

2.90  
25  

± 
± 

2.44 (4)     
17 (4) 1        0.004  

0.002  
THg (grain)  EPA 1631  NIST 1568b (rice)  114  ± 18 (2)  7.4  ± 0.94 (2)  91  ± 3.7 (2)  0.001    

  IAEA-086 (hair)  86  ± 4.4 (2)                
THg (leaves and roots) THg 
(soil)  

IC-GC-ICPMS 
EPA 7473  

MESS-4  
NIST 1515 (apple leaves)  

83  
88  

± 
± 

3.65 (4)  
3.6 (4)  

4.36  
25  

± 
± 

6.58 (4) 16 
(9)2     

104  ± 8.59 (4)  0.0009  
3    

  TORT2 (lobster)  95  ± 3.6 (4)                

Detection limits for MeHg and THg in stem/leaves and roots were assessed as three times the standard deviation of blank concentrations, which were calculated using 
average sample masses. Detection limits for all other samples were assessed as the lowest point on the calibration curve corrected for the average mass of the sample. All 
values exceeded the associated MDL. The average relative standard deviation between duplicates (RSD) was calculated as the ratio of the standard deviation to the average 
recoveries of each duplicate pair expressed as a percentage).  

1 When one sample was removed, the RSD was 21 ± 15 (n = 3) 2 When 2 
samples were removed, the RSD was 19 ± 12 (n = 7)  

Table 2  
Photosynthetic rate assessed on DAP 89 and 135/142, and stomatal conductance, transpiration rate, and humidity settings averaged over seedling, early tillering, peak 
tillering, booting, flowering, and grain maturity growth stages. Data is presented separately for the ECO2 (Elevated) and ACO2 (Ambient) treatments. Stomatal conductance for 
seedling stage was not recorded. Full data is available in Table S1.   
Days after planting (DAP)   Photosynthetic rate, A  Stomatal conductance, Gs  Transpiration rate, E  Humidity setting (average)    
  µmol CO2/m2/sec   mmol H2O/m2/s   mmol H2O/m2/s   % RH  

Tillering harvest  Elevated  14.27  ± 0.959                
DAP 89  Ambient  10.2  ± 3.13                
Grain maturity harvest  Elevated  9.3  ± 2.68                
DAP 135/142  Ambient  5.5  ± 2.07                
Seedling  Elevated              1.36  ± 0.74  50%  

DAP 23–41  Ambient              0.84  ± 0.47  50%  

Early tillering  Elevated        243.1  ± 53  1.89  ± 0.48  50%  

DAP 42–58  Ambient        258.9  ± 46.8  2.12  ± 0.52  50%  

Peak Tillering  Elevated        223.4  ± 41.8  2.42  ± 0.62  50–80%  

DAP 59–89  Ambient        331.8  ± 45.9  4.12  ± 0.77  45–60%  

Booting  Elevated        176.7  ± 39.3  1.64  ± 0.56  80%  

DAP 90–96  Ambient        299.9  ± 63.1  3.61  ± 1.04  45%  

Flowering  Elevated        209.5  ± 38.4  2.12  ± 0.5  80%  

DAP 97–107  Ambient        353  ± 66.3  4.38  ± 1.1  45%  



 

As anticipated, transpiration responded rapidly to differences in both humidity and CO2 
concentrations. One of the original experimental goals was to assess uptake and 
movement of MeHg under ECO2 conditions in the absence of transpirational differences 
between treatments. Early in the plants’ life histories, transpiration was successfully 
equalized between treatments by progressively raising the humidity in the ECO2 treatment 
while lowering the relative humidity in the ACO2 treatment (Table S1). Low-humidity 
conditions prompted the plants in the ACO2 treatment to narrow the stomatal aperture in 
order to reduce water loss, mimicking the lower stomatal conductivity of plants in the 
ECO2 treatment. This approach was successful at seedling and early tillering growth 
stages, where averaged transpiration rates were not significantly different between 
treatments (p = 0.27 and 0.44 respectively). However, the humidity-based equalization 
technique became ineffective past DAP 68 of the experiment, at approximately the point 
the plants entered the full tillering phase. This outcome is likely because air leakage from 
the chamber made it impossible to raise chamber humidity beyond 80 % and rapid growth 
drove high transpiration rates (Hidayati et al., 2016). After this point, transpiration was 
consistently and significantly lower in the ECO2 treatment (Table S1). The differential in 
transpiration between ECO2 and ACO2 varied over the plant’s life cycle from peak tillering 
(-41 %), booting (-55 %), flowering (-52 %), and grain maturity (-59 %; p = 0.001–0.002, Table 
2).  

Stomatal conductivity followed a very similar pattern to transpiration over the course of the 
experiment. Stomatal conductivity was consistent between treatments at early tillering (p = 
0.60), but thereafter diverged and became significantly lower in the ECO2 compared to the 
ACO2 treatments (-33 % – -48 %, p = 0.001– 0.003) (Table 2). These differences in both 
transpiration and stomatal conductivity in ECO2 vs ACO2 are comparable to previous work 
that grew rice in ambient and elevated (500–800 ppm) conditions (Ikawa et al., 2018; Rho et 
al., 2020; Shimono et al., 2013; Tang et al., 2021). We conclude that, despite humidity 
manipulations, the stomatal conductivity of the plants (and associated rates of 
transpiration) were still broadly representative of rice plant physiology under elevated CO2.  

3.2. Effect of ECO2 on MeHg in the soil-plant-grain system  

3.2.1. Soil MeHg  

 

Grain maturity  Elevated        149.8  ± 17.9  1.38  ± 0.23  80%  

DAP 108–135/142  Ambient        286.3  ± 28.4  3.35  ± 0.44  45%   
 



 

Fig. 1. MeHg concentrations, %-MeHg values, and MeHg bioaccumulation and transfer factors in the soil-
plant-grain system. All graphs compare the ECO2 and ACO2 treatments. A) MeHg concentrations in soil, iron 
plaque, root tissue without plaque, stem/leaf (st/lf), and grain, (B) %-MeHg values, (C) MeHg transfer factors 
within the plant with source compartment listed first and sink compartment listed second along the x-axis, (D) 
MeHg bioaccumulation factors within the plant with the source (soil) listed first and the sink listed second 
along the x-axis. For this, and all subsequent figures: Data presented is untransformed. P-values of T-tests 
(based on normalized data) are displayed above each pair of boxplots. The shaded area of each figure 
represents the 75th to 25th interquartile range (IQR); the central line represents the median; whiskers 
represent the highest data value that falls below 1.5x the IQR. Dots represent data falling beyond 1.5x the IQR.  

 

 



Contrary to expectations, there was no evidence that 
ECO2 affected MeHg concentrations in soil, which 
ranged between 0.10–0.20 ng/g (p = 0.98, Fig. 1A). This 
finding is important because this is the first study to 
explore the effect of ECO2 on MeHg production in soil, 
and because the responsiveness of methylation to 
climate change is a key uncertainty in managing Hg on a 
global scale (Chen et al., 2018). Methylation did occur 
during the experiment as evidenced by increases in soil 
MeHg concentrations from 0.09 ng/g prior to planting 
(Strickman et al., 2022) to a mean of 0.13 ± 0.03 ng/g at 
grain maturity. We therefore conclude that MeHg 
production, while occurring in this system, was not 
impacted by elevated CO2. Supporting this 
interpretation, the %-MeHg values, a rough estimate of 
the methylation capacity of a system, did not differ 
between treatments (Fig. 1B, p = 0.89). This finding 
suggests that atmospheric CO2 concentrations are less 
important to alterations in soil MeHg production than 
secondary aspects of climate change, such as altered 
temperature (Yang et al., 2016) or hydrology (Haynes et 
al., 2019).  

3.2.2. Iron plaque Fe and MeHg  

The effect of ECO2 on MeHg accumulation in plaque 
was inconclusive. Previous work has observed that 
higher concentrations of Fe in root plaque are 
negatively related to the MeHg (Li et al., 2017; Li et al., 
2015) and IHg (Wang et al., 2015; 2014; Zhou and Li, 
2019) concentrations of aboveground tissues, including 
grain. This makes the effect of ECO2 on iron content in 
plaque an important issue. In our study, mean 
concentration of iron in plaque, normalized by root 
biomass, was similar between treatments (17.09 ± 2.85 
mg/g ECO2, 18.59 ± 3.29 mg/g ACO2; p =0.45, Fig. 2 A), 
suggesting that ECO2 did not alter the total formation of 
iron plaque on roots in our experiment. Despite the similar iron contents in plaque, it was 
notable that both MeHg concentration in plaque, and the MeHg/Fe ratio in plaque, were 

Fig. 2. (A) Plaque-bound iron 
concentrations per root biomass, and 
(B) ratio of plaque-bound MeHg to 
plaque iron, compared between ECO2 
and ACO2 treatments.  



numerically different between treatments. Mean plaque MeHg was 22 % higher in ECO2 
compared to ACO2, while the MeHg/Fe ratio of plaque was 30 % greater in ECO2 (Figs. 1A 
and 2B). While both of these results fell below the threshold of significance (p = 0.115–
0.079), we note that a single outlier in the ACO2 treatment was responsible for this result. 
When the outlier was removed, both plaque MeHg concentration and MeHg/Fe ratio were 
significantly higher in the ECO2 treatment (p < 0.01 – 0.04). This observation tentatively 
suggests that ECO2 may have altered the effectiveness of the iron plaque as a barrier to 
MeHg in comparison to previous studies, all of which were performed at ambient CO2 (Li et 
al., 2017; Li et al., 2015; Wang et al., 2015, 2014; Zhou and Li, 2019). The reason for the 
outlier could not be determined, but we note that the plaque MeHg concentration was 
higher than the treatment average (2.07 ng/g vs. 1.35 ng/g) while the root MeHg levels were 
lower than the treatment average (0.29 ng/g vs. 0.46 ng/g). The iron content of the plaque in 
the outlier was the highest observed in the study (22.42 mg/g). These patterns suggest an 
alteration in the formation of iron plaque and/or iron cycling in this individual replicate, 
which could be the result of many factors including unusually high root radial oxygen loss, 
which facilitates Fe plaque formation (Maisch et al., 2019); differences in the native soil Fe 
pool; or simply a more finely branched root architecture that had a higher surface area 
(Verma et al., 2022). Given the importance of iron plaque as an interceptor of MeHg uptake 
to rice plants (Li et al., 2017; Li et al., 2015), any potential reduction in the efficiency of this 
process is of interest. More investigation of the effect of ECO2 on MeHg binding to iron 
plaque is warranted, and should include careful study of the soil, porewater, microbiome, 
and plant physiological factors that could alter Fe cycling.  

3.2.3. Root and stem/leaf MeHg  

ECO2 increased the concentration of MeHg in stem/leaf tissue, and may have increased 
MeHg in roots. ECO2 did significantly increase the concentrations of MeHg in stem/leaf 
tissue (0.25 ± 0.04 ng/g in ECO2 vs 0.14 ± 0.03 ng/g in ACO2; p < 0.01, Fig. 1A). Root MeHg 
concentrations ranged between 0.29 and 0.75 ng/g (Fig. 1A) and were 37 % higher in the 
ECO2 treatment than in the ACO2 treatment, a result that was at the threshold of 
significance (p = 0.052). In both treatments, stem/leaf MeHg was lower than root MeHg 
(Fig. 1A), likely reflecting the binding of MeHg in the root tissue itself, perhaps in apoplastic 
barriers, a process which is known to bind IHg (Wang et al., 2015). This observation is 
consistent with previous studies that explored MeHg distribution within the rice plant (Liu 
et al., 2021; M. Meng et al., 2014; Strickman and Mitchell, 2017; Zhou et al., 2015). The 
root–stem/leaf MeHg transfer factors were similar between treatments (p = 0.25, 0.40 ± 
0.09 in ECO2 vs. 0.32 ± 0.14 in ACO2), indicating that the effectiveness of this binding 
process was insensitive to CO2 concentrations.  



3.2.4. Grain MeHg  

Methylmercury concentrations in grain in the ECO2 treatment were significantly higher 
(0.78 ± 0.11 ng/g) than ambient CO2 (0.48 ± 0.20 ng/g, p = 0.013). The magnitude and 
direction of this change is in concurrence with Mao et al. (2021), who observed an increase 
of rice grain MeHg from 2.5 ng/g at ambient CO2 (410–445 ppm) to 5 ng/g at 550–600 ppm 
ECO2. Although Mao et al.’s observation was not statistically significant, the current study 
provides greater statistical power (N=6 vs. N=3) and, in addition, used a higher CO2 
concentration in the ECO2 treatment (800 vs. 550–600 ppm). Our findings indicate that 
highly elevated CO2 concentrations increase the MeHg burden of rice grain.  

This result has concerning implications for human health in a changing climate. 
Methylmercury is already a threat to rice-consuming populations (Rothenberg et al., 2021, 
2021; Wang et al., 2021; Wu et al., 2018). Rising CO2 may increase the MeHg concentration 
of these rice supplies and thus the dietary MeHg intake of consumers who are already 
experiencing negative health effects. In addition, ECO2- related increases in rice grain 
MeHg concentration may cause rice supplies that are currently near the provisional 
tolerable weekly intake (PTWI; Wang et al., 2021; 2020) to exceed that threshold. Notably, 
the PTWI may itself be an underestimate as it is based on fish intake, which supplies 
additional micronutrients that rice does not (Rothenberg et al., 2013); fish also has a lower 
intake efficiency of MeHg than does rice (Li et al., 2015b). Moreover, rice does not contain 
the same beneficial nutrients as fish, such as omega-3 fatty acids, which support brain 
development and may offset MeHg toxicity (European Food Safety Authority, 2012). Thus, 
MeHg toxicity has been observed at a lower MeHg exposure levels, compared to most 
studies among fish consumers (Rothenberg et al., 2021; 2016; 2014). Finally, the 
observation that more MeHg accumulates in grain in a high CO2 environment must be 
taken in combination with other effects of climate change, particularly temperature. In this 
study, temperature was equalized between both treatments in order to focus our questions 
on a single climate driver (CO2), since Hg methylation usually increases with temperature 
(Ullrich et al., 2001). Interactions between ECO2 and temperature have been found to 
create an additive increase in rice grain concentrations of arsenic (Muehe et al., 2019). 
These facts suggest that ECO2 combined with elevated temperature might have 
compounded effects on rice grain MeHg by increasing methylation in the soil.  

3.2.5. Reasons for CO2 perturbation of MeHg accumulation in grain  

A key finding of our work is that grain MeHg levels were greater in the ECO2 treatment, 
despite similar levels of bulk soil MeHg. The origin of the excess MeHg in grain at ECO2 
must therefore lie with differences in mobilization and uptake from the soil-porewater 
system, transport through plant compartments, or both. The bioaccumulation factors 



(movement from 
soil to other 
compartments) 
and transfer 
factors 
(movement 
between plant 
tissue 
compartments) 
shed light on 
these questions. 
Firstly, we 
observed no 
evidence for any 
change in within- 
plant movement 
of MeHg. No 
significant 
differences were 
found between 
the transfer 
factors for 
plaque-root, root-
stem/leaf, or 
stem/leaf- grain 
(p = 0.25–0.74, 
Fig. 1C). 
Therefore, the 
explanation for 
differential grain 
MeHg 
concentrations 
must be 
increased uptake 
from the soil system. This idea is supported by the observations that the soil-stem/leaf 
bioaccumulation factors were 91 % higher in the ECO2 treatment compared to the ACO2 
treatment (1.99 ± 0.57 vs. 1.04 ± 0.20, p < 0.01), while soil-grain bioaccumulation factors 
were 60 % higher in the ECO2 treatment compared to the ACO2 treatment (Fig. 1D, 6.21 ± 

Fig. 3. IHg concentrations, bioaccumulation factors, and transfer 
factors in the soil-plant-grain system. All graphs compare the ECO2 
and ACO2 treatments. (A) IHg concentrations; from left to right, paired 
boxplots comparing IHg concentrations in soil, iron plaque, roots, 
stem/leaf (st/lf), and grain. (B) IHg transfer factors between each 
compartment and the soil with the source compartment listed first 
and the sink compartment listed second along the x-axis. (C) IHg 
bioaccumulation factors within the plant with the source (soil) listed 
first and the sink listed second along the x-axis.  

 



1.59 vs. 3.86 ± 1.96, p = 0.047). These findings indicate that at ECO2 more MeHg had 
moved from the soil system to stem/leaf and grain compartments. We conclude that 
changes in availability and absorption of MeHg from the soil, rather than changes in 
translocation within the plant itself, were the cause of increased MeHg in grain under 
elevated CO2.  

Our work offers two insights on the mechanisms behind enhanced uptake of MeHg in 
ECO2 conditions. Firstly, our results demonstrate that any reduction in mass flow at ECO2 
were insufficient to overcome the other drivers which increased MeHg availability and 
uptake. Despite humidity adjustments, transpiration rates in the ECO2 treatment were 
significantly lower than the ACO2 treatment after early tillering (Table S1), validating that 
mass flow would have been lower in the ECO2 treatment and would inhibit MeHg delivery 
to roots.  

 Rather, we suggest that the higher MeHg bioaccumulation in ECO2 may be related to 
changes in soil porewater MeHg concentrations. While our whole soil MeHg measurements 
did not differ between treatments, porewater and solid phase MeHg were not distinguished 
in this study. ECO2 has been observed to increase the porewater concentrations of other 
minerals in rice paddies because of changes in pH and Eh (Guo et al., 2012). Our soil MeHg 
measurements were based on whole soil samples that included solid phase as well as the 
solutes of porewater; in most soils, including rice paddies, sorption to thiol groups in the 
soil (Benoit et al., 1999) means that the solid phase concentrations of MeHg are many 
times greater than the aqueous phase concentrations (Rothenberg and Feng, 2012). This 
multiple-orders-of magnitude difference in porewater versus soil concentrations likely 
obscured any significant differences in porewater MeHg concentrations. It is therefore 
possible that the MeHg concentrations in solution were elevated enough to offset the 
reduced transpiration-driven mass flow and subsequent uptake to the plant, although 
further research is needed to explore this possibility.  

3.3. Effect of ECO2 on inorganic mercury in the soil-plant-grain system  

3.3.1. Soil, plaque, and roots  

Elevated carbon dioxide did not affect the soil, plaque, or root concentrations of IHg, or its 
movement through these compartments. Soil IHg concentrations (overall mean of 61 ng/g; 
Fig. 3) were representative of the Yolo Bypass in California, the region from which the soil 
originated (Tanner et al., 2018), and did not differ between treatments (p = 0.46), indicating 
that homogenization was effective in equalizing IHg supply. IHg concentrations in root iron 
plaque were greater than those in soil, with an overall mean of c. 80 ng/g, demonstrating 
that the plaque accumulated IHg from the soil, but that CO2 treatment had no effect on 



this process (p = 0.22). Root IHg concentrations (4.74–9.22 ng/g) were approximately 9 % of 
the plaque concentrations, and were also unaffected by CO2 treatment (p = 0.47). 
Furthermore, we observed no differences in the movement of IHg from plaque to root 
(bioaccumulation factors; p = 0.6, Fig. 3B), or from soil to plaque (transfer factors; p = 0.15, 
Fig. 3C) on the basis of treatment. We conclude that the effectiveness of the iron plaque as 
a barrier to IHg was not affected by ECO2 treatment. The importance of the iron plaque as a 
reservoir for IHg, however, suggests that alterations to iron plaque formation linked to other 
aspects of climate change, such as temperature (Farhat et al., 2021; Neumann et al., 2017) 
might alter its capacity to serve as a reservoir of IHg.  

3.3.2. Stem/Leaf  

ECO2 reduced the concentration of IHg in stem/leaf tissue, the only change observed in 
the entire soil-plant-grain system (4.71 ± 0.61 ng/g ECO2, 6.82 ± 1.13 ng/g ACO2). Stem/leaf 
IHg concentrations were c. 30 % lower in the ECO2 treatment (p < 0.01), in concurrence 
with previous work (Tang et al., 2021). This pattern is likely a result of the lower stomatal 
conductance in ECO2 conditions (Table 2), which allowed less atmospheric IHg to enter 
the mesophyll space (Aslam et al., 2022). This interpretation is strongly supported by the 
consistently lower stomatal conductance in the ECO2 treatment, which was significantly 
different past tillering (p < 0.001–0.002, Table 2). Although the soil-stem/leaf 
bioaccumulation factors were significantly lower in the ECO2 treatment (p < 0.01, Fig. 3C), 
suggesting a soil origin of IHg, we note that there was no change in the soil-root or soil-grain 
bioaccumulation factors (p = 0.96, 0.28). Given the mechanistic explanation of reduced 
stomatal conductivity, we believe that reduced uptake from air is the more likely 
explanation for the finding of lower IHg in stem/leaf tissue. Similar results have been 
observed in other grasses (Millhollen et al., 2006), and trees (Natali et al., 2008) as well as 
rice (Tang et al., 2021), suggesting that reduced stem/leaf IHg uptake in high CO2 
conditions is widespread and may alter the global sequestration of IHg from the 
atmosphere into stem/leaf tissues. If climate change results in consistently reduced 
stomatal conductance across diverse plant communities, terrestrial deposition via litterfall 
will likely decrease in importance. This observation is also relevant to understanding the 
effect of climate change on the global Hg cycle, as approx. 2/3 of total terrestrial IHg is 
deposited through the decomposition of plant tissues, which absorb gaseous Hg0 directly 
from the atmosphere (Zhou and Obrist, 2021).  

3.3.3. Grain  

Grain IHg concentrations ranged between 1.62 and 3.60 ng/g, levels that are similar to 
previous field studies of rice in the Yolo Bypass (Tanner et al., 2018). Grain IHg was virtually 
indistinguishable between treatments (Fig. 3A, p = 0.36). This observation concurs with the 



work of Mao et al. (2021), but contrasts with that of Tang et al. (2021), who observed a 10 % 
decrease in grain IHg at 550 ppm ECO2 compared to ambient (400 ppm). This difference 
could be due to varietal differences in rice grain starch content, which hosts the S moieties 
that bind IHg (Meng et al., 2014). Although further work is needed on different rice cultivars, 
and in field conditions, it appears that elevated CO2 does not affect the accumulation of 
IHg in rice grain.  

Our observation that grain IHg concentrations did not differ in ECO2 has implications for 
understanding human IHg exposure via rice. While grain IHg was consistent between 
treatments, there was a sharp treatment level differences in IHg of stem/leaves. The 
reduced atmospheric uptake of IHg in the leaves of ECO2 plants did not translate to lower 
IHg concentration in grain (Aslam et al., 2022; B. Meng et al., 2014). Previous work has 
disagreed on whether the IHg in rice grain is taken up directly from the atmosphere (Meng 
et al., 2014; Strickman and Mitchell, 2017) or if translocation from leaves and roots 
contributes to the grain IHg burden (Aslam et al., 2022). Our evidence suggests that a) IHg 
translocation from leaves to grain is a less important pathway than direct atmospheric 
uptake, and b) that elevated atmospheric CO2 does not affect the atmospheric uptake of 
IHg to grain. Therefore, in the absence of changes in local atmospheric IHg concentrations, 
the IHg burden of rice is unlikely to rise in response to elevating CO2.  

4. Conclusion  

We observed no effect of ECO2 on the IHg concentrations of most compartments, 
including soil, plaque, roots, and grain. Additionally, the movement of IHg from soil to most 
plant compartments, and within the plant itself, was unaffected by ECO2 treatment. We 
therefore infer that the grain burden of IHg is unlikely to change in response to rising CO2. A 
notable exception to this pattern, however, was the lower accumulation of IHg in rice 
stem/leaf tissue in response to decreased stomatal conductivity. The effect of ECO2 on 
atmospheric uptake of IHg to plant tissues, and subsequent deposition to terrestrial 
ecosystems, has implications for understanding the global mercury cycle and for the return 
of atmospheric Hg to the biosphere.  

Grain MeHg was significantly higher in the ECO2 treatment. Our results suggest that gross 
MeHg supply in the soil was not altered, nor was the transfer of MeHg through the plant. 
These processes therefore cannot explain the differences in grain MeHg. Rather, extraction 
of MeHg from the soil seemed to be enhanced in the ECO2 treatment, based on 
significantly higher leaf-soil and grain-soil bioaccumulation factors, as well as possible 
increases in accumulation of MeHg on the protective root plaque layer. Given the 
importance of iron plaque in intercepting MeHg, the effect of ECO2 on plaque MeHg-
sorption capacity should be explored in a greater range of soil types and degrees of MeHg 



contamination. MeHg sequestration in root tissue appeared to remain intact based on 
similar root-stem/leaf factors. Notably, increased uptake of MeHg occurred under ECO2 
despite a reduction in transpiration, and thus mass flow of solutes towards the roots. We 
suggest that the increased uptake may be explained by differences in MeHg concentrations 
in porewater. More work is needed to understand the effect of both ECO2 and other climate 
drivers—notably temperature—on the behavior of IHg and MeHg in the soil, porewater, and 
plaque compartments of the plant-soil-grain system.  
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