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A B S T R A C T

Manganese (Mn) is a naturally occurring contaminant commonly found in drinking water supplies. In lakes and
reservoirs, water authorities increasingly use in situ treatment by hypolimnetic oxygenation (HOx) systems to
remove metals such as Mn from the water column. HOx systems introduce dissolved oxygen (DO) to the bottom
waters (hypolimnion) to promote oxidation and subsequent removal of metals from the water column. Previous
laboratory studies have shown the importance of individual geochemical drivers (pH, alkalinity, mineral sur-
faces) on Mn oxidation, but few studies have examined the influence of these drivers of Mn removal in concert. In
this study, we conducted field monitoring and laboratory experiments to examine how pH, alkalinity and the
presence of mineral particles influence Mn removal at two drinking water reservoirs in southwest Virginia, both
with HOx systems: Falling Creek Reservoir (FCR) and Carvins Cove Reservoir (CCR). Both reservoirs have had
historical issues with elevated (ω0.05 mg/L) Mn concentrations during seasonal stratification (May–October).
Watershed geology contributes to differences in pH and alkalinity between the reservoirs, with FCR having lower
historical medians of hypolimnetic pH and alkalinity (6.6 and 18 mg/L CaCO3, respectively) than CCR (7.2 and
62 mg/L CaCO3, respectively).
Results of laboratory experiments examining the influence of pH on Mn removal showed substantial Mn loss

within 14 days only under high pH (10) conditions. Mn removal did not occur at pH 6 or 8 over the same 14-day
period. In experiments with pH 10 and alkalinity ω70 mg/L CaCO3, near-total Mn removal occurred within 2 h.
Mn removal occurred concurrently with precipitation of microscopic (ε5 μm) particles, followed by formation of
macroscopic (ω100 μm) particles. Particles of both size classes were identified as Mn oxides (MnOx). These
observations suggest that increasing pH and alkalinity promotes Mn oxidation and subsequent removal from
solution. Results of experiments with pH 10 and alkalinity ω70 mg/L CaCO3 suggest that heterogeneous
oxidation by MnOx partially drives rapid Mn removal. Thus, initial formation of MnOx creates a positive feed-
back loop that can enhance additional Mn loss. In experiments using water collected from FCR and CCR, we
observed rapid Mn removal in unfiltered water (0.002–0.05 d→1) but no significant removal of Mn in filtered
water. These results, in combination with results of analysis of particles collected from reservoir water, suggest
that minerals present in the water column likely catalyze MnOx formation. Together, our experimental results
suggest that heterogenous oxidation is an important process of Mn removal, while pH and alkalinity variations of
the range expected in natural freshwaters contribute less to differential Mn removal. The formation of MnOx
particles during in situ oxygenation, as well as the presence of suspended minerals that occur naturally in water
columns, play an important role in promoting Mn oxidation and should be accounted for in Mn removal treat-
ment strategies.

1. Introduction

The presence of manganese (Mn) in freshwater systems degrades
water quality in many locations worldwide (World Health Organization,

2021). The U.S. Environmental Protection Agency (U.S. EPA) has a
secondary maximum contaminant level (SMCL) of 0.05 mg/L for Mn,
which is a non-legally enforceable standard to address aesthetic issues,
such as taste, odor and staining. The U.S. EPA does not currently
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regulate Mn concentrations in drinking water for public health protec-
tion. However, in 2021, the World Health Organization released a pro-
visional health guideline of 0.08 mg/L for Mn in drinking water due to
concerns about childhood neurological deficits linked to Mn exposure
(Bouchard et al., 2011; Oulhote et al., 2014; Wasserman et al., 2011),
indicating that Mn is a public health issue in addition to an aesthetic one.
Manganese is prevalent in freshwater systems that provide drinking
water for populations (Eaton, 2021). For example, Belitz et al. (2022)
estimated that more than 10 million people in the U.S. may be impacted
by high concentrations of Mn in groundwater used for drinking water.

Manganese can enter freshwater through weathering of Mn-rich soils
(Gillispie et al., 2016) and bedrock (De Vitre and Davison, 1993). The
solubility of Mn phases is strongly controlled by oxidation-reduction
reactions, which alter the oxidation states of Mn. In freshwater, three
oxidation states of Mn – Mn(II), Mn(III) and Mn(IV) – are stable, each
with different solubilities (Davison, 1993). Mn(II) is the soluble form of
Mn, which is predominantly found under reducing conditions. Under
oxidizing conditions, Mn is favored to exist as Mn(III) or Mn(IV), which
typically form less soluble solids. Although oxygen-rich waters favor the
oxidation of Mn(II) to Mn(III) and Mn(IV), Mn(II) persists in surface
waters due to the slow rate of Mn oxidation under typical pH (6–8) of
freshwaters (Davison, 1993).

In temperate lakes and reservoirs, seasonal processes influence the
oxidation-reduction reactions that drive Mn cycling. During summer
months, non-uniform warming creates a density contrast between the
epilimnion (surface waters) and hypolimnion (deep waters), causing
water column stratification. During stratification, microbial consump-
tion of oxygen in bottom sediment and the hypolimnion can result in
anoxic conditions, creating favorable conditions for microbial reduction
of Mn(IV) and subsequent upward diffusion of Mn(II), resulting in
accumulation of soluble Mn(II) in the hypolimnion (Krueger et al.,
2020). As temperatures cool in fall, the decreasing density contrast be-
tween the epilimnion and hypolimnion weakens stratification, until the
hypolimnion and epilimnion mix (turnover). Turnover introduces
oxygen-rich water from the surface to the whole water column, creating
conditions favorable for the oxidation of Mn(II) into insoluble Mn oxides
(MnOx) that settle to the bottom sediments (Bryant et al., 2011; Davison,
1993; Hamilton-Taylor et al., 1996; Krueger et al., 2020; Scholtysik
et al., 2020).

Although Mn cycling at the lake and reservoir scale has been well-
studied (Chapnick et al., 1982; De Vitre and Davison, 1993; Wetzel,
2001) and several recent models of Mn cycling in reservoirs have been
published (Zhang et al., 2021, 2024), the impacts of lake and reservoir
geochemistry on mechanisms and rates of Mn removal remain unre-
solved. Laboratory studies show that processes such as oxidation,
non-redox precipitation of Mn minerals, adsorption and
mineral-catalyzed (heterogeneous) oxidation strongly influence Mn
removal (Table 1). The rate of Mn oxidation is highly pH-dependent;
increasing pH by one unit above 7 results in a two orders of magni-
tude decrease in Mn(II) half-life (Davison, 1993). The presence of
Mn-oxidizing bacteria accelerates Mn oxidation, allowing a normally
monthslong reaction to proceed within days to weeks (Chapnick et al.,
1982; Diem and Stumm, 1984; Friedl et al., 1997; Godwin et al., 2020;
Tebo et al., 2005).

Aqueous carbonate concentrations, which contribute to alkalinity of
freshwaters, may also influence Mn solubility in freshwater bodies.
Carbonates in freshwater can promote precipitation of Mn carbonates
and influence oxidation rate by affecting water column pH. Increased
carbonate concentrations in freshwater can promote precipitation of Mn
as Mn-rich calcite or rhodochrosite (MnCO3) in bottom sediment
(Davison, 1993; Herndon et al., 2018; Scholtysik et al., 2020; Thibault
de Chanvalon et al., 2023; Wittkop et al., 2020). Formation of
Mn-containing carbonates can facilitate further Mn removal as rhodo-
chrosite precipitates around the “seed” crystal. In addition, increased
alkalinity can maintain alkaline pH for prolonged periods, keeping
water in conditions favorable for rapid Mn oxidation (Hem, 1963).

Surfaces of particulate minerals suspended in the water column can
also accelerate Mn removal from water by adsorbing Mn(II) and cata-
lyzing Mn oxidation (heterogeneous oxidation). Low-oxidation state
transition metals such as Mn(II) adsorb onto mineral particles, including
MnO2, and settle with the particles, a process that becomes more
favorable at pHω 7.5 for MnO2 (Neculita and Rosa, 2019; Tipping et al.,
1984). In addition to adsorption, Mn(II) oxidation can be catalyzed by
reactive mineral surfaces, including rhodochrosite (Diem and Stumm,
1984), iron (Fe) oxides and hydroxides (Davies andMorgan, 1989; Junta
and Hochella Jr, 1994; Lan et al., 2017; Madden and Hochella Jr, 2005),
clays (Wilson, 1980; Yang et al., 2023) and Mn oxides and hydroxides
(Elzinga, 2011; Hsiung and Tisue, 1994; Lefkowitz et al., 2013; Post,
1999; Zhu et al., 2020). Work by Morgan (2005) shows that in
air-saturated solutions at pH 8, the half-life of Mn(II) oxidation de-
creases from 288 days to 29 days when the reaction is catalyzed by a
solid surface.

These complex geochemical processes controlling Mn cycling in
freshwaters present an ongoing challenge for drinking water treatment.
Water treatment plants use physical (separation clarification, filtration),
chemical (ion exchange, sorption, oxidation) and/or biological (oxida-
tion) processes to remove Mn. These treatments can be expensive and
create waste products that require proper disposal (Kohl and Medlar,
2006; Tobiason et al., 2016). In the past several decades, in situ treat-
ments such as hypolimnetic oxygenation (HOx) have been increasingly
utilized in drinking water supplies for removal of metals, including Mn
(Preece et al., 2019; Semasinghe and Rousso, 2023). Without disrupting
stratification, HOx systems introduce oxygen in the hypolimnion to
accomplish three goals: 1) to promote oxic conditions in the hypolim-
nion and encourage oxidation and removal of reduced metals (such as
Mn); 2) to promote oxic conditions in the upper sediment and prevent
metal reduction by deepening the redox interface in sediment; and 3) to
prevent upward diffusion of reduced metals from sediment into the
water column (Li et al., 2019; Preece et al., 2019).

Case studies of HOx systems in lakes and reservoirs have foundmixed
results on soluble Mn removal (Semasinghe and Rousso, 2023). For
example, Dent et al. (2014) observed substantial declines in soluble Mn
after 8 h of oxygenation in North Twin Lake (Washington, USA). How-
ever, 94% of removed Mn was re-mobilized within one week. In Lake
Pleasant (Minnesota, USA), HOx activation improved Mn removal but

Table 1
Summary of Mn removal mechanisms.

Removal mechanism Drivers References

Abiotic oxidation by
O2

↑ Increased rate w/increased
pH

↑ Increased rate w/increased
temperature

Davison (1993); Diem
and Stumm (1984);
Hem (1963)

Oxidation catalyzed by
mineral surfaces
(heterogeneous)

↑ Presence of minerals such
as rhodochrosite, Fe oxides
and hydroxides, Mn oxides
and hydroxides

Davies and Morgan
(1989); Diem and
Stumm (1984); Junta
and Hochella Jr (1994);
Lan et al. (2017);
Madden and Hochella Jr
(2005); Yang et al.
(2023)

Biotic oxidation ↑ Presence of Mn-oxidizers
↑ Increased rate w/increased
temperature

Chapnick et al. (1982);
Friedl et al. (1997);
Godwin et al. (2020);
Tebo et al. (2005);
Tipping et al. (1984)

Precipitation of Mn
carbonates (non-
redox)

↑ Elevated concentrations of
carbonate or alkalinity

↑ Higher pH

De Vitre and Davison
(1993); Herndon et al.
(2018); Wittkop et al.
(2020); Thibault de
Chanvalon et al. (2023)

Adsorption to minerals ↑ Presence of suspended
minerals (Fe oxides, Mn
oxides, clays) in water
column

Godwin et al. (2020);
Hsiung and Tisue
(1994); Tipping et al.
(1984); Lan et al. (2017)
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Mn concentrations in the hypolimnion still remained elevated, with a
median of 0.45 mg/L (Austin et al., 2019). In southwest Virginia, the
Western Virginia Water Authority (WVWA) installed HOx systems in
Carvins Cove Reservoir (CCR) in 2005 (Gantzer et al., 2009b) and
Falling Creek Reservoir (FCR) in 2012 (Gerling et al., 2014) to address
several water quality issues. With year-round operation in CCR, HOx has
lowered soluble Mn in the bulk hypolimnion to ε0.05 mg/L (Bryant
et al., 2011; Gantzer et al., 2009a) but high Mn concentrations (up to 5
mg/L) have been measured near the sediment-water interface, which is
below the depth of oxygen introduction. In FCR, HOx operation is
typically April–October but there have been periods of inactivation since
installation. When the HOx is activated, Mn concentrations in the hy-
polimnion are below 2 mg/L, but during periods of deactivation, Mn can
reach 4 mg/L (Schreiber et al., 2023).

Previous work by Munger et al. (2016) suggested that geochemical
differences in drinking water reservoirs may impact Mn removal out-
comes. For example, differences in bedrock geology (i.e., carbonate
bedrock vs. crystalline bedrock) can influence pH and alkalinity of
surface- and groundwater through water-rock reactions. Dissolution of
carbonate bedrock introduces soluble carbonate species to water bodies,
which contributes to higher alkalinity and pH buffering capacity of the
water. The addition of soluble carbonate species also create favorable
conditions for precipitation of Mn carbonates by shifting the water
column chemistry toward saturation. In addition minerals commonly
found in freshwater, such as Mn and Fe hydroxides as well as clays, can
adsorb Mn and catalyze Mn oxidation in solution. Thus, multiple
geochemical processes operating within reservoirs can affect Mn
removal rate, but few studies examine their impacts in concert.

In this study, we conducted laboratory experiments combined with
field monitoring to examine geochemical drivers of Mn removal rates in
FCR and CCR, two drinking water reservoirs in southwest Virginia with
different hypolimnetic pH and alkalinity due to variations in watershed
geology. To address our objective, we conducted laboratory experiments
using both synthetic solutions and reservoir water. We monitored

solution chemistry and characterized particles that formed in the ex-
periments. In addition, we conducted field monitoring in the two res-
ervoirs to contextualize the experimental results. Through examining
the factors that influence Mn removal in these reservoirs, our study of-
fers broader insights on the key geochemical drivers that play a role in
removing Mn in drinking water reservoirs.

2. Methods

2.1. Site description

Falling Creek Reservoir (FCR; Fig. 1) in Vinton, VA, USA serves as a
reserve water supply for Roanoke, VA. FCR is a eutrophic reservoir with
a maximum depth of 9.3 m and surface area of 0.119 km2 (Krueger et al.,
2020). Land cover within the watershed of FCR is over 90% deciduous
and mixed forest (Stroud Research Center, 2017). FCR is located in the
Blue Ridge Province of Virginia, with a watershed almost entirely un-
derlain by varieties of granulite and granitic gneisses (Fig. S1) (Wood-
ward, 1932). Water inflows to FCR primarily through a stream
connected to nearby BeaverdamReservoir. A secondary inflow is located
within a wetland at the reservoir’s northern shore. An outlet stream
maintains stable water levels by draining excess inflow. During strati-
fication, the upper boundary of FCR’s hypolimnion exhibits a median
depth of 3.8 m (Krueger et al., 2020).

The WVWA installed a side stream super-saturation HOx system in
fall 2012. This system withdraws hypolimnetic water, supersaturates it
with dissolved oxygen (DO), then returns the supersaturated water to
mix with the hypolimnion (Gerling et al., 2014, Table 2). Since 2013, the
HOx system in FCR has been periodically activated and deactivated for
whole-reservoir ecological experiments or maintenance (Carey et al.,
2022). In 2022, the HOx was turned on in mid-May and remained
operational until mid-December, with a few days-long interruptions in
operation due to maintenance.

Carvins Cove Reservoir (CCR; Fig. 1) in Roanoke, VA, USA is a main

Fig. 1. Site maps with location in Virginia in the inset. Map of Falling Creek Reservoir (FCR; left) overlaid on a reservoir bathymetric map. Water column sampling
within FCR occurred at the deepest site (site 50). Site 100 and 200 are tributaries. Map of Carvins Cove Reservoir (CCR; right) overlaid on a reservoir bathymetric
map. Water column sampling within CCR occurred at the deepest site (site 50). Sites 201, 301, 400, 501 are tributaries. Basemap imagery from Mazar, Common-
wealth of Virginia and Earthstar Geographics.

C.L. Ming et al.
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water source for the city of Roanoke, VA. CCR is a eutrophic reservoir
with a maximum depth of 23 m and a surface area of 2.5 km2 (Gantzer
et al., 2009b; Man et al., 2020). Also located in the Blue Ridge, the
watershed of CCR is 92% forested, but includes less than 1% residential
and agricultural land cover (Stroud Research Center, 2017). CCR has
five primary inflows: Sawmill Branch, Tinker Creek, Catawba Creek,
Horsepen Branch and Carvin Creek (Roland, 1970). The watersheds of
three out of five of these inflows are underlain by shale and sandstone,
while Tinker Creek drains a watershed containing carbonate formations
(Moosdorf et al., 2010; Roland, 1970; Fig. S1). Flow from Catawba Creek
and Tinker Creek only enters CCR when the WVWA diverts discharge
from either stream into CCR during periods of low water level. Roland
(1970) found that introducing Tinker Creek water into CCR raised the
reservoir’s water column pH and alkalinity, which indicates that peri-
odic introduction of water from that inflow may be associated with
historical variations in alkalinity. During stratification, the upper
boundary of the hypolimnion typically falls at 5–6 m depth (Gantzer
et al., 2009b; Man et al., 2020).

The WVWA installed and activated a line diffuser HOx system in
August 2005 (Table 2). HOx operation typically continues year-round in
CCR, though the volume of oxygen introduced by the system is
decreased after turnover.

Historical water quality data in the reservoirs show that pH is lower
in the hypolimnion of FCR than CCR, with median hypolimnetic pH
values of 6.6 in FCR and 7.2 in CCR (Bryant et al., 2011; Carey et al.,
2024). Historical data also show lower hypolimnetic alkalinity in FCR
(median 18 mg/L CaCO3) compared to CCR (median 62 mg/L CaCO3)
(Western Virginia Water Authority, n.d.)

2.2. Reservoir sampling

At FCR, sampling of the reservoir water column occurred weekly
from mid-March to November 2022. For the remainder of the year, we
sampled monthly. At the deepest point of FCR (site 50), we collected
samples for metals, and for anions during weeks when CCRwas sampled.
Both metals and anions were sampled at the surface (0.1 m), 1.6 m, 3.8
m, 5.0 m, 6.2 m, 8.0 m and 9.0 m using a 4 L Van Dorn sampler (Wildlife
Supply Company; Yulee, FL). Metals samples were also collected close to
the weir on FCR’s intake (site 100) and at the wetland inflow (site 200)
(see Fig. 1; Table S1). At each sampled depth, ~14 mL of unfiltered
water was poured from the Van Dorn into a triple-rinsed 15 mL centri-
fuge tube for total metals analysis. For soluble metals, ~14 mL of water
from the sampler was syringe filtered (0.45 μm nylon) into a triple-
rinsed 15 mL centrifuge tube. Samples collected for metals were acidi-
fied with trace metals-grade nitric acid (HNO3) to pH ↓ 2. For anion
analysis, ~50 mL of water was syringe filtered (0.45 μm nylon) into a
triple-rinsed 250 mL sample bottle; samples were frozen until analysis.

At site 50, alkalinity samples were collected in summer 2022 during
weeks when CCR was sampled, at 0.1 m and 9.0 m. At 0.1 m, the sample
was collected by immersing a 250 mL sample bottle in reservoir water

and capping the bottle while underwater to minimize trapped atmo-
spheric gasses. For samples collected at the deeper interval, water
collected with a 4 L Van Dorn was poured into a plastic bucket, then the
sample was collected as described for 0.1 m. Alkalinity samples were
kept chilled until titration within 48 h of collection.

At CCR, sampling occurred fortnightly from June to mid-August
2022. From August to November 2022, sampling frequency declined
to monthly. At the deepest point of CCR (site 50), metals and anion
samples were collected on each sample day at the surface (0.1 m), 1.5 m,
6.0 m, 9.0 m, 15.0 m and 20.0 m. Alkalinity samples were collected at
0.1 m and 20.0 m. Sample collection procedures were identical to FCR
procedures. On dates when flow was observed in any tributaries, metal
and anion samples were collected at the surface of the channel. Tribu-
taries monitored and sampled for water were Sawmill Branch (site 301),
Catawba Creek Tunnel (site 501), Tinker Creek Tunnel (site 400) and
Carvins Creek Stream (site 201) (see Fig. 1; Table S1).

At site 50 of both reservoirs, wemeasured temperature, DO, turbidity
and pH profiles using a Seabird Electronics SBE19 plus high-resolution
conductivity, temperature and depth meter (CTD). The CTD continu-
ously recorded these parameters from the water surface to the base of
the water column.

In July 2022, sediments were collected from the top meter of the CCR
sediment column at site 50 using an Ekman Dredge. Powder X-ray
diffraction (XRD) was conducted on the dried sediments using a Rigaku
Miniflex II with a copper X-ray tube (Rigaku Corporation, Tokyo,
Japan). The XRD spectrum was analyzed for mineral content using
Match! Software, which matched peaks detected in the sediment sample
to peaks found in reference minerals (Putz and Brandenburg).

2.3. Laboratory Experiments

We conducted two sets of experiments to examine the effects of pH
and alkalinity on Mn removal rate. The first set, conducted in synthetic
solutions, was designed to evaluate the kinetics and mechanisms of Mn
removal under varying pH and alkalinity conditions. The second set of
experiments was conducted in water collected from FCR and CCR to
compare Mn removal rates between reservoirs and determine the impact
of particulate matter on those rates.

2.3.1. pH and alkalinity experiments
We conducted laboratory experiments in air-saturated synthetic so-

lutions to measure the effects of pH and alkalinity on Mn removal rate.
We first examinedMn removal under eight treatments of varying pH and
alkalinity over a 14-day period (Table 3). Samples were collected at 0, 1,
4, 7, 10 and 14 days. As considerable Mn removal was observed before 1
day, we did a separate experiment over 24 h for conditions in which

Table 2
HOx system design and reservoir characteristics of Falling Creek Reservoir
(Gerling et al., 2014) and Carvins Cove Reservoir (Gantzer et al., 2009; Man
et al., 2020).

Falling Creek Reservoir Carvins Cove
Reservoir

Maximum depth at full pond
(m)

9.3 23

Surface area (km2) 0.119 2.5
HOx system type Side stream

supersaturation
Linear diffuser

Depth of oxygen introduction
(m)

8.5 ~18

Designed daily oxygen input
(kg/d)

25 Variable

Table 3
Initial pH and alkalinity for 14-day experiments.

Trial Initial pH Initial alkalinity (mg/L CaCO3)

High pH 10.5 ↔ 0.5 250 ↔ 100
High alkalinity
Moderate pH 7.5 ↔ 1a 70 ↔ 20
Moderate alkalinity
Moderate pH 8 ↔ 0.5a 250 ↔ 100
High alkalinity
Circumneutral pH 6.5a 20 ↔ 10
Low alkalinity
High pH 10.5 ↔ 0.5 70 ↔ 20
Moderate alkalinity
High pH 10.5 ↔ 0.5 20 ↔ 10
No added alkalinity
Moderate pH 8 ↔ 0.5 5 ↔ 10a

No added alkalinity
Circumneutral pH 6 ↔ 0.5a 2 ↔ 2
No added alkalinity

a Estimated based on chemical principles and preliminary trials.

C.L. Ming et al.
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rapid removal was observed in the 14-day experiments. We collected
samples at 0, 1, 2, 6, 12 and 24 h.

The experiments were conducted in 500mL acid-washed borosilicate
flasks containing 250 mL of 1 mg/L MnCl2 solution adjusted to varying
alkalinity and pH (Tables 3 and 4). Where necessary for each treatment,
we adjusted alkalinity of 1 mg/L MnCl2 solutions by adding NaHCO3,
then raised pH by adding small aliquots of 0.1 N NaOH until attaining
target pH within 0.5 units. In initial solutions for each treatment, alka-
linity was titrated (see section 2.4 for titration method); pH was
measured using an OHaus benchtop pH meter, which was also used for
all subsequent pH monitoring. Flasks were loosely covered with
aluminum foil to block solution exposure to light and incubated at room
temperature (20–25 ↗C) on orbital shakers (150 rotations per minute,
rpm) to maintain air-saturated DO conditions.

At each sampling interval, ~1.5 mL was withdrawn from each flask
for pH measurement. We collected and syringe-filtered (0.22 μm nylon)
10 mL of solution from each flask into a 15 mL centrifuge tube for Mn
analysis; these samples were acidified with trace metals-grade HNO3. At
the end of the experiments, 100 mL of solution from each treatment was
titrated for alkalinity (see section 2.4 for titration method).

2.3.2. Reservoir water Laboratory Experiments
We conducted an experiment using hypolimnetic water from FCR

and CCR to compare Mn removal rates between reservoirs with and
without particles. Our 10-day experiment tested Mn removal rates in
unfiltered and filtered (0.45 μm) water from both reservoirs. Water was
collected in mid-March 2023 (prior to stratification) at 9 m in FCR and
18 m in CCR using a Van Dorn sampler. At the time of water collection,
DO concentrations were 12 mg/L (FCR) and 11.7 mg/L (CCR) and Mn
concentrations within the hypolimnion of both reservoirs were below
detection. We immediately transferred water into opaque brown plastic
bottles and stored them under chilled conditions (1–3 ↗C). At the start of
the experiment, we spiked FCR and CCR reservoir water with 100 mg/L
MnCl2 solution to achieve an initial Mn concentration of 1 mg/L. Our
control consisted of 1 mg/L MnCl2 in deionized (DI) water. Water used
in filtered experiments was vacuum filtered (0.45 μm) into flasks
immediately before the experiment began.

Experiments containing 250 mL of reservoir water under filtered and
unfiltered conditions were conducted in triplicate in acid-washed bo-
rosilicate flasks. Flasks were loosely covered in aluminum foil and
incubated at room temperature on orbital shakers (150 rpm) to maintain
air-saturated DO conditions. Sampling occurred at 0, 1, 4, 7 and 10 days.
The procedures for sampling were the same as those described for 14-
day and 24-h experiments.

2.4. Water analysis methods

Samples from the laboratory experiments and reservoir monitoring
were analyzed for a suite of metals, including Mn, by Inductively
Coupled Plasma-Mass Spectrometry (ICP-MS; Thermo Electron iCAP
RQ); the method detection limit for Mnwas 0.001 mg/L. Samples for Mn
analysis only for the 14-day experiment was conducted by ICP-AES,
which had an method detection limit for Mn of 0.1 mg/L. Anion sam-
ples were analyzed for NO3

→, Cl→ and SO4
→2 by ion chromatography

(Metrohm 930 Compact IC Flex). The method’s lower detection limit

was 0.1 mg/L for the anions of interest.
For alkalinity titrations, 100 mL of sample was warmed to room

temperature and transferred to a 150 mL flask. The sample was
continually mixed at slow speed with a magnetic stir bar while drops of
H2SO4 (0.16 M or 1.6 M, depending on the alkalinity) were added from a
Hach digital titrator. We monitored pH changes with each addition of
acid to calculate alkalinity. Alkalinity in mg/L CaCO3 was calculated
based on the number of H2SO4 drops added to reach endpoints of pH 4.5
and 4.2, which represent the depletion of CO3

→2 and HCO3
→, respectively.

2.5. Particle analysis methods

We analyzed selected macroscopic (ω100 μm) particles from syn-
thetic solution and reservoir water experiments using a Field Emission
Electron Probe Micro-analyzer (EPMA; JEOL, Tokyo, Japan) at the
Virginia Tech Nanoscale Characterization and Fabrication Laboratory
(NCFL). Visible particles were collected from experimental solutions and
rinsed in nanopure water to remove salts. Particles were mounted on
copper electrical tape by pipetting 10 μL of solution onto the tape, then
allowing water to evaporate. Once desiccated, mounted samples were
evaporation-coated with carbon (Heu et al., 2019). For each analyzed
particle, we collected quantitative data on elemental compositions and
qualitative element maps showing the relative abundances of elements
on the particle surface. Identifying and determining the relative abun-
dances of elements on the particle surface allowed us to identify the class
of mineral formed, which informed our interpretation on the mecha-
nisms of Mn removal. We also collected high-magnification scanning
electron microscope (SEM) images of the particles’ morphology and
texture to further inform mineral identification.

We used Transmission Electron Microscopy (TEM; JEOL JEM 2100,
Tokyo, Japan) at the Virginia Tech NCFL to characterize microscopic
(ε5 μm) particles in selected experiments. We used energy-dispersive X-
ray spectroscopy (EDS) to determine elemental composition and
selected area electron diffraction (SAED) to identify crystalline struc-
ture. The combination of EDS and SAED analyses informed our identi-
fication of possible mineral phases present. To collect microscopic
particles for imaging and analysis, we collected 2 mL aliquots of visibly
discolored experimental solution from selected experiments and pre-
served the aliquots at →18 ↗C before ultracentrifugation at 109000
relative centrifugal force (RCF) for 1 h to concentrate particles (Learman
et al., 2011). Prior to drop casting on a 300 mesh lacey carbon TEM grid,
particles were resuspended in deionized water by sonication (Williams
et al., 1996). For each experiment, 2–3 grids were prepared with 10–20
μL of suspension transferred onto each grid by micropipette.

Diffraction patterns obtained from SAEDwere analyzed for d-spacing
using the Gatan Digital Micrograph software package (Gatan Digital
Micrograph, v. 3.5). Rings were manually identified and annotated on
diffraction patterns. Based on d-spacings with a ↔ 0.05 Å tolerance,
diffraction pattern matches were identified in the American Mineralo-
gist Crystal Structure Database among Mn oxide and hydroxide phases
(Downs and Hall-Wallace, 2003).

2.6. Geochemical calculations

Using the Spec8 module of Geochemist’s Workbench (GWB), we ran
speciation solubility calculations for the experimental solutions to sup-
port identification of minerals formed in our experiments (Bethke,
2022). We additionally used metals and anion concentrations obtained
from the summer 2022 field campaign at FCR and CCR to determine
favorability of precipitation for several Mn minerals in the reservoir
water column.

2.7. Calculation of Mn removal rates

We used time series Mn concentration data from the laboratory ex-
periments to calculate Mn removal rates. For the 24-h high pH (10) and

Table 4
Initial pH and alkalinity for 24-h experiments.

Trial Initial pH Initial alkalinity (mg/L CaCO3)

High pH 10.5 ↔ 0.5 250 ↔ 100
High alkalinity
High pH 10.5 ↔ 0.5 70 ↔ 20
Moderate alkalinity
Neutral pH 6 ↔ 0.5 2 ↔ 2
No added alkalinity
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moderate alkalinity (70 mg/L CaCO3) experiment, we calculated a
second-order Mn(II) removal rate (mg/L→1 hr→1). The second-order rate
constant was calculated from the slope of a linear equation fit to the
inverse of Mn concentration data averaged across triplicates vs. time
(Rimstidt, 2014). We initially attempted to fit a linear equation to a first-
and zero-order transformation of the Mn concentration data but found
the best fit with a second-order transformation. For the FCR and CCR
unfiltered experiments, we calculated the first-order Mn(II) removal rate
(d→1) by fitting a linear equation to the natural log of Mn concentration
data averaged across triplicates (Rimstidt, 2014).

3. Results

3.1. Reservoir water quality monitoring

Reservoir water quality time series data in 2022 for FCR (Fig. 2) and
CCR (Fig. 3) are available in Carey et al. (2024) and Schreiber et al.
(2023).

DO concentrations in the hypolimnion of FCR reached 11 mg/L prior
to stratification in 2022 (Fig. 2). However, from the onset of stratifica-
tion in mid-May to turnover, DO concentrations at and below the ther-
mocline remained below 2 mg/L despite HOx operation. Following
turnover in November, DO rose to above 4 mg/L and remained at or
above 4 mg/L during the reminder of the year. Values of pH were cir-
cumneutral for most of the reservoir water column, with exception of pH
close to 10 at the reservoir surface in June and July that coincided with
an algal bloom observed in FCR (Fig. 2). However, pH in the hypolim-
nion was steady during stratification, with a notable increase after
turnover in November 2022.

Prior to stratification, Mn concentrations in FCR were ε0.1 mg/L
(Fig. 2). Starting in mid-May, Mn increased in the hypolimnion,
concomitant with the decrease in DO concentration. By October,
immediately preceding turnover, hypolimnetic Mn concentrations were
generally ~1 mg/L but reached close to 3 mg/L at the sediment water
interface (9 m). Total and soluble Mn concentrations in the hypolimnion
were roughly equal (Fig. 2), indicating that the majority of Mn in FCR is
in dissolved, rather than particulate, form. Mn concentrations in the
main inflows to FCR (sites 100 and 200) ranged from below detection to
0.11 mg/L (Fig. S2). In contrast to the water column, soluble Mn from
samples collected at the tributaries was often less than 50% of total Mn,
indicating that much of the Mn entering FCR through the inflows is in
particulate form. Concentrations of soluble and total Fe in the hypo-
limnion of FCR (Fig. S3) reached 12 mg/L at the end of summer strati-
fication, within a few weeks of turnover. Total Fe concentrations were
significantly greater than soluble Fe, indicating that much of the Fe is in
particulate form, consistent with the oxidation of Fe due to HOx.

Alkalinity concentrations measured in FCR samples collected in 2022
(Table S2) were consistent with historical values (median 18 mg/L)
(Fig. 4). Turbidity measured in the hypolimnion of FCR (9 m) from 2013
to 2022 was highly variable, ranging from 10 to over 80 NTUs (Fig. S4).
Concentrations of major cations (Ca, Mg, Na ↘ K) and major anions (Cl
and SO4) were lower than 5mg/L across depths and dates in FCR in 2022
(Fig. S5) while nitrate concentrations were below the detection limit of
0.1 mg/L. Tributaries to FCR had cation concentrations similar to those
observed in the reservoir, with Ca, Mg, and Na ↘ K concentrations less
than 5 mg/L (Fig. S6).

In CCR, prior to onset of stratification in May 2022, DO concentra-
tions in the hypolimnion were above 10 mg/L (Fig. 3). In contrast to

Fig. 2. Heatmaps of water quality data from Falling Creek Reservoir in 2022, measured at site 50. A) dissolved oxygen, B) pH, C) total manganese and D) soluble
manganese. Color scales show concentration gradations. White lines correspond to dates of HOx activation (“HOx on”). Purple lines correspond to reservoir turnover.
Sampling dates show as inverted triangles at the top of each figure.

C.L. Ming et al.



Applied Geochemistry 172 (2024) 106120

7

FCR, DO concentrations in CCR remained ω2 mg/L until July. However,
despite the continuous HOx operation, a decline in DO concentrations to
less than 2 mg/L in the hypolimnion began in late July and continued

into fall. DO concentration measured at 20 m reached a minimum of
0.18 mg/L in August 2022. Values of pH in the hypolimnion ranged
between 7.1 and 8.6, with a mean of 7.45 (Fig. 3). Higher pH (~8.5) was
measured in the epilimnion in the late summer to early fall, likely due to
algal blooms.

Mn concentrations in CCR were generally ε0.6 mg/L above 18 m
(the depth of oxygen introduction) (Fig. 3). However, at the sediment
water interface (20–21 m), Mn concentrations increased starting in July,
reaching close to 10 mg/L in late September, concomitant with low DO
concentrations. In contrast to FCR, where Mn concentrations reached a
maximum right before turnover, the Mn concentrations in CCR declined
in October, more than a month before turnover, Similar to FCR, how-
ever, total and soluble Mn concentrations were roughly equal (Fig. 3)
indicating that the majority of Mn in CCR is in dissolved form. Total and
soluble Mn concentrations in the tributaries to CCR (sites 201, 301, 400,
501) were less than 0.1 mg/L and were similar, suggesting that in
contrast to FCR, Mn entering CCR through tributaries was mostly soluble
(Fig. S2). Concentrations of soluble and total Fe in the hypolimnion of
CCR (Fig. S3) were both close to the detection limit, indicating that the
HOx system successfully suppresses Fe release from reservoir sediments
into the water column.

Alkalinity concentrations measured in CCR in 2022 (Table S2) were
lower than historical values (median 62 mg/L) (Fig. 4). Turbidity
measured in the hypolimnion of CCR from 2017 to 2022 was less vari-
able than in FCR. Turbidity was less than 10 NTUs during the early
summer and increased to around 20 NTUs during the late fall
approaching turnover (Fig. S4). Concentrations of Ca, Mg, Cl, and SO4
were higher in CCR compared to FCR in 2022, with slightly lower
concentrations for Na ↘ K in CCR (Fig. S5). Similar to FCR, nitrate

Fig. 3. Heatmaps of water quality data from Carvins Creek Reservoir in 2022, measured at site 50. A) dissolved oxygen, B) pH, C) total manganese and D) soluble
manganese. Color scales show concentration gradations. HOx was on for the entire 2022 season. Purple lines correspond to reservoir turnover. Sampling dates show
as inverted triangles at the top of each figure.

Fig. 4. Boxplots of pH (A) and alkalinity (B; mg/L CaCO3) for Carvins Cove
Reservoir (CCR) and Falling Creek Reservoir (FCR). Historical data compiled
from Western Virginia Water Authority monitoring data (Western Virginia
Water Authority, n.d.), with 2022 data shown as red (CCR) or blue (FCR) dots.
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concentrations were below detection (ε0.1 mg/L). Tributaries to CCR
had higher concentrations of Ca (up to 60mg/L) andMg (up to 20mg/L)
than FCR tributaries. Anion concentrations were highly variable, up to 8
mg/L for Cl and 25 mg/L for SO4 (Fig. S6).

3.1.1. Solubility calculations
Based on solubility calculations using the GWB Spec8 module

(Table S3), the hypolimnia of both reservoirs in summer 2022 were
oversaturated with respect to birnessite and hausmannite and under-
saturated with respect to rhodochrosite.

3.1.2. XRD of CCR sediments
XRD analyses of sediments collected from the surface sediment at

CCR site 50 indicates presence of quartz and clay minerals similar to
montmorillonite. The XRD analyses did not detect Fe or Mn phases in the
sediment, but the lack of matches between the XRD spectra and Fe and
Mn phase peaks does not preclude their presence (Fig. S7).

3.2. pH and alkalinity Laboratory Experiments

Laboratory experimental data are published in Ming and Schreiber

(2023).

3.2.1. 14-day experiments: Solution chemistry
Over the 14-day pH and alkalinity experiments, we only observed

decreases in soluble Mn concentration in solutions of high pH (10)
(Fig. 5). In high pH experiments with moderate (70mg/L CaCO3) or high
(250 mg/L CaCO3) alkalinity, the soluble Mn concentration declined to
less than 20% of initial values within 24 h. Declines in soluble Mn
concentration occurred substantially faster in high pH/high alkalinity
solutions compared to high pH/moderate alkalinity experiments,
despite rapid losses of soluble Mn in both solutions. Slower declines of
soluble Mn concentration were observed in high pH solutions with no
alkalinity adjustment (Fig. 5B).

During the experiment, we observed solution color changes and
particle formation in experiments of high pH and moderate or high
alkalinity. We observed a yellowish-brown color at 24-h in experiments
of high pH/moderate alkalinity, which persisted throughout. In the high
pH/high alkalinity experiments, rusty brown to black aggregates formed
within 24 h (Table S4). In experiments of pH ↓ 8, we observed no so-
lution color changes or particle formation over the 14 days.

Alkalinity adjustment maintained consistent pH within high pH and

Fig. 5. Soluble manganese (Mn, mg/L) concentrations and pH for 14-day experiments (see Table 3). Experiments were spiked with ~1 mg/L soluble Mn. Soluble Mn
time series for pH 8 (A), pH10 (B), and pH 6 (C) experiments. D) pH time series for pH 10 experiments with different levels of alkalinity. Error bars reflect standard
deviation from triplicate experiments. Alk ≃ alkalinity in mg/L CaCO3.
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moderate or high alkalinity solutions (Fig. 5). Between 1 and 4 days, the
pH in high pH solutions without alkalinity addition began to decline
relative to pH of high pH solutions with added alkalinity; by day 14, the
pH dropped over one unit from the initial pH.

Based on solubility calculations, Mn oxide precipitation was favored
to occur over rhodochrosite precipitation in all high pH and moderate
pH (~8) experiments. Based on the saturation index, a measure of a
mineral’s probability of precipitating, birnessite (δ-MnO₂) was most
favored to precipitate by several orders of magnitude, with hausmannite
also favored to precipitate. Rhodochrosite was undersaturated in high
pH experiments but was at or slightly over saturation in moderate pH
high alkalinity experiments. When pH remained constant in the Spec8
simulation, the calculated solubility of Mn minerals did not vary sub-
stantially with alkalinity (see Table S5).

3.2.2. 24-Hour experiments: Solution chemistry
We observed significant decreases in soluble Mn concentrations

within 1 h in high pH solutions with moderate or high alkalinity (Fig. 6).
In contrast, we observed negligible changes in soluble Mn concentra-
tions in control solutions, which lacked pH or alkalinity adjustment. In
high pH/moderate alkalinity solutions, the vast majority of Mn removal
occurred between 0 and 2 h, with a minor drop in soluble Mn concen-
tration at hour 6.

With sampling every few hours, we observed discoloration and
particle formation in high pH and moderate or high alkalinity solutions
within 12 h. Upon initial experimental setup, these solutions displayed
translucent yellow-brown coloration, which remained present for the
experiment duration in high pH/moderate alkalinity solutions. Macro-
scopic rusty-brown particles formed between 6 and 12 h. Between 6 and
12 h, the high pH/high alkalinity solution became more opaque and a
darker shade of brown (Table S6). Between 12 and 24 h, the high pH/
high alkalinity solution became clear while macroscopic particles
remained, similar to visual observations at 1 day in the 14-day
experiments.

3.2.3. 24-Hour experiment: Particle analysis
Macroscopic (ω100 μm) particles sampled from high pH/moderate

alkalinity and high pH/high alkalinity experiments at 24 h contained
abundant Mn and oxygen on their surfaces, as indicated by EDS element
maps and quantitative analyses (Fig. 7). We observed trace amounts of
carbon on the particles likely introduced by carbon coating. Represen-
tative particles had pitted surface textures (Fig. 7). Diameters of imaged
particles ranged from 100 to 500 μm.

TEM-imaged microscopic (ε5 μm) particles from high pH and
moderate or high alkalinity solutions had similar morphologies,
elemental compositions and crystal properties. The differences between

the size ranges of TEM-imaged particles and macroscopic particles stem
from the process used to isolate microscopic particles for TEM. In
addition, the lacy carbon grids used for TEM were intended for particles
at the lower end of the microscopic range. For both high pH/moderate
alkalinity and high pH/high alkalinity solutions, particles were inter-
locking needle-like crystals aggregated in a dense mass (Fig. 8; Fig. S8).
The aggregate particles were ~2 μm in diameter, and individual needles
were nanosized (~10–20 nm in diameter). In the particle collected from
the high pH/high alkalinity solution, we observed thin sheets on the
particle’s periphery alongside the needles (Fig. S9). EDS element maps
indicate the particles from both experiments were composed of oxygen
and Mn (Fig. 8).

To identify the microscopic Mn minerals formed, we obtained d-
spacings of the two particles from SAED analysis and calculated Mn
mineral solubility for each experimental solution’s composition using
GWB. For the particle analyzed from the high pH/moderate alkalinity
solution, d-spacings of the twomajor ring patterns were 2.24–2.49 Å and
1.51–1.52 Å (Fig. S10). For the particle analyzed from the high pH/high
alkalinity solution, d-spacings of the two major ring patterns were
2.28–2.46 Å and 1.39–1.44 Å (Fig. S10). The combination of measured
d-spacings, morphology, elemental composition and GWB calculations
suggest birnessite and pyrolusite – both Mn(IV) minerals – as probable
candidates for microscopic particles precipitated in the high pH/mod-
erate alkalinity and high pH/high alkalinity solutions.

3.2.4. Reservoir water laboratory experiments: Solution chemistry
We only observed significant Mn removal over 10 days in unfiltered

reservoir water experiments (Fig. 9). Significant Mn removal began
within 24 h in unfiltered FCR water, with near total Mn removal be-
tween 1 and 4 days. In unfiltered FCR water, soluble Mn concentrations
continued to decline until day 7 at a first-order rate of 0.050 d→1. Be-
tween days 7 and 10, Mn concentrations increased to approximately
50% of initial concentrations. In unfiltered CCR water, significant Mn
removal was observed between day 4 and 10, with a first-order removal
rate of 0.002 d→1.

Initial visual observations of reservoir water from FCR and CCR were
similar (Table S7). Water was clear but contained tan and black silt-to
fine sand-sized particles. In unfiltered FCR water, translucent orange-
pink discoloration and formation of rusty brown to black aggregates
occurred between day 1 and 4 after Mn addition (Figs. 10 and 11). In
unfiltered CCR water, both yellow-brown solution discoloration and
formation of similar aggregate particles occurred between days 4 and 7
after Mn addition (Fig. 12).

Observations in filtered reservoir water contrasted with those from
unfiltered reservoir water. The filtered reservoir water and control so-
lutions remained clear for the entire experiment; however, we observed

Fig. 6. Soluble manganese (Mn; mg/L) concentrations (A) and pH (B) measured in 24-h experiments (see Table 4). Experiments were spiked with ~1 mg/L soluble
Mn. Error bars reflect standard deviation from triplicate experiments. Alk ≃ alkalinity in mg/L CaCO3.
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scattered black silt-sized particles in FCR filtered experiments at 10
days. No visible particles formed in the CCR filtered experiments.

3.2.5. Reservoir water laboratory experiment: Particle analysis
Morphologies and elemental compositions of visible particles

collected from FCR and CCR unfiltered experiments were similar. In
both, we observed macroscopic aggregates of platy and blocky particles
(Figs. 10 and 11). The macroscopic aggregates were ~100 μm in
diameter; platy and blocky particles within the aggregates were less than
10 μm in diameter. Element mapping with EPMA indicates that blocky
and platy particles, which comprise the aggregates, contain abundant Si
and O, which is consistent with their identification as silicate minerals
(Fig. 10).

The TEM-imaged microscopic particles from FCR unfiltered water
were similar to one another in morphology, elemental composition and
crystal properties. All imaged particles had crumpled sheet-like mor-
phologies, with individual particles ~3–5 μm in diameter (Fig. 11). EDS
element maps indicate they are predominantly composed of Mn, Fe and
O (Fig. 11). Across the analyzed particles, d-spacings of the two major

ring patterns were 2.21–2.58 Å and 1.38–1.53 Å. Based on the elemental
composition, d-spacings and crumpled sheet morphology of particles,
we suggest that the particles likely consist of aggregated birnessite.

4. Discussion

Below, we discuss drivers of Mn removal under HOx operation in
lakes and reservoirs of different geochemical conditions. We hypothe-
size the mechanisms of rapid Mn removal observed in our high pH and
moderate or high alkalinity experiments. We also address how the
presence of particulates may impact Mn removal rates in the water
columns of lakes and reservoirs. Finally, we describe implications of our
study for drinking water treatment, discuss our study limitations and list
outstanding questions raised by our results.

4.1. High pH and alkalinity can enhance Mn removal in freshwaters

Results of our laboratory experiments shed light on the independent
impacts of pH and alkalinity on Mn removal rate, and how these drivers

Fig. 7. Scanning electron microscope (SEM) images and electron probe microanalysis (EPMA) maps of macroscopic (ω100 μm) particles collected at 24 h in pH 10
and 70 mg/L alkalinity solution. A) High pH/moderate alkalinity solution showing particles. B) Backscattered electron (BSE) image showing surface texture of
macroscopic particles. C) Carbon, oxygen and manganese element maps of a representative macroscopic particle. Maps collected by EPMA, BSE image collected by
SEM. Note that carbon surrounding the particle on the carbon map is from the mounting tape.
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act together. Our experiments suggest that the combination of high pH
(10) and moderate to high alkalinity (ω70 mg/L) in freshwater can
accelerate Mn removal. Considering the composition of our synthetic
experimental solutions, the most probable mechanisms of Mn removal
are: 1) oxidation of Mn(II) by DO to form Mn oxides; 2) reaction of Mn
(II) with dissolved carbonate to form rhodochrosite; and 3) adsorption
and/or heterogeneous (mineral-catalyzed) oxidation of Mn(II) by Mn
oxides (Fig. 13).

We propose Mn oxidation as the primary pathway of rapid Mn
removal based on solution geochemistry, geochemical modeling and
qualitative observations of particles. Both macroscopic and microscopic
particles contained an abundance of Mn and oxygen and a lack of car-
bon, which is consistent with formation of Mn oxides. The lack of carbon
detected within particles indicates that rhodochrosite precipitation did
not occur in appreciable quantities. The morphology and color of
macroscopic particles observed in our experiments matches those of Mn
oxides formed in previously reported laboratory experiments addressing

Mn oxidation (Hem, 1963; Learman et al., 2011; Tipping et al., 1984).
Appearance of “brown turbidity” followed by macroscopic particle ag-
gregation in high pH and moderate or high alkalinity solutions re-
sembles the evolution documented by Learman et al. (2011). In
experiments examining Mn oxide catalysis of Mn oxidation, Learman
et al. (2011) identified Mn oxides or hydroxides in the microscopic
particles discoloring the solution and in the macroscopic particles that
subsequently formed. Hem and Lind (1983) and Hem (1963) reported on
the greater favorability of Mn oxidation over rhodochrosite precipita-
tion under basic (pH ω 7.5) and oxic conditions. Our results suggest that
the main role of alkalinity in Mn removal in our experiments was to
maintain the higher pH conditions that are favorable for faster Mn
oxidation.

The near-total removal of soluble Mn within 2 h in solutions of high
pH (10) and moderate (70 mg/L) or high (250 mg/L) alkalinity suggests
that Mn oxides adsorb Mn(II) or catalyze Mn oxidation. The catalysis of
Mn oxidation by Mn oxides and hydroxides has a half-life of several

Fig. 8. Transmission electron microscopy (TEM) images and energy dispersive spectroscopy (EDS) maps of microscopic (ε5 μm) particles suspended in discolored
pH 10 and 70 mg/L alkalinity solution. A) High pH/moderate alkalinity solution photographed at 12 h. B) Brightfield TEM image showing aggregated needle-like
crystals within micrometer-scale particles. C) Carbon, oxygen and manganese element TEM maps of the particle in B, shown at a different zoom of a different region
of the particle. Maps collected by EDS. Carbon signal in element map likely introduced by lacy carbon grid.
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hours, faster than Mn oxidation by DO under pH 10 conditions in the
absence of catalysts (Cheng et al., 2020b; Learman et al., 2011). Our Mn
concentration time series for the 24-h experiments show the fastest Mn
removal rates initially, before removal rates slow with the decrease in
soluble Mn concentrations. This removal trend is consistent with ex-
pectations for mineral catalysis of Mn oxidation by Mn oxides, as
removal is fastest when soluble Mn(II) is abundant but slows once less
Mn(II) remains (Bethke, 2022).

Our data cannot conclusively determine whether Mn oxide particles
drove further Mn removal via mineral catalysis, adsorption or both.
Distinguishing between removal mechanisms has implications for
freshwater Mn cycles, as adsorbed Mn remobilizes more readily than
oxidized Mn (Hsiung and Tisue, 1994). Quantifying Mn removal by each
mechanism is difficult without titration of particles for their average
oxidation state or analysis by X-ray photoelectron spectroscopy (Hem,
1963). A low average oxidation state of particles would reflect domi-
nance of adsorption over oxidation because Mn(II) adsorption to Mn
oxides does not involve Mn’s transformation into a higher oxidation
state. However, Mn oxidation transforms Mn(II) into Mn(III) or Mn(IV).
Adsorption and Mn oxidation both grow more favorable under the high
pH conditions in which we observed rapid Mn removal, which is sup-
ported by other studies (Lefkowitz et al., 2013). The point of zero charge
for MnO2 has been reported at values ranging from pH 2.4–6, meaning
MnO2 mineral surfaces are more negatively charged at high pH and
therefore sorb Mn(II) more readily (Adams et al., 2009). In addition, Mn
adsorption precedes Mn catalysis by Mn oxides, making the separate
study of these removal mechanisms difficult (Lan et al., 2017).

4.2. Particulate matter can catalyze Mn oxidation and removal in
freshwaters

In our reservoir water experiments, significant Mn removal was only
observed in unfiltered water. Therefore, we propose that particles over
0.45 μm in diameter may be an important driver of Mn removal in FCR
and CCR. The particles present in our experiments included minerals,
organic matter and other suspended solids, all of which may drive Mn
removal through separate pathways. Suspended particles in FCR may
catalyze Mn oxidation and subsequent precipitation as Mn oxides.
Possible mineral catalysts present in the water column include birnes-
site, a common Mn sheet mineral found at the oxic-anoxic boundary in
lakes and reservoirs (Elzinga, 2016; Friedl et al., 1997). Within our

unfiltered experiments, imaging and elemental analysis of macroscopic
particles suggest that Mn oxides likely coat or nucleate on suspended
particles. We interpret the aluminum and/or silicate-rich plates and
blocks in our particles as primarily quartz and clay minerals based on
XRD analysis of CCR sediment. Clay minerals – detected in surficial CCR
sediments by this study – can catalyze Mn oxidation (Yang et al., 2023).
The occurrence of Mn in close association with Al and Si in element
maps of macroscopic particles is consistent with observations of pref-
erential Mn oxide coating on quartzite and shale particles by Adams
et al. (2009). At high magnification of Mn and oxygen-rich regions on
the particles, the globular textures we observed are similar to Mn oxide
textures reported in Adams et al. (2009) (probable birnessite) and
S!anchez-Espa”na and Yusta (2019) (asbolane).

Our hypothesis of enhanced Mn removal by suspended particles is
consistent with previous work that documented Mn oxidation’s high
sensitivity to mineral catalysis in freshwater (Godwin et al., 2020;
Hsiung and Tisue, 1994). Godwin et al. (2020) proposed greater density
of suspended particles as one explanation for much greater Mn oxidation
in the Western Basin of Lake Erie compared to the Eastern Basin.
However, the results of our study do not address if and how the com-
positions of suspended particles in each reservoir may drive different Mn
removal outcomes. Madden and Hochella Jr (2005) demonstrated that
smaller particles have greater capacity to catalyze Mn oxidation, while
other studies reported significantly different rates of Mn oxidation
catalysis by minerals found in the natural environment (Lan et al., 2017;
Learman et al., 2011).

In unfiltered reservoir experiments, we observed higher rates of Mn
removal in FCR water relative to CCR water, a difference possibly due to
initial suspended particle densities in the water we collected for our
experiments. Using turbidity as a rough proxy for suspended particle
density in the reservoir water column, our comparisons of 2013–2022
turbidity data from FCR and CCR shows marginally higher turbidity in
FCR at the depths sampled for our experiments (Fig. S2) (Carey et al.,
2024). However, turbidity can be highly variable in FCR, and turbidity
does not necessarily indicate the presence of minerals that facilitate Mn
removal. Thus, it is currently unclear if the enhanced Mn removal in FCR
vs. CCR is influenced by particle density.

Fig. 9. Soluble manganese (Mn; mg/L) concentrations (A) and pH (B) measured in FCR and CCR reservoir experiments. Experiments were spiked with ~1 mg/L
soluble Mn. Error bars reflect standard deviation from triplicate experiments. Filtered reservoir water and control solutions were initially clear without any visible
particles. In unfiltered reservoir water, tan and black silt to fine sand-sized particles were observed at hour 0. Unfiltered FCR water developed pink-orange
discoloration between day 1–4, while unfiltered CCR water developed yellow-brown discoloration between day 4–7. In both unfiltered FCR and CCR water, par-
ticles were observed concomitant with discoloration.
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4.3. Differences in alkalinity and pH between FCR and CCR don’t
influence Mn removal

We conducted laboratory experiments in reservoir water and syn-
thetic solutions of modified pH and alkalinity to evaluate geochemical
drivers of Mn removal in drinking water reservoirs. Based on historical
data, we hypothesized that the combination of higher pH and alkalinity
in CCR would enhance Mn removal in CCR relative to FCR. However,
our field monitoring results do not support this hypothesis, partially
because the differences in pH and alkalinity between the reservoirs were
considerably smaller in 2022 than they were historically. The lack of
inflow from the Tinker Creek Tunnel in summer 2022 may explain the
lower pH and alkalinity in CCR compared with historic values. Tinker
Creek Tunnel (site 400; see Fig. 1) introduces higher pH and alkalinity
water due to carbonates in its watershed, as documented by Roland

(1970). Therefore, our data do not support our hypothesis that pH and
alkalinity differences between FCR and CCR contribute substantially to
differences in Mn removal rate.

4.4. Study limitations and suggestions for future work

We discuss several limitations of our work to contextualize inter-
pretation of our results and to suggest improvements in future research.
First, we used different pore size filtration membranes to separate par-
ticulate Mn from soluble Mn in our field monitoring (0.45 μm) and our
experimental monitoring (0.22 μm). Thus, soluble Mn concentrations
observed during field monitoring and in our experiments are not directly
comparable. The standard operating procedures for reservoir moni-
toring were established in 2014 and we continue to follow those pro-
cedures to allow for comparison of datasets over space and time

Fig. 10. Falling Creek Reservoir (FCR) unfiltered reservoir water experiment showing macroscopic (ω100 μm) particles in solution. A) Reservoir water photographed
at 4 days. B) Scanning electron microscopy (SEM) of a particle collected at 10 days after Mn addition. C) Silicon, iron, oxygen and manganese element maps of the
particle shown in B. Maps collected by EPMA.
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(Schreiber et al., 2023). For the experiments, use of a smaller pore size
filter was beneficial for evaluating Mn removal via formation of
smaller-sized Mn oxides, which was described by Tobiason et al. (2016)
in a water treatment context. Despite the smaller pore size used to define
soluble Mn in our experiments, our TEM imaging of microscopic parti-
cles formed in experiments confirms the formation of Mn particles small
enough to pass through a 0.22 μm filter.

In addition, the process of altering the pH and alkalinity in our
synthetic solution experiments introduced concentrations of sodium
(Na) and potassium (K) much higher than those found in natural waters,
which may impact the reactions occurring in solution. The high con-
centrations of Na and K raise the ionic strength of our experimental
solutions, increasing the probability of Mn precipitate aggregation
(Hotze et al., 2010). The presence of Mn(II) and Na together in solution
promote aggregation by neutralizing negative charges on MnOx surfaces

and compressing the electric double-layer between particles (Cheng
et al., 2020a). The concentration of Na in the high pH and moderate or
high alkalinity solutions exceeds the minimum needed to destabilize
MnOx enough to promote MnOx aggregation, based on the work of
Cheng et al. (2020a). Therefore, high Na concentrations may have
partially contributed to the formation of microscopic and macroscopic
aggregates in the synthetic experiments. Our interpretation of reservoir
water experiments and field data also does not address interactions
between Mn and organic carbon that can influence Mn mineral stability
(Li et al., 2019, 2021).

Prior work by Munger et al. (2016) demonstrated that Mn-oxidizing
microbes accelerate Mn oxidation in FCR. In addition, there is extensive
evidence that microbes accelerate Mn oxidation by several orders of
magnitude (Bargar et al., 2000; Cerrato et al., 2010; Tebo et al., 2005).
We did not specifically compare the influence of microbial processes on

Fig. 11. Falling Creek Reservoir (FCR) unfiltered reservoir water experiment showing discolored solution, which consists of microscopic (ε5 μm) particles in so-
lution. A) Reservoir water photographed at 4 days after Mn addition. B) Brightfield transmission electron microscopy (TEM) image of microscopic particle showing
crumpled sheet particles suspended within discolored solution collected at 4 days. C) Energy-dispersive spectra (EDS) maps: Oxygen, manganese, iron and silicon
element maps of the particle shown in B. Maps collected by energy-dispersive spectroscopy.
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Mn oxidation between FCR and CCR reservoirs, which limits the appli-
cability of our results to other reservoirs. Future experiments could be
designed to address these limitations to broaden our understanding of
Mn removal mechanisms.

Last, the HOx systems operations differed between FCR and CCR,
confounding comparisons between Mn removal rates and accumulation
between the reservoirs. The HOx system in CCR operated at full capacity
throughout the stratified period and continued at reduced capacity in
winter. In contrast, the HOx in FCR was turned on in mid-May 2022 and
was operational until mid-December, with a few days-long interruptions
in operation due to maintenance. Previous studies show that HOx is
most effective for preventing Mn release and promoting Mn removal
when it is continuous and activated prior to the onset of stratification
(Beutel and Horne, 1999; Debroux et al., 2012; Preece et al., 2019).

5. Conclusions

Our laboratory experiments confirm that Mn removal proceeds
slowly in oxic waters at neutral to slightly alkaline pH (6–8) found in
many freshwater bodies. However, conditions of high pH (10), which
can occur during algal blooms, can result in rapid abiotic Mn removal.
Increasing alkalinity concentrations above 70 mg/L CaCO3 in addition
to high pH promotes faster Mn removal than under high pH conditions
alone. Analyses using SEM, EPMA and TEM are consistent with our
interpretation of Mn oxidation as the primary mechanism of removal.
Our results also suggest Mn oxides formed by initial Mn oxidation likely
contributed to further Mn removal through adsorption of Mn(II) and/or
heterogenous oxidation.

Experiments using water collected from FCR and CCR demonstrate
the importance of mineral particles for promoting Mn removal. Analyses
of particles formed in reservoir water experiments show close

Fig. 12. Carvins Cove Reservoir (CCR) unfiltered reservoir water experiment showing macroscopic particles in solution. A) Reservoir water photographed at 10 days.
B) Scanning electron microscopy (SEM) of a macroscopic particle (ω100 μm) collected at 10 days. C) Oxygen, silicon, manganese and iron element maps of the
particle shown in B. Maps collected by EPMA.
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associations between Mn oxide and aluminosilicate or silicate minerals.
This observation suggests that quartz or clay minerals present in the
reservoir water column can facilitate Mn removal via adsorption of Mn
followed by heterogenous Mn oxidation on the mineral surface. Overall,
our experimental results shed light on the important role that suspended
minerals in water bodies can play in driving Mn removal.

The kinetics of Mn oxidation are sensitive to background environ-
mental conditions such as water geochemistry and the composition and
density of suspended particles. Compared to in-situ treatment for more
readily oxidized metals such as Fe, deploying and successfully employ-
ing HOx for Mn requires additional consideration because rates of Mn
oxidation vary widely depending on geochemical drivers. For example,
HOx for optimal control over Mn accumulation in the water columnmay
require year-round operation in environments less favorable to rapid Mn
oxidation. We propose that comparisons of background Mn oxidation
rates in a lake or reservoir could be used to determine the water body’s
suitability for HOx and the optimal HOx operation schedule.
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